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a b s t r a c t

Bacterial attachment to iron-impregnated granular activated carbon (Fe-GAC) was investigated in this

study using Enterococcus faecalis ATCC 10100 and charcoal-based GAC. Two sets of column experiments

were performed under different ionic strengths and pH conditions. Breakthrough curves of bacteria were

obtained by monitoring effluent. Mass recoveries and attachment rate coefficients were quantified from

these curves. In addition, characteristics of Fe-GAC were analyzed using field emission scanning elec-

tron microscopy (FESEM) and X-ray spectrometry (EDS). Results show that Fe-GAC was characterized by

mosaic-like deposition layers of iron oxides with about 2 �m in thickness. Color mapping with FESEM

visualized the spatial distribution of carbon (yellow-green) and iron (red) on Fe-GAC. EDS indicates that

iron was distinctly found from Fe-GAC at three peak positions. Results also reveal that bacterial attachment

to Fe-GAC was affected by ionic strength and pH.

Bacterial mass recoveries decreased from 62.9 to 41.7% with increasing ionic strength from 1 to 50 mM.

This indicates that bacterial attachment to the surfaces of Fe-GAC was enhanced with increasing ionic

strength. With increasing pH from 6.46 to 9.19, mass recoveries increased from 50.5 to 84.2%, indicating

that bacterial attachment to Fe-GAC was reduced with increasing pH. This study demonstrates that iron

oxides offer favorable attachment sites for bacteria on the surfaces of Fe-GAC and further improves the

knowledge of bacterial removal in Fe-GAC.

© 2009 Elsevier B.V. All rights reserved.

1. Introduction

Microbial contamination of surface water and groundwater is

an environmental problem around the world that poses a great

threat to human health. Inadequate sanitation causes waterborne

diseases, leading to a great number of deaths especially in develop-

ing countries [1,2]. Point-of-use (POU) water treatment alternatives

are of considerable interest as they provide safe drinking water

and subsequently prevent water-related diseases. POU treatment

is applied directly to treat the water used at a single tap within a

home [3–7]. Granular activated carbon (GAC) has been widely used

in POU treatment systems to remove disinfection by-products and

compounds related to odor, taste, and color problems in drinking

water [8–10].

Recently, the surface modification of GAC by iron-impregnation

has been studied by several researchers [11–15]. These studies

examined the removal of arsenic, mercury, and lead using iron-

impregnated GAC (Fe-GAC) [16]; enhanced removal of dissolved

natural organic matter from natural waters by GAC modified by

iron-impregnation [17,18]; arsenate removal by Fe-GAC and mod-

∗ Corresponding author.

E-mail address: songbkim@snu.ac.kr (S.-B. Kim).

eling with the surface complexation approach [19]; influences

of pH, ionic strength, and temperature on the arsenite adsorp-

tion by iron-treated GAC [20]; arsenic removal with GAC-based

iron-containing adsorbents [21]; effects of shaking time, temper-

ature, and pH on the treatment of iron, manganese, and arsenic

in ground water using Fe-GAC [22]; arsenic adsorption to GAC

preloaded with hydrous ferric oxide [23]; impacts of initial arsenic

concentration and adsorbent dose/particle size on the removal of

arsenic, iron, and manganese from ground water using Fe-GAC

[24]; and synthesis of nano-iron oxide impregnated GAC [25]. Most

of these studies focused on the enhancement of arsenic removal

through the surface modification of GAC. In the application of

Fe-GAC to water treatment, the interaction between Fe-GAC and

bacteria is important with respect to bacterial attachment and the

subsequent impact on the removal of other contaminants. Even

though several researchers examined bacterial interaction with

GAC [26–30], research regarding bacterial adhesion to Fe-GAC is

scarce.

In this study, column experiments were performed to examine

the attachment of bacteria to Fe-GAC. The adhesion of Enterococcus

faecalis to Fe-GAC was observed under different ionic strengths and

pH conditions. Breakthrough curves of bacteria were obtained by

monitoring effluent, and then mass recoveries and attachment rate

coefficients were quantified from these curves. In addition, char-

0927-7765/$ – see front matter © 2009 Elsevier B.V. All rights reserved.

doi:10.1016/j.colsurfb.2009.07.018
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acteristics of Fe-GAC were analyzed using field emission scanning

electron microscopy and X-ray spectrometry.

2. Materials and methods

2.1. Bacteria and culture preparation

E. faecalis ATCC 10100 obtained from the Korea Culture Center

for microorganisms was used in the experiment. All glassware and

materials used in this study were sterilized by autoclaving at 121 ◦C

and 17.6 psi for 20 min to prevent interference by other microor-

ganisms. Initially, freeze-dried bacteria were revived in 250 mL

Erlenmeyer flasks containing 100 mL of medium (polypeptone 5 g,

yeast extract 5 g, glucose 5 g, MgSO4·7H2O 1 g in 1 L of deionized

water at pH 7.0) over a period of 84 h. Then, 1 mL of culture was

transferred to a volume of 500 mL medium broth, and the bacte-

ria were incubated over a period of 84 h at 30 ◦C. The suspension

was centrifuged at 4 ◦C and 10,000 rpm for 15 min. The supernatant

was removed and replaced with deionized (DI) water to prevent

growth of the bacteria. Then, the diluted bacteria were centrifuged

again under the same conditions. The centrifuged bacteria were

washed 3 times with DI water and resuspended in DI water to an

optical density of 0.5 at 600 nm (OD600). Transmission electron

microscopy (JEM 1010, JEOL, Japan) was used to take images of

E. faecalis cells. Images were imported into an image-processing

program (Image-Pro Plus) and analyzed. Net surface electrostatic

characteristics of cells were analyzed with an electrophoretic

light scattering spectrophotometer (ELS-8000, Otsuka Electronics,

Japan). Electrophoretic mobility was determined for the bacterial

surface (pH = 6.8, temperature = 25 ◦C, ionic strength ≈ 0 mM) and

converted to zeta potentials using the Smoluchowski equation.

Hydrophobicity of E. faecalis was determined to be 16.3 ± 6.5% by

microbial adhesion to hydrocarbons (MATH). For the MATH proce-

dure, the method of Rosenberg et al. [31] was used with n-dodecane

(Merck, USA) as the assay hydrocarbon.

2.2. Granular activated carbon

GAC used in the experiment (Haeyoung Chemical Co., Korea)

was charcoal-based activated carbon. GAC had a size range of

0.6–2.3 mm with a surface area of 950–1050 m2/g, a bulk density

of 0.45–0.52 g/cm3, a pore radius of 8–60 Å, a total pore volume of

0.775 cm3/g, and an iodine number of 950 mg/g. Before use, GAC

was washed using DI water to remove impurities on the surface.

Wet activated carbon was autoclaved for 15 min at 17.6 psi, cooled

to room temperature, and oven-dried at 105 ◦C for 12 h. For the

preparation of Fe-GAC, FeCl3·6H2O (5.5 g) was dissolved in DI water

(100 mL), and the solution pH was adjusted with 6N NaOH. GAC

(25 g) was added to the FeCl3·6H2O solution and then mixed in a

rotary evaporator (Hahnvapor, Hahnshin Scientific Co., Korea) to

remove water in the suspension (90 ◦C, 80 rpm, 20 min). Fe-GAC

was dried at 150 ◦C for 6 h, washed with DI water, and then dried

again under the same conditions.

2.3. Field emission scanning electron microscopy

Fe-GAC was observed and probed for X-ray microanalysis as

described previously [32]. Briefly, specimens were mounted on

metal stubs using carbon tape and sputter-coated with platinum

(approximately 20 nm in thickness). Specimens were examined

with a field emission scanning electron microscope (FESEM) (Supra

55VP; Carl Zeiss, Oberkochen, Germany) at an accelerating voltage

of 3 kV. Also, elemental composition was determined by energy-

dispersive X-ray spectrometry (EDS) (XFlash 4000; Bruker AXS

Microanalysis, Berlin, Germany) combined with an electron micro-

scope at an accelerating voltage of 15 kV. X-rays were collected with

Table 1
Experimental results for column experiments in iron-impregnated granular acti-

vated carbon at various ionic strength conditions.

Ex Ionic strength

(mM)

Mr (%) v (cm/min) D (cm2/min) ka (1/min) R2

1a 1 62.6 0.623 0.659 0.039 0.992

1b 1 63.1 0.624 0.842 0.037 0.992

1c 10 58.1 0.623 0.572 0.044 0.996

1d 10 58.5 0.634 1.027 0.041 0.996

1e 25 53.7 0.635 0.798 0.047 0.997

1f 25 51.4 0.634 0.881 0.050 0.996

1g 50 41.4 0.632 1.193 0.064 0.996

1h 50 42.0 0.635 1.203 0.061 0.999

a detector fixed at a take-off angle of 35◦, and region analysis and

mapping were performed on the specimens. Bacteria attached to

Fe-GAC were also examined using FESEM. The Fe-GAC samples were

obtained by dismantling the Fe-GAC columns carefully after column

experiments.

2.4. Column experiments

Two sets of column experiments were conducted using a

Plexiglas column (diameter 2.5 cm; height 10 cm) packed with Fe-

GAC. Columns were packed with Fe-GAC by the tap-fill method

to attain a mass of medium of 26.18 ± 0.54 g, a bulk density of

0.534 ± 0.011 g/cm3, and an effective porosity of 0.321 ± 0.008.

The first set of experiments (Ex. 1a–1h) was performed to exam-

ine the effect of ionic strength (Table 1). In the experiment, the

ionic strength of leaching solution was adjusted to a desired value

(1–50 mM) with NaCl and NaHCO3. Columns were connected to

a pump (QG400, FASCO, USA) operating at a rate of 1.0 mL/min.

Prior to each experiment, the packed column was flushed upward

with 16–19 bed volumes of the leaching solution with the targeted

ionic strength until column effluents were clear, and a steady-state

flow condition was established. The bacteria transport experiment

was performed by injecting 0.5 OD600 bacteria suspended in the

solution with the same ionic strength as the leaching solution

downward for 35 min. The empty bed contact time for bacteria in

the column was 15.7 ± 0.4 min. After completing the injection of

bacteria solution, the bacteria-free leaching solution was injected

again. Effluent samples were collected using an auto-collector

(Retriever 500, Teledyne, USA) at a regular interval. Bacterial con-

centration was determined by measuring the optical density of

the effluent using a UV–vis spectrophotometer (Helios, Thermo,

United Kingdom) at 600 nm (OD600). The pH was measured with

a pH probe (9107BN, Orion, USA). The second set of experiments

(Ex. 2a–2f) was conducted to observe the influence of solution pH.

The second experiments used the same procedures as the first. In

the experiment, the pH of the leaching solution was adjusted to

6.46–9.19 with 0.1 M NaOH and/or 0.1 M HCl.

2.5. Data analysis

Assuming that bacterial growth and decay are negligible, one-

dimensional bacteria transport can be described as [33]:

∂C

∂t
= D

∂2C

∂x2
− v

∂C

∂x
− kaC (1)

where C is the bacterial concentration in the aqueous phase, D is the

hydrodynamic dispersion coefficient for bacteria, v is the velocity

for bacteria, and ka is the attachment rate coefficient. Parameters

in the transport models were obtained by fitting the CXTFIT code

[34] to the breakthrough data. Mass recoveries (Mr) of bacteria in

6
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Fig. 1. Field emission scanning electron micrographs of granular activated carbon (GAC) and iron-impregnated GAC (Fe-GAC): (a) GAC (bar = 200 �m); (b) GAC at higher

magnification (bar = 10 �m); (c) Fe-GAC (bar = 20 �m); (d) Fe-GAC at higher magnification (bar = 1 �m).

Fig. 2. Field emission scanning electron micrographs of iron-impregnated granular activated carbon (Fe-GAC): (a) Fe-GAC; (b) overlay of the secondary electron (SE) image,

carbon map, and iron map; (c) carbon map; (d) iron map.
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Fig. 3. X-ray spectrum (EDS) of iron-impregnated granular activated carbon.

the effluent were quantified by the following equation:

Mr (%) =
(∫ ∞

0
Cdt

C0t0

)
× 100 (2)

where C0 was the initial concentration of bacteria, and t0 was the

duration of bacterial injection (injection time).

Fig. 4. Bacterial breakthrough curves and model fits obtained from column experi-

ments under different conditions of (a) ionic strength and (b) pH.

Table 2
Experimental results for column experiments in iron-impregnated granular acti-

vated carbon at various pH conditions.

Ex pH Mr (%) v (cm/min) D (cm2/min) ka (1/min) R2

2a 6.46 50.5 0.628 0.336 0.051 0.939

2b 6.63 59.7 0.626 0.560 0.041 0.986

2c 7.39 66.6 0.625 0.250 0.032 0.942

2d 7.62 71.6 0.627 0.216 0.029 0.993

2e 8.33 73.5 0.623 0.187 0.027 0.981

2f 9.19 84.2 0.625 0.188 0.019 0.974

3. Results and discussion

3.1. Characterization of Fe-GAC

Field emission scanning electron microscopy (FESEM) revealed

the surface features of GAC and Fe-GAC (Fig. 1). Individual GAC

appeared to be heterogeneous in shape and size (Fig. 1a). At higher

magnifications, various sizes of pores were evident on the surfaces

of GAC (Fig. 1b). Fe-GAC was characterized by mosaic-like deposi-

tion layers of iron oxides separated by interspacing on the surface

(Fig. 1c). The iron oxides layers were measured approximately as

about 2 �m in thickness and composed of fine grains (Fig. 1d). Color

mapping was performed using FESEM to visualize the spatial dis-

tribution of carbon (C) and iron (Fe) on Fe-GAC (Fig. 2). Carbon was

colored as yellow-green (Fig. 2b and c), whereas iron was visualized

as red color (Fig. 2b and d). Through EDS analysis, iron was distinctly

found from Fe-GAC at the peak positions of 0.70, 6.40, and 7.06 keV

as L alpha, K alpha, and K beta X-ray signals, respectively (Fig. 3).

Fig. 5. Bacterial mass recoveries and attachment rate coefficients as a function of

(a) ionic strength and (b) pH.

8



200 H.-C. Kim et al. / Colloids and Surfaces B: Biointerfaces 74 (2009) 196–201

Fig. 6. Field emission scanning electron micrographs of bacteria attached to iron-impregnated granular activated carbon [bar = 2 �m (a) and bar = 1 �m (b–d)].

3.2. Bacterial breakthrough curves

Breakthrough curves (BTCs) from the column experiments of

E. faecalis are shown in Fig. 4. BTCs had well-defined single peaks

with different relative concentrations depending on the exper-

imental conditions. Experimental results and BTCs for column

experiments in Fe-GAC (Ex. 1a–1h) at various ionic strength con-

ditions (1–50 mM) are presented in Table 1 and Fig. 4a. The peak

concentration decreased with increasing ionic strength. Trans-

port parameters obtained from the bacterial BTCs by the model

fit were v = 0.630 ± 0.006 cm/min and D = 0.897 ± 0.231 cm2/min.

Experimental results and BTCs for column experiments in Fe-GAC

(Ex. 2a–2f) at various pH conditions (6.46–9.19) are also given

in Table 2 and Fig. 4b. The peak concentration increased with

increasing pH. Values of v and D were 0.626 ± 0.002 cm/min and

0.290 ± 0.144 cm2/min, respectively.

Bacterial mass recovery and attachment rate coefficient are plot-

ted as a function of ionic strength (IS) (Fig. 5a). In Fe-GAC, the mass

recovery decreased with increasing ionic strength (IS). At IS = 1 mM,

average mass recovery was 62.9% and decreased about 20–41.7% at

50 mM. The average attachment rate coefficient (ka) increased with

increasing IS. At IS = 1 mM, the value of ka was 0.038 min−1 and

increased about 2 times to 0.063 min−1 at 50 mM. As a function of

pH, bacterial mass recovery and attachment rate coefficient are also

plotted (Fig. 5b). The mass recovery increased with increasing pH.

At pH 6.46, mass recovery was 50.5% and increased about 35–84.2%

at pH 9.19. The average attachment rate coefficient decreased with

increasing pH. The value of ka was 0.051 min−1 at pH 6.46 and

decreased about 2.5 times to 0.019 min−1 at pH 9.19.

3.3. Bacterial attachment to Fe-GAC

Bacterial interaction with GAC is primarily influenced by their

surface charges. The surface charge of GAC can be described using

either the isoelectric point (pHiep) or the point of zero charge

(pHpzc), which defines the value of pH at which surfaces carry no

net electrical charges. The surfaces are positively charged below

pHiep (or pHpzc) and negatively charged above it. The pHiep repre-

sents the external surface charge of GAC particles while the pHpzc

indicates the net total (internal and external) surface charge [35].

When the difference between pHpzc and pHiep is near zero, the

surface charges of the particles distribute homogeneously. If the

difference is greater than zero, however, external surfaces are more

negatively charged than internal surfaces. Several researchers have

demonstrated the difference between pHpzc and pHiep of various

GAC particles [35–38]. Paramonova et al. [29] reported that the

pHpzc of wood-based GAC was 8.8, while the pHiep was 3.5. They

also showed that the pHpzc and pHiep of coconut-based GAC were

9.8 and 3.3, respectively.

GAC has large pore volumes inside the particles with micropores

(size: <2 nm), mesopores (2–50 nm) and macropores (>50 nm) [39].

However, micro-/mesopores and most of macropores are excluded

from bacterial attachment due to their smaller size relative to bac-

terial sizes. E. faecalis used in our experiments had an average cell

size (diameter) of 0.93 ± 0.21 �m, and thus its attachment could be

restricted mostly to the external surfaces of GAC (including some

parts of macropores) of GAC particles [26]. Therefore, the value of

pHiep is a key indicator of the electrostatic interaction between GAC

and bacteria.

According to the literature [29,35–38], the external surfaces of

GAC are most likely to be negatively charged at circumneutral pH

conditions. Bacteria are also negatively charged at circumneutral

pHs [40,41]. The zeta potential of E. faecalis was determined to be

−29.6 ± 5.1 mV in our experiments, indicating a negative surface

charge around pH 7. Therefore, electrostatic interactions between

the external surfaces of GAC and bacteria would be repulsive at

circumneutral pHs. In Fe-GAC, iron oxides partly covered the sur-

faces of GAC. Note that the pHpzc of iron oxyhydroxide minerals

9
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is around 8.0 [42–44]. Fe-GAC would have heterogeneous surface

sites/charges. That is, the parts of Fe-GAC surfaces where iron oxides

are present are positively charged, while other parts are negatively

charged at circumneutral pHs. Therefore, iron oxides offer favorable

attachment sites for bacteria on the surfaces of Fe-GAC (Fig. 6).

3.4. Solution chemistry and bacterial attachment to Fe-GAC

In our experiments, bacterial attachment to Fe-GAC was

enhanced with increasing ionic strength (Fig. 5a). This phenomenon

can be attributed to the increase of electrostatic attraction between

bacteria and the surfaces of Fe-GAC where iron oxides are not

covered (negatively charged sites). According to the DLVO the-

ory, increasing ionic concentrations of the carrying solution leads

to decreasing the thickness of the diffuse layers and the aver-

age distance between surfaces carrying negative charges, resulting

in the promotion of bacterial adhesion to the surfaces [45,46].

Regarding the effect of ionic strength on bacterial adhesion, several

researchers have investigated in negatively charged porous media

including in sandy aquifer materials [40], quartz sand [41,46,47],

and silica gel [48]. These studies indicate that bacterial adhesion

to those porous media increases with increasing ionic strength.

It should be mentioned, however, that bacterial interaction with

the surfaces on Fe-GAC where iron oxides are covered (positively

charged sites) would not be affected by ionic strength change. Lee

et al. [49] demonstrated that bacterial mass recovery in iron oxide-

coated sand remained constant with increasing ionic strength

(NaCl) from 0 to 149.4 mM. They mentioned that bacterial inter-

action with positively charged iron oxides was not influenced by

ionic strength change.

Bacterial attachment to Fe-GAC was reduced in our experiments

with increasing solution pH (Fig. 5b). This result conforms to the

report of Kim et al. [44] who showed with column experiments

that bacterial adhesion to iron oxide-coated sand decreased with

increasing pH. In iron oxide-coated sand mixed with quartz sand,

Kim et al. [50] have reported the similar findings. Decreasing ten-

dency of bacterial adhesion with increasing pH can be ascribed to

changes in the surface charges of porous media and bacteria. The

surface charges of both porous media and biocolloids depend on

the solution pH [51]. As the solution pH increases, bacterial sur-

face charges become more negative. Iron oxides on Fe-GAC also

become less positively charged with increasing pH and even neg-

atively charged above pH 8 (pHpzc). Therefore, the electrostatic

interaction between bacteria and Fe-GAC become more repulsive

with increasing pH, resulting in the reduction of bacterial adhesion

to Fe-GAC.

4. Conclusions

The adhesion of E. faecalis to Fe-GAC was investigated using col-

umn experiments. Results show that Fe-GAC was characterized by

mosaic-like deposition layers of iron oxides with about 2 �m in

thickness. Color mapping with FESEM visualized the spatial dis-

tribution of carbon (yellow-green) and iron (red) on Fe-GAC. EDS

indicates that iron was distinctly found from Fe-GAC at three peak

positions. Results also reveal that bacterial attachment to Fe-GAC

was affected by ionic strength and pH. Bacterial attachment to the

surfaces of Fe-GAC was enhanced with increasing ionic strength.

Bacterial attachment to Fe-GAC was reduced with increasing pH.

This study demonstrates that iron oxides offer favorable attachment

sites for bacteria on the surfaces of Fe-GAC and further improves the

knowledge of bacterial removal in Fe-GAC.
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Abstract South Korea is located in the Asian monsoon

region, and paddy rice farming is one of the important

agricultural activities, which may contribute to the non-

point source pollution of inland water bodies along with

rainfall runoff. The status of water quality in rural streams

located throughout South Korea was examined in this study

by water quality monitoring and statistical analysis. Totally

six surveys were conducted in 2003 and 2005 to monitor

300 streams located in rural subwatersheds; these streams

are affected by agricultural activities and water supply for

agricultural practices. The monitoring was performed at the

terminal point of each subwatershed. In each study year,

the streams were monitored in the three hydrological

periods (April, July, and October) to observe differences in

the impacts of agricultural activity and rainfall pattern.

During the surveys, 15 water quality parameters were

measured and interpreted using multivariate statistical

methods including factor analysis and cluster analysis.

Results show that the water quality of the rural streams

monitored in this study appeared to meet the Korean water

quality criteria for agricultural use, which are 8.0 and

100 mg/L for biochemical oxygen demand and suspended

solids, respectively. In terms of organic contamination and

suspended solids, the best stream water quality was

observed in October compared to other periods. This can be

attributed to the fact that October follows the rice-har-

vesting period and has low rainfall; thus the streams are

probably less affected by agricultural activities and surface

runoff. The three hydrological periods did not show much

variation in the nitrogen and phosphorus parameters related

to stream water nutrient conditions. Factor analysis indi-

cates that the first five factors for April explained about

67% of the total sample variance. In July, the first four

factors explained about 60% of the total variance, while the

first four factors for October explained about 65%. Cluster

analysis reveals that the streams could be divided into four

groups in April and October and five groups in July. The

box-and-whisker plots of the physicochemical variables

indicate that Group A had the best water quality among the

groups. This study demonstrates that the rural stream water

quality of South Korea in the Asian monsoon region can be

greatly affected by agricultural activities such as paddy rice

farming and rainfall patterns.

Keywords Cluster analysis � Factor analysis �
Multivariate statistical analysis � Stream water quality �
Water quality monitoring

Introduction

Water pollution is a widespread environmental problem in

South Korea. Rapid industrialization and urbanization led

to river pollution around heavily populated urban areas,

threatening drinking water supplies. In rural areas, water

resources have been deteriorated due to applications of

fertilizers and pesticides, livestock farming, and other

agricultural activities. While conventional wastewater

treatment plants treat the wastewater from densely popu-

lated urban areas, on-site wastewater treatment systems are
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used to treat relatively small volumes of wastewater gen-

erated from rural dwellings. Storm-generated pollution is

one of the primary factors contributing to surface water

pollution. During a storm event, large amounts of pollu-

tants are washed into aquatic systems, including rivers,

lakes, and reservoirs. Excessive pollutant loads imposed on

an aquatic ecosystem adversely affect the water quality and

societal uses of the water resource. The relative contribu-

tion of this non-point source pollution becomes especially

significant in rural areas, necessitating various measures to

improve water quality.

Various water quality monitoring programs have been

implemented to increase understanding of water pollution

problems and to design appropriate measures to control

water quality in surface and ground waters (Seyhan et al.

1985; Bodo et al. 1992; Aruga et al. 1993; Helena et al.

2000; Møhlenberg et al. 2007). For instance, Haag and

Westrich (2002) monitored ten water quality parameters

at six sampling stations located in the Neckar River,

Germany. Kim et al. (2005) investigated the groundwater

quality of 41 wells in southwestern South Korea. Zhou

et al. (2007) examined water quality at 23 monitoring sites

located in the northwestern New Territories, Hong Kong,

China. Routine water quality monitoring can generate large

data sets with many variables indicating temporal and

spatial variations in water quality; such large data sets

require proper statistical methods for analysis and

interpretation.

Multivariate statistical methods can be used to analyze

large data sets. A number of researchers have applied these

techniques to data related to surface and ground water

quality (Morin et al. 1979; Reid et al. 1981; Grimalt et al.

1990; Andrade et al. 1992; Briz-Kishore and Murali 1992;

Christophersen and Hooper 1992; Suk and Lee 1999; Lee

et al. 2001; Muñoz-Carpena et al. 2005). These studies

used the factor analysis to analyze water quality data

obtained from four streams in the Adirondack Mountains of

New York, USA (Evans et al. 1996), characterized water

quality with 22 variables obtained from a river in Spain

using principal component analysis (PCA) and cluster

analysis (Vega et al. 1998), used PCA to interpret multi-

constituent water quality data from the Elbe River in

Germany (Petersen et al. 2001), examined the origin and

transport of nitrate through unsaturated and saturated zones

of aquifers (Lambrakis et al. 2004), and applied various

multivariate statistical procedures to hydrochemical

data obtained from a coastal aquifer in Crete, Greece

(Papatheodorou et al. 2007).

South Korea is located in the Asian monsoon region,

and paddy rice farming is one of the important agricultural

activities, which may contribute to the non-point source

pollution of inland water bodies along with rainfall runoff.

Therefore, the status of water quality in rural streams

located throughout South Korea was examined in this study

by water quality monitoring and statistical analysis. The

water quality of rural streams was monitored in 2003 and

2005, and the obtained data were interpreted using multi-

variate statistical methods. Factor analysis was performed

to determine the main factors affecting stream water

quality, and cluster analysis was used to group the rural

streams.

Materials and methods

Monitoring

Water quality monitoring was conducted during 2003 and

2005 in 300 rural streams (Fig. 1). Water monitoring was

initially scheduled on a biannual basis until 2007, when it

was changed to an annual basis. Only the 2-year data were

available at the time and thus used for the statistical

analysis. Most of the monitored streams are located in rural

area and serve as major agricultural water resources. The

watersheds in which industrial land use exists were delib-

erately excluded. Although there are some sporadic rural

residences, the impact of domestic effluent is minimal.

Thus, agricultural activities would be a primary factor to

affect stream water quality. Monitoring and water sampling

was conducted at the outlet of each rural subwatershed.

Three water samples were collected and analyzed inde-

pendently. The resulting three values for each water quality

parameter were averaged and used for the statistical

analysis.

Since the sampling of 300 streams in a day was practi-

cally impossible, the collection of water samples were done

over a month period but in the same month for all streams,

for example, in April for all 300 streams. For each year,

300 streams were monitored for the three periods, April,

July, October, which was determined based on paddy rice

cultivation practices. This was done to investigate the

impacts of agricultural practices and rainfall patterns on the

stream water quality. In South Korea, wet-paddy rice

agriculture is the major agricultural activity along with

livestock farming; these activities affect the water quality

of streams located in rural watersheds. Rice planting occurs

in May. During this period, farmers flood their rice paddies

and transplant greenhouse-raised rice seedlings into them.

April is a relatively dry period with low rainfall. Thus, the

water quality survey in April was to done examine the

water quality status of the streams before the major agri-

cultural activities start. July is a period of rice growth and

high rainfall. Therefore, the water quality in July indicates

how agricultural activities and surface runoff generated by

heavy rainfall affect the water quality of the streams.

September is the rice-harvesting period, and October is a
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dry month with low rainfall. Therefore, the survey in

October reflects the water quality of rural streams after

major agricultural activities have ceased. All the sampling,

preservation, and chemical analyses for all 300 monitoring

streams were conducted following standard procedures

(APHA 1995).

Chemical analysis

During the surveys, 15 water quality parameters were

measured. Electrical conductivity (EC) was measured at

the field using an YSI 650 Multiparameter Display System

(YSI Inc., Yellow Springs, OH, USA). Other water quality

parameters were determined at the laboratory in the South

Korean National Institute of Agricultural Science and

Technology. Biochemical oxygen demand (BOD5) was

measured by a dissolved oxygen (DO) meter. The Winkler

method is commonly used for the accurate determination of

DO value less than 0.5 mg/L. However, DO values for all

the collected water samples were much greater than

0.5 mg/L, and thus a DO meter is used to measure the DO

values. Another reason is related to the time required to

analyze the sample. The DO measurement with a DO meter

consumes much less time when compared with the Winkler

method. Considering the huge number of water samples,

prompt chemical analysis is thought to reduce errors

caused by the time delay. Chemical oxygen demand

(CODCr) was measured by the K2Cr2O7 method. Sus-

pended solids (SS) were measured using the glass-fiber

filter method. Total nitrogen (T-N) was analyzed with a UV

spectrophotometer and NH3-N and NO3-N were analyzed

with the indophenol method and ion chromatography,

respectively. PO4-P was measured by the stannous chloride

method while total phosphorus (T-P) was measured by the

ascorbic acid reduction method. To analyze cations and

anions, stream water was filtered in the field with a hand-

held syringe using 0.45-lm membrane filters. Cations

(Na?, K?, Mg2?, and Ca2?) were analyzed using an

Integra XL inductively coupled plasma spectrometer (GBC

Scientific Equipment Pty Ltd., Dandenong, Australia)
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while anions (Cl- and SO4
2-) using an ion chromatograph

(Dionex DX-320 IC) with an AS 40 automated sampler

(Dionex Corp. Sunnyvale, CA, USA).

Statistical analysis

In the multivariate statistical analysis, 15 physicochemical

constituents, i.e., EC, BOD5, CODCr, SS, nutrients (T-N,

NH3-N, NO3-N, T-P, PO4-P), cations (Na?, K?, Mg2?,

Ca2?), and anions (Cl-, SO4
2-) were used. SPSS 12.0 was

used for all analyses. Factor analysis, including PCA, was

conducted to reveal the interactions among variables. This

method simplifies the complex and diverse relationships

that exist among a set of observed variables by revealing

the linkage of common and unobserved factors with

apparently unrelated variables. Based on the factor scores,

cluster analysis was performed using Ward’s method. This

method uses an analysis of variance approach to determine

the distance between clusters, minimizing the sum of

squares of any two clusters.

Results and discussion

General physicochemical composition

Table 1 summarizes the mean, minimum, and maximum

values along with standard deviations of 15 physico-

chemical parameters for the three hydrological periods

(April, July, and October) in 2003 and 2005. Overall, the

water quality of the rural streams monitored in this study

appeared to meet the Korean water quality criteria for

agricultural use, which are 8.0 and 100 mg/L for BOD and

SS, respectively. This is probably because the monitored

streams are mostly located at the upper region close to

headwater where pollutant sources such as industrial and

domestic effluents seldom exist.

Parameters BOD5 and CODCr are related to organic

contamination of stream water. CODCr varied more widely

than BOD5 and was about four times larger than BOD5.

Their mean concentrations increased in the order of

October, July, and April in the three hydrological periods.

The SS concentration varied widely, with its mean con-

centration increasing in the order of October, July, and

April. This result shows that in terms of organic contami-

nation and suspended solids, the best stream water quality

was observed in October when compared to other periods.

October follows the rice-harvesting period and has low

rainfall; thus the streams are probably less affected by

agricultural activities and surface runoff. On the other

hand, organic contamination was greater in April than in

July, even though April precedes the rice-planting period

and experiences low rainfall.

The nitrogen and phosphorus parameters, which are

related to the nutrient conditions of stream water, include

T-N, NH3-N, NO3-N, T-P, and PO4-P. The mean concen-

trations of T-N, NH3-N, and NO3-N were relatively constant

during the monitoring periods. The mean concentrations of

T-P and PO4-P were also relatively constant. These results

indicate that nutrient conditions did not vary significantly

among the three hydrological periods. However, the con-

centrations of Ca2? and Mg2?, which are related to the

Table 1 Mean, minimum (min), maximum (max), and standard deviation (SD) of the physicochemical parameters for the three hydrological

periods (concentrations are in mg/L unless otherwise indicated)

Parameter April July October

Mean Min Max SD Mean Min Max SD Mean Min Max SD

EC (dS/m) 0.17 0.03 0.85 0.10 0.14 0.03 0.58 0.07 0.17 0.03 0.64 0.09

BOD5 2.25 0.33 6.42 1.17 1.60 0.22 10.43 1.07 1.29 0.02 7.99 1.06

CODCr 7.13 0.00 68.44 6.12 7.06 0.51 47.80 5.30 6.60 0.64 53.89 7.17

NH3-N 0.33 0.01 6.39 0.52 0.28 0.00 1.73 0.30 0.29 0.00 3.51 0.38

NO3-N 2.37 0.30 10.11 1.17 2.15 0.12 7.28 1.09 2.06 0.31 9.43 1.26

PO4-P 0.06 0.00 1.08 0.08 0.06 0.00 0.84 0.07 0.05 0.00 0.65 0.08

Cl- 11.72 1.08 262.56 17.38 8.06 1.81 55.06 6.33 10.48 1.05 130.61 12.35

SO4
2- 15.39 2.26 150.90 14.02 10.60 1.48 105.28 8.36 12.04 1.23 107.90 10.44

T-N 3.85 0.90 13.25 1.73 3.80 0.97 14.19 2.00 3.85 0.79 15.29 2.43

T-P 0.09 0.00 0.70 0.08 0.12 0.01 2.12 0.16 0.09 0.00 0.92 0.11

SS 21.07 0.00 423.65 34.46 19.83 0.00 266.50 31.19 9.07 0.00 297.50 21.49

Ca2? 14.73 1.38 84.83 10.04 15.29 1.33 192.53 17.10 16.74 2.20 193.60 16.03

K? 2.78 0.06 11.80 2.00 2.54 0.00 9.47 1.40 2.68 0.20 19.48 2.25

Mg2? 3.92 0.02 74.42 5.64 3.70 0.00 78.42 5.29 3.99 0.31 64.68 5.29

Na? 10.68 1.47 172.67 13.77 9.24 2.82 131.06 10.37 12.25 1.44 184.80 14.13
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hardness of the stream water, varied widely, with their

highest mean concentrations in October. Other cations (K?,

Na?) and anions (Cl-, SO4
2-) also varied widely. The mean

value of EC was relatively constant throughout the hydro-

logical periods. Overall, water quality in October was best

among the three periods except for the cation concentration.

According to Uhm et al. (2000), contaminants accumulated

over winter could start running off during spring season due

to soil thawing, in April in this study, and result in high

contaminant concentrations in stream water. During the July

monsoon season, great rainfall events increase non-point

source pollutant run off to the stream and stream flow rate as

well as the dilute contaminants and result in lower concen-

trations on average. Then, in October when all the agricul-

tural activities are finished and rainfall is also diminished,

the contribution of agricultural non-point source to the

stream seems to be reduced, so that the best water quality

could be observed.

Correlation among physicochemical parameters

Tables 2, 3, and 4 present the correlation matrices of the 15

physicochemical variables for April, July, and October,

respectively. These correlation coefficients must be inter-

preted carefully since the 300 sampling sites were com-

bined. Overall, the correlations between variables were

relatively weak. The correlation between BOD5 and CODCr

was positive but relatively weak (r = 0.19–0.40). BOD5

also showed weak correlations with other parameters. EC

was positively correlated with cations and anions. The

correlations of EC with T-N (r = 0.16–0.28), NH3-N

(r = 0.24–0.26), and NO3-N (r = 0.18–0.31) were positive

but relatively weak. The correlations of EC with T-P

(r = 0.15–0.31) and PO4-P (r = 0.15–0.42) were also

positive but relatively weak, as were the correlations of EC

with Ca2? (r = 0.34–0.40) and Mg2? (r = 0.35–0.48).

Positive and relatively strong correlations were found

between EC and K? (r = 0.41–0.57), Na? (r = 0.24–

0.55), Cl- (r = 0.49–0.67), and SO4
2- (r = 0.59–0.69).

The correlation of T-N was relatively strong with NO3-N

(r = 0.60–0.70) but varied with NH3-N (r = -0.08–0.18).

T-P correlated relatively strongly with PO4-P (r = 0.49–

0.82) but showed weak correlation with SS (r = 0.19–

0.33). A relatively strong correlation was also found

between Ca2? and Mg2? (r = 0.40–0.83).

Our results are somewhat different from that of other

studies. For example, from analysis for physicochemical

parameters obtained from the Pisuerga River (Spain), Vega

et al. (1998) found a strong correlation between BOD and

COD (r = 0.89). They also reported that BOD was

strongly correlated with NH4 (r = 0.71) and K (r = 0.68).

However, no strong correlation among the water quality

parameters of BOD, COD, TN, TP, and SS was found in

this study. This is similar with the results of the study from

the Yeongsan river (South Korea) conducted by Gang and

An (2006) who reported weak correlations of BOD with

COD(r = 0.59) and TN (r = 0.52). They also found that

these correlations were even weaker during heavy rainy

season than that of normal season.

Factor analysis

The factor analysis was performed for the three hydro-

logical periods with 15 physicochemical variables. Table 5

Table 2 Correlation matrix among the 15 physicochemical variables in April

EC BOD5 CODCr NH3-N NO3-N PO4-P Cl- SO4
2- T-N T-P SS Ca2? K? Mg2? Na?

EC 1.00

BOD5 0.31** 1.00

CODCr 0.31** 0.40** 1.00

NH3-N 0.24** 0.17** 0.24** 1.00

NO3-N 0.18** -0.01 0.07 -0.04 1.00

PO4-P 0.39** 0.17** 0.21** 0.39** 0.00 1.00

Cl- 0.67** 0.25** 0.25** 0.15** 0.05 0.13* 1.00

SO4
2- 0.69** 0.25** 0.24** 0.35** 0.11* 0.29** 0.41** 1.00

T-N 0.28** 0.25** 0.19** 0.15** 0.60** 0.11* 0.13* 0.20** 1.00

T-P 0.31** 0.28** 0.33** 0.54** 0.07 0.50** 0.25** 0.36** 0.16** 1.00

SS 0.03 0.05 0.09 0.02 -0.01 0.24** 0.00 0.22** 0.06 0.33** 1.00

Ca2? 0.34** 0.08 0.02 0.02 0.18** 0.00 0.14** 0.18** 0.03 0.04 -0.13* 1.00

K? 0.57** 0.31** 0.37** 0.39** 0.30** 0.27** 0.50** 0.42** 0.20** 0.51** 0.01 0.35** 1.00

Mg2? 0.42** 0.07 0.04 0.10 0.15** 0.04 0.19** 0.28** 0.06 0.06 -0.05 0.40** 0.41** 1.00

Na? 0.55** 0.22** 0.18** 0.15** 0.12* 0.14* 0.62** 0.29** 0.13* 0.25** -0.02 0.43** 0.48** 0.23** 1.00

* Values are statistically significant at P\ 0.05, ** values are statistically significant at P\ 0.01
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presents the eigenvalues of the extracted factors and the

proportion of total variance explained by each factor. The

factors in Table 5 are equivalent to the 15 water quality

parameters used for the analysis, and each variance indi-

cates the factorial significance of each factor. For example,

factor 1 in April, which is related to an unknown water

quality parameter, shows the highest eigenvalue of 4.55

and explains 30.35% of total influence. In factor analysis, it

is difficult to interpret the meaning of a factor with initial

factor loading, and thus factors are rotated in such a way

that the square value of the variance of the factor loading

values is maximized in order to improve the correlation

among common factors and clarify the meaning of a factor.

From eigenvalues larger than 1.0, the first five factors were

selected for April to represent the hydrochemical processes

of the streams. These factors explained about 67% of the

total sample variance for April. The first four factors were

selected for July to represent the hydrochemical processes

of the streams. They explained about 60% of the total

sample variance. For October, the first four factors were

Table 3 Correlation matrix among the 15 physicochemical variables in July

EC BOD5 CODCr NH3-N NO3-N PO4-P Cl- SO4
2- T-N T-P SS Ca2? K? Mg2? Na?

EC 1.00

BOD5 0.19** 1.00

CODCr 0.03 0.19** 1.00

NH3-N 0.26** 0.22** 0.21** 1.00

NO3-N 0.31** -0.01 0.01 0.05 1.00

PO4-P 0.15** 0.40** 0.24** 0.07 0.14** 1.00

Cl- 0.53** 0.17** 0.29** 0.42** 0.23** 0.19** 1.00

SO4
2- 0.59** 0.22** 0.09 0.25** 0.32** 0.15** 0.62** 1.00

T-N 0.16** 0.00 -0.10* -0.08 0.70** 0.07 -0.01 0.29** 1.00

T-P 0.15** 0.26** 0.28** 0.09 0.07 0.49** 0.22** 0.20** 0.03 1.00

SS -0.08 0.22** 0.28** -0.04 0.02 0.36** -0.02 0.00 0.02 0.28** 1.00

Ca2? 0.37** 0.06 -0.04 0.02 0.11* -0.11* 0.01 0.17** 0.05 -0.06 -0.14** 1.00

K? 0.53** 0.33** 0.16** 0.32** 0.36** 0.30** 0.52** 0.51** 0.25** 0.29** 0.04 0.18** 1.00

Mg2? 0.35** 0.05 -0.01 0.04 0.12* 0.02 0.06 0.19** 0.06 0.00 -0.07 0.66** 0.15** 1.00

Na? 0.24** 0.10* 0.06 0.03 0.04 0.01 0.23** 0.16** -0.05 0.03 -0.09* 0.30** 0.32** 0.08 1.00

* Values are statistically significant at P\ 0.05, ** values are statistically significant at P\ 0.01

Table 4 Correlation matrix among the 15 physicochemical variables in October

EC BOD5 CODCr NH3-N NO3-N PO4-P Cl- SO4
2- T-N T-P SS Ca2? K? Mg2? Na?

EC 1.00

BOD5 0.30** 1.00

CODCr 0.24** 0.19** 1.00

NH3-N 0.26** 0.29** 0.07 1.00

NO3-N 0.28** 0.21** -0.04 0.13* 1.00

PO4-P 0.42** 0.42** 0.21** 0.29** 0.21** 1.00

Cl- 0.49** 0.51** 0.15** 0.26** 0.33** 0.60** 1.00

SO4
2- 0.63** 0.13* 0.03 0.27** 0.28** 0.20** 0.21** 1.00

T-N 0.22** 0.10* -0.10* 0.18** 0.62** 0.09 0.14** 0.35** 1.00

T-P 0.30** 0.47** 0.14** 0.29** 0.24** 0.82** 0.58** 0.16** 0.09 1.00

SS 0.10* 0.16** 0.09 0.33** 0.19** 0.16** 0.20** 0.27** 0.10 0.19** 1.00

Ca2? 0.40** 0.24** -0.02 0.06 0.07 -0.02 0.04 0.24** 0.11* 0.00 -0.07 1.00

K? 0.41** 0.53** 0.15** 0.28** 0.33** 0.58** 0.70** 0.22** 0.12* 0.58** 0.08 0.20** 1.00

Mg2? 0.48** 0.21** 0.00 0.09 0.08 0.04 0.15** 0.25** 0.10* 0.03 -0.02 0.83** 0.17** 1.00

Na? 0.30** 0.35** 0.15** 0.07 0.09 0.34** 0.38** 0.12* 0.00 0.26** 0.03 0.26** 0.59** 0.17** 1.00

* Values are statistically significant at P\ 0.05, ** values are statistically significant at P\ 0.01
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also selected to represent the hydrochemical processes of

the streams, explaining around 65% of the total variance.

As shown in Table 5, the eigenvalues of each water

parameter vary depending on the hydrological periods.

Overall, ions related water parameters especially Cl- have

relatively high eigenvalues. The effects of ion-associated

parameters such as EC, Cl-, SO4
2-, Ca2?, K?, Mg2?, Na?

seem to be pronounced in April. This may be ascribed to

the ion accumulation during the non-cultivation season,

from October to following April during which the evapo-

transpiration is greater than precipitation. For July in the

monsoon season in Korea when cultivation activities occur,

the effect of NH3-N appeared to be substantial in addition

to EC, Cl-, SO4
2-, K?, probably due to the runoff of non-

point pollutants such as fertilizer, compost, and animal

manure along with storm events. In October, the period

after all cultivation activities are finished, the residual

organic matters and phosphate attached to soil particles in

the paddy fields seemed to impact water quality of BOD5,

PO4-P, T-P along with Cl-, K?, Na?.

Table 6 provides the rotated factor patterns of the

extracted factors for April, July, and October. In April,

Factor 1 explained the largest proportion (30.35%) of the

total variance. This factor had high positive loading for EC

(0.828) and moderate positive loadings for K? (0.587),

Na? (0.763), Ca2? (0.548), Mg2? (0.536), Cl- (0.773),

and SO4
2- (0.600), reflecting inorganic pollution in the

streams. Factor 2 accounted for 12.70% of the total vari-

ance. It had a high positive loading for NH3-N (0.814) and

moderate positive loadings for PO4-P (0.680) and T-P

(0.762). Factor 3, accounting for 9.87% of the total vari-

ance, had high positive loadings for NO3-N (0.906) and

T-N (0.848). Factors 2 and 3 represent the nutrient condi-

tion of the streams. Factor 4 explained 7.64% of the total

variance. It had moderate positive loadings for BOD5

(0.697) and CODCr (0.674), reflecting organic pollution in

the streams. Factor 5 accounted for 0.82% of the total

variance and had a high positive loading for SS (0.813).

In July (Table 6), Factor 1 explained the largest pro-

portion (25.15%) of the total variance. It had a high posi-

tive loading for Cl- (0.858) and moderate positive loadings

for EC (0.642), NH3-N (0.653), K? (0.652), and SO4
2-

(0.686). Like in April, inorganic pollution played a major

role in explaining the water quality of the streams. Factor 2

accounted for 14.77% of the total variance. It had moderate

positive loadings for BOD5 (0.578), CODCr (0.513), PO4-P

(0.780), T-P (0.695), and SS (0.689). Note that BOD5 and

CODCr included in Factor 4 of April became major con-

stituents in Factor 2 of July. This indicates that organic

pollution is more important in explaining the water quality

of the streams in July. Factor 3, accounting for 11.08% of

the total variance, had high positive loadings for NO3-N

(0.860) and T-N (0.912). Factor 4 explained 9.34% of the

total variance. It had high positive loadings for Ca2?

(0.904) and Mg2? (0.846), reflecting the hardness of the

streams.

In October (Table 6), Factor 1 explained the largest

proportion (31.30%) of the total variance, with high posi-

tive loadings for PO4-P (0.806), T-P (0.796), K? (0.852),

and Cl- (0.795) and moderate positive loadings for BOD5

Table 5 Eigenvalues of each factor extracted in the factor analysis and the proportion of variance explained by each factor for two dry-period

data sets

Factor April July October

Eigenvalue Variance

(%)

Cumulative

variance (%)

Eigenvalue Variance

(%)

Cumulative

variance (%)

Eigenvalue Variance

(%)

Cumulative

variance (%)

1 4.55 30.35 30.35 3.77 25.15 25.15 4.70 31.30 31.30

2 1.91 12.70 43.05 2.21 14.77 39.92 2.09 13.96 45.26

3 1.48 9.87 52.92 1.66 11.08 51.00 1.71 11.38 56.64

4 1.15 7.64 60.56 1.40 9.34 60.34 1.20 7.99 64.63

5 1.02 6.82 67.38 0.96 6.43 66.77 0.96 6.40 71.03

6 0.87 5.78 73.16 0.88 5.87 72.64 0.83 5.56 76.59

7 0.81 5.39 78.55 0.79 5.30 77.94 0.78 5.16 81.75

8 0.68 4.55 83.10 0.68 4.54 82.48 0.67 4.46 86.21

9 0.61 4.07 87.17 0.57 3.80 86.28 0.53 3.51 89.72

10 0.56 3.71 90.88 0.50 3.32 89.60 0.49 3.25 92.97

11 0.44 2.95 93.83 0.40 2.68 92.28 0.33 2.21 95.18

12 0.30 1.97 95.80 0.37 2.44 94.72 0.28 1.87 97.05

13 0.28 1.85 97.65 0.32 2.13 96.85 0.17 1.14 98.19

14 0.22 1.45 99.10 0.27 1.83 98.68 0.14 0.95 99.14

15 0.14 0.90 100.00 0.20 1.32 100.00 0.13 0.86 100.00
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(0.654) and Na? (0.616). Note that while BOD5 was one of

the major constituents of Factor 1, CODCr was not. This

indicates that organic pollution plays far more significant

role in explaining the water quality of the streams in

October than in July. In addition, the biodegradable portion

is more important than the non-biodegradable in repre-

senting the water quality. Factor 2 accounted for 13.96% of

the total variance. It had a moderate positive loading for

EC (0.583) and high positive loadings for Ca2? (0.916) and

Mg2? (0.903). Factor 3, accounting for 11.38% of the total

variance, had moderate positive loadings for NH3-N

(0.646), SO4
2- (0.583), and SS (0.733). Factor 4 explained

7.99% of the total variance, having high positive loadings

for NO3-N (0.810) and T-N (0.850).

Cluster analysis

The main factor that influences the stream water quality

differs depending on the monitoring period. Therefore,

cluster analysis was conducted to classify the streams

based on the factor loading. The dendrogram for April is

presented in Fig. 2 as an example. The resulting stream

groups were labeled with A, B, C, D, and E. Group A

represented the streams showing the similar pattern with

mean water quality of all streams for a given month, while

other groups were characterized by high values in some

water quality parameters which are given in parenthesis. In

April, the streams were classified into four groups (A, B, C,

D). Groups A and B (T-N, NO3-N, SS) included 190 and

67 streams while Groups C (EC, Cl-, SO4
2-, Ca2?, K?,

Mg2?, Na?) and D (BOD5, CODCr, NH3-N, PO4-P, T-P)

had 4 and 39 streams, respectively. In July, the streams

were classified into five groups: A = 163, B = 70 (CODCr,

NH3-N, Cl
-, K?, Na?), C = 17 (BOD5, PO4-P, T-P, SS),

D = 2 (EC, SO4
2-, Ca2?, Mg2?), E = 48 (T-N, NO3-N).

In October, four groups are obtained: A = 207, B = 31

(BOD5, CODCr, NH3-N, PO4-P, T-P, Cl-, K?, Na?),

C = 60 (T-N, NO3-N, SS), D = 2 (EC, SO4
2-, Ca2?,

Mg2?). The number of groups differed depending on the

monitoring time (4 groups in April and October, 5 groups

in July). The parameter composition for a group also varied

depending the sampling month.

The SS concentrations in stream water were low in April

and October when the rainfall was small. The energy of

runoff flow was also low in these months, resulting in the

low soil erosion and low SS concentrations. Consequently,

SS was grouped with nitrogen related parameters in April

and October. In contrast, for July in rainy season, more soil

particles were washed out with increased runoff flow,

resulting in the elevated SS concentration in stream water.

It is well known that most of phosphorus is non-soluble and

adsorptive and behaves with soil particles. Therefore, SS

fell into the same group with PO4-P in the cluster analysisT
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during the rainy season. Similarly, BOD5 and CODCr were

grouped together in the dry season (April and October)

while they were separated into different groups in the rainy

season (July).

The box-and-whisker plots of the physicochemical

variables were created to examine water quality variation

among the groups. The box plots for the major variables

(Fig. 3) demonstrate that the differences in water quality

existed among the groups. Overall, Group A had the best

water quality among the groups. In April, about 83% (257

out of 300 streams) were included in Groups A and B.

These streams had relatively low organic concentrations in

terms of BOD5 (A, 1.91; B, 2.22; C, 3.48; D, 3.81 mg/L)

and CODCr (A, 5.44; B, 6.42; C, 9.03; D, 16.36 mg/L).

There was a great difference in SS concentration (A, 14.96;

B, 36.87 mg/L) between A and B. The streams included in

Group B had higher SS concentration, possibly due to the

maintenance work carried out in the streams during the

sampling period. Group C had higher EC values (A, 0.149;

B, 0.181; C, 0.635; D, 0.226 dS/m) but not higher T-N

and T-P concentrations than other groups. This may be

attributed to the influence of seawater in the streams

located near the sea. In Group D, the CODCr concentration

(16.36 mg/L) was about four times higher than the BOD5

concentration (3.81 mg/L). It indicates that these streams

had high recalcitrant organic contaminants, possibly due

to the impact from livestock wastewater.

In July, about 78% of streams were included in groups A

and B. The organic concentration in Group A was about

two times lower than that of Group B in terms of BOD5 (A,

1.34; B, 2.05; C, 2.49; D, 1.58; E, 1.50 mg/L) and CODCr

(A, 5.61; B, 10.67; C, 9.78; D, 4.99; E, 5.83 mg/L). Group

C had higher SS concentrations (100.72 mg/L) than other

groups (A, 10.87; B, 23.63; D, 1.75; E, 16.81 mg/L), while

Group D had higher EC values (0.331 dS/m) than other

groups (A, 0.113; B, 0.197; C, 0.125; E, 0.163 dS/m). In

October, about 67% of streams were included in Group A.

Group A had lower organic concentration than Group B.

Group C had higher T-N concentration (7.43 mg/L) than

other groups (A, 2.75; B, 4.22; D, 3.72 mg/L), while Group

D had higher EC values (0.502 dS/m) than other groups

(A, 0.143; B, 0.257; C, 0.222 dS/m).

Conclusions

The water quality status of rural streams in South Korea was

examined via water quality monitoring in the three hydro-

logical periods (April, July, and October) followed by sta-

tistical analysis. Results show that the water quality of the

rural streams monitored in this study appeared to meet the

Korean water quality criteria for agricultural use. In terms

of organic contamination and suspended solids, the best

stream water quality was observed in October compared to

other periods. This can be attributed to the fact that October

follows the rice-harvesting period and has low rainfall; thus

the streams are probably less affected by agricultural

activities and surface runoff. Also, nutrient-related param-

eters (nitrogen and phosphorus) did not vary much among

the three hydrological periods. Factor analysis indicates

that the first five factors for April explained about 67% of

the total sample variance. In July, the first four factors

explained about 60% of the total variance while the first

four factors for October explained about 65% of the total

variance. Cluster analysis reveals that the streams could be

divided into four groups in April and October and five

groups in July. The box-and-whisker plots of the physico-

chemical variables show that Group A had the best water

quality among the groups. This study demonstrates that the

rural stream water quality of South Korea in the Asian

monsoon region can be greatly affected by agricultural

activities such as paddy rice farming and rainfall patterns.
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Adhesion of Escherichia coli to
Iron-Coated Sand in the Presence of
Humic Acid: A Column Experiment
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ABSTRACT: Column experiments were performed to examine the

influence of humic acid on the attachment of Escherichia coli to iron-

coated sand. Results show that, in the coated sand, the average mass

recovery was 2.9% in deionized water and increased sharply to 94.6% at

a humic acid concentration of 16 mg/L. In leaching solution containing both

humic acid and phosphate, the mass recovery increased from 26.0 to 94.6%,

by increasing the portion of humic acid from 0 to 100% (from 0 to 16 mg/L).

In addition, the mass recovery (94.6%) at a humic acid concentration of

16 mg/L was much larger than that (26.0%) at the same concentration of

phosphate. This study presents information regarding the role of humic acid

in the adhesion of bacteria to iron-coated sand and helps to enhance the

knowledge of bacterial removal in positively charged porous media. Water

Environ. Res., 81, 125 (2009).

KEYWORDS: iron-coated sand, Escherichia coli, bacterial adhesion,

humic acid.
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Introduction
Bacterial interaction with metal-oxide minerals in environmental

systems has attracted considerable attention, in two respects. The

first concerns bacteria transport in geochemically heterogeneous

aquifers. In an aquifer, metal (aluminum, iron, and manganese)

oxides provide surface charge heterogeneities, because they carry

positive surface charges at circumneutral pH conditions. Thus,

negatively charged bacteria may favorably attach to the positively

charged surfaces of aquifer sediments (Dong, Onstott, Deflaun,

Fuller, Scheibe, Streger, Rothmel, and Mailloux, 2002; Dong,

Onstott, Ko, Hollingworth, Brown, and Mailloux, 2002; Fuller

et al., 2000; Hall et al., 2005; Scholl and Harvey, 1992; Silliman et al.,

2001). The second is related to the removal of bacteria in positively

charged granular media. Bacteria removal in water filtration systems

may be enhanced through modification of the surface charge of

granular media with metal oxyhydroxide (Lukasik et al., 1996, 1999;

Truesdail et al., 1998).

Bacterial retention on granular porous media is influenced by

the properties of porous media (i.e., surface charge and grain size)

and the characteristics of bacteria (i.e., cell surface charge

and hydrophobicity) (Fontes et al., 1991; Gannon et al., 1991).

Particularly, solution chemistry (i.e., ionic strength and pH) plays an

important role in bacterial attachment to metal-oxide-coated media.

Yee et al. (2000) reported that the adsorption of Bacillus subtilis to

corundum (aluminum-oxide mineral) decreased with increasing

ionic strength. Jiang et al. (2007) investigated the influence of pH

on the adhesion of Pseudomonas putida to goethite in batch con-

ditions. These experiments showed a gradual decrease of bacterial

attachment with an increase in pH from 3.0 to 8.0, but a sharp

decrease between 8.0 and 9.0, a range in which the measured pHpzc

(point of zero charge) of goethite (8.3) was situated. Ams et al.

(2004) also demonstrated that the adhesions of both B. subtilis

and Pseudomonas mendocina to the goethite-coated sand were

pH-dependent.

Bacterial interactions with metal-oxide-coated media also can be

influenced by organic matter. Natural organic matter, which is

found in varying concentrations in aquatic environments, is

a complex mixture of compounds, including hydrophilic acids,

amino acids, lipids, proteins, and humic substances. Humic

substances (humic acid and fulvic acid), which are major

constituents of natural organic matter (Teermann and Jekel,

1999), can adsorb strongly onto metal oxides through surface

complexation (Filius et al., 2000; Fu and Quan, 2006; Gu et al.,

1995; Schlautman and Morgan, 1994; Weng et al., 2007).

Researchers have investigated the effect of natural organic matter

on the transport and attachment of bacteria in metal-oxide-coated

media (Foppen et al., 2008; Hall et al., 2005; Johnson and Logan,

1996; Johnson et al., 1996). They have examined the adhesion of

Escherichia coli to goethite-coated sand in the presence of humic

acid (Foppen et al., 2008), the transport of Comamonas sp. through

iron-oxyhydroxide-coated sediment in the presence of dissolved

organic carbon (Hall et al., 2005), and the effect of humic acid on

the attachment of bacteria to iron-oxide-coated sand (Johnson and

Logan, 1996; Johnson et al., 1996). These studies have shown that

bacteria adhesion to metal-oxide-coated media can be reduced

because of the presence of natural organic matter. However, more

experimental study is required to improve our knowledge regarding

the interaction between bacteria and positively charged granular

media and to quantify the effect of natural organic matter on the

adhesion of bacteria to the media.

The aim of this study was to investigate the bacterial adhesion to

iron-coated sand in the presence of humic acid. E. coli was used in

the experiment, because it is widely used as an indicator organism

for bacterial contamination of water resources. Column experiments

were performed in duplicate to examine the influence of humic

acid on the transport and attachment of bacteria to the coated sand.

The breakthrough curves (BTCs) of bacteria were obtained by
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monitoring effluent, and then bacterial mass recoveries of bacteria

were quantified from these curves.

Materials and Methods
Bacteria. E. coli ATCC 11105 (Korea Culture Center for

Microorganisms, Seoul, Korea) was used in this experiment. All

glassware and materials were sterilized using an autoclave at 1218C
and 121 kPa (17.6 psi) for 20 minutes. The freeze-dried bacteria

were inoculated into 250-mL Erlenmeyer flasks containing 100 mL

of LB medium (tryptone 10 g, yeast extract 5 g, sodium chloride

[NaCl] 5 g in 1 L of deionized water at pH of 7.0) and incubated for

84 hours. Approximately 1 mL of culture was then transferred to

500 mL LB broth and incubated for 84 hours at 308C. The

suspension was harvested by centrifugation at 10 000 rpm for 15

minutes at 48C. The supernatant was removed, and the cells were

washed three times with deionized water. After the final wash and

centrifugation, the bacteria were resuspended in deionized water to

an optical density of 0.5 at 600 nm (OD600). Transmission electron

microscopy (JEM 1010, JEOL, Japan) was used to take images of

the E. coli cells. The images were imported to an image-processing

program (Image-Pro Plus, Mediacybernetics, Bethesda, Maryland)

and analyzed. The average length and diameter of the E. coli were
2.2 and 0.6 lm, respectively, which is equivalent to a spherical

diameter of 1.21 lm. The net surface electrostatic characteristics of

cells were analyzed with an Electrophoretic Light Scattering

Spectrophotometer (ELS-8000, Otsuka Electronics, Japan). Elec-

trophoretic mobility was determined for the bacterial surface (pH 5
6.8, temperature 5 258C, ionic strength ’ 0 mM) and converted to

zeta potentials using the Smoluchowski equation. The zeta potential

of E. coli was determined to be 251 6 6mV.
Porous Media. Quartz sand was supplied by Jumunjin Silica

(Kangreung, Korea). Sand fractionation was conducted using

mechanical sieving (U.S. Standard Sieves numbers 35 and 10,

Dong Ah Testing Machine Company, Seoul, Korea), and only sand

fractions with a grain size of 0.5 to 2.0 mm and a mean diameter of

1.0 mm were used in the experiments. Before use, the sand was

washed twice with deionized water to remove impurities on the

surface, autoclaved for 20 minutes at 121 kPa (17.6 psi), cooled to

room temperature (258C), and then oven-dried at 1058C for 1 to 2

days. The iron-coated sand was prepared as follows: FeCl3 � 6H2O

(5.5 g) was dissolved in deionized water (100 mL), and the pH was

adjusted using 6 mol/L sodium hydroxide (NaOH). The quartz sand

(200 g) was added to the FeCl3 � 6H2O solution and then mixed in

a rotary evaporator (908C, 80 rpm, 20 minutes) to remove water in

the suspension by heating (Hahnvapor, Hahnshin Scientific

Company, Buchon, Korea). The coated sand was dried at 1508C
for 6 hours, washed with deionized water, and then dried again at

the same conditions. Scanning electron microscopy (SEM) analysis

and energy dispersive X-ray spectrometer (EDS) analysis were

performed using a scanning electron microscope (JSM 5410LV,

JEOL, Tokyo, Japan) to examine the presence of iron on the coated

sand. The SEM images and EDS patterns of quartz sand and the

coated sand were provided elsewhere (Kim et al., 2008).
Column Experiments. Column experiments were performed

in duplicate using a Plexiglas column (diameter 5 2.5 cm, height 5
30 cm) packed with quartz or iron-coated sands (mass of medium:

231.6 6 2.3 g). A column was packed for each experiment by the

tap-fill method to attain a bulk density of 1.573 6 0.016 g/cm3 and

a porosity of 0.407 6 0.006. The column was connected to a pump

(QG400, Fluid Metering Inc., Syosset, New York) operating at

a rate of 0.5 mL/min. The experiments were performed in the porous

media by injecting 0.5 OD600 bacteria downward for 60 minutes

under leaching solutions with different compositions (Table 1).

Humic acid solution was prepared from humic acid (sodium salt,

technical grade, Aldrich Chemical, Steinheim, Germany) without

further purification. Phosphate solution was prepared from KH2PO4

standard solution (Merck, Darmstadt, Germany). Before bacterial

injection, the packed column was flushed upward with 7 to 8 pore

volumes of leaching solution, to achieve a steady-state flow

condition. Then, the bacteria were introduced to the column with

leaching solution. After the bacterial injection was complete,

leaching solution was introduced again to the column. Effluent

samples were collected using an auto collector (Retriever 500,

Teledyne, Lincoln, Nebraska) at a regular interval. Effluents were

analyzed for bacterial concentration and pH. The bacterial

concentration was determined by measuring the optical density of

Table 1—Experimental conditions and results for column experiments of E. coli in porous media (duplicate
experiments).

Experiment Porous media Leaching solution (mg/L)* M r (%) vi (cm/min) Di (cm
2/min) k (1/min) R2

1a Iron-coated DI water 2.7 0.282 0.050 0.0339 0.91

1b Iron-coated DI water 3.0 0.286 0.059 0.0343 0.92

2a Quartz DI water 76.7 0.263 0.087 0.0030 0.99

2b Quartz DI water 72.3 0.264 0.103 0.0036 0.91

3a Iron-coated HA (16) 95.0 0.262 0.089 0.0008 0.99

3b Iron-coated HA (16) 94.2 0.271 0.112 0.0009 0.99

4a Quartz HA (16) 87.4 0.253 0.097 0.0011 1.00

4b Quartz HA (16) 86.2 0.262 0.091 0.0015 1.00

5a Iron-coated HA (12) 1 P (4) 86.6 0.260 0.098 0.0014 1.00

5b Iron-coated HA (12) 1 P (4) 87.5 0.257 0.118 0.0011 0.99

6a Iron-coated HA (8) 1 P (8) 79.1 0.260 0.089 0.0025 0.99

6b Iron-coated HA (8) 1 P (8) 80.7 0.263 0.095 0.0022 0.99

7a Iron-coated HA (4) 1 P (12) 59.8 0.261 0.102 0.0048 0.99

7b Iron-coated HA (4) 1 P (12) 66.9 0.269 0.070 0.0040 1.00

8a Iron-coated P (16) 22.8 0.255 0.098 0.0130 0.99

8b Iron-coated P (16) 29.2 0.273 0.130 0.0119 0.98

* DI 5 deionized, HA 5 humic acid, and P 5 phosphate.
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the effluent using a UV-visible spectrophotometer (Helios, Thermo,

Cambridge, United Kingdom) at 600 nm (OD600). The pH was

measured with a pH probe (9107BN, Orion, Beverly, Massachusetts).
Data Analysis. Assuming that bacterial growth and decay are

negligible, the one-dimensional bacteria transport can be described

as follows (Hornberger et al., 1992):

@Ci

@t
¼ Di

@2Ci

@x2
� vi

@Ci

@x
� kCi ð1Þ

Where

Ci 5 bacterial concentration in the aqueous phase (mg/L),

Di 5 hydrodynamic dispersion coefficient for bacteria (cm2/min),

vi 5 velocity for bacteria (cm/min), and

k 5 attachment rate coefficient (min21).

Parameters in the transport models were obtained by fitting the

CXTFIT code (Toride et al., 1995) to the breakthrough data. The

mass recoveries (Mr) of bacteria in the effluent were quantified by

the following equation:

Mr ¼
R ‘
0 Cdt

C0t0

 !
3 100ð%Þ ð2Þ

Where

C0 5 initial concentration of bacteria (mg/L), and

t0 5 duration of bacterial injection (injection time, minutes).

Mass recoveries (Mr) were statistically analyzed using one-sided t-
tests. The statistical analyses were performed using SAS Version

8.2 (SAS Institute, 2001).

Results and Discussion
Breakthrough Curves. The BTCs for E. coli obtained from

the experiments are presented in Figures 1 to 3. The pH of the

effluent was 7.0 to 7.3. The BTCs had well-defined single peaks

with different relative peak concentrations, depending on the media

and leaching solution. Transport parameters (vi and Di) obtained from

the BTCs were 0.265 6 0.009 cm/min and 0.093 6 0.020 cm2/min,

respectively. The value of vi estimated from the bacterial BTCs was

similar to that obtained from the flowrate (v 5 0.246 6 0.003 cm/

min) using the following relationship:

v ¼ q=n ð3Þ
Where

q 5 Darcian flux (cm/min), and

n 5 porosity (dimensionless).

The bacterial BTCs from the experiments in iron-coated sand

under leaching solutions of deionized water (1a and 1b) and humic

acid solution of 16 mg/L (3a and 3b) are shown in Figure 1. The peak

concentration in humic acid solution was larger than that in deionized

water. The peak concentrations for 1a and 1b were 0.038 and 0.037,

while they were 0.852 and 0.836 for 3a and 3b, respectively. The

attachment rate coefficient (k) in deionized water was 2 orders of

magnitude larger than that in humic acid solution. The values of k for

1a and 1b were 0.0339 and 0.0343 min21, while they were 0.0008

and 0.0009 min21 for 3a and 3b, respectively (Table 1).

The BTCs from the experiments in quartz sand under leaching

solutions of deionized water (2a and 2b) and humic acid solution of

Figure 1—Bacterial BTCs obtained from the column
experiments and model fits (lines) in iron-coated sand in
the presence of humic acid.

Figure 2—Bacterial BTCs obtained from the column
experiments and model fits (lines) in quartz sand in the
presence of humic acid.

Figure 3—Bacterial BTCs obtained from the column
experiments and model fits (lines) in iron-coated sand in
the presence of humic acid and phosphate.
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16 mg/L (4a and 4b) are provided in Figure 2. The peak

concentration in humic acid solution was also larger than that in

deionized water. The peak concentrations for 2a and 2b were 0.648

and 0.601, while they were 0.795 and 0.774 for 4a and 4b,

respectively. The value of k in deionized water was approximately 3

times larger than that in humic acid solution. The values of k for 2a

and 2b were 0.0030 and 0.0036 min21, while they were 0.0011 and

0.0015 min21 for 4a and 4b, respectively (Table 1). In addition, the

value of k in iron-coated sand under deionized water was 1 order of

magnitude larger than that in quartz sand.

The BTCs from the experiments in iron-coated sand under

different compositions of leaching solution with humic acid and

phosphate (5a to 8b) are given in Figure 3. The peak concentration

increased with increasing the portion of humic acid (or decreasing

the portion of phosphate) in leaching solution, ranging from 0.210

to 0.749. The value of k increased with decreasing the portion of

humic acid, ranging from 0.0011 and 0.0130 min21 (Table 1). In

addition, the value of k in iron-coated sand under phosphate

solution of 16 mg/L (8a and 8b) was 2 orders of magnitude larger

than that under humic acid solution of 16 mg/L (4a and 4b).
Humic Acid and Bacterial Mass Recovery. The differences

in the leaching solution resulted in the significant differences (p ,
0.05) in bacterial mass recovery in iron-coated sand. The mass

recovery at a humic acid concentration of 16 mg/L was significantly

larger (p , 0.0001) than that in deionized water (Table 1),

indicating that bacterial adhesion to the coated sand was reduced

because of the presence of humic acid. The average mass recovery

was 2.9% (1a 5 2.7, 1b 5 3.0) in deionized water and increased

sharply to 94.6% (3a 5 95.0, 3b 5 94.2) at a humic acid

concentration of 16 mg/L. In quartz sand, the mass recovery also

increased because of the presence of humic acid (p 5 0.033). In

deionized water, the average mass recovery was 74.5% (2a 5 76.7,

2b 5 72.3) and increased to 86.8% (4e 5 87.4, 4b 5 86.2) at

a humic concentration of 16 mg/L.

Both bacteria and humic acid have carboxyl groups on their

surfaces, and thus their attachment to iron-coated sand can be

explained by a ligand exchange process (Chi and Amy, 2004;

Foppen et al., 2008). The hydroxyl groups on the surfaces of the

coated sand can be replaced by carboxyl groups during their

attachment to the coated sand. Therefore, the sharp decrease of

bacterial adhesion to the coated sand in the presence of humic acid

can be attributed to the preoccupation of favorable adsorption sites

on the coated sand by humic acid with competitive adsorption. In

our experiments, humic acid injected to the column before bacterial

injection could preoccupy the adsorption sites and mask the

positively charged surfaces on the coated sand, resulting in the

reduction of favorable sites for bacterial adhesion. Furthermore,

humic acid simultaneously injected during bacterial injection could

compete for the sites with bacteria. Our result is consistent with the

report of Foppen et al. (2008), who have shown that the mass

recovery of E. coli increased in the presence of humic acid in

goethite-coated sand columns. Other studies have also reported the

reduced attachment of bacteria (Hall et al., 2005; Johnson and

Logan, 1996) to iron-coated sand or sediment in the presence of

natural organic matter.

Humic acid is negatively charged at circumneutral pH conditions,

as a result of the prevalence of carboxyl and phenol groups on its

surface (Fein et al., 1999; Parent and Velegol, 2004). The pHpzc of

quartz sand is 2.0 (Scholl et al., 1990); thus, quartz sand is

negatively charged at circumneutral pH. At our experimental

condition (approximately pH 7.0), humic acid does not interact with

negatively charged quartz sand because of electrostatic repulsion.

Thus, the increase of bacterial mass recovery in quartz sand in the

presence of humic acid can be attributed to the surface charge

modification of bacteria resulting from the adsorption of humic acid

to bacterial surfaces via hydrophobic interactions (Borrok et al.,

2007; Maurice et al., 2004; Moura et al., 2007). Humic acid can

increase the negative charge of bacteria when it adheres to bacterial

surfaces, resulting in the increase of repulsive electrostatic

interaction between bacteria and quartz sand. Our result is

consistent with the study of Johnson and Logan (1996), who

performed column experiments with quartz sand and humic acid

solution and reported that bacterial retention was reduced by 20% in

the presence of humic acid. Other research also has shown the

enhanced transport of polycyclic aromatic hydrocarbon-degrading

bacteria through porous media in the presence of natural organic

matter (Lahlou et al., 2000).
Effect of Humic Acid on Bacterial Adhesion. In leaching

solution containing both humic acid and phosphate, bacterial mass

recovery in iron-coated sand increased with increasing the portion

of humic acid or decreased with increasing the portion of phosphate

(Figure 4). The mass recovery was not linearly dependent on the

portion of humic acid in the leaching solution. The increase of mass

recovery was rapid at the portion of humic acid �50% (8 mg/L),

while it was gradual at the portion �50%. At a phosphate

concentration of 16 mg/L, the mass recovery was 26.0% (8a 5
22.8, 8b 5 29.2), which was significantly larger (p 5 0.019) than

that (2.9%) in deionized water (1a and 1b), indicating the reduction

of bacterial adhesion to the coated sand in the presence of

phosphate. However, the mass recovery of 26.0% at a phosphate

concentration of 16 mg/L was significantly smaller (p5 0.002) than

that (94.6%) at the same concentration of humic acid (3a and 3b).

When the portion of humic acid was 25% (4 mg/L), the mass

recovery was 63.4% (7a 5 59.8, 7b 5 66.9). As the portion of

humic acid increased from 50 to 75% (from 8 to 12 mg/L), the mass

recovery increased from 79.7% (6a 5 79.1, 6b 5 80.7) to 87.1%

(5a 5 86.6, 5b 5 87.5). In addition, the attachment rate coefficient

(k) decreased with increasing the portion of humic acid (Figure 4).

Figure 4—Relationship between humic acid, bacterial
mass recovery, and attachment rate coefficient in iron-
coated sand. The numbers and numbers in parenthesis
on the x-axis are humic acid and phosphate concen-
trations, respectively.
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The attachment rate coefficient was also nonlinearly dependent on

the portion of humic acid in the leaching solution.

Like humic acid, phosphate ions can interact with the coated sand

via the ligand exchange process, replacing the hydroxyl groups on

the surfaces of the coated sand (Borggaard et al., 2005). Both humic

acid and phosphate can play the same role of reducing bacterial

adhesion to the coated sand by preoccupying favorable adsorption

sites and competing for the sites with bacteria. However, our results

clearly indicate that the effect of humic acid on bacterial attachment

to iron-coated sand was far greater than that of phosphate. At the

same concentration in leaching solution, bacterial adhesion to the

coated sand in the presence of humic acid was less than that in the

presence of phosphate. In addition, bacterial adhesion decreased

with increasing the portion of humic acid in leaching solution

containing both humic acid and phosphate. This result can be

attributed to the actual size of humic acid, which has a particle size

ranging from a few nanometers to hundreds of nanometers (Figure 5).

The adsorbed humic acid layer on the coated sand can hinder the

approach of bacteria to the attractive primary energy well located

a few nanometers away from the collector surface, resulting in the

greater effect on bacterial adhesion than the adsorbed phosphate

ions. Our result is comparable with the report of Foppen et al.

(2008), who have shown, in the column experiment, that bacterial

attachment to goethite-coated sand in the leaching solution of humic

acid and sodium nitrate (NaNO3) was much smaller that in the

solution of phosphate and NaNO3.

Conclusions
The influence of humic acid on the adhesion of E. coli to iron-

coated sand was investigated using column experiments. Results

show that bacterial adhesion to the coated sand decreased with

increasing humic acid concentration because of the preoccupation

of favorable adsorption sites by humic acid and competitive

adsorption. In leaching solution containing both humic acid and

phosphate, bacterial adhesion to the coated sand decreased non-

linearly with increasing the portion of humic acid. Results also

indicate that the effect of humic acid on bacterial attachment to the

coated sand was far greater than that of phosphate, even though both

could play the same role of reducing bacterial adhesion to the coated

sand. At the same concentration in leaching solution, bacterial

adhesion to the coated sand in the presence of humic acid was much

smaller than that in the presence of phosphate. In addition, bacterial

adhesion decreased with increasing the portion of humic acid in

leaching solution containing both humic acid and phosphate. This

result can be explained by the fact that humic acid has a particle size

ranging from a few nanometers to hundreds of nanometers,

hindering the bacterial approach to the attractive primary energy

well located a few nanometers away from the collector surface.

This study presents the information regarding the role of humic

acid in the adhesion of bacteria to iron-coated sand and helps to

enhance the knowledge of bacterial removal in positively charged

granular porous media.
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In this study biodegradation of aqueous benzene during transport in a laboratory-scale aquifer model was investigated
by conducting a 2-D plume test and numerical modelling. Benzene biodegradation and transport was simulated with
the 2-D numerical model developed for solute transport coupled with a Haldane-Andrews type function for inclusion
of an inhibition constant which is effective for high concentrations. Experimental data revealed that in the early stages
the benzene plume showed a rather clear shape but lost its shape with increased travel time. The mass recoveries of
benzene at 9, 16, and 22 h were 37, 13 and 8%, respectively, showing that a significant mass reduction of aqueous
benzene occurred in the model aquifer. The major processes responsible for the mass reduction were biodegradation
and irreversible sorption. The modelling results also indicated that the simulation based on the microbial parameters
from the batch experiments slightly overestimated the mass reduction of benzene during transport. The sensitivity
analysis demonstrated that the benzene plume was sensitive to the maximum specific growth rate and slightly
sensitive to the half-saturation constant of benzene but almost insensitive to the Haldane inhibition constant. The
insensitivity to the Haldane inhibition constant was due to the rapid decline of the benzene peak concentration by
natural attenuation such as hydrodynamic dispersion and irreversible sorption. An analysis of the model simulation
also indicated that the maximum specific growth rate was the key parameter controlling the plume behaviour, but its
impact on the plume was affected by competing parameter such as the irreversible sorption rate coefficient.

 

Keywords: 

 

benzene; two-dimensional modelling; biodegradation; transport; Haldane kinetics

 

Introduction

 

Monoaromatic hydrocarbons such as benzene, toluene,
ethylbenzene and xylene (BTEX) are major constituents
of petroleum products. They are relatively mobile in
groundwater and have rather high water-air partition
coefficients; thus they can be used as tracers of
petroleum spills [1]. In petroleum-contaminated sites,
BTEX compounds can be primarily remediated by
biodegradation. Therefore, it is important to understand
the fate and transformation of BTEX during the trans-
port through the subsurface environment. Several
field studies have been performed including quantifica-
tion of natural attenuation potential in a petroleum-
contaminated sandy aquifer [2–7]. Even if the field
observations offer reliable estimates of biodegradation
or attenuation rate, they are very difficult and expensive
to conduct due to limited accessibility to the subsurface
environment. Therefore, in many cases, laboratory stud-
ies have been performed with batch microcosm [8–11]
and flow column systems [12–16]. However, the batch
system often does not simulate the aquifer conditions

due to low soil-to-solution ratio while the column
system considers only a one-dimensional flow condi-
tion. To overcome these problems, one- or two-dimen-
sional modelling on biodegradation of BTEX in a
natural or simulated aquifer has been performed by
employing Monod kinetics for biodegradation terms in
the solute transport equation [17–18]. It was found that
Monod kinetics is more accurate than first-order kinet-
ics [18], and Monod kinetic parameters have a signifi-
cant influence on the simulated results [17]. However,
these studies used only a low range of benzene concen-
tration as an initial input concentration – 5.9 mg l

 

−

 

1

 

 [17]
and 35.2 mg l

 

−

 

1

 

 [18]. Considering the inhibition coeffi-
cient of benzene, 

 

K

 

I

 

, was 95.0 mg l

 

−

 

1

 

 [19] and 130.0 mg l

 

−

 

1

 

[20], above which microbial activity would decline
because of the toxicity of organic contaminants, it is
obvious that Monod kinetic parameters such as the half-
saturation coefficient and the maximum utilization rate
play an important role in that range. In reality, it is not
rare that concentrations of BTX higher than that range
can be introduced into aquifers by accidental spills.
Under these circumstances, it would be necessary to
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implement modelling of BTX biodegradation during
transport through aquifer by employing Haldane kinet-
ics, which utilizes the inhibition coefficient for high
input concentrations [20].

In our previous studies, plume tests of conservative
tracer (KCl) and aqueous benzene were conducted
using a two-dimensional (2-D) sandy aquifer model to
determine the transport-related parameters (flow veloc-
ity and dispersivities) of the aquifer model [21] and to
observe the sorption behaviours (retardation and irre-
versible sorption) of the benzene plume in a sterile aqui-
fer condition [22]. Following these studies, in this work
we further investigated the biodegradation of aqueous
benzene in the presence of aerobic benzene-degrading
bacteria by conducting a 2-D plume test and associated
numerical modelling based on the Haldane-Andrews
type function for inclusion of the inhibition constant in
the biodegradation.

 

Experimental methods

 

Bacterial cultures

 

The benzene-degrading bacterium, 

 

Pseudomonas
aeruginosa

 

 KCCM-40269, described previously [20]
was used in this study. Prior to the transport experiment,
the bacteria in a freeze-dried state were revived in
250 ml Erlenmeyer flasks containing 100 ml of LB
medium (tryptone 10 g, yeast extract 5 g, NaCl 5 g per
litre of distilled water with a pH of 7.0) over a period
of two days. One millilitre of culture was then trans-
ferred to 500 ml of LB broth and incubated at 30 

 

°

 

C in
a 140 rpm orbital shaker. Cells in the late exponential
growth phase were harvested, washed three times with
distilled water, resuspended in distilled water and then
adjusted to a final bacterial concentration of approxi-
mately 1.0 

 

×

 

 10

 

7

 

 CFU ml

 

−

 

1

 

. All glassware and materials
used for the study were sterilized in the autoclave (twice
at 121 

 

°

 

C for 15 min) to prevent any influence by other
microorganisms.

 

Two-dimensional plume test

 

A plume test was performed using aqueous benzene as
a reactive tracer in the presence of bacteria in the 2-D
aquifer model. A detailed description of the aquifer
model including injection locations and sampling ports
was illustrated elsewhere [21]. The aquifer model was
constructed with polycarbonate materials to dimensions
of 110 cm (L) 

 

×

 

 25 cm (W) 

 

×

 

 71 cm (H). The model was
partitioned into two parts: an aquifer, 100 cm in length,
on the left and a water storage reservoir, 10 cm in
length, on the right. The model aquifer was packed
uniformly with sieved (2 mm) sandy materials collected
from an unconfined aquifer in the alluvial plain of the
Han River in Seoul, Korea. The sand materials initially

contained less than 0.05% of organic carbon and further
treated to remove completely. The bulk density and
porosity of the aquifer were determined to be 1.66 g cm

 

−

 

3

 

and 0.40, respectively. The possibility of aqueous
benzene mass sorption on to the polycarbonate was
examined by a separate experiment in which concentra-
tions of benzene solutions in two different containers
made of glass and polycarbonate were measured at
regular time intervals. The loss of benzene mass via
sorption at 16 h was only 4.0% and 5.0% for the glass
and polycarbonate containers, respectively, indicating
that sorption of aqueous benzene on to the polycarbon-
ate walls of the aquifer model can be safely regarded as
negligible during the plume test.

In the tracer experiment, a steady-state flow condi-
tion was imposed in the aquifer by applying a
constant flux (28 ml min

 

−

 

1

 

) of distilled water using a
peristaltic pump. Once the steady-state flow condi-
tion was reached, benzene solution (500 mg l

 

−

 

1

 

)
containing a bacterial suspension of 1 

 

×

 

 10

 

7

 

 CFU ml

 

−

 

1

 

(1.86 mg l

 

−

 

1

 

) [23] was injected into the aquifer for 12
min using the tracer injection system while the top of
the injection system was covered to prevent the vola-
tilization of aqueous benzene. During the injection of
tracer, the flow of distilled water was interrupted and
followed by the continuous application of distilled
water at the previous recharge rate. The dissolved
oxygen concentration of distilled water (ionic strength

 

≈

 

 0 mM) was 8.4 mg l

 

−

 

1

 

, and thus sufficient dissolved
oxygen was provided to the aerobic benzene-degrad-
ing bacteria.

In order to prevent diffusion and dispersion across
the width of the aquifer model, tracer solutions were
applied for the entire width (25 cm) at the upper-left
side of the model through an acrylic reservoir of dimen-
sions 4 cm (L) 

 

×

 

 25 cm (W) 

 

×

 

 5 cm (H) with 75
recharge outlets at the bottom.

Samples were collected at 9 h, 16 h and 22 h after
the tracer injection from the inner part, located at 5 cm
from the aquifer wall, corresponding to each sampling
port on the front side of the aquifer model in order to
increase the detecting efficiency. Before sampling, no
purging was done in order to minimize the effect on
the dissolved concentration in the model aquifer.
Benzene concentration was analysed using a high
performance liquid chromatograph (HPLC, Young Lin
Co., Seoul, Korea) equipped with a fluorescence detec-
tor (M720), M925 pump, Rheodyne injector, and C18
column (150 

 

×

 

 4.6 mm; Phenomenex, USA). The pH
and temperature of the collected samples were around
7.0 and 25 

 

°

 

C, respectively. The mass recovery of
benzene solution was determined from the calculation
of observed versus injected mass using a method of
planar area calculations described in Surfer

 

®

 

 7 User’s
Guide [24] .
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Two-dimensional transport and biodegradation model

 

The 2-D advective-dispersive transport equation
coupled with retardation, irreversible sorption, biodeg-
radation kinetics employing the Haldane-Andrews
model [25,26] for benzene, bacteria and oxygen in a
saturated flow regime can be written as: 

where 

 

x

 

i

 

 is the spatial coordinate (

 

x

 

, 

 

z

 

), 

 

C

 

 is the benzene
concentration in the aqueous phase (g l

 

−

 

1

 

), 

 

B

 

 is the
concentration of bacteria suspended in the aqueous
phase (g l

 

−

 

1

 

), 

 

B

 

s

 

 is the mass of bacteria attached on the
solid phase per unit mass of solid phase (g g

 

−

 

1

 

), 

 

O

 

 is
the oxygen concentration in the aqueous phase (g l

 

−

 

1

 

), 

 

D

 

ij

 

is the hydrodynamic dispersion coefficient tensor (cm

 

2

 

d

 

−

 

1

 

), 

 

v

 

i

 

 is the average linear flow velocity (cm d

 

−

 

1

 

), 

 

ρ

 

s

 

 is
the dry bulk density of soil (g cm

 

−

 

3

 

), 

 

n

 

 is the porosity (cm

 

3

 

cm

 

−

 

3

 

). Other parameters related to the biodegradation

kinetics are given in Table 1. Note that Equation (1)
represents the benzene transport in the aqueous phase,
including retardation and decay due to irreversible sorp-
tion and/or volatilization, and degradation by benzene-
degrading bacteria. Equations (2) and (3) denote the
transport equation for bacteria suspended in the aqueous
phase and the mass balance equation for bacteria
attached on the solid phase, respectively including
attachment, detachment, growth and bacterial decay
terms. Equation (4) represents the oxygen transport in
the aqueous phase including oxygen consumption due to
benzene degradation.

 

Model simulation

 

The transport equations associated with biodegradation,
Equations (1) to (4), were solved with the Crank-
Nicolson finite difference method along with the
Alternating Direction Implicit method and the Thomas
algorithm. The parameters used in the simulation are
presented in  Table 1. The flow and transport parameters
were adopted from Kim 

 

et al

 

. [21] who have determined
the hydraulic conductivities (

 

K

 

xx

 

, 

 

K

 

zz

 

) and dispersivities
(

 

α

 

L

 

, 

 

α

 

T

 

) in the aquifer model using the conservative
tracer test. The sorption-related parameters were
obtained from Choi 

 

et al

 

. [22] who have determined the
retardation factor (

 

R

 

) and decay rate coefficient (

 

λ

 

) in the
aquifer model using the benzene plume test. In addition,
the Haldane-Andrews kinetic and microbial parameters
(

 

μ

 

max

 

, 

 

K

 

c

 

, 

 

K

 

I

 

, 

 

Y

 

, 

 

K

 

dec

 

) were adopted from our laboratory
batch tests [20,23] which were performed with

 

Pseudomonas aeruginosa

 

 and benzene in a high concen-
tration range (100–700 mg l

 

−

 

1

 

).

 

Results and discussion

 

Observed benzene plumes

 

The observed benzene plumes at 9, 16 and 22 h after
tracer injection are presented in Figure 1. At 9 h after
tracer injection, the benzene plume showed a banded
shape propagating from the upper-left corner to the
lower-right corner of the aquifer model. The plume size
at 22 h decreased considerably compared with those at
9 and 16 h. The comparison of the benzene plume in the
presence of bacteria in this study with the previous case
in the absence of bacteria [22] at the same observation
time showed that the benzene plume size was consider-
ably reduced in this study (Figure 2).

 

Figure 1. The observed benzene plumes in the presence of bacteria at 9, 16, and 22 h after tracer injection.Figure 2. The comparison of observed benzene plume in the presence of bacteria with previously observed plume in the absence of bacteria (Choi 

 

et al

 

. [22]) at 16 h after tracer injection (unit of isoline: mg l

 

−

 

1

 

).

 

As the benzene plume travelled down the flow path,
the peak concentration of the plume decreased rapidly
(Table 2). At 9 h after tracer injection, the plume peak
concentration was 27.7 mg l

 

−

 

1

 

, equal to 5.5% of the
input concentration (C

 

o

 

 = 500 mg l

 

−

 

1

 

). At 16 and 22 h
after injection, the peak concentrations of 9.2 mg l

 

−

 

1
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(1.8% of C

 

o

 

) and 6.0 mg l

 

−

 

1

 

 (1.2%) were observed,
respectively. This indicates that a significant reduction
of the aqueous benzene occurred in the aquifer. In the
previous study [22], the peak concentration was 110
mg l

 

−

 

1

 

 at 9 h (7.3% of C

 

o

 

 = 1500 mg l

 

−

 

1

 

). At 16 and 22 h
after injection, the peak concentrations were 84 mg l

 

−

 

1

 

(5.6%) and 61 mg l

 

−

 

1

 

 (4.0%), respectively. The mass
recoveries of benzene at 9, 16 and 22 h were deter-
mined to be 37, 13 and 8%, respectively, while in the
previous study [22] they were 51, 43 and 39% at the
same observation times. In the previous study, benzene
mass was removed from the aqueous phase by irrevers-
ible sorption along with volatilization near the water
table during transport. The lower mass recovery
obtained from this study can be explained by biodegra-
dation in addition to the two processes. Kim 

 

et al. [23]
demonstrated that biodegradation by this bacterial
strain considerably contributed to reduction of aqueous
benzene in sandy soil. In a similar but semi-confined
aquifer consisting of two layers (upper: silty sand,
lower: medium-size sand), Jean et al. [18] performed
laboratory experiments to examine biodegradation
and transport of BTX compound. They observed that at
60 h after BTX injection, benzene concentration ranged
from 15.5 to 22.5 mg l−1 (Co = 35.2 mg l−1) depending
on the locations of the sampling wells. The mass loss of
benzene was attributed to volatilization and sorption. At
about 35 h after bacterial injection into the aquifer,
benzene concentrations at the sampling wells were
not  detected, indicating complete degradation by
Pseudomonas spp.

In general, volatilization and irreversible sorption
are mass transfer mechanisms where volatilization
represents mass transfer from aqueous to gas phases
whereas irreversible sorption represents mass transfer

from aqueous to solid phases. Even though irreversible
sorption can contribute to mass reduction of aqueous
benzene, it might impede benzene biodegradation in the
aquifer by reducing its bioavailability to benzene-
degrading bacteria, imposing negative impact on the
bioremediation process. From kinetic microcosm batch
tests [27], it was shown that availability of benzene in
sandy soil to P. aeruginosa decreased due to the irre-
versible sorption process. Limited bioavailability of
organic contaminants to bacteria by sorption was also
reported by Ogram et al. [28]. With soil-water slurry
microcosm tests [29], it was reported that bioavailabil-
ity of benzene, toluene, and naphthalene was influenced
by interaction with the solid phase. However, biodegra-
dation is a destructive mechanism, partially degrading
contaminants to less toxic compounds or mineralizing
them completely. Therefore, biodegradation would be
considered as a more fundamental process responsible
for mass reduction during transport of aqueous benzene
through the aquifer.

Simulation of benzene plume

The benzene plumes at 9, 16, and 22 h. simulated using
the two-dimensional numerical model, are presented in
Figure 3. The simulated benzene plume kept a banded
shape propagating from the upper-left corner to the
lower-right corner of the aquifer model at all simulated
times even though the observed plume lost its shape
as time progressed. As time increased, the peak concen-
tration and mass recovery of the simulated plumes
decreased, indicating the occurrence of benzene degra-
dation during transport. The peak concentrations
of the simulated plumes were lower than those of
the observed plumes. At 9 h after tracer injection, the

Table 1. Parameters used in the two-dimensional simulation for benzene plume.

Parameter Value Source

Input concentration of benzene 500 mg l−1 This study
Input concentration of bacteria 1.86 mg l−1 This study
Input concentration of oxygen 8.5 mg l−1 Kim et al. [23]
Retardation factor of benzene, R 1.10 Choi et al. [22]
Decay rate coefficient of benzene, λ 1.33E-3 min−1 Choi et al. [22]
Maximum specific growth rate of bacteria, μmax 4.44E-3 min−1 Kim et al. [23]
Half saturation constant of benzene, Kc 279 mg l−1 Kim et al. [23]
Bacterial yield coefficient, Y 0.14 Kim et al. [23]
Bacterial attachment rate coefficient, Ka 1.20E-3 min−1 Hendry et al. [31]
Bacterial detachment rate coefficient, Kd 1.20E-4 min−1 Hendry et al. [31]
Bacterial death rate coefficient, kdec 1.60E-4 min−1 Kim et al. [23]
Oxygen use coefficient, F 2.15 Chen et al. [32]
Haldane inhibition constant of benzene, KI 130 mg l−1 Kim et al. [22]
Half-saturation constant of oxygen, K0 0.2 mg l−1 Kinzelbach et al. [33]
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simulated benzene plume had the peak concentration of
22.47 mg l−1, which is lower than that of the observed
plume (27.7 mg l−1) at the corresponding time. At 16 h,
the peak concentration of the simulated plume was
9.11 mg l−1 while the corresponding peak concentration
of the observed plume was 9.2 mg l−1. At 22 h, the peak
concentrations of the simulated and observed plumes
were 4.65 and 6.0 mg l−1, respectively. This indicates that

the simulation based on the microbial parameters from
the batch experiments slightly overestimated the mass
reduction of benzene during transport through the model
aquifer. This can be attributed to the loss of biomass by
attachment and/or deposition on to sandy materials [30]
during transport in the aquifer model on the one hand
and prevention of substrate degradation by irreversible
sorption [23] on the other hand.
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Figure 1. The observed benzene plumes in the presence of bacteria at 9, 16, and 22 h after tracer injection.
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Figure 3. The simulated benzene plumes in the presence of bacteria at 9, 16, and 22 h after tracer injection (unit of isoline: mg l −1) using the model parameters in Table 2.

Sensitivity analysis

The influence of the Haldane-Andrews kinetic parame-
ters (μmax, Y, Kc, KI, Kdec) on the benzene plume was
analysed to investigate the key parameters controlling
the plume behaviour. The sensitivity analysis at 16 h is
summarized in Table 3. The parameter μmax is the maxi-
mum specific growth rate of bacteria. Thus, utilization
(biodegradation) of benzene increases when the value
of μmax increases, resulting in the reduction of benzene
mass. When it increased by one order from 4.44E-4 to
4.44E-3 min−1, the benzene mass recovery decreased
from 4.63 to 4.58% and the peak concentration, from
9.20 to 9.11 mg l−1. As it increased further from 4.44E-
3 to 4.44E-2 min−1, the mass recovery decreased from
4.58 to 3.67% and the peak concentration, from 9.11 to
7.26 mg l−1 (Figure 4). This indicates that the plume is
insensitive (1.0% in mass recovery) to the change of
μmax in a low range but become sensitive (19.9% in

mass recovery) in a high range due to the interference
with parameter λ, decay or irreversible sorption rate
coefficient. The change of μmax from 4.44E-4 to 4.44E-
3 min−1 did not affect benzene mass very much since λ
still played a significant role in the mass reduction of
aqueous benzene. However, μmax played a significant
role in the mass reduction when μmax changed from
4.44E-3 to 4.44E-2 min−1. It is noted that in this case the
value of μmax was one order of magnitude larger than
that of λ (1.33E-3 min−1).
Figure 4. Influence of the maximum specific growth rate of bacteria ( μmax) on the peak concentration of benzene plume at 16 h after tracer injection (unit of isoline: mg l −1).The parameter Kc is an indicator of optimum
contaminant concentration for microbial activity. As Kc

decreased, benzene biodegradation increased. When it
decreased by one order from 279 to 27.9 mg l−1, the
mass recovery decreased from 4.58 to 4.25% and the
peak concentration, from 9.11 to 8.42 mg l−1. This indi-
cates that the plume is slightly sensitive (7.2% in mass
recovery) to the change in Kc. The Haldane inhibition
constant KI had almost no influence on benzene biodeg-
radation. As it decreased by one order from 130 to
13 mg l−1, the plume showed minimal change. As is
shown in Table 3, other coefficients such as bacterial
yield coefficient (Y) and the bacterial death rate coeffi-
cient (Kdec) showed similar results to KI. These indicate
that the plume was insensitive to the parameters such as,
KI, Y and Kdec. One of the possible reasons for the insen-
sitivity to KI can be explained by the fact that the simu-
lated peak concentrations at 16 h decreased to 34.2 mg
l−1 and 9.6 mg l−1 (data not shown) when hydrodynamic
dispersion and dispersion plus irreversible sorption
were allowed to occur in the transport process, respec-
tively. These values are considerably lower than that of
KI. In the study of Schirmer et al. [17] who introduced
Co = 5.9 mg l−1 with KI = 95.0 mg l−1, it was also
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Figure 2. The comparison of observed benzene plume in the presence of bacteria with previously observed plume in the
absence of bacteria (Choi et al. [22]) at 16 h after tracer injection (unit of isoline: mg l−1).

Table 2. Comparison of experimental results with the
previous study of Choi et al. [22].

Mass recovery
(%)

Peak concentration 
(mg l−1)

Monitoring 
time (h) This study

Previous 
study This study

Previous 
study1

9 37 51 27.7 (5.5)2 110 (7.3)
16 13 43 9.2 (1.8) 84 (5.6)
22 8 39 6.0 (1.2) 61 (4.0)

1Note that input concentration was 1500 mg l−1 while it was 500 mg 
l−1 in this study
2The numbers in parentheses are the percent of peak concentration 
relative to input concentration
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Figure 3. The simulated benzene plumes in the presence of bacteria at 9, 16, and 22 h after tracer injection (unit of isoline:
mg l−1) using the model parameters in Table 2.

Table 3. Summary of influence of the Haldane-Andrews kinetic and microbial parameters on the benzene plume at 16 h after
injection.

Values

Parameters Low Medium High

μmax (min−1) 4.44E-4 (4.63, 9.20)1 4.44E-3 (4.58, 9.11) 4.44E-2 (3.67, 7.26)
Kc (mg l−1) 27.9 (4.25, 8.42) 139.5 (4.54, 9.02) 279 (4.58, 9.11)
KI(mg l−1) 13 (4.60, 9.14) 65 (4.59, 9.12) 130 (4.58, 9.11)
Y 0.14 (4.58, 9.11) 0.28 (4.61, 9.16) 0.70 (4.62, 9.19)
Kdec(min−1) 1.60E-5 (4.58, 9.10) 1.60E-4 (4.58, 9.11) 1.60E-3 (4.60, 9.14)
1The numbers in parentheses are the mass recovery (%) and peak concentration (mg l−1) of the benzene plume, respectively.
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reported that the KI value had no significant influence
on the modelling result. Taking into account our exper-
imental conditions, which adopted an input concentra-
tion of benzene about 100 times higher than that of
Schirmer et al. [17], the negligible influence of KI on
the simulation results implies that either KI for benzene
is too high or natural attenuation occurred significantly.
Therefore, in the design of bioremediation for BTEX, it

is essential to analyse the potential impact of mass
reduction on KI.

Conclusions

Degradation of aqueous benzene in an unconfined sandy
aquifer was investigated in the presence of benzene-
degrading bacteria by conducting a 2-D plume test in a
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Figure 4. Influence of the maximum specific growth rate of bacteria (μmax) on the peak concentration of benzene plume at 16 h
after tracer injection (unit of isoline: mg l−1).
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physical aquifer model. Experimental results showed
that a prominent mass reduction of aqueous benzene
occurred through biodegradation in the presence of
bacteria during transport in the aquifer. The modelling
results also indicated that the simulation, based on the
microbial parameters from the batch experiments,
slightly overestimated the mass reduction of benzene in
the model aquifer, possibly due to loss of biomass by
attachment or deposition on to sandy materials. The
sensitivity analysis demonstrated that the benzene plume
was sensitive to the maximum specific growth rate and
slightly sensitive to the half-saturation constant of
benzene but insensitive to other microbial parameters,
especially the Haldane inhibition constant. The insensi-
tivity of Haldane inhibition constant to benzene biodeg-
radation was due to the rapid concentration decline
caused by hydrodynamic dispersion and irreversible
sorption during transport. Therefore, it is necessary to
take into account the degree of natural attenuation as
well as the magnitude of the inhibition constant when
simulating the biodegradation process for a given biore-
mediation design.
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a b s t r a c t

This study investigated the role of phosphate in the adhesion of bacteria (Staphylococcus aureus ATCC

10537) to iron-coated surfaces. Column experiments were performed at phosphate concentrations rang-

ing from 0.0 to 2.0 mM. Bacterial breakthrough curves were obtained by monitoring effluent, and mass

recovery and sticking efficiency were quantified from these curves. At phosphate concentrations between

0 and 0.5 mM, bacterial attachment to iron-coated sand decreased with increasing phosphate concen-

tration (mass recovery increased from 14.0 to 86.3%), possibly due to charge modification of the coated

sand from positive to negative by adsorbed phosphate ions. Between 0.5 and 2.0 mM, however, bacte-

rial attachment increased with increasing phosphate concentration (mass recovery decreased from 86.3

to 41.3%), possibly due to compression of the electrical double layer between bacteria and phosphate-

adsorbed/negatively charged surfaces by free phosphate ions. This study demonstrates that phosphate

can play different roles in bacterial interaction with iron-coated surfaces depending on its concentration.

© 2008 Elsevier B.V. All rights reserved.

1. Introduction

The role of phosphate in bacterial interaction with metal-oxide

minerals in water environmental systems is important in two

respects. The first is related to bacterial attachment/accumulation

in corroded pipes in water distribution systems. In corroded distri-

bution pipes, bacteria interact with iron species resulting in biofilm

formation [1,2]. For corrosion control, phosphate can be applied

to drinking water distribution systems to reduce bacterial attach-

ment and biofilm bacteria [3–5]. Phosphate may form a stable

phosphate–metal complex on corroded surfaces, hindering bacte-

rial adhesion [3].

The second concerns bacteria removal in water filtration sys-

tems using positively charged granular media. Through surface

charge modification with metal oxyhydroxide, bacteria removal can

be enhanced [6,7]. The presence of phosphate, however, can influ-

ence bacterial interaction with metal-oxide-coated media because

phosphate is strongly adsorbed on the oxides of Al, Fe and Mn via

surface complexation and precipitation [8–10].

Only a few researchers have investigated the attachment of bac-

teria to iron oxyhydroxide in the presence of phosphate, including

the adhesion of Escherichia coli SH 702 to iron oxyhydroxide par-

∗ Corresponding author at: Program in Rural System Engineering, Seoul National

University, Seoul 151-921, Republic of Korea. Tel.: +82 2 880 4587;

fax: +82 2 873 2087.

E-mail address: songbkim@snu.ac.kr (S.-B. Kim).

ticles in a batch experiment [11] and the attachment of E. coli

ATCC 25922 to goethite-coated sand in a column experiment [12].

These studies have shown that phosphate can play a significant

role in bacterial attachment to iron oxyhydroxide. However, fur-

ther experiments are required to improve our understanding of the

role of phosphate in bacterial interaction with metal-oxide min-

erals. Therefore, we investigated bacterial adhesion to iron-coated

surfaces at varying phosphate concentrations using column experi-

ments. Bacterial breakthrough curves were obtained by monitoring

effluent, and mass recovery and sticking efficiency were quantified

from these curves.

2. Materials and methods

2.1. Bacteria and culture preparation

Staphylococcus aureus ATCC 10537 was obtained from the Korea

Culture Center for Microorganisms. All glassware and materials

used in this study were sterilized by autoclaving at 121 ◦C and

17.6 psi for 20 min to prevent any interference by other microor-

ganisms. Initially, freeze-dried bacteria were revived in 250-ml

Erlenmeyer flasks containing 100 ml of LB medium (tryptone 10 g,

yeast extract 5 g, NaCl 5 g in 1 l of deionized water at pH of 7.0)

over a period of 84 h. One milliliter of culture was then trans-

ferred to a volume of 500 ml LB broth, and bacteria were incubated

at 30 ◦C for 84 h. The suspension was centrifuged at 10,000 rpm

for 15 min at 4 ◦C. The supernatant was removed and replaced

with deionized water to prevent bacterial growth. Diluted bac-

0927-7765/$ – see front matter © 2008 Elsevier B.V. All rights reserved.

doi:10.1016/j.colsurfb.2008.09.015
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teria were centrifuged again under the same conditions, washed

three times with deionized water and resuspended in deionized

water to an optical density of 0.5 at 600 nm (OD600). Transmis-

sion electron microscopy (JEM 1010, JEOL, Japan) was used to take

images of S. aureus cells. Images were imported into an image-

processing program (Image-Pro Plus) and analyzed to determine

the average cell diameter of 0.83 �m. Net surface electrostatic

characteristics were analyzed with an Electrophoretic Light Scat-

tering Spectrophotometer (ELS-8000, Otsuka Electronics, Japan).

Electrophoretic mobility was determined for the bacterial surface

(pH 6.8, temperature = 25 ◦C, ionic strength ≈ 0 mM) and converted

to zeta potentials using the Smoluchowski equation. The zeta

potential of S. aureus was determined to be −46.4 ± 6.2 mV. The

hydrophobicity of cells was determined to be 3.4 ± 1.3 by measur-

ing microbial adhesion to hydrocarbons (MATH) with n-dodecane

as the assay hydrocarbon [13].

2.2. Porous media

Quartz sand (Jumunjin Silica, Kangreung, Korea) was used to

prepare iron-coated sand. Mechanical sieving was conducted with

US Standard Sieves (Fisher Scientific) Nos. 35 and 10. Sand frac-

tions with a grain size of 0.5–2.0 mm and mean diameter of 1.0 mm

were washed twice using deionized water to remove impurities

on the surface. Wet sand was autoclaved for 20 min at 17.6 psi,

cooled to room temperature, and oven-dried at 105 ◦C for 1–2 days.

To prepare coated sand, FeCl3·6H2O (5.5 g) was dissolved in DI

water (100 ml) and the pH was adjusted with 6N NaOH. The quartz

sand (200 g) was added to the FeCl3·6H2O solution and mixed in

a rotary evaporator (HAHNVAPOR, Hahnshin Scientific Co., Korea)

to remove water in the suspension (90 ◦C, 80 rpm, 20 min). The

coated sand was dried at 150 ◦C for 6 h, washed with DI water,

and dried again. Scanning electron microscopy (SEM) analysis along

with energy dispersive X-ray spectrometer (EDS) analysis were per-

formed to examine the presence of Fe on the coated sand using a

scanning electron microscope (JSM 5410LV, JEOL, Japan). The SEM

images and EDS patterns have been reported elsewhere [14].

2.3. Column experiments

Two sets of column experiments were conducted using a Plex-

iglas column with an inner diameter of 2.5 cm and a height of

30 cm packed with quartz or iron-coated sand (mass of medium

231.6 ± 1.0 g). The column was packed for each experiment by

the tap-fill method to attain a bulk density of 1.572 ± 0.007 g/cm3

and a porosity of 0.407 ± 0.003. The column was connected to

a pump (QG400, FASCO, USA) operating at a rate of 0.5 ml/min.

The first set of experiments (Exp 1–6) was performed using iron-

coated sand and different phosphate concentrations (0, 0.125, 0.25,

0.5, 1.0, 2.0 mM) in a leaching solution (Table 1). Phosphate solu-

tion was prepared with KH2PO4. Prior to bacterial injection, the

packed column was flushed upward with 7 pore volumes of phos-

phate solution at a given concentration to achieve a steady-state

flow condition. Bacteria (0.5 OD600) were introduced downward

into the column for 60 min along with phosphate solution. After

bacterial injection, phosphate solution was again applied to the

column. Effluent samples were collected using an auto collec-

tor (Retriever 500, Teledyne, USA) at regular intervals. Effluent

was analyzed for bacterial concentration and pH. Bacterial con-

centration was determined by measuring the optical density of

the effluent using a UV–vis spectrophotometer (Helios, Thermo,

USA) at 600 nm (OD600). The pH was measured with a pH probe

(9107BN, Orion, USA). The second set of experiments (Exp 7–10)

was carried out using quartz sand and different phosphate concen-

trations (0, 0.125, 0.5, 2.0 mM; Table 1). These experiments used

Table 1
Experimental conditions and results for Staphylococcus aureus in column

experiments.

Exp Porous media Phosphate

conc. (mM)

Mass recovery

(%)

Sticking

efficiency (˛)

1a ICS 0.0 13.2 0.813

1b ICS 0.0 14.8 0.769

2a ICS 0.125 46.1 0.307

2b ICS 0.125 52.4 0.257

3a ICS 0.25 77.1 0.104

3b ICS 0.25 81.1 0.083

4a ICS 0.5 83.1 0.075

4b ICS 0.5 89.5 0.045

5a ICS 1.0 78.2 0.099

5b ICS 1.0 72.3 0.130

6a ICS 2.0 41.8 0.353

6b ICS 2.0 40.7 0.363

7a Quartz 0.0 98.1 0.008

7b Quartz 0.0 92.8 0.030

8a Quartz 0.125 86.8 0.055

8b Quartz 0.125 86.4 0.059

9a Quartz 0.5 84.7 0.065

9b Quartz 0.5 78.1 0.098

10a Quartz 2.0 73.0 0.126

10b Quartz 2.0 71.6 0.133

the same procedure as the first. All experiments were performed in

duplicate.

2.4. Data analysis

Mass recovery (Mr) of bacteria in the effluent was quantified by

the following equation:

Mr (%) =
(∫ ∞

0
Cdt

C0t0

)
× 100 (1)

where C is the bacterial concentration in the effluent, C0 is the initial

concentration of bacteria, and t0 is the duration of bacteria injection

(injection time). In colloid filtration theory, the removal of biocol-

loids/colloids from suspension by attachment to a collector can be

described by collector efficiency (C), which denotes the probability

that a colloidal particle approaching a collector both collides with

and sticks to it [15]:

C = �˛ (2)

where � is the collision efficiency, which is the probability that a

colloidal particle approaching a collector collides with it, and ˛ is

the sticking efficiency, which is the probability that the particle

colliding with the collector sticks to it. Collision efficiency (�) is

calculated using the following equation of Tufenkji and Elemelech

[16]:

� = 2.4A1/3

S N−0.081
R N−0.715

Pe N0.052
vdW + 0.55ASN1.675

R N0.125
A

+0.22N−0.24
R N1.11

G N0.053
vdW (3)

where AS is the porosity-dependent parameter, NR is the aspect

ratio, NPe is the Peclet number, NvdW is the van der Waals number,

NA is the attraction number, and NG is the gravity number. Sticking

efficiency (˛) is determined using the following equation [16]:

˛ = − 2

3

dc

(1 − n)L�
ln

(
Mr

100

)
(4)

where dc is the particle diameter of collector grain (sand), L is

column length, and n is porosity. The parameters used in the calcu-

lation of � and ˛ are summarized in Table 2.
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Table 2
Parameters used in the calculation of collision efficiency (�) and sticking efficiency

(˛).

Parameter Unit Value

Column length cm 30

Particle diameter of sand mm 1.0

Particle diameter of bacteria �m 0.83

Particle density of bacteria g/cm3 1.105

Fluid absolute temperature K 298

Fluid density g/cm3 0.997

Fluid viscosity g/(cm s) 8.91 × 10−3

Hamaker constant J 6.5 × 10−21

Boltzman constant J/K 1.38 × 10−23

Bulk diffusion coefficient cm2/s 4.05 × 10−9

3. Results and discussion

3.1. Breakthrough curves

Bacterial breakthrough curves (BTCs) from iron-coated sand (pH

6.9–7.1, Fig. 1) can be divided into three groups, depending on

relative peak concentration. The first group had relative peak con-

centrations of 0.150–0.174. This group includes experiments 1 (a

and b) with an influent phosphate concentration of 0.0 mM. The

second group, including experiments 2 (a and b) and 6 (a and b), had

peak concentrations ranging from 0.421 to 0.538. This group had

phosphate concentrations of 0.125 and 2.0 mM. The third group had

relative peak concentrations of 0.689–0.835. This group includes

experiments 3 (a and b) through 5 (a and b) with phosphate concen-

trations from 0.25 to 1.0 mM (Table 1). In quartz sand (pH 6.9–7.1,

Fig. 2), the BTCs had relative concentrations ranging from 0.649 to

0.817, decreasing with increasing phosphate concentrations from

0.0 to 2.0 mM (Table 1).

3.2. Mass recovery and sticking efficiency

In iron-coated sand, average mass recoveries were in the range of

14.0–86.3% (Table 1). At 0 mM phosphate, mass recovery was 14.0%

(1a, 13.2%; 1b, 14.8%). As the phosphate concentration increased to

0.125 mM, mass recovery increased to 49.3% (2a, 46.1%; 2b, 52.4%).

At 0.25 and 0.5 mM, mass recovery further increased to 79.1% (3a,

77.1%; 3b, 81.1%) and 86.3% (4a, 83.1%; 4b, 89.5%), respectively. At

1.0 mM, however, mass recovery decreased to 75.3% (5a, 78.2%; 5b,

72.3%), which is 11% lower than that of 0.5 mM (86.3%). As the phos-

phate concentration increased to 2.0 mM, mass recovery further

decreased to 41.3% (6a, 41.8%; 6b, 40.7%). Average mass recoveries

in quartz sand were in the range of 72.3–95.5%, decreasing with

increasing phosphate concentrations from 0.0 to 2.0 mM (Table 1).

Fig. 1. Breakthrough curves of Staphylococcus aureus obtained from column exper-

iments using iron-coated sand under various phosphate concentrations (Exp 1–6).

Fig. 2. Breakthrough curves of S. aureus obtained from column experiments using

quartz sand under various phosphate concentrations (Exp 7–10).

Average sticking efficiency (˛) values in iron-coated sand were

in the range of 0.060–0.791 (Table 1). The sticking efficiency at

0 mM was 0.791 (1a, 0.813; 1b, 0.769) and decreased to 0.282 (2a,

0.307; 2b, 0.257) at 0.125 mM. Sticking efficiencies at 0.25 and

0.5 mM further decreased to 0.094 (3a, 0.104; 3b, 0.083) and 0.060

(4a, 0.075; 4b, 0.045), respectively. At 1.0 mM, sticking efficiency

increased again to 0.115 (5a, 0.099; 5b, 0.130), which is higher than

at 0.5 mM (0.060), and further increased to 0.358 (6a, 0.353; 6b,

0.363) at 2.0 mM. Average sticking efficiencies in quartz sand were

in the range of 0.019–0.130, increasing with increasing phosphate

concentrations from 0.0 to 2.0 mM (Table 1).

3.3. Role of phosphate in bacterial adhesion

The impact of phosphate concentration on bacterial adhesion

to iron-coated sand can be observed by plotting mass recovery and

sticking efficiency as a function of phosphate concentration (Fig. 3).

The plot can be divided into two phases. In the first phase, where

the phosphate was between 0 and 0.5 mM, bacterial attachment

decreased with increasing phosphate concentration. In the second

phase, where the phosphate concentration was between 0.5 and

2.0 mM, however, bacterial attachment increased with increasing

phosphate concentration.

The phenomenon observed in the first phase can be attributed

to the hindrance effect of phosphate on bacterial adhesion to

the iron-coated sand. It is well known that phosphate adsorbs

strongly on iron oxyhydroxides via surface complexation and pre-

cipitation [17,18]. In our experiments, phosphate introduced into

Fig. 3. Relationship between phosphate concentration, bacterial mass recovery, and

sticking efficiency in iron-coated sand.
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the iron-coated sand column prior to and along with bacterial

injection could occupy the positively charged surface sites on the

coated sand, changing the surface charge from positive to nega-

tive. According to Appenzeller et al. [11] who have measured the

charge modification of iron oxyhydroxide in the presence of phos-

phate, the zeta potential changed from 7 mV (phosphate = 0 mM) to

−8 mV (phosphate = 0.32 mM). This indicates that adsorbed phos-

phate ions can change positively charged surfaces to negatively

charged ones. Therefore, the electrostatic interaction between bac-

teria and phosphate-adsorbed surfaces may become repulsive,

causing a decrease in bacterial attachment. In our experiment,

phosphate concentration increased up to 2.0 mM, and so the zeta

potential of iron oxyhydroxide might become more negative. There-

fore, it is reasonable that a repulsing force is strong enough to

inhibit surface binding of bacteria (S. aureus) to iron oxyhydrox-

ide. Our result concurs with the study [11], which showed in batch

experiments that the adhesion of E. coli SH 702 to iron oxyhydroxide

decreased to about 25% at 0.33 mM from 100% at 0.02 mM.

The phenomenon observed in the second phase can be

attributed to the enhancement effect of free phosphate ions which

increase ionic strength. At concentrations between 0.5 and 2.0 mM,

adsorbed phosphate ions could confer negative charge to the sur-

faces, as in the first phase, while free phosphate ions could decrease

the thickness of the electrical double layers as well as the aver-

age distance between bacteria and phosphate-adsorbed/negatively

charged surfaces. Consequently, introduction of high phosphate

concentration to the iron-coated sand column could promote bac-

terial attachment to the surface. This phenomenon is also seen in

bacterial attachment to quartz sand. As shown in Fig. 2, bacterial

attachment to negatively charged surfaces of quartz sand increased

with increasing phosphate concentration. Our explanation is also

supported by the report of Foppen et al. [12] who have demon-

strated in column experiments that attachment of E. coli ATCC

25922 to goethite-coated sand was much greater when 15 mM

phosphate was introduced in the preparation phase (prior to bac-

terial injection) followed by 15 mM nitrate than when nitrate alone

was introduced in the leaching solution. Note that no clear explana-

tion was given for this result. However, it is believed that phosphate

introduced in the preparation phase changed the positively charged

surfaces of goethite-coated sand to negatively charged ones and

the subsequent addition of nitrate compressed the double lay-

ers between bacteria and phosphate-adsorbed surfaces, increasing

bacterial attachment.

4. Conclusions

In this study, bacterial adhesion to iron-coated surfaces was

investigated at various phosphate concentrations using column

experiments. The results show that at phosphate concentrations

between 0 and 0.5 mM, bacterial attachment to iron-coated sand

decreased with increasing phosphate concentration, possibly due

to charge modification from positive to negative by adsorbed phos-

phate ions. Between 0.5 and 2.0 mM, however, bacterial attachment

increased with increasing phosphate concentration, possibly due

to compression of the electrical double layers between bacte-

ria and phosphate-adsorbed/negatively charged surfaces by free

phosphate ions. This study demonstrates that phosphate can play

different roles in bacterial interaction with iron-coated surfaces

depending on its concentration.
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Abstract Glucose has been often used as a secondary
substrate to enhance the degradation of primary substrate as
well as the increase of biomass, especially for the inhibitory
range of substrate concentration. In this study, we investi-
gated the effect of glucose concentration on growth kinetics
of Pseudomonas putida during toluene degradation for a
wide concentration range (60–250 mg/l). Batch microcosm
studies were conducted in order to monitor bacterial growth
for three different initial concentrations (2, 5, 10 mg/ml) of
glucose for a given toluene concentration. Modeling of
growth kinetics was also performed for each growth curve
of glucose dose using both Monod and Haldane kinetics.
Batch studies revealed that bacterial growth showed a
distinct inhibitory phase above some limit (∼170 mg/l) for
the lowest (2 mg/ml) glucose dose, but the degree of
inhibition decreased as the glucose dose increased, leading
to three different growth patterns. The bacterial growth
followed each of the modified Wayman and Tseng, Wayman
and Tseng, and Luong model as the glucose dose increased
from 2 to 10 mg/ml. This indicates that glucose has a
prominent influence on bacterial growth during toluene
degradation and that different kinetics should be adopted
for each broth condition.

Keywords Growth kinetics . Toluene degradation .

Glucose . Inhibition

Introduction

To date, many studies on toluene degradation have been
conducted using various bacterial cultures (Oh et al. 1994;
Mirpuri et al. 1997; Alagappan and Cowan 2001, 2003,
2004; Abuhamed et al. 2003, 2004) in order to treat
industrial waste waters. Among them, the most popular was
Pseudomonas putida. Recently, new insights were focused
on the influence of toluene concentration on the specific
growth rate of Pseudomonas putida F1 (Bordel et al. 2007).
Although this strain exhibited distinct capabilities of
degrading toluene, the extent of degradability was often
reported in a limited concentration range. Beyond some
limits, degradation tends to decrease as a result of inhibition
to bacterial growth due to toxicity caused by high
concentration of substrate (Bordel et al. 2007). One way
to overcome this problem is to supply easily biodegradable
co-substrate such as glucose in addition to the primary toxic
substrate (Kunc et al. 1984; Schmidt et al. 1987; Zaidi and
Mehta 1996; Jang et al. 2002; Jianlong et al. 2002;
Radianingtyas and Wright 2003). In this study, we
attempted to investigate how the growth kinetics of P.
putida was affected by various glucose doses when a wide
concentration range of the primary substrate toluene was
used in batch cultures. Subsequent modeling was also
performed using the existing inhibitory growth models, and
biokinetic parameters were obtained.

Theory

Growth kinetics

The growth of bacteria, which does not exhibit any
inhibition to their growth upon the increased substrate

Appl Microbiol Biotechnol (2008) 81:135–141
DOI 10.1007/s00253-008-1650-8
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despite of the toxicity of contaminant, can be often
described by the Monod function (Monod 1949):

m ¼ mmax
S

KS þ S
; ð1Þ

where μ, μmax are the specific growth rate (per hour),
maximum specific growth rate (per hour), and KS and S are
the half-saturation constant (milligram per liter) and the initial
substrate concentration (milligram per liter), respectively.

When bacterial growth exhibits any inhibition due to the
toxicity, following two kinetic models, i.e., Haldane-
Andrews model (Haldane 1930; Andrews 1968) given by
Eq. 2

m ¼ mmax
S

KS þ S þ S2
KI

ð2Þ

and Aiba–Edwards model (Edwards 1970) given by Eq. 3
can be used with the inhibition constant KI (milligram per
liter) to account for inhibitory effect of substrate concen-
tration on microbial growth.

m ¼ mmax
S

KS þ S
Exp �S=KIð Þ ð3Þ

These two models can describe a clear inhibitory effect
on microbial growth but inherit a property of sharp decline
above some threshold limit. Therefore, for some situations
where a stationary or zero-order growth phase is present
between exponential and decay growth phase, these models
are not appropriate. To overcome this problem, Wayman
and Tseng (1976) developed a discontinuous model
(Eqs. 4a–4c) which exhibits three different phases, i.e.,
exponential, stationary, and decay phase, which shows a
sharp, linear drop in microbial activity when substrate
concentration exceeds a characteristic threshold concentra-
tion, Sq, thus leading to a complete decay of bacteria at a
terminal concentration, SI.

m ¼ mmax
S

KS þ S
when S � Sq ð4aÞ

m ¼ mmax
S

KS þ S
� i S � Sqð Þ when Sq < S � SI ð4bÞ

m ¼ 0 when S � SI ð4cÞ
A continuous model, which covers all of the three

regions, was developed by Luong (1987). This model is
also an extension of the Monod equation, with two
additional parameters of n and Sm, and n serves as a power

term determining the shape of the curve as S approaches the
terminal substrate concentration Sm at which growth stops.

m ¼ mmax
S

KS þ S
1� S

Sm

� �n

when S � Sm ð5aÞ

m ¼ 0 when S � Sm ð5bÞ

A modified Wayman and Tseng model was proposed by
Alagappan and Cowan (2001) to fit the observed growth
data showing an apparent Andrew type inhibition, i.e., a
slight drop in activity at moderate substrate concentration
followed by a rapid loss of activity at higher concentrations.
This new model is given by Eqs. 6a–6c.

m ¼ mmax
S

KS þ S þ S2=KI
when S � Sq ð6aÞ

m ¼ mmax
S

KS þ S þ S2=KI
� i S � Sqð Þ

when Sq � S � SI

ð6bÞ

m ¼ 0 when S � SI ð6cÞ

Materials and methods

Culture conditions in growth experiments

Bacterial strain P. putida KCTC-1769 was obtained from
Korean Center for Type Cultures, Korea and the freeze-
dried bacteria were revived in 250-ml shake flasks contain-
ing 100 ml of Luria–Bertani (LB) medium (Kim et al.
2005) over a period of 2 days. The strain was pre-cultured
in 250-ml Erlenmeyer flasks containing 100 ml of LB
medium at 30 °C in an orbital shaker at 140 rpm. The
culture was transferred to 100 ml of fresh LB medium to
give an initial cell concentration of 1.0 OD600 and used for
the growth study. Enrichment of P. putida was done in a
mineral salt medium (MSM) (Kim et al. 2005) containing
the following constituents per liter of distilled water:
K2HPO4, 6 g; KH2PO4, 4 g; (NH4)2SO4, 2 g; MgCl2,
4.95 g; CaCl2, 1.25 g; H3BO3, 0.225 g; ZnSO4∙7H2O, 0.6 g;
NiSO4, 0.18 g; (NH4)6Mo7O24∙4H2O, 0.134 g; CuSO4∙5H2O,
0.0225 g; MnSO4, 0.375 g; CoCl2, 0.14 g; FeCl3 0.03 g was
used to grow the cultures. One milliliter of culture grown on
LB medium was transferred to 250-ml flasks containing
200 ml of MSM and incubated at 30 °C in an orbital shaker at
140 rpm. The bacterial cells in the late exponential-growth
phase were harvested by centrifugation at 10,000 rpm
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(14,534×g) and 4 °C for 15 min and re-suspended in fresh
MSM and washed twice with MSM. After this, the cells were
again centrifuged and re-suspended in MSM to a final
concentration of 1.0 OD600 and used as a source of inoculum
for the growth experiments.

Growth kinetics and biodegradation experiments

Batch experiments were conducted to investigate the effect
of glucose concentrations on the growth kinetics of P.
putida and corresponding toluene biodegradation. Five
different initial concentrations (60, 120, 170, 220,
250 mg/l) of toluene were prepared in 310-ml flasks
containing 300 ml of MSM amended with three different
glucose concentrations: 2, 5, and 10 mg/ml. Bacterial
concentration corresponding to 0.02 OD600 of P. putida
was inoculated into the medium. The culture flasks were
closed using Teflon cap and sealed with Para-film to
prevent any volatilization of toluene. All culturing was
done in sealed flasks with headspace less than 3.0 % (vol/
vol), leading to a hypoxic condition (Mahendran et al.
2006) where dissolved oxygen of broth solution was
depleted in 6 h.

The flasks were shaken at 140 rpm and at a temperature
of 30 °C in the shaking incubator until the experiment was
completed. The suspension was sampled at pre-determined
time intervals (0, 6, 18, 24, 36, 44, 60, 78, 92, 116,140,
164, and 188 h) using a sterilized airtight glass syringe to
determine cell growth, and glucose and toluene concentra-
tion. A sterile control experiment was carried out to check
the volatility of toluene in culture medium. All batch
experiments were run in duplicate.

Analytical methods

Bacterial concentrations were determined by UV–visible
spectrophotometer (Heyios ß, Thermo-Electron Corpora-
tion) at 600 nm by measuring the absorbance of the cell
solutions. Toluene was quantified using high-performance
liquid chromatography (Young Lin, Seoul, Korea)
equipped with a fluorescence detector (M720), M925
pump, Rheodyne injector, and C18 column (150×4.6 mm;
Phenomenex, Torrance, CA, USA) at an excitation
wavelength of 254 nm. The elution gradient was 50%
acetonitrile/50% water with a flow rate of 1.0 ml/min. The
samples collected using the 1-ml glass syringe were
transferred to a 0.5-ml microtube, centrifuged at
3,000 rpm for 1 min, and 2-μl of aliquots of supernatant
were injected to HPLC. Glucose was measured using a
glucose assay kit (Sigma-Aldrich product code GAGO-20,
USA) at pre-determined intervals. This kit is for the
quantitative determination of glucose in food and other
materials according to the intensity of pink color measured

at 540 nm using UV–visible spectrophotometer (Heyios ß,
Thermo-Electron Corporation).

Modeling of inhibitory growth kinetics

Based on the growth curves of P. putida, the specific
growth rate (μ) was obtained for each initial toluene
concentration (S) using the following relationship:

m ¼ ln X2=X1ð Þ= t2 � t1ð Þ; ð7Þ
where X2 and X1 are the cell concentrations at maximum
and initial growth time t2 and t1 during exponential growth.
We applied the five different inhibitory models through
Eqs. 2 to 6a–6c to our data sets of μ-S in order to obtain the
best fit using the method of least squared errors.

Results

Effect of toluene concentration on growth

Growth curves and associated toluene degradation of P.
putida for different initial toluene concentrations are
presented in Fig. 1 when 5 mg/ml glucose was added. In
the control case, where no bacteria were added, the relative
concentration (C/Co) of toluene remained around 1.0
throughout the experiment, indicating the occurrence of
negligible loss by volatilization. Cells were growing rather
well with higher peaks (1.2 OD600) for lower initial toluene
concentrations up to 170 mg/l, but inhibition of growth
appeared from 220 mg/l (Fig. 1a). Cell growth (Fig. 1a)
exhibited an exponential phase up to 44 h and then a
stationary phase for the lower toluene concentration range
(60, 120, 170 mg/l), but at high concentrations (220 and
250 mg/l) a negligible cell growth was observed. The
exponential growth of cell was directly associated with loss
of toluene via degradation by microbial activity, which
showed rather abrupt changes in toluene concentrations
(Fig. 1b).

Higher degradation occurred for lower toluene concentra-
tions. The low toluene concentrations for which the exponen-
tial cell growth was observed showed a rapid decrease of
glucose, but a negligible decrease in glucose was observed for
two high toluene concentrations (Fig. 1c). It reveals that
glucose consumption was negatively proportional to toluene
concentration for the batch conditions used in this study. The
severely delayed cell growth for higher toluene concentra-
tions may be explained by possible toxic effects.

Effect of glucose concentration on cell growth

Cell growth for addition of 2, 5, and 10 mg/ml glucose into
the medium is shown in Fig. 2. Overall cell growth was
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greatly enhanced with higher OD600 (about 1.0–1.2 OD600)
for toluene less than 220 mg/l when the glucose dose was
increased showing the disappearance of delayed response in
exponential growth. Above the 220 mg/l there was no

substantial increase of bacterial growth for the entire range
of glucose dose.

Since for a given glucose dose the specific growth rate
was solely dependent on toluene concentrations, we
constructed a data set of μ–S relationship. The relationship

Fig. 2 Growth of P. putida for various initial toluene concentrations
in the presence of three different glucose concentrations: a 2 mg/ml, b
5 mg/ml, c 10 mg/ml

Fig. 1 Cell growth and substrate (toluene and glucose) degradation of
P. putida for various initial toluene concentrations in the presence of
5 mg/ml glucose. a Toluene degradation, b growth of P. putida, c
glucose degradation
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between toluene concentration and specific growth rate is
shown in Fig. 3 for three glucose doses. The observed
specific growth rates showed an increasing tendency with
increased toluene concentration up to a certain concentra-
tion (S=60 mg/l), and between 60 and 170 mg/l the specific
growth rate tended to decrease moderately and afterward
rather sharply implying that the Haldane-type kinetics
should be applied. It is remarkable that the specific growth
rate increased with the increased glucose dose for substrate
concentrations between 60 and 170 mg/l. More critical
concentration was 220 mg/l at which 10 mg/ml glucose
dose incurred the dramatic increase of specific growth rate
compared to those from other glucose doses.

Model fit to the data of specific growth rate versus
toluene concentration is shown in Fig. 4. For the glucose
dose of 2 mg/ml (Fig. 4a), Haldane–Andrews and Aiba–
Edwards failed to depict the abrupt decrease in growth rate
at 220 mg/l while Wayman and Tseng model and Luong
model gave a rather poor fit to the growth rates at the lower
and higher concentration ranges, respectively. The best
model was the modified Wayman and Tseng model or
Alagappan and Cowan model, which could depict the
moderate decrease of growth rate during intermediate
toluene concentration range. When the glucose dose was
increased to 5 mg/ml (Fig. 4b), the Wayman and Tseng
model gave the best description due to the increased growth
rate for toluene concentration of 170 mg/l and thus creating
a zero-order region between 60 and 170 mg/l. The
increasing tendency of growth rate was most pronounced
for the glucose dose of 10 mg/ml where the growth rate for
toluene concentration of 220 mg/l was increased to 0.05
OD600. Accordingly, Luong model gave the best fit to the
observed growth data.

Fig. 3 Observed data of specific growth rate versus toluene
concentration for different glucose concentrations (2, 5, 10 mg/ml)

Fig. 4 Observed data of specific growth rate versus substrate
concentration and model fit using Aiba–Edwards, Haldane–Andrews,
Luong, Alagappan–Cowan, and Wayman–Tseng model in different
glucose concentration: a 2 mg/ml, b 5 mg/ml, c 10 mg/ml
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Discussion

The results of biokinetic parameters are shown in Table 1,
in comparison with the literature values when various
inhibition models were applied to fit the observed data of
μ–S. The half-saturation KS (160–210 mg/l) of Aiba–
Edwards model decreased by eight times while the
inhibition coefficients KI (90–110 mg/l) increased by two
times when this model was switched to the Luong model or
the Alagappan and Cowan model. The overestimation of KS

of Aiba–Edwards model is due to the lack of model
capability in fitting to the data points in high-substrate
concentration range. Among the best three models of
Wayman and Tseng (5 mg/ml), Alagappan and Cowan
(2 mg/ml), and Luong (10 mg/ml), for each glucose dose,
μmax and KS of the Wayman and Tseng model were
considerably underestimated, especially for data (5,
10 mg/ml glucose of Wayman and Tseng model) showing
the zero-order region (Fig. 4b, c) due to the unique property
of Monod function compared to other models, which show
similar values for μmax (0.1 h−1) and KS (21 and 32 mg/ml).

When our data were compared with the literature data of
three different strains of P. putida (Fig. 5), a dramatic
decrease of growth rate is notified over the entire range of
substrate concentration. This is due to the large values of
μmax (0.35–0.4 h−1), SI (400 mg/l), and Sq (206–280 mg/l)
of literature data (Alagappan and Cowan 2001, 2003) for
the inhibition models. It is certain that the data from both
this study and literature (Alagappan and Cowan 2001,
2003; Abuhamed et al. 2004) show a clear inhibitory phase
beyond a threshold substrate concentration, although the
substrate concentration range for appearance of inhibitory
phase differed from one to another study in the literature.
For instance, the growth curve of P. putida F1 by
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Fig. 5 Comparison of specific growth rate versus substrate concen-
tration for this study and literature studies
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Abuhamed et al. (2004) showed a sharp inhibitory phase from
25 mg/l, but other studies showed the inhibitory phase at
much higher concentrations. The appearance of inhibitory
phase at low concentration was also reported by Mirpuri et al.
(1997), who reported that above 20 mg/l toluene concentration
the growth rate of P. putida54G was decreased.

However, in other study of Bordel et al. (2007) there was no
noticeable range of toluene concentration between 0 to
250 mg/l for inhibitory phase. The magnitude and degree of
microbial activity loss beyond threshold limit observed from
the two studies of this work and of Alagappan and Cowan
(2001, 2003) differed greatly from each other, although they
showed a similarity in the overall shape. One of the possible
reasons for the large discrepancy between the two data may
be such that the oxygen regime imposed on the batch medium
greatly differs from each other. According to Alagappan and
Cowan (2004), the specific growth rate was dependent on the
dissolved oxygen (DO) concentration showing a rapid
increase with DO. Their data revealed that the specific growth
rate amounted to 0.1 h−1 for 0.5 mg/l of DO and 0.3 h−1 for
3.0 mg/l. Considering the hypoxic condition imposed in our
batch conditions, the much lower maximum specific growth
rate obtained from this study is attributed to the limited
dissolved oxygen concentration available from the only initial
oxygen dissolved in batch medium and free oxygen in head
space. Despite the discrepancy, our data clearly suggest that
there was a distinct growth pattern of P. putida when different
doses of glucose were added during toluene degradation.
Therefore, care should be taken for the selection of
appropriate growth inhibition models and their associated
biokinetic parameters since bacterial response differed from
each other when the batch medium was fed different glucose
doses as the secondary substrate.
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Transport and retention of Escherichia coli in a mixture of
quartz, Al-coated and Fe-coated sands
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Abstract:

Transport and retention of Escherichia coli through the mixture of quartz, Al-coated and Fe-coated sands was examined using
column experiments to investigate the effect of geochemical heterogeneity on bacteria transport. The first set of the experiments
was performed in quartz, Al-coated and Fe-coated sand mixtures (coated sand: 0, 5, 10, 25, 50, 100%) to examine the influence
of positively-charged sand grains on bacteria transport. The second experiments were carried out to observe the impact of pH
(range 6Ð74–8Ð21) on bacteria transport in the mixture of quartz 50% and Fe-coated sand 50%. The third experiments were
conducted to analyse the effect of ionic strength (0, 50, 100, 200 mM) on bacteria transport in the mixture of quartz 50% and
Al-coated sand 50%. The first experiments show that bacterial mass recoveries were in the range of 3Ð6–43Ð4%, decreasing
nonlinearly as the content of Al- and Fe-coated sands increased. In the second experiments, the bacterial mass recoveries were
in the range of 35Ð5–79Ð2%, increasing linearly as the solution pH increased. In the third experiments, the mass recovery
was 3Ð4% at 0 mM. As the ionic strength increased to 50mM, the mass recovery decreased to 0%. When the ionic strength
increased further to 100 and 200 mM, no bacterial mass was recovered as in the case of 50 mM. It indicates that in the mixed
medium of quartz 50% and Al-coated sand 50% both positive (increment of bacterial adhesion) and negative (decrement)
effects of ionic strength may be counterbalanced, minimizing the impact of ionic strength on the bacterial adhesion. This study
helps to understand the role of metal oxides and solution chemistry in the transport of bacteria in geochemically heterogeneous
media Copyright © 2008 John Wiley & Sons, Ltd.

KEY WORDS Escherichia coli ; bacteria transport; geochemical heterogeneity; coated sand; pH; ionic strength
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INTRODUCTION

Bacteria transport and attachment in porous media is
important in geoenvironmental systems in two respects.
The first is related to bioremediation practiced in con-
taminated soils and aquifers by introducing bacteria with
specific metabolic capabilities of degrading target con-
taminants (Steffan et al., 1999). In the bioaugmentation,
the successful delivery of contaminant-degrading bacteria
to the targeted area is a subject of great interest (New-
combe and Crowley, 1999; Ellis et al., 2000; Da Silva
and Alvarez, 2004; Kim, 2006; Choi et al., 2007). The
second concerns the transport of pathogenic microorgan-
isms through a vadose zone and an aquifer for the use of
groundwater as a drinking water supply (Mawdsley et al.,
1995; Kim et al., 2008). Contamination of subsurface
environments by pathogens is a wide-spread environmen-
tal problem, posing a significant threat to drinking water
supplies (Unc et al., 2004).

Recently, the transport of biocolloids/colloids in geo-
chemically heterogeneous porous media has attracted
considerable attention. In field conditions, several
researchers have examined the interaction between the
metal (Fe, Al, Mn) (hydr)oxides and biocolloids/colloids,

* Correspondence to: Song-Bae Kim, Program in Rural System Engi-
neering, Seoul National University, Seoul 151-921, Korea. E-mail:
songbkim@snu.ac.kr

including the transport of bacteriophage PRD1 and col-
loids through iron oxide-coated sand aquifer in Cape Cod,
MA, USA (Ryan et al., 1999) and adhesion and trans-
port of Comamonas sp. in the heterogeneous coastal plain
aquifer in Oyster, VA, USA (Mailloux et al., 2000; Zhang
et al., 2001). In aquifer, the metal (hydr)oxides provide
surface charge heterogeneities because they carry positive
surface charges at circumneutral pH conditions. Thus,
negatively-charged biocolloids may favourably attach
to the positively-charged surfaces of aquifer sediments
(Scholl et al., 1990; Scholl and Harvey, 1992).

Additionally, in laboratory conditions the transport and
retention of biocolloids/colloids in geochemically hetero-
geneous porous media has been investigated (Mills et al.,
1994; Johnson et al., 1996; Knapp et al., 1998; Bolster
et al., 2001; Dong et al., 2002; Becker et al., 2004; Ams
et al., 2004). These studies have examined the trans-
port of adhesion-deficient groundwater bacteria through
intact core sediment columns with various contents of Al-
and Fe-oxyhydroxides (Fuller et al., 2000), attachment
of Pseudomonas fluorescens on iron oxide-coated sand
in column and two-dimensional tank experiments (Silli-
man et al., 2001), transport of viruses (�X174 and MS-2)
through Al-coated sand under different ionic strength
and compositions (Zhuang and Jin, 2003), transport of
Comamonas sp. and Paenibacillus polymyxa in aquifer
sediment columns (Hall et al., 2005), attachment of bac-
teriophage PRD1 and Cryptosporidium parvum oocyst

Copyright © 2008 John Wiley & Sons, Ltd.
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to Fe-coated sand grains in column experiments (Abu-
dalo et al., 2005), transport of Escherichia coli through
columns packed with various contents of Fe-coated sand
(Foppen and Schijven, 2005), and retention and trans-
port of bacteriophage PRD1 in Fe-coated sand columns
(Foppen et al., 2006).

However, studies regarding the adhesion and transport
of biocolloids through the mixture of quartz sand, Al-
coated sand and Fe-coated sand are limited. Only a
few studies have been done including the deposition of
bacteria and viruses on the mixed (Al- and Fe-oxide)
coating sand in batch (Lukasik et al., 1996) and column
(Lukasik et al., 1999) conditions.

In this study, transport and retention of Escherichia
coli through the mixture of quartz, Al-coated and Fe-
coated sands was examined using column experiments
to investigate the effect of geochemical heterogeneity on
bacteria transport. E. coli was selected for this experiment
because it is widely used as an indicator organism for
bacterial contamination of water resources. The first
set of the experiments was performed in quartz, Al-
and Fe-coated sand mixtures to examine the influence
of positively-charged sand grains on bacteria transport.
The second experiments were carried out to observe the
impact of pH on bacteria transport in the mixture of
quartz sand and Fe-coated sand. The third experiments
were conducted to analyse the effect of ionic strength on
bacteria transport in the mixture of quartz sand and Al-
coated sand. The breakthrough curves of bacteria were
obtained by monitoring effluent, and then bacterial mass
recoveries were quantified from these curves.

MATERIALS AND METHODS

Bacteria and culture preparation

E. coli ATCC 11 105 obtained from the Korea Cul-
ture Center for Microorganisms was used in the exper-
iment. All glassware and materials used in the study
were sterilized by autoclaving at 121 °C and 17Ð6 psi
for 20 min to prevent any interference by other microor-
ganisms. Initially, the freeze-dried bacteria were revived
in 250 ml Erlenmeyer flasks containing 100 ml of LB
medium (tryptone 10 g, yeast extract 5 g, NaCl 5 g in
one litre of deionized water at a pH of 7Ð0) over a period
of 84 h. Then one millilitre of culture was transferred
to a volume of 500 ml LB broth, and the bacteria were
incubated over a period of 84 h at 30 °C. The suspension
was centrifuged at 4 °C and 10 000 rpm for 15 min.

The supernatant was removed and replaced with deion-
ized water to prevent growth of the bacteria. The diluted
bacteria were then centrifuged again under the same
conditions. The centrifuged bacteria were washed three
times with deionized water and resuspended in deionized
water to an optical density of 0Ð5 at 600 nm (OD600).
Transmission electron microscopy (JEM 1010, JEOL,
Japan) was used to take images of E. coli cells. The
images were imported into an image processing program
(Image-Pro Plus) and analysed. The average length and

diameter of E. coli were 2Ð2 μm and 0Ð6 μm, respec-
tively, which corresponded to an equivalent spherical
diameter of 1Ð21 μm. The net surface electrostatic char-
acteristics of cells were analysed with an Electrophoretic
Light Scattering Spectrophotometer (ELS-8000, Otsuka
Electronics, Japan). Electrophoretic mobility was deter-
mined for the bacterial surface (pH D 6Ð8, temp D 25 °C,
ionic strength ³0 mM) and converted to zeta potentials
using the Smoluchowski equation. The zeta potential of
E. coli was determined to be �51 š 6 mV.

Porous media

Quartz sand supplied by the manufacturer of Jumunjin
Silica was used in the experiments. Mechanical sieving
was conducted with US Standard Sieves (Fisher Scien-
tific) Nos 35 and 10. Sand fractions with a grain size
of 0Ð5–2Ð0 mm and a mean diameter of 1Ð0 mm were
used to prepare the Al- and Fe-coated sand. Before use,
sand was washed twice using deionized water to remove
impurities on the surface, and wet sand was autoclaved
for 20 min at 17Ð6 psi, cooled to room temperature and
oven-dried at 105 °C for 1–2 days. For the preparation
of Al-coated sand, AlCl3 Ð 6H2O (4Ð9 g) was dissolved
in deionized water (100 ml), and the solution pH was
adjusted with 6N NaOH. The quartz sand (200 g) was
added to the AlCl3 Ð 6H2O solution and then mixed in
a rotary evaporator (HAHNVAPOR, Hahnshin Scientific
Co., Korea) to remove water in the suspension by heating
(90 °C, 80 rpm, 20 min). The coated sand was dried in a
drying oven (J-NDS2, JISICO, Korea) at 150 °C for 6 h,
washed with deionized water and then dried again at the
same conditions. The same procedure used for Al-coated
sand was applied using FeCl3 Ð 6H2O (5Ð5 g) for Fe-
coated sand. Scanning electron microscopy (SEM) anal-
ysis and Energy Dispersive X-ray Spectrometer (EDS)
analysis were performed using a scanning electron micro-
scope (JSM 5410LV, JEOL, Japan) to examine the pres-
ence of Al or Fe on the coated sand. The SEM images
and EDS patterns for the quartz and coated sands are
provided in Figures 1 and 2.

Column experiments

Three sets of column experiments were performed
with E. coli ATCC 11 105. The first set of experiments
(Table II) was conducted using a Plexiglas column (diam-
eter 2Ð5 cm; height 30 cm) packed with various mix-
tures of quartz, Al-coated and Fe-coated sands (mass of
medium 232Ð6 š 0Ð3 g; pH range 7Ð0–7Ð7). A column
was packed for each experiment by the tap-fill method
to attain a bulk density of 1Ð580 š 0Ð002 g cm�3 and a
porosity of 0Ð404 š 0Ð001. The column was connected
to a pump (QG400, FASCO, USA) operating at a rate
of 0Ð35 ml min�1. Prior to the experiments, the packed
column was flushed upward with 8–10 pore volumes
of phosphate buffered saline (PBS) solution (KH2PO4

1Ð45 mg l�1, K2HPO4 59 mg l�1, NaCl 250 mg l�1)
until the column effluents were clear and a steady-state
flow condition was established. The ionic strength of
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Figure 1. SEM images of (a) quartz sand, (b) Al-coated sand and
(c) Fe-coated sand

the PBS solution was 5Ð3 mM. The bacteria transport
experiment was performed by injecting 0Ð5 OD600 bac-
teria suspended in PBS solution downward for 85 min
(flow rate D 0Ð35 ml min�1). After completing the injec-
tion of bacteria solution, PBS solution was introduced
again. Effluent samples were collected using an auto col-
lector (Retriever 500, TELEDYNE, USA) at a regular
interval. Effluents were analysed for bacterial concen-
tration and pH. Bacterial concentration was determined
by measuring the optical density of the effluent using a
UV-visible spectrophotometer (Helios, Thermo, USA) at
600 nm (OD600). The pH was measured with a pH probe
(9107BN, Orion, USA).

The second set of experiments (Table III) were per-
formed using a Plexiglas column (diameter 5Ð0 cm;
height 30 cm) packed with quartz sand 50% and Fe-
coated sand 50% (mass of medium 919Ð5 š 10Ð1 g; bulk

Table I. Parameters used in the calculation of collision efficiency
� and sticking efficiency ˛ for Escherichia coli in coated sand

media

Parameter Unit Value

Column length cm 30
Particle diameter of collector

grain (sand)
mm 1Ð0

Particle diameter of colloidal
particle (bacteria)

μm 1Ð21

Particle density of colloidal
particle (bacteria)Ł

g cm�3 1Ð105

Fluid absolute temperature K 298
Fluid density g cm�3 0Ð997
Fluid viscosity g cm�1 s�1 8Ð91 ð 10�3

Hamaker constant J 6Ð5 ð 10�21

Boltzman constant J K�1 1Ð38 ð 10�23

Bulk diffusion coefficient cm2 s�1 4Ð05 ð 10�9

Ł Particle density of bacteria from Martı́nez-Salas et al. (1981)

density 1Ð561 š 0Ð017 g cm�3; porosity 0Ð411 š 0Ð006).
In the experiments, bacteria solution of 0Ð5 OD600 was
injected downward for 60 min with a flow rate of
2Ð0 ml min�1. Deionized water was used as background
and leaching solutions. The pH of the solutions was
adjusted to a desired value with 0Ð1 M NaOH and/or
0Ð1 M HCl. The third set of experiments were carried
out using a Plexiglas column (diameter 5Ð0 cm; height
30 cm) packed with quartz sand 50% and Al-coated
sand 50% (mass of medium 920Ð6 š 1Ð0 g; bulk den-
sity 1Ð564 š 0Ð002 g cm�3; porosity 0Ð410 š 0Ð001; pH
range 6Ð2–6Ð4). In the experiments, NaNO3 solution (0,
50, 100, 200 mM) was used as background and leaching
solutions, and bacteria solution (0Ð5 OD600) was injected
downward for 60 min (flow rate D 2Ð0 ml min�1).

Data analysis

Assuming that bacterial growth and decay are negligi-
ble, the 1D bacteria transport can be described as

∂Ci

∂t
D Di

∂2Ci

∂x2 � vi
∂Ci

∂x
� �Ci �1�

where Ci is the bacterial concentration in the aqueous
phase, Di is the hydrodynamic dispersion coefficient
for bacteria, vi is the velocity for bacteria, and � is
the attachment rate coefficient (T�1). Parameters in the
transport models were obtained by fitting the CXTFIT
code (Toride et al., 1995) to the breakthrough data. The
mass recoveries (Mr) of bacteria in the effluent were
quantified by:

Mr D

∫ 1

0
Cdt

C0t0
ð 100�%� �2�

where C0 is the initial concentration of bacteria and t0 is
the duration of bacteria injection (injection time).

In colloid filtration theory, the removal of biocol-
loids/colloids from suspension by attachment to a col-
lector can be described by collector efficiency C, which
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Figure 2. EDS patterns of (a) quartz sand, (b) Al-coated sand and (c) Fe-coated sand

Table II. Experimental results for column experiments at various media compositions

Exp Media (%) Mr (%) ˛ vi (cm min�1) Di �cm2 min�1� � �min�1� R2

Coated Quartz

1a 0 100 43Ð4 0Ð213 0Ð177 0Ð085 0Ð0061 0Ð97
1b 5 (Al 2Ð5 C Fe 2Ð5) 95 30Ð1 0Ð306 0Ð183 0Ð084 0Ð0084 0Ð97
1c 10 (Al 5 C Fe 5) 90 24Ð4 0Ð360 0Ð184 0Ð114 0Ð0101 0Ð95
1d 25 (Al 12Ð5 C Fe 12Ð5) 75 15Ð0 0Ð484 0Ð187 0Ð145 0Ð0133 0Ð95
1e 50 (Al 25 C Fe 25) 50 10Ð1 0Ð585 0Ð177 0Ð081 0Ð0138 0Ð99
1f 100 (Al 50 C Fe 50) 0 3Ð6 0Ð848 0Ð182 0Ð104 0Ð0146 0Ð92

denotes the probability that a colloidal particle approach-
ing a collector both collides with and sticks to the col-
lector (Cail and Hochella, 2005):

C D �˛ �3�

where � is the collision efficiency, which is the prob-
ability that a colloidal particle approaching a collector
collides with the collector, and ˛ is the sticking effi-
ciency, which is the probability that the particle colliding

with the collector sticks to that collector. The collision
efficiency is calculated using the equation according to
Tufenkji and Elimelech (2004):

� D 2Ð4A1/3
S N�0Ð081

R N�0Ð715
Pe N0Ð052

vdW

C 0Ð55ASN1Ð675
R N0Ð125

A C 0Ð22N�0Ð24
R N1Ð11

G N0Ð053
vdW �4�

where AS is the porosity-dependent parameter, NR is the
aspect ratio, NPe is the Peclet number, NvdW is the van der
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Waals number, NA is the attraction number and NG is the
gravity number. The sticking efficiency is determined by
the following equation (Tufenkji and Elimelech, 2004):

˛ D �2

3

dc

�1 � n�L�
ln
(

Mr

100

)
�5�

where dc is the particle diameter of collector grain, L is
the column length, and n is the porosity. The parameters
used in the calculation of � and ˛ are summarized in
Table I.

RESULTS AND DISCUSSION

Bacterial breakthrough curves

The bacterial breakthrough curves (BTCs) obtained
from the experiments at various media compositions
(1a–1f) are presented in Figure 3. The BTCs had well-
defined single peaks with different relative peak concen-
tration depending on the media composition. The rel-
ative peak concentrations ranged from 0Ð019 to 0Ð323
with the highest in quartz sand 100% (1a). Trans-
port parameters (vi and Di) obtained by the model
fit from the bacterial BTCs (Figure 3) were 0Ð182 š
0Ð005 cm min�1 and 0Ð102 š 0Ð028 cm2 min�1, respec-
tively (Table II). The attachment rate coefficient �
increased with increasing coated sand content, rang-
ing from 0Ð0061 to 0Ð0146 min�1 with the lowest at
quartz sand 100% and the highest at coated sand 100%
(Table II).

The bacterial BTCs from the experiments in quartz
sand 50% and Fe-coated sand 50% at various pH condi-
tions (2a–2f) are given in Figure 4. The BTCs also had
well-defined single peaks with the relative peak concen-
trations ranging from 0Ð350 to 0Ð688 with the highest at
pH 8Ð21. The transport characteristics (vi and Di) deter-
mined from the bacterial BTCs (Figure 4) were 0Ð304 š
0Ð020 cm min�1 and 0Ð093 š 0Ð021 cm2 min�1, respec-
tively (Table III). The attachment rate coefficient (�)
decreased with increasing solution pH. It ranged from
0Ð0044 to 0Ð0102 min�1 with the highest at pH 6Ð74 and
the lowest at pH 8Ð21 (Table III).
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Figure 3. Breakthrough curves of E. coli and model fits obtained from
the column experiments at various media compositions
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Figure 4. Breakthrough curves of E. coli and model fits obtained from
the column experiments (quartz sand 50% and Al-coated sand 50%) at

various ionic strength conditions

The bacterial BTCs from the experiments in quartz
sand 50% and Al-coated sand 50% at various ionic
strength conditions (0, 50, 100, 200 mM) are given in
Figure 5. No breakthrough of bacteria was observed
at 50, 100 and 200 mM. Only the BTC at the ionic
strength of 0 mM was observed with the relative peak
concentration of 0Ð026. The transport characteristics (vi

and Di) determined from the bacterial BTC (3a) were
0Ð282 cm min�1 and 0Ð085 cm2 min�1, respectively,
with the attachment rate coefficient � of 0Ð0353 min�1.

Media composition and bacterial mass recovery

In the first experiments the bacterial mass recoveries
were in the range of 3Ð6–43Ð4%, decreasing with increas-
ing coated sand content. The sticking efficiencies ˛ were
in the range 0Ð213–0Ð848, increasing with coated sand
content (Table II). In quartz sand 100%, the mass recov-
ery was 43Ð4%. In coated sand 5 and 10%, the mass
recoveries were 30Ð1 and 24Ð4%, respectively. As the
coated sand content increased to 25 and 50%, the mass
recoveries decreased to 15Ð0 and 10Ð1%, respectively. The
mass recovery in coated sand 100% was 3Ð6%. This result
is comparable to the work reported by Lukasik et al.
(1999) who have performed column experiments with E.
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Figure 5. Breakthrough curves of E. coli and model fits obtained from
the column experiments (quartz sand 50% and Fe-coated sand 50%) at

various pH conditions
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coli ATCC 13 607. They reported that mass recovery of
E. coli in quartz sand was 25% while it was less than
0Ð1% in both Al-coated sand and Fe-coated sand. Also,
it was less than 0Ð1% in sand coated with a combination
of ferric and aluminium hydroxides.

Our result indicated that the bacterial mass recov-
ery decreased nonlinearly as the coated sand content
increased (Figure 6), which is consistent with the results
of other studies. Foppen and Schijven (2005) have shown
with column experiments that the mass recovery of E. coli
was nonlinearly dependent on the goethite-coated sand
content. They have reported that the bacterial mass recov-
ery was 41Ð0% in quartz sand 100% and decreased non-
linearly to 7Ð4% in goethite-coated sand 100% (NaHCO3

solution). In other column experiments, Abudalo et al.
(2005) have demonstrated that the mass recoveries of
both bacteriophage PRD1 and Cryptosporidium parvum
oocysts decreased nonlinearly as the content of ferric oxy-
hydroxide coated sand increased from 0 to 12 or 32%.

Solution chemistry and bacterial mass recovery

The bacterial mass recoveries in the second experi-
ments (quartz sand 50% C Fe-coated sand 50%) were
in the range 35Ð5–79Ð2% (Table III). At pH 6Ð74 and
7Ð03, the mass recoveries were 35Ð5 and 45Ð2%, respec-
tively. The mass recoveries were 43Ð5 and 53Ð5% at pH
7Ð23 and 7Ð56, respectively. As the solution pH increased
to 7Ð98 and 8Ð21, the mass recoveries increased to 70Ð6
and 79Ð2%, respectively. As the solution pH increased,
the mass recovery increased linearly while the sticking
efficiency decreased linearly (Figure 7).

The increasing tendency of bacterial mass recovery
with the increased pH can be explained by the point
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sticking efficiency of E. coli
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Figure 7. Relationship between solution pH, mass recovery and sticking
efficiency of E. coli under the media composition of quartz sand 50%

and Fe-coated sand 50%

of zero charge (pHpzc) of porous media and biocolloids.
The pHpzc is the pH where net surface charge is equal
to zero. The surface charges of both porous media
and biocolloids depend on the solution pH. The porous
media and biocolloids carry positive charges below the
pHpzc but negative charges above it. The pHpzc of
quartz sand is 2Ð0 (Scholl et al., 1990) and so quartz
sand is negatively charged at circumneutral pH. In
addition, bacteria are negatively charged above solution
pH 2–3 (Gannon et al., 1991; Fontes et al., 1991). Thus,
the electrostatic interaction between quartz sand and
bacteria is repulsive in our experimental condition (pH
6Ð74–8Ð21). Additionally, the electrostatic interaction
between quartz sand and bacteria may become more
repulsive as the solution pH increased, resulting in
the increment of mass recovery (Scholl et al., 1990).
Meanwhile, the pHpzc of ferric oxyhydroxide minerals is
in the range 7Ð0–9Ð5 (Appel et al., 2003; Gaboriaud and
Ehrhardt, 2003; Kosmulski et al., 2003; Ams et al., 2004;
Abudalo et al., 2005). Ams et al. (2004) have mentioned
that the Fe-coated quartz grains may be negatively
charged above pH 8. Abudalo et al. (2005) have indicated
that the surface charge of ferric oxyhydroxide would
approach zero at pH 8. Thus, in our pH condition
(pH 6Ð74–8Ð21) the surface charge of the coated sand
may change from positive to negative depending on
the solution pH. Around pH 7, electrostatic interaction
between the Fe-coated sand and bacteria may be attractive
but become repulsive around pH 8. As the solution pH
becomes 8 and above, the attachment of E. coli to Fe-
coated sand may become unfavourable since the Fe-
coated sand may carry negative surface charge. Thus,

Table III. Experimental results for column experiments in quartz sand 50% and Fe-coated sand 50% at various pH conditions

Exp pH effluent Mr (%) ˛ vi (cm min�1) Di �cm2 min�1� � �min�1� R2

2a 6Ð74 š 0Ð10 35Ð5 0Ð365 0Ð293 0Ð089 0Ð0102 0Ð99
2b 7Ð03 š 0Ð07 45Ð2 0Ð280 0Ð287 0Ð071 0Ð0076 0Ð99
2c 7Ð23 š 0Ð12 43Ð5 0Ð293 0Ð306 0Ð099 0Ð0084 1Ð00
2d 7Ð56 š 0Ð06 53Ð5 0Ð220 0Ð297 0Ð125 0Ð0063 1Ð00
2e 7Ð98 š 0Ð04 70Ð6 0Ð123 0Ð313 0Ð104 0Ð0061 0Ð99
2f 8Ð21 š 0Ð06 79Ð2 0Ð082 0Ð318 0Ð072 0Ð0044 1Ð00
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the increase of solution pH from 6Ð74 to 8Ð21 in the
mixture of quartz sand 50% and Fe-coated sand 50% may
enhance the repulsive interaction between bacteria and
porous media, resulting in the increment of the bacterial
mass recovery.

The bacterial mass recoveries in the third experiments
(quartz sand 50% C Al-coated sand 50%, pH 6Ð2–6Ð4)
were in the range 0–3Ð4%. At the ionic strength of 0 mM,
the mass recovery was 3Ð4% which is about ten times
larger than the case of Experiment 2a (quartz sand 50% C
Fe-coated sand 50%, ionic strength 0 mM, pH 6Ð74). This
difference may be explained by the difference of pHpzc
between Al-coated sand (pHpzc ¾ 9Ð0, Zhuang and Jin,
2003) and Fe-coated sand (pHpzc ¾ 8Ð0). Al-coated sand
may be more positively charged around pH 6Ð5 than Fe-
coated sand, which results in the enhanced attraction of
negatively charged bacteria to Al-coated sand compared
to Fe-coated sand.

As the ionic strength increased to 50 mM, the mass
recovery decreased to 0% indicating that the bacterial
attachment increased with ionic strength. When the ionic
strength increased to 100 and 200 mM, no bacterial
mass was recovered as in the case of 50 mM, and
thus impact of further increment of ionic strength on
bacterial mass recovery was not discernable. According
to literature (Jones and O’Melia, 2000; Yee et al., 2000;
Zhuang and Jin, 2003), adhesion of negatively charged
bacteria to positively charged media may be reduced with
increasing ionic strength due to the shielding effect. In
our experimental conditions, therefore, increase of salt
concentration may shield surface charges of both E. coli
(negatively charged) and Al-oxide coated sand (positively
charged) and decrease the electrostatic attraction between
them, possibly resulting in the reduction of bacterial
adhesion (increase of bacterial mass recovery). However,
this impact may be counterbalanced by the presence of
negatively charged quartz sand. It is well known that
bacterial attachment to quartz sand can be enhanced with
increasing ionic strength (Fontes et al., 1991; Mills et al.,
1994; Bolster et al., 2001; Choi et al., 2007), which can
be explained by the DLVO theory.

At circumneutral pH, the electrical charges of both
bacteria and quartz sand are negative. The increase in
the ionic concentration of the carrying solution therefore
leads to a decrease in the thickness of the diffuse layers
and in the average distance between surfaces carrying
like-charges, resulting in the promotion of bacterial
attachment to the quartz surfaces. Therefore, in the
mixed medium of quartz sand 50% and Al-coated sand
50% both positive (increment of bacterial adhesion) and
negative (decrement) effects of ionic strength may be
countervailed, minimizing the impact of ionic strength
on the bacterial adhesion.

CONCLUSIONS

The transport and retention of Escherichia coli through
the mixture of quartz, Al-coated and Fe-coated sands was

examined with column experiments. Experimental results
show that the bacterial mass recovery decreased nonlin-
early as the Al- and Fe-coated sand content increased.
Also, the mass recovery increased linearly as the solu-
tion pH increased in the experiments with quartz sand
50% and Fe-coated sand 50%. Additionally, the exper-
iments indicate that the influence of ionic strength on
the bacterial attachment may be counterbalanced in the
mixed medium of quartz sand 50% and Al-coated sand
50%. This study helps to understand the role of metal
oxides and solution chemistry in the transport of bacteria
in geochemically heterogeneous media.
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Bacteria transport in an unsaturated porous media:
incorporation of air–water interface area model into

transport modelling
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Abstract:

The bacterial transport model into which the air–water interface (AWI) area model is incorporated is developed in this study.
At the outset, the AWI area models are analysed to determine the appropriate model. In the analysis, three models are evaluated
with the previously reported experimental data, and the modified form of the Niemet et al. (2002) model is selected as an
appropriate AWI area model, which is then combined into the transport model. The bacterial transport model is used to fit
the bacterial breakthrough data in an unsaturated porous media from the literature, and the fitting results show that the model
matches well with the observed data at three different air contents by varying the specific AWI area. On the basis of the
sorption-related parameters determined from the literature, simulations are performed to examine bacterial transport in three
different soils under unsaturated and transient flow conditions. The results illustrate that bacteria can travel to different depths
in unsaturated soils depending on the soil type and water content. Even if the predictive model presented in this study is not
comprehensive, it will help to understand bacterial transport behaviour in an unsaturated porous media. Copyright © 2007
John Wiley & Sons, Ltd.
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INTRODUCTION

Groundwater resources are widely used for drinking
water supplies around the world. Therefore, protection of
groundwater from bacterial contamination attracts con-
siderable attention. Bacterial contamination of aquifers
could deteriorate drinking water quality, posing a great
threat to human health (Crane and Moore, 1984; Macler
and Merkle, 2000). Groundwater resources could be con-
taminated bacterially by septic tank effluents and applica-
tion of manure to agricultural lands (Sinton, 1986; Abu-
Ashour et al., 1994; Mawdsley et al., 1995; Jamieson
et al., 2002; Unc and Goss, 2004).

The vadose zone plays an important role in protecting
aquifers from bacterial contamination by retaining bacte-
ria in the solid phase during their transport through the
zone. Several studies have been carried out to improve
understanding of transport and attachment of bacteria in
the vadose zone (Bitton et al., 1974; Tan et al., 1992;
Huysman and Verstraete, 1993; Rijnaarts et al., 1993;
Wan et al., 1994; Abu-Ashour et al., 1998; Joergensen
et al., 1998; McMurry et al., 1998; Powelson and Mills,
1998; Schäfer et al., 1998; Stoddard et al., 1998; Jew-
ett et al., 1999; Gagliardi and Karns, 2000; Powelson
and Mills, 2001; Gargiulo et al., 2007). For instance, Bit-
ton et al. (1974) have examined infiltration of Klebsiella

* Correspondence to: Song-Bae Kim, Programme in Rural System Engi-
neering, Seoul National University, Seoul 151-921, Korea.
E-mail: songbkim@snu.ac.kr

aerogenes into an unsaturated soil column. Tan et al.
(1992) have observed transport of Pseudomonas fluo-
rescens 2–79 under unsaturated transient flow conditions.
Wan et al. (1994) have studied the effect of air–water
interface (AWI) on the movement of bacteria using glass
micromodel and column tests. Abu-Ashour et al. (1998)
have investigated the role of macropores on transport
of bacteria with unsaturated soil columns. Powelson and
Mills (2001) have observed the effect of water content on
attachment of E. coli in column experiments. Gargiulo
et al. (2007) have studied the deposition behaviour of
Deinococcus radiodurans in unsaturated porous media.
These studies indicate that mechanisms that influence
the fate and transport of bacteria in the vadose zone are
advection, dispersion, attachment to soil–water interface
(SWI), and attachment to AWI.

In porous media, movement of bacteria is affected
by attachment to SWI (Hornberger et al., 1992). Bac-
terial attachment to SWI is affected by properties of soils
(e.g. grain size and surface charge), solution chemistry
(e.g. ionic strength and pH) and surface characteristics
of bacteria (e.g. cell surface charge and hydrophobic-
ity) (Fontes et al., 1991; Gannon et al., 1991). Bacterial
attachment to AWI is an additional important mecha-
nism in the vadose zone (Rijnaarts et al., 1993; Wan
and Wilson, 1994; Powelson and Mills, 1998; Schäfer
et al., 1998; Powelson and Mills, 2001). It has been
reported that bacteria may adsorb preferentially to AWI
over SWI (Wan et al., 1994; Jewett et al., 1999). It is
known that hydrophobic interaction plays a dominant

Copyright © 2007 John Wiley & Sons, Ltd.
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role in bacterial adsorption to AWI (Powelson and
Mills, 1996).

Little works have been done on modelling of bacte-
rial transport in the vadose zone. Corapcioglu and Choi
(1996) have presented a mathematical model to fitting
bacterial breakthrough data of Wan et al. (1994) who per-
formed column experiments using Arthrobacter sp. and
Pseudomonas cepacia under unsaturated flow conditions.
Powelson and Mills (2001) applied the transport model
to analyse the breakthrough data of Escherichia coli in
an unsaturated sandy column. However, the air–water
interfacial area has not been accounted for in either mod-
elling approaches. On the other hand, a bacterial transport
model into which the air-water interfacial area model was
incorporated has been provided by Schäfer et al. (1998).
They have used the model to analyse their experimen-
tal data obtained from column tests with Rhodococcus
sp. and Pseudomonas putida. However, the air–water
interfacial area model could not be used broadly since
it was derived from the simple empirical relationship.
In virus transport modelling, Sim and Chrysikopoulos
(2000) have used the air–water interfacial area model
developed by Cary (1994). But, the model included some
empirical parameters that are not readily determined from
experiments. Recently, some researchers have provided
the AWI area models (Niemet et al., 2002; Faulkner
et al., 2003; Peng and Brusseau, 2005), comprized of
parameters that are readily determined from the van
Genuchten model for the relationship between unsatu-
rated hydraulic conductivity, water content and pressure
head (van Genuchten, 1980).

The objective of this study is to develop the bacte-
rial transport model into which the AWI area model is
incorporated. First, the AWI area models are evaluated to
determine the appropriate model, which is then combined
into the transport model. Second, the bacterial transport
model is used to describe the bacterial breakthrough data
in an unsaturated porous media from the literature. Then,
the transport model is applied to simulate bacterial trans-
port under unsaturated and transient flow conditions.

MATHEMATICAL MODEL

Unsaturated flow equation

The one-dimensional unsaturated water flow equation
in a homogeneous and rigid porous media can be
presented by the following modified form of the Richards
equation (Jury et al., 1991):

∂�w

∂t
D ∂

∂z

[
K��w�

∂h

∂z

]
� ∂K��w�

∂z
�1�

where �w is the volumetric water content, z is the vertical
distance (positive downward), K��w� is the unsaturated
hydraulic conductivity (LT�1) and h is the pressure head
(L). For the estimation of the unsaturated hydraulic con-
ductivity, the relationship developed by van Genuchten
(1980) is used in the study:

K�Se� D KsS
1/2
e

[
1 � �1 � S1/m

e �m
]2

m D 1 � 1

n
�2�

where Ks is the saturated hydraulic conductivity (LT�1),
m and n are the van Genuchten’s water retention function
parameters, Se is the effective saturation which has the
following relationship with the water content (�w):

�w�Se� D Se��s � �r� C �r �3�

where �s is the saturated water content and �r is the
residual water content. The effective saturation (Se) and
the pressure head (h) have the following relationship:

Se�h� D [
1 C �˛jhj�n]�m

�4�

where ˛ is the van Genuchten’s water retention function
parameter. The derivative form of the volumetric water
content (�w) with respect to the pressure head (h) is
determined to be:

d�w

dh
D ˛n�n � 1���s � �r�jhjn�1

�1 C �˛jhj�n�2� 1
n

�5�

Bacterial transport equations

The one-dimensional and vertical transport equation
for bacteria in an unsaturated porous media including
reversible and irreversible attachment on SWI and attach-
ment on AWI can be described as:

∂��wC�

∂t
D ∂

∂z

[
D�w

∂C

∂z

]
� qw

∂C

∂z
� ka�wC

C kd	s

r
s � kir�wC � kc�wC �6�

where C is the concentration of bacteria suspended
in the aqueous phase (ML�3), D is the hydrodynamic
dispersion coefficient �D D ˛zqw/�w C DŁ��L2T�1�, ˛z

is the dispersivity in the vertical direction, qw is the
specific discharge (LT�1), DŁ is the molecular diffusion
coefficient, ka is the reversible attachment rate coefficient
on SWI (T�1), kd is the detachment rate coefficient on
SWI (T�1), 	s is the dry bulk density of solid matrix
(ML�3), 
r

s is the reversibly attached bacteria mass
on unit mass of soil (MM�1), kir is the irreversible
attachment rate coefficient on SWI (T�1), kc is the
attachment rate coefficient on AWI (T�1).

In the bacterial attachment to SWI, if the net forces
of attractive London–van der Waals forces and repul-
sive electrostatic forces become attractive, the attachment
of bacteria to solid surfaces can occur at the secondary
minimum, which is situated at a greater distance from
solid surfaces. Bacteria may attach to the secondary min-
imum by the long-range forces and be readily detached
from solid surfaces by shear forces (van Loosdrecht et al.,
1989). If hydrophobic interactions and polymer bridging
affect bacteria attached to the secondary minimum, they
may transfer to the primary minimum. In the potential
energy curve for bacterial attachment to a solid matrix,
the primary minimum is located close to solid surfaces
and is responsible for the strong attachment of bacte-
ria. Bacteria held at the primary minimum due to the
non-DLVO forces may irreversibly attach to matrix sur-
faces (McEldowney and Fletcher, 1986; Rijnaarts et al.,
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1995). The mass balance equation for bacteria attached
reversibly on SWI can be presented as:

∂�	s

r
s �

∂t
D ka�wC � kd	s


r
s �7�

ka D km
a ASWI; kd D km

d ASWI �8�

where km
a is the mass transfer rate coefficient for

reversible attachment on SWI (LT�1), km
d is the mass

transfer rate coefficient for detachment on SWI (LT�1)
and ASWI is the specific SWI area (L2L�3), which can be
quantified by the following equation (Fogler, 1999):

ASWI D 6�1 � �s�

dp
�9�

where dp is the mean diameter of soil grain (L).
The mass balance equation for bacteria attached irre-

versibly on SWI can be given as:

∂�	s

ir
s �

∂t
D kir�wC �10�

kir D km
irASWI �11�

where 
ir
s is the irreversibly attached bacteria mass on

unit mass of soil (MM�1) and km
ir is the mass transfer rate

coefficient for irreversible attachment on SWI (LT�1).
Assuming no detachment from AWI due to the pres-

ence of large capillary forces (Schäfer et al., 1998), the
mass balance equation for bacteria attached to AWI can
be described as:

∂��a	a�

∂t
D kc�wC �12�

kc D km
c AAWI �13�

where �a is the volumetric air content, 	a is the mass of
bacteria attached to AWI per unit volume of air (ML�3),
km

c is the mass transfer rate coefficient for attachment to
AWI (LT�1) and AAWI is the specific AWI area (L2L�3).

Air–water interface area models

Niemet et al. (2002) have suggested the model to
estimate the AWI area based on the van Genuchten’s
water retention function parameters as:

AAWI D 3	wg�s

2


m

˛
[B�w, z� � Iu�w, z�] �14�

u D S1/m
e w D m � 1

n
z D 1 C 1

n

m D 1 � 1

n
�15�

where 	w is the water density (ML�3), g is the gravita-
tional constant (ML�2), 
 is the surface tension of water
(MT�2), B�w, z� is the beta function of w and z, Iu�w, z�
is the incomplete beta function of w and z. Faulkner et al.
(2003) have provided the model equation using Rose and

Bruce (1949) equation and van Genuchten’s water reten-
tion function as:

AAWI D 	wg�w


˛

[
[Se]

m � 1
]1/n

�16�

In addition, Peng and Brusseau (2005) have derived
the following equation for the AWI area estimation as:

AAWI D ASWI[1 C �˛�Sw � Sm��n]�m �17�

where Sw is the saturation coefficient (D �w/�s) and Sm

is the monolayer saturation (D 0Ð00062). It should be
noted that other similar equations have been previously
developed by researchers (Rockhold et al., 2004).

Numerical solutions

The numerical solution of unsaturated water flow is
obtained using the modified Picard iteration (Huang
et al., 1996). The bacterial transport equations are solved
by the Crank–Nicolson finite difference method and the
Thomas algorithm. The initial and boundary conditions
used for unsaturated water flow equations are:

h�z, 0� D h0 0 < z < L �18�

�K

[
∂h

∂z
� 1
]

zD0
D
{

qw at 0 < t � t0

0 at t > t0
�19�

∂h

∂z

∣∣∣∣
zDL

D 0 �20�

where h0 is the initial pressure head (L), L is the column
length and t0 is the duration of injection. The initial
and boundary conditions used for the bacterial transport
equations are:

C�x, 0� D 
r
s �x, 0� D 
ir

s �x, 0� D 	a�x, 0� D 0 �21�[
��wD

∂C

∂z
C qwC

]
zD0

D
{

qwC0 at 0 < t � t0

0 at t > t0

�22�

∂C

∂z

∣∣∣∣
zDL

D 0 �23�

where C0 is the influent bacterial concentration.

RESULTS AND DISCUSSION

Evaluation of AWI area models

To evaluate the AWI area models, the experimen-
tal data from Anwar et al. (2000) are used. They have
performed laboratory experiments in the unsaturated
columns packed with three glass beads (mean parti-
cle diameter: 0Ð25, 0Ð50 and 0Ð75 mm) using NaCl and
sodium dodecylbenzene sulfonate as tracers to determine
the AWI area in an unsaturated porous media. First, effec-
tive saturation (Se) versus pressure head (h) data from
Anwar et al. (2000) are analysed using RETC Code (van
Genuchten et al., 1991) to quantity the van Genutchen
parameters (˛, n, �s, �r). The fitted curves match well
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with the observed data (R2 D 0Ð99) as shown in Figure 1.
The fitted parameters are presented in Table I. The fitted
value of ˛ is in the range of 0Ð050–0Ð158, increasing
with increasing grain diameter. For n, the fitted value
is in the range of 6Ð8–13Ð0, decreasing with increasing
grain diameter. The fitted value of �r decreases as the
grain diameter increases in the range of 0Ð014–0Ð042. It
should be mentioned that �s is not fitted value but directly
from Anwar et al. (2000).

The fitted parameters given in Table I are used to
evaluate the applicability of the AWI area models to
the effective saturation (Se) versus specific AWI area
(AAWI) data from Anwar et al. (2000). The observed
data had a trend of increasing AAWI with decreasing
Se and larger AAWI with smaller particle diameter in a
given Se. The model from Niemet et al. (2002) gener-
ally follows the observed trend, increasing inAAWI with
decreasing Se (Figure 2(a)). But, the model does not
match well with the observed data of 0Ð25 (R2 D 0Ð64)
and 0Ð50 mm (R2 D 0Ð84), overestimating AAWI espe-
cially in low Se. For 0Ð75 mm, the model matches
well with the observed data. (R2 D 0Ð97). On the con-
trary, the model from Faulkner et al. (2003) decreases
in AAWI with decreasing Se, showing that the model
does not follow the observed trend (Figure 2(b)). In
the case of the model from Peng and Brusseau (2005),
AAWI remains constant with change of Se, indicating that
the model is not able to describe the observed trend
(Figure 2(c)).

In the model development of the AWI area model,
Niemet et al. (2002) have used the spherical pore analogy

Table I. Fitted parameters to effective saturation versus pressure
head data from Anwar et al. (2000)

Mean grain
diameter (mm)

˛ n �s �r

0.25 0Ð050 13Ð0 0Ð387 0Ð042
0.50 0Ð086 9Ð1 0Ð373 0Ð015
0.75 0Ð158 6Ð8 0Ð368 0Ð014

0

5

10

15

20

25

30

35

40

0.0 0.2 0.4 0.6 0.8 1.0

Effective saturation, Se

P
re

ss
ur

e 
he

ad
 (

cm
)

Experiment (0.25 mm)

Experiment (0.50 mm)

Experiment (0.75 mm)

Fitted curve

Figure 1. Fitted curves to effective saturation versus pressure head
data from Anwar et al. (2000) using RETC. The fitted parameters are

presented in Table I
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Figure 2. Fitted curves to effective saturation versus specific AWI area
data from Anwar et al. (2000) with the AWI model of: (a) Niemet et al.
(2002); (b) Faulkner et al. (2003); (c) Peng and Brusseau (2005). The

parameters used in the fitting are from Table I

for the specific pore geometry. They have mentioned that
their model is 1Ð5 times greater in the AWI area cal-
culation than that of Cary (1994) who used a capillary
tube (cylinder) analogy for the specific pore geometry.
Therefore, the original model of Niemet et al. (2002),
Equation (14), is modified in our study using the capil-
lary tube analogy as:

AAWI D 	wg�s




m

˛
[B�w, z� � Iu�w, z�] �24�

It should be noted that the modified model,
Equation (24), is 1Ð5 times smaller than the original
model Equation (14). The modified model is applied to
Se versus AAWI data from Anwar et al. (2000) as pre-
sented in Figure 3, indicating that the fitting results are
improved (0Ð25 mm: R2 D 0Ð96; 0Ð50 mm: R2 D 0Ð88)
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compared to Figure 2(a). However, R2 is lowered to 0Ð68
for the observed data of 0Ð75 mm. In our study, therefore,
Equation (24) is incorporated into the transport equation
to simulate bacterial movement in an unsaturated porous
media.

Application of transport model to column data

The bacterial transport equations are applied to fit
the column data of Wan et al. (1994), who performed
the breakthrough experiments using a column (30 cm
in length and 2Ð5 cm in diameter) packed with quartz
sand (size range: 212–315 μm in diameter). They have
examined the transport and attachment behaviours of
Arthrobacter sp. S139 (hydrophobic bacteria; size of
1Ð0 ð 0Ð8 μm) P. cepacia 3N3A (hydrophilic bacteria;
size of 1Ð3 ð 0Ð8 μm) in unsaturated and steady flow
conditions. The dry-bulk density and porosity of quartz
sand were 1Ð56 and 0Ð41 g/cm3, respectively. In the
experiments, bacterial cells (5Ð0E7 CFU/ml) suspended
in the artificial groundwater (ionic strength: 1Ð0 mM;
pH: 6Ð6) were introduced into the column inlet at the
pore–water velocity of 10 cm/h.

The model equations are applied to the breakthrough
data of P. cepacia 3N3A from Wan et al. (1994) with
three different air contents of 0% air (100% water
saturation), 15% air (85% water saturation) and 46% air
(54% water saturation). The fitting results are presented
in Figure 4. The fitted parameters are summarized in
Table II. For the model fitting, qw is calculated based
on the given pore–water velocity and water content.
In addition, the average value (D 0Ð02635 cm) of sand
particle size is used for dp to calculate ASWI. The model
is first fitted to 0% air data to determine the parameters
related to bacterial attachment on SWI (km

a , km
d , km

ir ), while
setting km

c to zero since no AWI is present at 0% air
content. The fitted breakthrough curve (BTC) agrees
well with the observed curve (R2 D 0Ð99). Note that ˛z

is also determined from the model fitting while DŁ is
neglected in the calculation of D. Second, the model
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Figure 3. Fitted curves to effective saturation versus AWI area data from
Anwar et al. (2000) with the modified AWI model of Niemet et al. (2002).

The parameters used in the fitting are from Table I

is fitted to 15% air data to determine the parameter
related to bacterial attachment on AWI (km

c ) while using
km

a , km
d and km

ir determined from 0% air data. In the model
fitting, km

c is determined to be 5Ð5E-7 cm/s while AAWI

is quantified to be 11Ð9 cm2/cm3 from Equation (24).
The fitted BTC matches well with the observed one
(R2 D 0Ð99).

Finally, the model is fitted to 46% air data to determine
the applicability of the bacterial transport model to
the observed data. In the model fitting, km

a , km
d and km

ir
determined from 0% air data are used for bacterial
attachment on SWI. For bacterial attachment on AWI, km

c
determined from 15% air data is applied. Only parameter
value different from the case of 15% air data is AAWI.
Since air content varies from 15 to 46%, the calculated
value of AAWI changes from 11Ð9 to 57Ð0 cm2/cm3.
The fitted BTC matches well with the observed one
(R2 D 0Ð99), even though only AAWI changes in the model
fitting. It indicates that the transport model is successful
at describing the observed bacterial transport data in an
unsaturated porous media.

Table II. Fitted parameters to breakthrough data for P. cepacia
from Wan et al. (1994)

Parameter 0% air 15% air 46% air

˛z (cm) 0Ð281 0Ð281 0Ð281
qw (cm/s) 1Ð195E-3 1Ð015E-3 6Ð450E-4
dp (cm) 0Ð02635 0Ð02635 0Ð02635
�w 0Ð430 0Ð365 0Ð232
�s 0Ð430 0Ð430 0Ð430
	b �g/cm3� 1Ð65 1Ð65 1Ð65
km

a (cm/s) 4Ð8E-8 4Ð8E-8 4Ð8E-8
km

d (cm/s) 2Ð8E-8 2Ð8E-8 2Ð8E-8
km

ir (cm/s) 2Ð3E-8 2Ð3E-8 2Ð3E-8
ASWI �cm2/cm3� 65Ð02 65Ð02 65Ð02
km

c (cm/s) 0 5Ð5E-7 5Ð5E-7
AAWI �cm2/cm3� 0 11Ð9 57Ð0
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Figure 4. Modelling fitting to breakthrough data for P. cepacia from Wan
et al. (1994) with the bacterial transport model. The fitted parameters are

presented in Table II
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Simulation under unsaturated and transient flow
conditions

The model simulations are performed to demonstrate
bacterial transport in three different soils under unsatu-
rated and transient flow conditions. The soil types used in
the simulation include sand, loamy sand and sandy loam.
The parameters used in the simulation are summarized in
Table III. The parameters related to soil characteristics
are the class average values for USDA textural classes,
which are obtained from the literature: �r , �s, ˛, n, Ks

(Schaap et al., 2001) and dp (Shirazi et al., 2001). In
addition, the parameters related to the bacterial attach-
ment on SWI and AWI are from Table II. In the sim-
ulations, bacteria is injected into the column (30 cm in
length) as a pulse input (t0 D 1Ð0 h) while water is intro-
duced continuously at a flow rate of 4Ð0E-4 cm/s.

The simulation results at 2 h after start of simula-
tion are illustrated in Figure 5. As shown in Figure 5(a),
the soils show different water infiltration profiles. Water
infiltrates to a farther distance in sand than in other
soil types. At a given depth, sandy loam has the
higher specific AWI area than other soils (Figure 5(b)).
Figure 5(c) demonstrates that bacteria migrate to a far-
ther distance in sand than in other soils. Depend-
ing on the soil types and water content, bacteria can

Table III. Parameters used for bacteria transport simulation in
unsaturated and transient flow conditions

Texture
class

Sand Loamy
sand

Sandy
loam

0Ð053 0Ð049 0Ð039
�s 0Ð375 0Ð390 0Ð387
˛ 0Ð0352 0Ð0348 0Ð0267
n 3Ð177 1Ð746 1Ð449
Ks (cm/s) 7Ð439E-3 1Ð218E-3 4Ð43E-4
qw (cm/s) 4Ð0E-4 4Ð0E-4 4Ð0E-4
˛z (cm) 0Ð5 0Ð5 0Ð5
dp (cm) 0Ð01156 0Ð00751 0Ð00415
h0 (cm) �10,000 �10,000 �10,000

a �s, ˛, n, Ks, dp: Class average values for USDA textural classes.

travel to different depths in unsaturated soils. The trans-
port model can describe the distribution of the spe-
cific AWI area as water infiltrates into soils and sim-
ulate bacterial transport and attachment in unsaturated
soils.

It should be noted that the model equations used in
our study implicitly assume that AWI is static. There
is still some debate in the literature, however, regarding
the nature of AWI during flow in an unsaturated porous
media. The nature of these interfaces (eg. static, like the
wall of a capillary tube, or dynamic, like the surface
of a flowing river) obviously has some bearing on how
they should be modelled. Recent experimental work of
Torkzaban et al. (2006), who have observed the role of
AWI on the retention of bacteriophage on porous media
using column experiments, reported that virus attached
to AWI under unsaturated conditions could be recovered
at the effluent by resaturation of the column. Therefore,
further study should be focused on how to relate this
characteristic of AWI to the transport modelling of
colloids/biocolloids in an unsaturated porous media.

CONCLUSIONS

The mathematical model is presented to simulate bacterial
transport in an unsaturated porous media. The modified
form of the AWI area model from Niemet et al. (2002) is
incorporated into the bacterial transport model to describe
the influence of the AWI area on the transport of bacteria
in an unsaturated porous media. The bacterial transport
model is used to fit the bacterial breakthrough data in
an unsaturated porous media from the literature, and the
results demonstrate that the model matches well with the
observed data at three different air contents by varying
the specific AWI area. Simulations are performed to
examine the bacterial transport in three different soils
under unsaturated and transient flow conditions. The
results illustrate that bacteria can travel to different depths
in unsaturated soils depending on the soil types and water
content. Even if the predictive model presented in this
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Figure 5. Simulation of bacterial transport in unsaturated and transient flow conditions in sand, loamy sand (L sand) and sandy loam (S loam) at 2 h
after start of simulation: (a) water content profiles; (b) distribution of specific AWI area; (c) bacterial concentration profiles. The parameters used in

the simulation are in Table III
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study is not comprehensive, it will help to understand
bacterial transport behaviour in an unsaturated porous
media.
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Determination of bacterial mass recovery in iron-coated
sand: Influence of ionic strength

CHANG-GU LEE, SEONG-JIK PARK, HYON-CHONG KIM, YONG-UN HAN and SONG-BAE KIM

Environmental Biocolloid Engineering Laboratory, Program in Rural System Engineering, Seoul National University, Seoul, Korea

Column experiments were performed in this study to investigate the influence of ionic strength on the mass recovery of Escherichia
coli in iron-coated sand. The first set of the experiments was performed in the coated sand under various NaCl concentrations. The
second experiments were carried out in the coated sand under various NaCl concentrations with a fixed phosphate concentration.
Bacterial mass recoveries were quantified from breakthrough curves. The mass recoveries were compared with those obtained from
the experiments in quartz sand under the same ionic strength/composition. Experimental results show that the mass recovery in
quartz sand decreased from 76.7 to 9.2% with increasing effective ionic strength (Ie) from 0 to 149.4 mM using NaCl. In the coated
sand, however, the mass recovery remained constant in the range between 2.7 and 3.7% even though Ie increased in the same range.
This indicates that bacterial adhesion to the coated sand may not be affected by ionic strength in the presence of NaCl. Results also
illustrate that the mass recovery in quartz sand decreased from 64.7 to 13.3% with increasing Ie from 0.97 to 149.6 mM using NaCl
under a fixed phosphate concentration (0.97 mM as Ie). In the coated sand, the mass recovery increased sharply to 58.5% in 0.97
mM phosphate concentration compared to the case in deionized water (3.0%). This indicates that in the coated sand bacterial mass
recovery can increase due to the presence of phosphate. In addition, the mass recovery in the coated sand decreased from 58.5 to 6.7%
with increasing Ie from 0.97 to 149.6 mM using NaCl under a fixed phosphate concentration (0.97 mM as Ie). This demonstrates that
bacterial adhesion to the coated sand may be influenced by ionic strength in the presence of phosphate.

Keywords: Bacteria transport, iron-coated sand, Escherichia coli, ionic strength, adhesion.

Introduction

Recently, the interaction between bacteria and metal-oxide
media in environmental systems has attracted considerable
attention in two respects. The first is related to bacteria
transport through aquifers which have surface charge het-
erogeneities due to the presence of the positively charged
metal (Fe, Al, Mn) oxides at circumneutral pH conditions.
Thus, negatively-charged bacteria may favorably attach to
the positively charged surfaces of aquifer sediments.[1−6]

The second concerns the enhanced removal of bacteria in
water filtration systems through the surface charge modifi-
cation of granular media with metal oxyhydroxide.[7−9]

The attachment and transport of bacteria in positively
charged porous media have been investigated by several
researchers.[10−14] These studies have looked at the transport
of Arthrobacter sp. through iron-coated media in column
experiments,[15] adsorption of groundwater bacteria on
iron-oxyhydroxide-coated sand in batch experiments with

Address correspondence to Dr. Song-Bae Kim, Associate Pro-
fessor, Seoul National University, Seoul, 151-921 Korea; E-mail:
songbkim@snu.ac.kr
Received January 5, 2008.

different contents of coated sand,[16] transport of ground-
water bacteria through iron-oxyhydroxide-coated sand un-
der various spatial distributions of coated sand,[17] adhesion
of eight bacterial strains on the surfaces of metal oxides,[18]

and transport of Escherichia coli through columns packed
with various contents of goethite-coated sand.[19] These
studies have shown that during bacteria transport through
geochemically heterogeneous porous media their attach-
ment to the media may depend on the content of metal
oxyhydroxide-coated media and solution condition.

The deposition and transport of bacteria through porous
media can be affected by the properties of porous media
(e.g., surface charge, grain size), characteristics of bacte-
ria (e.g., cell surface charge, hydrophobicity), and solu-
tion chemistry (e.g., pH, ionic strength).[20,21] Regarding
the effect of ionic strength on bacterial adhesion, several re-
searchers have investigated in various porous media includ-
ing in sandy aquifer materials,[20] quartz sand,[21−23] and sil-
ica gel.[24] These studies indicate that bacterial adhesion to
those porous media increases with increasing ionic strength

According to the DLVO theory, increasing ionic con-
centration of carrying solution leads to a decrease in the
thickness of the electrical double layers and in the average
distance between surfaces carrying like-charges, resulting
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Determination of bacterial mass recovery in iron-coated sand 1109

in the enhancement of bacterial attachment to the surfaces.
Regarding the effect of the ionic strength on bacterial ad-
hesion to positively-charged surfaces, however, Yee et al.[25]

have shown that the adsorption of Bacillus subtilis to corun-
dum (Al-oxide mineral) decreased with increasing ionic
strength while Bolster et al.[26] have reported that the im-
pact of the ionic strength on the attachment of groundwater
bacteria to metal oxyhydroxide-coated sands was minimal.

Based on these literature reviews, column experiments
were performed to investigate the influence of ionic strength
on bacterial adhesion to iron-coated sand. Escherichia coli
was used in this experiment because it is widely used as an
indicator organism for bacterial contamination of water re-
sources. The first set of the experiments was performed in
the coated sand under various NaCl concentrations. The
second experiments were carried out in the coated sand un-
der various NaCl concentrations of solution with a fixed
phosphate concentration. Bacterial breakthrough curves
were obtained by monitoring effluent, and then mass re-
coveries were quantified from these curves. These data were
compared with those obtained from the experiments in
quartz sand under the same ionic strength/composition.

Materials and methods

Bacteria and culture preparation

E. coli ATCC 11105 (Figure 1) obtained from the Korea
Culture Center for Microorganisms was used in the exper-
iment. All glassware and materials used in this study were
sterilized by autoclaving at 121◦C and 17.6 psi for 20 min to
prevent any interference by other microorganisms. Initially,
the freeze-dried bacteria were revived in 250 mL Erlenmeyer

Fig. 1. A TEM image of Escherichia coli ATCC 11105 used in the
experiment.

flasks containing 100 ml of LB medium (tryptone 10 g, yeast
extract 5 g, NaCl 5 g in 1 L of deionized water at pH of 7.0)
over a period of 84 h. Then, 1 mL of culture was trans-
ferred to a volume of 500 mL LB broth, and the bacteria
were incubated over a period of 84 h at 30◦C.

The suspension was centrifuged at 4◦C and 10,000 rpm
for 15 min. The supernatant was removed and replaced
with deionized (DI) water to prevent growth of the bacte-
ria. Then, the diluted bacteria were centrifuged again under
the same conditions. The centrifuged bacteria were washed
three times with DI water and resuspended in DI water to
an optical density of 0.5 at 600 nm (OD600). Transmission
electron microscopy (JEM 1010, JEOL, Japan) was used
to take images of E. coli cells. The images were imported
into an image-processing program (Image-Pro Plus) and
analyzed. The average length and diameter of E. coli were
2.2 μm and 0.6 μm, respectively, which corresponded to an
equivalent spherical diameter of 1.21 μm. The net surface
electrostatic characteristics of cells were analyzed with an
Electrophoretic Light Scattering Spectrophotometer (ELS-
8000, Otsuka Electronics, Japan). Electrophoretic mobility
was determined for the bacterial surface (pH = 6.8, temp. =
25◦C, ionic strength ≈ 0 mM) and converted to zeta poten-
tials using the Smoluchowski equation. The zeta potential
of E. coli was determined to be −51 ± 6 mV.

Porous media

Quartz sand (Jumunjin Silica, Kangreung, Korea) was used
in the experiments. Mechanical sieving was conducted with
US Standard Sieves (Fisher Scientific) Nos. 35 and 10. Sand
fractions with a grain size of 0.5–2.0 mm and a mean diame-
ter of 1.0 mm were used to prepare iron-coated sand. Before
use, sand was washed twice using DI water to remove impu-
rities on the surface, and wet sand was autoclaved for 20 min
at 17.6 psi, cooled to room temperature, and oven-dried at
105◦C for 1–2 days. For the preparation of the coated sand,
FeCl3•6H2O (5.5 g) was dissolved in DI water (100 mL),
and the solution pH was adjusted with 6N NaOH. The
quartz sand (200 g) was added to the FeCl3•6H2O solution
and then mixed in a rotary evaporator (HAHNVAPOR,
Hahnshin Scientific Co., KOREA) to remove water in the
suspension (90◦, 80 rpm, 20 min). The coated sand was
dried at 150◦ for 6 h, washed with DI water, and then dried
again at the same conditions. Scanning electron microscopy
(SEM) analysis along with Energy Dispersive X-ray Spec-
trometer (EDS) analysis were performed using a scanning
electron microscope (JSM 5410LV, JEOL, Japan) to exam-
ine the presence of Fe on the coated sand. SEM images
and EDS patterns of quartz sand and the coated sand were
provided elsewhere.[27]

Column experiment

Two sets of column experiments were performed to examine
the effect of ionic strength on the transport of E. coli using
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1110 Lee et al.

a Plexiglas column with a diameter of 2.5 cm and a height
of 30 cm. In the experiment, ionic strength of leaching so-
lution was adjusted to a desired value with NaCl and/or
phosphate. The effective ionic strengths (Ie) of NaCl in the
first set of experiments were 0 (DI water), 76.4 (100), and
149.4 (200) mM. Note that the number in the parenthesis
is the stoichiometric ionic strength (I). In the second ex-
periments, the values of Ie for NaCl were 16.5 (19), 75.7
(99), and 148.6 (199) mM and for phosphate 0.97 (1.0)
mM. The phosphate solution was composed of KH2PO4
and K2HPO4. The values of Ie can be calculated with the
following expression:[28]

Ie = 1
2

∑
(γimiz2

i ) (1)

where γi is the activity coefficients of ion i, mi is the concen-
tration of ion i, and zi is the charge of ion i. The effective
ionic strength (Ie) can be corrected from the stoichiometric
ionic strength (I) using the activity coefficient of each ion,
which is calculated by the Debye-Hückel equation (Eq. 2, if
I < 100 mM) or Davies equation (Eq. 3, if I > 100 mM):[28]

log γi = −Az2
i

√
I

1 + Bai
√

I
(2)

log γi = −Az2
i

( √
I

1 + √
I

− 0.3I

)
(3)

where ai is the ion size parameter. At 25◦C, A and B,
temperature-dependent parameters, corresponds to 0.5092
and 0.3293, respectively.

The first set of experiments (Exp 1a–1f) was conducted
to observe the impact of NaCl on bacteria transport in the
coated sand and quartz sand. A column was packed for each
experiment by the tap-fill method to attain a bulk density of
1.572 ± 0.022 g/cm3 and a porosity of 0.407 ± 0.008. The
column was connected to a pump (QG400, FASCO, USA)
operating at a rate of 0.5 mL/min. Prior to the experiments,
the packed column was flushed upward with 8–10 pore vol-
umes of leaching solution until the column effluents were
clear and a steady state flow condition was established. The
column experiment was performed by injecting bacteria so-
lution of 0.5 OD600 downward for 60 min with a flow rate of
0.5 mL/min. After completing injection of the tracer, leach-
ing solution was introduced again. Effluent samples were
collected using an auto collector (Retriever 500, TELE-
DYNE, USA) at a regular interval and analyzed for bac-
terial concentration along pH. Bacterial concentration was
determined by measuring the optical density of the efflu-
ent using a UV-visible spectrophotometer (Helios, Thermo,
USA) at 600 nm (OD600) and pH with a pH probe (9107BN,
Orion, USA). The second set of experiments (Exp. 2a–2h)
was performed to examine the influence of phosphate and
NaCl on bacterial transport in the coated sand and quartz
sand. The second experiments used the same procedure as
the first. The bulk density and porosity of columns were

1.582 ± 0.002 g/cm3 and 0.403 ± 0.001, respectively, and
the applied flow rate was 0.5 mL/min.

Data analysis

Assuming that bacterial growth and decay are negligible,
the one-dimensional bacteria transport can be described
as:[29]

∂Ci

∂t
= Di

∂2Ci

∂x2
− vi

∂Ci

∂x
− λCi (4)

where Ci is the bacterial concentration in the aqueous phase,
Di is the hydrodynamic dispersion coefficient for bacteria, vi
is the velocity for bacteria, and λ is the attachment rate co-
efficient (1/T). Parameters in the transport models were ob-
tained by fitting the CXTFIT code[30] to the breakthrough
data. The mass recoveries (Mr ) of bacteria in the effluent
were quantified by the following equation:

Mr =

⎛
⎜⎜⎜⎝

∞∫
0

Cdt

C0t0

⎞
⎟⎟⎟⎠ × 100(%) (5)

where C0 is the initial concentration of bacteria, and t0 is
the duration of bacterial injection (injection time).

Results and discussion

Bacteria breakthrough curves

The breakthrough curves (BTCs) from the experiments (pH
6.9–7.3) in quartz sand and iron-coated sand under various
NaCl concentrations are given in Figure 2. In quartz sand,
the BTCs had well-defined single peaks with the relative
peak concentrations ranging from 0.139 to 0.648, decreas-
ing with increasing ionic strength. In the coated sand, the
BTCs also had well-defined single peaks with the relative
peak concentrations ranging from 0.037 to 0.041. In the
presence of NaCl, the relative peak concentrations in the
coated sand remained constant even with increasing ionic
strength.

The BTCs from the column experiments (pH 6.9–7.3) in
quartz sand and the coated sand under various NaCl con-
centrations with a fixed phosphate concentration are given
in Figure 3. In quartz sand, the relative peak concentrations
were in the range from 0.139 to 0.417, decreasing with in-
creasing ionic strength. In the coated sand, the relative peak
concentrations were in the range from 0.062 to 0.463. In the
presence of phosphate and NaCl, the relative peak concen-
trations in the coated sand decreased with increasing ionic
strength.

Transport parameters (vi and Di) obtained by the model
fit from the bacterial BTCs in the first and second ex-
periments were 0.273 ± 0.010 cm/min and 0.107 ±
0.052 cm2/min, respectively (Tables 1 and 2). The value
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Determination of bacterial mass recovery in iron-coated sand 1111

Fig. 2. Bacterial breakthrough curves and model fits in (a) quartz
sand (1a–1c) and (b) iron-coated sand (1d–1f) under various NaCl
concentrations (effective ionic strength).

of pore-water velocity (v) estimated from the flow rate us-
ing the relationship v = q/n, where q and n are the Darcian
flux and porosity, respectively, was 0.246 ± 0.003 cm/min,
which is slightly lower than vi from the bacterial BTCs. The
attachment rate coefficient (λ) ranged from 0.0030 to 0.0344
1/min (Table 1 and 2), varying considerably depending on
the ionic strength/composition.

Effect of ionic strength in the presence of NaCl

As presented in Table 1, bacterial mass recovery in quartz
sand (Exp 1a–1c) decreased with increasing ionic strength
using NaCl (Figure 4). The mass recovery ranged from
76.7 to 9.2% with increasing Ie from 0 to 149.4 mM. This
result is consistent with the reports of other researchers
who have observed the same phenomenon in the experi-
ments with groundwater bacteria in quartz sand[21,31] and
Pseudomonas aeruginosa in quartz sand.[23] Bolster et al.[26]

have reported that the maximum attainable surface cover-
age of bacteria on quartz sand and bacterial attachment

Fig. 3. Bacterial breakthrough curves and model fits in (a) quartz
sand (2a–2d) and (b) iron-coated sand (2e–2h) under various
NaCl concentrations with a fixed phosphate concentration (ef-
fective ionic strength).

to the media increased with increasing ionic strength of
solution.

The enhancement of bacterial adhesion to quartz sand
with increasing ionic strength can be explained by the
DLVO theory. At circumneutral pH, the electrical charges
of both bacteria and quartz sand are negative.[32] Thus, in-
creasing ionic concentration of leaching solution with NaCl
leads to a decrease in the thickness of the electrical double
layers and in the average distance between bacteria and
quartz sand surfaces, and it subsequently results in the pro-
motion of bacterial attachment to quartz sand.

In the coated sand (Exp 1d–1f), however, the mass recov-
ery remained constant with increasing ionic strength using
NaCl (Figure 4). Even though Ie increased from 0 to 149.4
mM, the mass recovery was in the range between 2.7 and
3.7% (Table 2). Our result is conformable to the study of
Bolster et al.[26] who have reported that even though ionic
strength of solution increased from 10 to 100 mM with
KCl, bacterial attachment to iron-coated sand showed min-
imal change due to the absence of repulsive barrier between
positively-charged coated sand and negatively-charged
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1112 Lee et al.

Table 1. Experimental conditions and results in quartz sand and iron-coated sand under various NaCl concentrations (effective ionic
strength).

Exp Media Ionic composition/strength (mM) Mr (%) vi (cm/min) Di (cm2/min) λ (1/min) R2

1a quartz deionized water 76.7 0.263 0.086 0.0030 1.00
1b quartz NaCl (76.4) 17.7 0.279 0.129 0.0149 0.98
1c quartz NaCl (149.4) 9.2 0.267 0.207 0.0196 0.98
1d iron-coated deionized water 3.0 0.286 0.058 0.0344 0.91
1e iron-coated NaCl (76.4) 2.7 0.282 0.049 0.0339 0.90
1f iron-coated NaCl (149.4) 3.7 0.264 0.096 0.0296 0.97

Note: Mr = mass recovery; vi = velocity; Di = hydrodynamic dispersion coefficient; λ = attachment rate coefficient.

bacteria. They have also reported that surface coatings of
quartz sand with metal oxyhydroxides increased the maxi-
mum attainable surface coverage of bacteria on the media,
but increasing ionic strength resulted in the slight decrease
of the maximum attainable surface coverage.

According to other studies,[25,33,34] adhesion of
negatively-charged biocolloids to positively-charged media
may be reduced with increasing ionic strength due to
shielding effect. That is, increase of salt concentration may
shield the surface charges of both negatively-charged bio-
colloids and positively-charged coated sand and decrease
the electrostatic attraction between them, possibly resulting
in the reduction of biocolloidal adhesion (increase in mass
recovery). In our experiment, however, the mass recovery
in the coated sand was not influenced by increasing ionic
strength using NaCl, which is not conformable to the
shielding effect. This may be attributed to the inner-sphere
complexes between E. coli and the coated sand surfaces.
E. coli has many carboxyl (COOH) groups on its outer
membrane,[35] and thus it may adsorb to the coated sand by
the inner-sphere complex,[36] which has minimal influence
from ionic strength.

Effect of ionic strength in the presence of phosphate and
NaCl

The mass recovery in quartz sand (Exp 2a–2d) decreased
with increasing ionic strength using NaCl under a fixed

Table 2. Experimental conditions and results in quartz sand and iron-coated sand under various NaCl concentrations with a fixed
phosphate concentration (effective ionic strength).

Exp Media Ionic composition/strength (mM) Mr (%) vi (cm/min) Di (cm2/min) λ(1/min) R2

2a quartz phosphate (0.97) 64.7 0.277 0.376 0.0050 0.94
2b quartz phosphate (0.97) + NaCl (16.5) 50.5 0.267 0.148 0.0064 0.95
2c quartz phosphate (0.97) + NaCl (75.7) 20.2 0.268 0.103 0.0134 0.98
2d quartz phosphate (0.97) + NaCl (148.6) 13.3 0.267 0.079 0.0171 0.99
2e iron-coated phosphate (0.97) 58.5 0.274 0.159 0.0057 0.98
2f iron-coated phosphate (0.97) + NaCl (16.5) 31.4 0.262 0.163 0.0105 0.88
2g iron-coated phosphate (0.97) + NaCl (75.7) 8.3 0.279 0.066 0.0211 0.98
2h iron-coated phosphate (0.97) + NaCl (148.6) 6.7 0.294 0.030 0.0266 0.94

Note: Mr = mass recovery; vi = velocity; Di = hydrodynamic dispersion coefficient; λ = attachment rate coefficient.

phosphate concentration (Figure 5). As Ie increased from
0.97 to 149.6 mM, the mass recovery decreased from 64.7 to
13.3% (Table 2). The impact of ionic strength in the presence
of both phosphate and NaCl is similar to the case of NaCl
only (Exp 1a–1c).

The mass recovery in the coated sand (Exp 2e–2h) also
decreased from 58.5 to 6.7% with increasing Ie from 0.97
to 149.6 mM using NaCl under a fixed phosphate concen-
tration (0.97 mM as Ie). In the coated sand, however, the
addition of 0.97 mM phosphate to NaCl leaching solution
generates different response (mass recovery) from the case
of NaCl only (Exp 1d–1f). As illustrated in Figure 5, the
mass recovery in DI water (0 mM) was 3.0% in the coated
sand (Exp 1d) while it increased sharply to 58.5% in the
presence of 0.97 mM phosphate (Exp 2e), indicating that
bacterial mass recovery can increase due to the presence of
phosphate. This can be attributed to the hindrance effect of
phosphate on bacterial adhesion to the coated sand. Phos-
phate adsorbs strongly on the oxides of Al,[37−39] Fe[40−42]

and Mn[43,44] via surface complexation and precipitation.
In our experiments, phosphate introduced into the coated
sand column prior to bacterial injection might preoccupy
the adsorption sites, which decreases the positively charged
surface sites on the coated sand, resulting in the decrease of
the favorable adsorption sites for negatively charged bac-
teria. Furthermore, phosphate introduced simultaneously
during ba cterial injection might compete for the adsorption
sites with bacteria, resulting in the reduction of bacterial
adhesion.
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Determination of bacterial mass recovery in iron-coated sand 1113

Fig. 4. Bacterial mass recoveries in quartz sand and iron-coated
sand under various NaCl concentrations. DI denotes deionized
water, and N NaCl. The number in parenthesis is the effective
ionic strength (mM).

In addition, the mass recovery in the coated sand grad-
ually decreased with increasing Ie from 0.97 to 149.6 mM
using NaCl under a fixed phosphate concentration (Exp
2e–2h). Note that the mass recovery remained constant in
the coated sand when Ie increased from 0 to 149.4 mM
using NaCl only (Exp 1d–1f). This demonstrates that bac-
terial adhesion to the coated sand can be influenced by ionic
strength in the presence of phosphate. Phosphate may neu-
tralize the positively charged surfaces of the coated sand

Fig. 5. Bacterial mass recoveries in quartz sand and iron-coated
sand under various NaCl concentrations with a fixed phosphate
concentration. DI denotes deionized water, P phosphate (= 0.97
mM), and N NaCl. The number in parenthesis is the effective
ionic strength (mM).

by adsorbing to the surfaces. The electrostatic interaction
between bacteria and phosphate-adsorbed coated sand sur-
faces may become less attractive. Thus, increasing ionic
strength of leaching solution using NaCl in the presence
of phosphate may enhance the compression of the electri-
cal double layers between bacteria and phosphate-adsorbed
coated sand, promoting bacterial retention to the coated
sand.

Conclusions

The mass recoveries of bacteria were determined in iron-
coated sand and quartz sand as a function of ionic strength.
Experimental results show that the mass recovery in quartz
sand decreased with increasing ionic strength using NaCl
while it remained constant in the coated sand. Results also
illustrate that the mass recovery in quartz sand decreased
with increasing ionic strength using NaCl in the presence of
phosphate. In the coated sand, the mass recovery increased
sharply in the presence of phosphate compared to the case
in deionized water. In addition, the mass recovery in the
coated sand decreased with increasing ionic strength using
NaCl in the presence of phosphate. This demonstrates that
bacterial adhesion to the coated sand can be influenced by
ionic strength in the presence of phosphate.
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Abstract A pilot study of the natural and ecological

wastewater treatment system (NEWS) was performed to

treat sewage in decentralized small rural communities

in Korea. The absorbent-biofilter system (ABS) provided

secondary level pretreatment and demonstrated high

removal efficiency especially for SS and BOD5 showing

88.5 and 82.9%, respectively. The influent and effluent

concentrations of TN were 42.1 and 26.2 mg L-1,

respectively, with the removal efficiency of 37.8%. In

case of TP, the removal efficiency was 45.1% with the

influent and effluent concentrations of 3.1 and 1.7 mg L-1.

The ABS effluent could not meet the effluent standards,

and the further treatment was required. The subsequent

up- and down-flow constructed wetland (UDCW) pro-

vided further polishing of the ABS effluent and

demonstrated effective removal of nutrients as well as SS

and BOD5 with over 70% removal rates. Overall perfor-

mance of the NEWS, which was composed of ABS and

UDCW, demonstrated remarkably high removal rates for

BOD5 ([95.7%), SS ([97.5%), TN ([91.8%) and TP

([90.1%) and met all the effluent standards stably inde-

pendent of temperature and influent loading in the

experimental range. The UDCW used light and porous

granular substrate ([ 5–10 mm, specific gravity of 1.2)

with large surface area, and clogging problem was not

observed during the study period. The system was cost

effective and required minimal maintenance and negligi-

ble amount of electricity, and problems associated with

noise, odor, files, and sludge were not observed. Consid-

ering characteristics of decentralized wastewater treatment

systems, the NEWS system was found to be a practical

alternative and its application is recommended up to

300 m3 day-1. The NEWS system has an economic

problem above 300 m3 day-1, because of complicated

equipment, higher operation costs, and maintenance spe-

cialists. The NEWS system was coast effective and

required minimal maintenance and negligible amount of

electricity, and problems associated with noise, odor, files,

and sludge were not observed.

Keywords Decentralized wastewater treatment system �
Constructed wetland � Absorbent-biofilter �
Effluent standards � Pollutant removal

Introduction

Korea is a densely populated country and rural communi-

ties and large cities are located in close proximity to one

another, and therefore pollutant discharge from rural areas

can affect the water supply of large human populations. As

of 2004, about 78% of domestic wastewater (23 mil-

lion ton day-1) is collected and treated by 294 public

sewer systems, but they are installed mostly in large cities.

It is scheduled to install over 1,200 small decentralized
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treatment systems in rural area by 2015 to improve overall

national sanitary system (MOE 2004).

Wastewater discharged into the aquatic environment

can contaminate surface and ground water, degrading

the quality of drinking water supplies. The conventional

wastewater treatment plants can be applied to treat

wastewater in densely populated urban areas while

decentralized wastewater treatment system can be used to

treat relatively small volume of wastewater generated from

rural dwellings. Decentralized wastewater treatment sys-

tems are individual on-site or clustered wastewater systems

used to treat wastewater from individual dwellings or small

communities. Among the systems, the septic system is

most commonly used to treat sewage and wastewater. In

the septic system, a raw sewage is treated biologically in

the septic tank under the anaerobic condition and subse-

quently discharged to leaching field or tile bed for further

aerobic treatment (Butler and Payne 1995). Decentralized

wastewater treatment systems are recognized as potentially

viable, low-cost, and long-term methods for waste-

water treatment under appropriate design and operation.

Recently, optimization of the onsite systems attracts con-

siderable attention after recognition of their impacts on

water quality.

In wastewater treatment, biological treatment processes

are considered to be more efficient and less expensive than

physical and/or chemical processes (Cohen 2001). In bio-

filtration, wastewater can be treated while flowing through

filter medium where microorganisms are immobilized. The

treatment of wastewater with biofiltration has been studied

by many researchers under various conditions (Yap et al.

1992; Hu et al. 1993; Lowengart et al. 1993; Diab et al.

1993; Le Bihan and Lessard 1998; Kwun et al. 2000;

Villaverde et al. 2000), including treatment of septic tank

effluent using a horizontal subsurface biofilter (Netter et al.

1993), development of biofilter system with wheat straw

for irrigation water treatment (Avnimelech et al. 1993),

application of submerged aerated biofilter to treat hazard-

ous landfill leachate in a bench scale (Smith 1995),

development of a peat-based biofilter for on-site waste-

water treatment (Talbot et al. 1996), dynamic simulation of

submerged biofilters using a mathematical model (Jacob

et al. 1997), treatment of flushed swine wastes with upflow

aerated biofilters (Westerman et al. 2000), biofilter treat-

ment of an eel culture pond water for reuse (Yang et al.

2001), and biological treatment of domestic wastewater

with floating filter media (Xie et al. 2004).

Constructed wetlands are used all over the world as

wastewater treatment systems for small communities

because they can provide high treatment efficiency with

low energy consumption and low construction, operation

and maintenance costs (Turon et al. 2005). However, they

have potential problems such as clogging and low nutrient

removal efficiency. The worldwide experience showed that

average effluent concentration for BOD5, SS, TN, and

TP was 16.0, 18.1, 26.9, and 5.15 mg L-1, respectively

(Vymazal 2005). While the current effluent standard in

Korea for them is 10, 10, 20, and 2 mg L-1, respectively

(MOE 2003), and conventional constructed wetlands alone

may not be adequate to meet the standards consistently. In

this study, a natural and ecological wastewater treatment

system (NEWS) was developed using up- and down-flow

type constructed wetland (UDCW) following secondary-

level treatment with absorbent-biofilter for decentralized

wastewater treatment in Korea.

Materials and methods

Pretreatment by absorbent-biofilter system (ABS)

The ABS, an intermittent flow aerobic biofilter with high-

hydrophilic filter media, was developed to provide sec-

ondary-level treatment. The effluent of ABS was almost

same amount, although intermittent inflow was used.

Therefore, UDCW system was operated continuous plug

flow method. The volume of the ABS was approximately

3.5 m3 (1.5 m diameter, 2 m height, and 1.2 m filter depth)

and substrate supporting plate was placed to prevent sub-

strate condensation (Fig. 1). A small ventilation fan was

installed with circulation pipe outside the container, which

provided forced ventilation at the rate of 110 L s-1 con-

tinuously to keep the system aerobic. The system contained

flexible melamine foam of light and small cube as filter

media with 4 cm each side and its appearance was similar to

a common sponge (Table 1). Their characteristics include

high-hydrophilic, high-strength, large-active surface area,

and low-specific gravity. The wastewater was intermittently

sprayed onto the top of filter where it was absorbed by

capillary action and degraded by attached microorganisms

within the media. The experimental system was installed at

Rural Research Institute in Ansan, Korea, and the hydraulic

loading rate was 4.3–8.6 m3 m-2 day-1. Various hydraulic

loading rates were tested for the stability of NEWS opera-

tion, and the performances were similar good condition

from 4.3 to 8.6 m3 m-2 day-1.

Up- and down-flow constructed wetland (UDCW)

An experimental UDCW consisted of ten compartments

where wastewater flowed upward and downward through

the substrate as shown in Fig. 1. Each compartment vol-

ume was about 1.5 m3 (1 m length, 1.5 m width, and 1 m

depth), and total length was 10 m. The experimental wet-

land structure was made with concrete, and stair-like
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elevation drop (10 cm) was provided for every two com-

partments to maintain free flow considering head loss. In

this study, the substrate of wetland was a volcanic tuff and

yellow Russian iris (Iris pseudoacoru L.) was planted. The

substrate was porous granular material having diameter of

5–10 mm, specific gravity of 1.2, porosity of 60%, and

bulk density of 450 kg m-3. The ABS effluent was used as

an influent to the UDCW in continuous operation, and

hydraulic loading rate and hydraulic residence time was

6.5 m3 m-2 day-1 and 12 days, respectively. The whole

treatment system was housed by polycarbonate glass

structure where natural solar radiation provided heating

without any supplemental heating. The NEWS system

composed of ABS and UDCW designed to treat wastewater

in decentralized rural communities (Fig. 1).

Analytical method

Samples of influent and effluent water from the ABS and

UDCW systems were taken in same time. After almost

1 year stabilization period of the NEWS system, samples

of each stage were taken biweekly from September 2004 to

August 2005 and analyzed for ten water quality parame-

ters: temperature, DO, BOD5, SS, TN, NH4–N, NO3–N,

NO2–N, TP, and PO4–P by Standard Methods (APHA

1998).

Results and discussion

ABS performance

The influent DO of the ABS was low but the effluent DO

substantially increased to average 7.8 mg L-1 by ventila-

tion. The constructed wetlands have been shown that the

oxygen release from roots of plants is far less than the

amount needed for aerobic degradation and nitrification

of the oxygen consuming substances delivered with low

DO concentration of sewage (Brix 1990). Therefore, the

influent with increased DO concentration into the sub-

sequent UDCW process might be beneficial to treatment of

organic matter and nutrients. The ABS process showed an

average removal efficiency of BOD5 and SS of 88.5 and

82.9%, and mean effluent concentration was 9.5 and

20.8 mg L-1, respectively (Table 2). The removal rate of

TN and TP in the ABS was within the range of a secondary

treatment showing 37.8 and 45.1%, respectively, which

was relatively low compared to those of BOD5 and SS.

Considering the low nutrient removal compare with SS and

BOD5, better performance results could have been obtained

if ordinary domestic wastewater was used.

UDCW performance

The DO of the influent was partially consumed in the

wetland system but the effluent DO was still high enough

Absorbent-BiofilterSeptic Tank

Effluent

Elevation Drop
Gravel

Ground Level

Iris pseudoacorus L. 

Substrate

Pump
Effluent

Influent

Influent

Melamine Foam
Substrate

Substrate 
Supporting Plate

Constructed Wetland

Air direction

Blower

Intermittent 
Injection

Fig. 1 Schematic of natural and

ecological wastewater treatment

system (NEWS)

Table 1 Main properties of ABS filter media

Product Method Results

Density EN ISO 845 9.5 ± 1.5 kg m-2

Hardness BASF method C45 N

Thermal conductivity DIN EN 12667 k10 B 0.035 W mK-1

Paddy Water Environ (2008) 6:221–227 223

123

74



to maintain aerobic. The UDCW provided over 75%

removal for the BOD5 and SS, and mean effluent concen-

tration was 5.2 and 2.2 mg L-1, respectively, and satis-

factorily meet the effluent standards of 10 mg L-1.

Nitrogen removals of subsurface-flow wetlands are

manifold including volatilization, ammonification, nitrifi-

cation/denitrification, plant uptake and substrate adsorption

(Kadlec and Knight 1996). Tanner et al. (2002) reported

that main TN removal was achieved through denitrification

and plant uptake in subsurface-flow wetland using cascade

mesocosms. The high TN reduction was observed in this

study showing over 70% removal rate and mean effluent

TN concentration (7.5 mg L-1) met the effluent standard

(10 mg L-1), which might be attributed to denitrification

in locally low-DO area in the system and plant uptake

considering large portion of NO3–N.

The TP removal rate was similarly high and mean

effluent concentration (0.4 mg L-1) was much lower than

the effluent standard (2.0 mg L-1). The principal removal

mechanisms of phosphorus in wetland systems are

adsorption, chemical precipitation, and plant uptake (Crites

and Tchobanoglous 1998). The low effluent TP could be

partly explained by higher adsorption onto the substrate

which was a porous granular material having large surface

area. During the early stage of wetland operation the

adsorption site of substrate is available to the adsorbent and

maximized adsorption can occur. The adsorption site

would be occupied and saturated eventually by adsorbent

and periodic replacement might be needed. The influent TP

included 43.3% PO4–P which is a form of rapid plant

uptake, and part of it might be removed by plant uptake as

well as substrate adsorption. The UDCW was effective to

improve water quality and demonstrated high removal rate

for all the BOD5, SS, TN and TP, and the effluent met the

standards consistently.

NEWS performance

The NEWS performance represents a total removal in the

ABS and UDCW and seasonal performance is summarized

in Table 3, where growing season refers to from March to

November and winter season from December to February.

Generally the removal efficiency was maintained high and

effluent concentration stably met the effluent standards

throughout the year. The BOD5 and TN removal appears to

be more temperature dependent, but SS and TP removal

was nearly constant. Steer et al. (2002) and Gerke et al.

(2001) reported that BOD5, NH4–N, and P removal effi-

ciency of wetland decreased (10–20%) during winter

compared to the other seasons in the similar temperature

range of this study. The NEWS system was operated inside

Table 2 Performance of ABS and UDCW systems

Parameter (mg L-1) Influent Conc. ± SD ABS effluent UDCW effluent Total removal (%)

Conc. ± SD Removal (%) Conc. ± SD Removal (%)

DO 1.1 ± 0.35 7.8 ± 1.65 – 5.9 ± 1.53 34.3 –

SS 86.7 ± 56.13 9.5 ± 5.23 88.5 2.2 ± 5.85 78.3 97.5

BOD5 121.2 ± 49.57 20.8 ± 16.25 82.9 5.2 ± 17.65 75.8 95.7

TN 42.1 ± 12.05 26.2 ± 11.97 37.8 7.5 ± 3.47 71.4 91.8

NH4–N 31.5 ± 9.22 17.7 ± 14.34 43.8 1.0 ± 1.65 94.4 94.8

NO2–N 0.5 ± 0.47 1.8 ± 2.51 – 0.5 ± 1.44 70.0 –

NO3–N 2.9 ± 5.04 17.1 ± 14.27 – 6.2 ± 5.25 63.6 –

PO4–P 1.3 ± 0.54 1.3 ± 0.47 6.0 0.2 ± 0.26 82.6 80.7

TP 3.1 ± 1.68 1.7 ± 0.82 45.1 0.4 ± 0.31 73.8 90.1

Concentrations in mean ± SD

Table 3 The seasonal NEWS performance

Para-meter (mg L-1) Growing season Winter season

Influent (mg L-1) Effluent (mg L-1) Removal (%) Influent (mg L-1) Effluent (mg L-1) Removal (%)

BOD5 117.7 ± 52.24 5.3 ± 2.33 94.3 145.8 ± 3.89 7.5 ± 0.48 94.8

SS 91.2 ± 8.06 2.1 ± 1.85 96.8 49.3 ± 27.96 2.5 ± 3.35 94.1

TN 43.9 ± 11.79 6.9 ± 3.09 83.8 33.7 ± 11.4 10.3 ± 4.61 66.6

TP 3.25 ± 1.76 0.44 ± 0.30 84.9 2.31 ± 1.05 0.48 ± 0.22 78.5

Concentrations in mean ± SD
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the polycarbonate house and indoor temperature was kept

moderate showing mean of 7.4�C ranging from -4.1 to

27.9�C during the winter as shown in Fig. 2 and plants

were alive continuously, which might partly explain stable

performance even in winter season.

Clogging problem

The clogging layer develops from accumulated of sus-

pended solid and filtered wetland substrate, biological

processes within vacant space of substrate, and penetrated

of plant roots. Suspended solids are not removed effec-

tively in pretreatment systems, and most of the suspended

solids are filtered out and settled within the first few meters

beyond the inlet zone (Vymazal 2005). As a result of

accumulated trapped solid, that is a major factor of clog-

ging phenomena of constructed wetland. The clogging

problem was not observed in both ABS and UDCW of

NEWS system. Sludge settling was not noticed in the ABS

during the nearly 2 years of test period, and only upper

layer of the filter media became dark in color and lower

layer filter media remained fresh still maintaining the ori-

ginal color at the end of study. The similar result was

reported in the earlier study (Kwun et al. 2000). High

treatment efficiency of suspended solid and organic matter

in pretreatment ABS process was helpful to prevent clog-

ging in UDCW operation.

Relationship between pollutant loading rate

and removal rate

The NEWS demonstrated high removal rate regardless of

the influent concentration in the experimental range and

overall removal rate for BOD5, TSS, TN, and TP was 97.5,

95.7, 91.8, and 90.1%, respectively (Table 2). From survey

of 234 conventional decentralized wastewater treatment

plants in Korean rural communities many of them often fail

to meet the effluent standards: 45.7, 30.6, 31.8, and 38.6%

in terms of BOD5, SS, TN, and TP standards (MOE 2004).

The wastewater treatment process usually do not function

properly under the highly variable loading condition,

however, the NEWS system demonstrated stably high

removal efficiency independent of influent concentration in

normal range.

Figure 3 shows relationship between loading rate and

amount of removal, where 1:1 dotted line represents

complete (100%) removal of the constituents in the NEWS

system. The influent and effluent concentrations were

converted into pollutant loading rate and removal rate,

respectively. For SS, BOD5, TN, and TP, the coefficient of

determination (R2) was over 0.9 and F-value over 150,

indicating that the regression models could be used to

predict the effluent concentration. The regression analysis

indicated that BOD5 had R2 of 0.998 and F of 6,990 and

could be removed stably in 25–200 mg L-1 of influent

concentration. SS had R2 and F of 0.999 and 13,529,

respectively, and could be removed stably in 25–200 mg

L-1. TN had R2 of 0.913 with F of 169, and the system

could have stable removal of TN in 20–80 mg L-1 of

influent concentration. TP had R2 of 0.968 with F of 1,488

and the system could have stable removal of TP in 2.1–

10 mg L-1. F is a test for statistical significance of the

regression equation as a whole. It is obtained by dividing

the explained variance by the unexplained variance. By

rule of thumb, an F-value of greater than 4.0 is usually

statistically significant. If F is significant, then the regres-

sion equation helps us to understand the relationship

between X and Y. Considering wide variation of influent

concentration and relatively poor performance of existing

treatment plants, the NEWS system could become a prac-

tical alternative to treat wastewater in decentralized rural

communities.

Fig. 2 Inner and outer

temperatures of the NEWS
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Conclusions

A NEWS was developed with two modes: ABS as a pre-

treatment and a subsequent UDCW system. The ABS with

hydrophilic filter media provided effective reduction of SS

and BOD5 showing over 80% removal rate, but reduction

of TN and TP was relatively low and average removal rate

was below 50%. The subsequent UDCW was filled with

porous granular substrate and macrophytes was planted

(Iris pseudoacoru L.), where wastewater moved in con-

tinuous up- and down-flow pattern to maximize substrate

utilization. The UDCW provided further treatment of the

ABS effluent, and especially high removal of T-N and T-P

as well as other water quality parameters. One year-round

monitoring data demonstrated that the effluent of the

NEWS was in the range of 3.1–10.7 mg L-1 for BOD,

0.4–6.4 mg L-1 for SS, 2.4–13.8 mg L-1 for T-N,

0.1–1.1 mg L-1 for T-P, which stably met the effluent

standards. The system was housed with transparent poly-

carbonate glass to provide passive solar heating during

winter time. The performance was consistently high inde-

pendent of temperature and influent concentration in the

experimental range. Considering stable performance, low

maintenance, and cost-effectiveness, the NEWS was

thought to be an effective and feasible alternative for

sewage treatment of decentralized communities in Korea.
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Abstract

This study investigated the transport of bacteria through goethite-coated sand, focusing on the effects of solution pH and coated sand content
on the transport of Escherichia coli ATCC 11105. The first set of column experiments was performed in columns (length 30 cm, diameter 5 cm)
packed with quartz sand coated with goethite in solution having a pH in the range of 6–9. The second was carried out in columns (length 30 cm,
diameter 2.5 cm) with varying coated sand contents ranging from 0 to 100%. Results indicate that the bacteria transport in the coated sand was
influenced by solution pH. Around pH 6 and 7, bacterial mass recoveries were low at 2.4–6.7% while they were high at 76.3–81.6% around pH 8
and 9. Around pH 8, the positively charged coated sand may convert to being negatively charged, causing an electrostatically repulsive interaction
between the coated sand and bacteria, thus effecting a sharp change in the mass recovery. Results also reveal that the mass recovery decreased from
76.7 to 2.7% as the coated sand content increased from 0 to 100%, showing the nonlinear dependency of mass recovery on the content of coated
sand. This study demonstrates the importance of the solution pH and coated sand content in the adhesion of bacteria to goethite-coated sand and
furthermore contributes to the knowledge of bacterial removal in positively charged porous media.
© 2007 Elsevier B.V. All rights reserved.

Keywords: Bacteria transport; Goethite; Escherichia coli; Solution pH; Coated sand content

1. Introduction

Contamination of groundwater by microbial pathogens is
a wide-spread environmental problem, deteriorating drink-
ing water quality and posing a great threat to human health
[1,2]. Therefore, an understanding of bacterial transport and
attachment in porous media is important in the protection of
groundwater resources. In porous media, the movement of bac-
teria is mainly controlled by advective–dispersive transport and
attachment to solid matrices [3]. The deposition of bacteria on
a solid matrix is affected by the properties of porous media
(e.g., surface charge, grain size), solution chemistry (e.g., ionic
strength and pH) and characteristics of bacteria (e.g., cell surface
charge and hydrophobicity) [4,5].

∗ Corresponding author at: Program in Rural System Engineering, Seoul
National University, Seoul 151-921, Republic of Korea. Tel.: +82 2 880 4587;
fax: +82 2 873 2087.

E-mail address: songbkim@snu.ac.kr (S.-B. Kim).

Recently, the interaction between bacteria and metal-oxide
media in environmental systems has attracted considerable
attention in two respects. The first concerns bacteria transport
in geochemically heterogeneous aquifers. In aquifer, the metal
(Fe, Al, Mn) oxides provide surface charge heterogeneities since
they carry positive surface charges at circumneutral pH condi-
tions. Thus, negatively charged bacteria may favorably attach to
the positively charged surfaces of aquifer sediments [6–11]. The
second is related to the removal of bacteria in positively charged
granular media. Through the modification of the surface charge
of granular media with metal oxyhydroxide, bacteria removal in
water filtration systems may be enhanced [12–14].

The attachment and transport of bacteria in positively
charged porous media have been investigated by several
researchers [15–19]. These studies have looked at the transport
of Arthrobacter sp. through iron-hydroxide-coated media in col-
umn experiments [20], adsorption of groundwater bacteria on
iron-oxyhydroxide-coated sand in batch experiments with dif-
ferent contents of coated sand [21], transport of groundwater

0927-7765/$ – see front matter © 2007 Elsevier B.V. All rights reserved.
doi:10.1016/j.colsurfb.2007.12.003
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bacteria through iron-oxyhydroxide-coated sand under various
spatial distributions of coated sand [22], transport of groundwa-
ter bacteria through aluminum- and iron-coated sand under two
different ionic strength conditions [23], adhesion of eight bac-
terial strains on the surfaces of metal oxides [24], and transport
of Escherichia coli through columns packed with various con-
tents of goethite-coated sand [25]. These studies have shown that
during bacteria transport through geochemically heterogeneous
porous media their attachment to the media may depend on the
content of metal oxyhydroxide-coated media and solution con-
dition. From a batch experiment, Jiang et al. [19] have reported
that the adhesion of Pseudomonas putida to goethite decreased
gradually in the pH range between 3.0 and 8.0 but decreased
sharply between 8.0 and 9.0. Foppen and Schijven [25] have
shown with a column experiment that the attachment of E. coli
to the goethite-coated sand increased nonlinearly with increas-
ing coated sand content. However, these observations should
be tested through further experiments in order to improve our
knowledge regarding the interaction between bacteria and metal
oxyhydroxide-coated media.

Therefore, bacteria transport through goethite-coated sand
was investigated in this study using two sets of column exper-
iments. Firstly, the column experiments were performed to
examine the influence of solution pH on the transport of bac-
teria. Secondly, the experiments were carried out to observe the
impact of coated sand content on bacteria transport. The break-
through curves of bacteria were obtained by monitoring effluent,
and then mass recoveries of bacteria were quantified from these
curves to demonstrate the effects of both solution pH and coated
sand content on bacteria transport.

2. Materials and methods

2.1. Bacteria and culture preparation

E. coli ATCC 11105 obtained from the Korea Culture Center
for Microorganisms was used in the experiment. All glassware
and materials used in this study were sterilized by autoclaving
at 121 ◦C and 17.6 psi for 20 min to prevent any interference
by other microorganisms. Initially, the freeze-dried bacteria
were revived in 250-ml Erlenmeyer flasks containing 100 ml
of LB medium (tryptone 10 g, yeast extract 5 g, NaCl 5 g in
1 l of deionized water at pH of 7.0) over a period of 84 h.
Then 1 ml of culture was transferred to a volume of 500 ml LB
broth, and the bacteria were incubated over a period of 84 h at
30 ◦C. The suspension was centrifuged at 4 ◦C and 10,000 rpm
for 15 min. The supernatant was removed and replaced with
deionized water to prevent growth of the bacteria. Then the
diluted bacteria were centrifuged again under the same condi-
tions. The centrifuged bacteria were washed three times with
deionized water and resuspended in deionized water to an
optical density of 0.5 at 600 nm (OD600). Transmission elec-
tron microscopy (JEM 1010, JEOL, Japan) was used to take
images of E. coli cells. The images were imported into an
image-processing program (Image-Pro Plus) and analyzed. The
average length and diameter of E. coli were 2.2 and 0.6 �m,
respectively, which corresponded to an equivalent spherical

diameter of 1.21 �m. The net surface electrostatic characteristics
of cells were analyzed with an Electrophoretic Light Scatter-
ing Spectrophotometer (ELS-8000, Otsuka Electronics, Japan).
Electrophoretic mobility was determined for the bacterial sur-
face (pH 6.8, temperature = 25 ◦C, ionic strength ≈0 mM) and
converted to zeta potentials using the Smoluchowski equation.
The zeta potential of E. coli was determined to be −51 ± 6 mV.

2.2. Porous media

Quartz sand supplied by the manufacturer of Jumunjin Silica
was used in the experiments. Mechanical sieving was conducted
with US Standard Sieves (Fisher Scientific) Nos. 35 and 10. Sand
fractions with a grain size of 0.5–2.0 mm and a mean diameter of
1.0 mm were used to prepare the goethite-coated sand. Before
use, sand was washed twice using deionized water to remove
impurities on the surface, and wet sand was autoclaved for
20 min at 17.6 psi, cooled to room temperature, and oven-dried
at 105 ◦C for 1–2 days. For the preparation of goethite-coated
sand, FeCl3·6H2O (5.5 g) was dissolved in deionized water
(100 ml), and the solution pH was adjusted with 6N NaOH. The
quartz sand (200 g) was added to the FeCl3·6H2O solution and
then mixed in a rotary evaporator (90 ◦C, 80 rpm, 20 min) to
remove water in the suspension (HAHNVAPOR, Hahnshin Sci-
entific Co., KOREA). The coated sand was dried at 105 ◦C for
24 h, washed with deionized water, and then dried again at the
same conditions. Scanning electron microscopy (SEM) analysis
along with Energy Dispersive X-ray Spectrometer (EDS) analy-
sis were performed using a scanning electron microscope (JSM
5410LV, JEOL, Japan) to examine the presence of Fe on the
coated sand. SEM images and EDS patterns for the quartz sand
and coated sand are provided in Fig. 1.

2.3. Column experiments

Two sets of column experiments were performed to exam-
ine the effects of both solution pH and coated sand content
on the transport of E. coli. The first set of experiments was
conducted using a Plexiglas column with a diameter of 5 cm
and a height of 30 cm to observe the impact of solution pH
(5.7–9.1). A column was packed for each experiment by the
tap-fill method to attain a bulk density of 1.561 ± 0.011 g/cm3

and a porosity of 0.411 ± 0.004 (Table 1). The column was con-
nected to a pump (QG400, FASCO, USA) operating at a rate
of 2.0 ml min−1. Prior to the experiments, the packed column
was flushed upward with 8–10 pore volumes of deionized water
until the column effluents were clear and a steady state flow
condition was established. The column experiment was first per-
formed with KCl as a conservative tracer by injecting 1.5 g/l
KCl downward for 60 min with a flow rate of 2.0 ml min−1.
After completing injection of the tracer, deionized water was
introduced again. Effluent samples were collected using an auto
collector (Retriever 500, TELEDYNE, USA) at 10 min inter-
vals, and then the chloride concentrations were analyzed using
a chloride ion electrode (9617BNWP, Orion, USA). The same
procedure that was followed for the KCl experiment was fol-
lowed for the bacteria experiment using a bacteria solution of
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Table 1
Experimental conditions and results for column experiments of Escherichia coli in goethite-coated sand (100%) at various pH conditions

Ex pH effluent EC effluent (�S cm−1) Mass of medium (g) Bulk density (g cm−3) Porosity Influent bacteria (OD600) Mass recovery (%) vi (cm min−1) Di (cm2 min−1) λ (min−1) R2

1a 5.74 ± 0.27 12.43 ± 5.03 916.3 1.556 0.413 0.498 2.4 0.289 0.041 0.0354 0.89
1b 6.02 ± 0.24 11.85 ± 8.98 912.5 1.549 0.415 0.517 2.9 0.283 0.042 0.0330 0.90
1c 7.04 ± 0.04 16.68 ± 1.39 918.7 1.560 0.411 0.512 5.0 0.298 0.052 0.0293 0.90
1d 7.07 ± 0.04 15.71 ± 0.83 926.7 1.573 0.406 0.489 6.7 0.307 0.073 0.0277 0.96
1e 7.78 ± 0.12 18.38 ± 1.23 912.0 1.548 0.416 0.499 76.3 0.292 0.073 0.0026 0.99
1f 7.95 ± 0.13 19.43 ± 1.47 929.8 1.578 0.404 0.496 79.3 0.305 0.057 0.0024 0.99
1g 8.89 ± 0.15 31.46 ± 8.63 918.0 1.558 0.412 0.520 76.3 0.322 0.069 0.0030 0.99
1h 9.12 ± 0.16 29.31 ± 1.54 923.8 1.568 0.408 0.498 81.6 0.303 0.105 0.0021 0.99
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0.5 OD600. In the experiment, the pH of the leaching solution
was adjusted to a desired value with 0.1 M NaOH and/or 0.1 M
HCl. Effluent samples were analyzed for bacterial concentration
along with EC and pH. Bacterial concentration was determined
by measuring the optical density of the effluent using a UV–vis
spectrophotometer (Helios, Thermo, USA) at 600 nm (OD600).
EC was measured with an EC probe (815PDL, Istek, Korea)
and pH with a pH probe (9107BN, Orion, USA). The second
set of experiments was performed using a Plexiglas column
with a diameter of 2.5 cm and a height of 30 cm to examine
the influence of coated sand content (0, 25, 50, 75, 100%). The
second experiment used the same procedure as the first. The bulk
density and porosity of columns were 1.555 ± 0.013 g/cm3 and
0.413 ± 0.005, respectively (Table 2), and the applied flow rate
was 0.5 ml/min.

2.4. Data analysis

The one-dimensional transport equation of conservative
tracer (KCl) can be described as

∂C

∂t
= D

∂2C

∂x2 − v
∂C

∂x
(1)

where C is the concentration of solute in the aqueous phase,
D the hydrodynamic dispersion coefficient for solute (L2/T),
and v is the velocity for solute (= pore water velocity) (L/T).
Assuming that bacterial growth and decay are negligible, the
one-dimensional bacteria transport can be described as [3]

∂Ci

∂t
= Di

∂2Ci

∂x2 − vi

∂Ci

∂x
− λCi (2)

where Ci is the bacterial concentration in the aqueous phase,
Di the hydrodynamic dispersion coefficient for bacteria, vi the
velocity for bacteria, and λ is the attachment rate coefficient
(1/T). Parameters in the transport models were obtained by fitting
the CXTFIT code [26] to the breakthrough data. The mass recov-
eries (Mr) of KCl and bacteria in the effluent were quantified by
the following equation:

Mr(%) =
(∫∞

0 Cdt

C0t0

)
× 100 (3)

where C0 is the initial concentration of tracer, and t0 is the
duration of tracer injection (injection time).

3. Results and discussion

3.1. Effect of solution pH

The breakthrough curves (BTCs) for E. coli obtained from
the column experiments (diameter 5.0 cm, length 30 cm) with
goethite-coated sand (100%) at various pH conditions are pre-
sented in Fig. 2. The bacterial BTCs, which had well-defined
single peaks, can be divided into two groups, depending on the
relative peak concentration. The first group had lower relative
peak concentrations, ranging from 0.036 to 0.080. This group
includes 1a through 1d with mass recoveries ranging from 2.4 Ta
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Fig. 2. Breakthrough curves of Escherichia coli obtained from the column exper-
iments (diameter 5.0 cm, length 30 cm) and model fits in goethite-coated sand
(100%) at various pH conditions.

to 6.7% (Table 1), which is equivalent to the mass removal of
93.3–97.6%. The second group, including 1e through 1h, had
higher peak concentrations, ranging from 0.748 to 0.804. The
mass recoveries of the group were in the range of 76.3–81.6%
(Table 1), indicating that the mass removal was 18.4–23.7%.

The effect of solution pH on the transport of E. coli through
goethite-coated sand can be examined by plotting bacterial mass
recovery as a function of pH conditions (Fig. 3). Around pH 6,
the mass recoveries were below 3.0% (1a, 2.4%; 1b, 2.9%).
As solution pH increased from 6 to 7, the mass recoveries
increased slightly (about 3.0%). At pH 7, the mass recover-
ies were about 6.0% (1c, 5.0%; 1d, 6.7%). As solution pH
approached 8, the mass recoveries increased sharply. Around
pH 8, the mass recoveries were about 78.0% (1e, 76.3%; 1f,
79.3%). The mass recoveries remained the same even if solu-
tion pH increased from 8 to 9. Around pH 9, the mass recoveries
were about 79.0% (1g, 76.3%; 1h, 81.6%). Therefore, the first
group (1a–d) with solution pH of 6 and 7 had much lower mass
recovery than the second (1e–1h) with solution pH of 8 and 9.

The results indicate that the solution pH plays an important
role in the transport of E. coli through goethite-coated sand. At

Fig. 3. Relationship between solution pH and mass recovery of E. coli.

solution pH of 6 and 7, the coated sand is positively charged,
such that the electrostatic interaction between the coated sand
and bacteria becomes attractive. Note that bacteria are negatively
charged above pH 2–3 [4,5]. However, the surface charge of the
coated sand may change from positive to negative at pH 8 and 9,
and so interaction between the coated sand and bacteria becomes
electrostatically repulsive, resulting in the reduction of bacterial
adhesion to the coated sand. This explanation is supported by
reports that the pHpzc (point of zero charge) of goethite is in the
range of 7.0–9.5 [27–29]. The pHpzc is the pH where net surface
charge is equal to zero. The surface charge of the coated sand
depends on the solution pH. Therefore, the coated sand carries
a positive charge below the pHpzc but a negative charge above
it.

In our experiments (1e, 1f) where the solution pH was around
8, the mass recovery of E. coli was high (78%), which is not con-
sistent with the result of Foppen and Schijven [25] who have
performed column experiments with E. coli in the goethite-
coated sand under solution pH 8.1 and 8.2, reporting that the
mass recovery was very low (7.4%), possibly due to electrostatic
attraction. This discrepancy may be attributed to differences in
pHpzc between these two experiments, especially given the broad
range of pHpzc of goethite, as mentioned previously. Other exper-
iments [19] have investigated the influence of pH on the adhesion
of P. putida to goethite in batch conditions. These experiments
showed a gradual decrease (10–20%) of bacterial attachment
with an increase in pH from 3.0 to 8.0 but a sharp decrease (74%)
between 8.0 and 9.0, a range in which the measured pHpzc of
goethite (8.3) was situated. Another batch experiment [17] also
demonstrated that the adhesions of both Bacillus subtilis and
Pseudomonas mendocina to the goethite-coated sand were pH-
dependent. The attachment of B. subtilis exhibited a gradual
decrease from 60 to 15% with an increase in pH from 6.0 to 9.0.
In the case of P. mendocina, the attachment was 20–45% at pH
4.0–7.5 and decreased to 10–15% at pH 7.5–9.0. Therefore, the
solution pH should be carefully controlled in order to enhance
the bacterial adhesion to goethite, since its pHpzc lies in the
circumneutral pH that one usually encounters in environmental
systems.

For the first set of column experiments (1a–g), transport
characteristics (v, D) were determined by the model fit to the
KCl BTCs (data not shown). The values of v and D were
0.256 ± 0.004 cm/min and 0.095 ± 0.004 cm2/min, respectively,
with mass recovery of 96.6 ± 0.4%. The value of v estimated
from the flow rate using the relationship v = q/n, where q
and n are the Darcian flux and porosity, respectively, was sim-
ilar (v = 0.248 ± 0.002 cm min−1) to that obtained from the
model fit. Meanwhile, transport parameters (vi and Di) quan-
tified by the model fit from the bacterial BTCs (Fig. 2) were
0.299 ± 0.012 cm/min and 0.064 ± 0.021 cm2/min, respectively
(Table 1). The vi value was 16.8% larger than the v value, indi-
cating that E. coli had moved faster through the column than
did the conservative tracer (chloride). The attachment rate coef-
ficient (λ) determined from the bacterial BTCs can be divided
into two groups (Table 1). The first group (1a–1d) had values
ranging from 0.0277 to 0.0354 1/min while the second (1e–1h)
had values ranging from 0.0021 to 0.0030 1/min. This indicates
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Fig. 4. Breakthrough curves of E. coli obtained from the column experiments
(diameter 2.5 cm, length 30 cm) and model fits at various contents of goethite-
coated sand.

that the values of the first group were one order of magnitude
larger that those of the second.

3.2. Effect of coated sand content

The BTCs for E. coli from the column experiments (diameter
2.5 cm, length 30 cm) at various contents of the goethite-coated
sand are given in Fig. 4. The BTCs had well-defined single
peaks with the relative peak concentrations ranging from 0.037
to 0.648, showing a decreasing tendency with increasing coated
sand content. The mass recovery of bacteria decreased as the
coated sand content increased (Table 2). For the experiments
where no coated sand is added (0%), the mass recovery was
73.5% (2a, 76.7%; 2b, 70.4%), indicating that only 27.5% of
bacteria was eliminated during transport through quartz sand.
At a coated sand content of 25%, the mass recovery was 66.7%
(2c, 68.0%; 2d, 65.4%), which is equivalent to 33.3% removal.
At 50%, the mass recovery was 53.2% (2e, 56.4%; 2f, 49.9%),
showing that the mass removal amounted to 46.8%. At 75%, the
mass recovery was 28.5% (2g, 32.5%; 2h, 24.4%), equivalent to
71.5% removal. Finally, the mass recovery at 100% was 2.9%
(2i, 2.7%; 2j, 3.0%), equivalent to 97.1% removal. As illustrated
in Fig. 5, our mass recoveries were lower than those of Foppen
and Schijven [25], who reported the mass recovery of E. coli
on goethite-coated sand. This discrepancy may be ascribed to
the different experimental conditions between these two stud-
ies including ionic strength, solution pH, and bacterial strain,
among other factors. In our experiments, the leaching solution
had an electrical conductivity (EC) of 18–29 �S/cm and a pH
of 7.0–7.3, while their solution had an EC of 589–601 �S/cm
and a pH of 8.1–8.2. In addition, the mean zeta potential of our
bacteria strain was −51 mV, while theirs was −62 mV.

The effect of the coated media content on the transport of E.
coli can be observed by plotting mass recovery as a function of
the coated media content (Fig. 5). The mass recovery decreased
6.8% (from 73.5 to 66.7%) as the content increased from 0 to
25%. When the content increased from 25 to 50%, the mass
recovery decreased 13.5% (from 66.7 to 53.2%). Another 25%

Fig. 5. Relationship between goethite-coated sand content and mass recovery
of E. coli from this study and Foppen and Schijven [25].

increase of content from 50 to 75% resulted in a 24.7% reduction
(from 53.2 to 28.5%) of mass recovery. Finally, the reduction of
mass recovery was 25.6% (from 28.5 to 2.9%) when content
was increased from 75 to 100%. Fig. 5 shows that the reduc-
tion of mass recovery is gradual at content ≤50% while it is
rapid at content ≥50%. This result indicates that mass recovery
is not linearly dependent on the coated media content, which
is consistent with the work of Foppen and Schijven [25], who
reported the nonlinear dependency of mass recovery of E. coli
on the goethite-coated sand content. However, our tendency was
different from theirs, which showed a rapid decrease between 0
and 40% followed by a leveling out between 40 and 100%.

Transport characteristics (v, D) for the second set of col-
umn experiments (2a–2j) were also quantified by the model fit
to the KCl BTCs (data not shown). The values of v and D were
0.250 ± 0.002 cm/min and 0.040 ± 0.003 cm2/min, respectively,
with mass recovery of 95.8 ± 1.3%. The value of v determined
from the flow rate was similar (v = 0.246 ± 0.003 cm/ min) to
that from the model fit. Meanwhile, transport parameters (vi and
Di) obtained by the model fit from the bacterial BTCs (Fig. 4)
were 0.281 ± 0.010 cm/min and 0.106 ± 0.035 cm2/min, respec-
tively (Table 2). The value of vi was 12.4% larger than that
of v, showing that E. coli moved faster than the conservative
tracer. The attachment rate coefficient (λ) ranged from 0.0030
to 0.0344 min−1 (Table 2). The value of λ increased as the coated
media content increased. In addition, it was inversely related to
bacterial mass recovery.

4. Conclusions

The transport and attachment of bacteria in goethite-coated
sand were investigated with column experiments. Experimental
results show that bacteria transport in coated sand was influenced
by solution pH. Around pH 8, the positively charged coated sand
may change to being negatively charged, causing an electrostat-
ically repulsive interaction between the coated sand and bacteria
and thereby a sharp change in bacterial mass recovery. Results
also illustrate that the mass recovery decreased as the coated
sand content increased, with a nonlinear dependency on the con-
tent of coated sand. This study demonstrates the importance of
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solution pH and coated sand content in the adhesion of bac-
teria to the goethite-coated sand and furthermore contributes to
the knowledge of bacterial removal in positively charged porous
media.
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Clarification of nonlinear retardation factors for colloid-enhanced
transport in porous media
Meejeong Kim & Song-Bae Kim

Abstract There have been a couple of contaminant
retardation factors reported for the three-phase (aqueous,
solid, and colloid) groundwater system. However, the
retardation factor has often been presented by itself and
not incorporated into the relevant transport equation,
particularly when derived from the mass fraction approach.
This may cause a misunderstanding of the retardation factor
especially for the systems where multi-phases exist due to
the presence of colloids and/or nonlinear sorption processes
are involved. It is, therefore, necessary to clarify the form
of the nonlinear retardation factor along with the relevant
transport equation in the multi-phase system. Alternative
forms of the retardation factor and relevant transport
equation for specific conditions are presented in various
combinations of the nonlinearity of involved sorption
mechanisms. The retardation factors for specific conditions
are compared with the ones available in the literature. The
results indicate that more caution should be given in
applying the retardation factor in order to explore contam-
inant transport in the multi-phase system where any
nonlinear sorption is involved. Finally, presentation of the
retardation factor along with the relevant transport equation
in this study would help prevent possible misuse of the
retardation factor in investigating contaminant transport in
the multi-phase system.

Résumé Un certain nombre de facteurs de rétention ont
été répertoriés pour les systèmes aquifères tri-phasiques
(phases aqueuse, solide et colloïdale). Cependant, ce
facteur de rétention a fréquemment été présenté seul, et

non incorporé dans une équation de transport appropriée,
notamment lorsqu’il dérive d’une approche par fraction de
masse. Ceci peut générer une mauvaise compréhension de
ce facteur, notamment dans les cas où plusieurs phases
sont présentes, du fait de la présence de colloïdes, ou
lorsque des processus de sorption entrent en jeu. C’est
pourquoi il est nécessaire de clarifier la forme de ce
facteur de rétention non-linéaire, en relation avec l’équa-
tion appropriée dans un système polyphasique. Des
formes alternatives du facteur de rétention, et les équations
de transport pertinentes pour des conditions spécifiques,
sont présentées sous plusieurs combinaisons de la non-
linéarité des mécanismes de sorption en jeu. Les facteurs
de rétention pour des conditions spécifiques sont com-
parés avec ceux disponibles dans la littérature. Les
résultats recommandent de porter une attention accrue à
l’application de ce facteur de rétention, lors de l’étude du
transport de contaminants dans des systèmes polyphasi-
ques, où des sorptions non-linéaires sont en jeu. Au final,
la présentation dans cette étude du facteur de rétention en
parallèle avec l’équation de transport appropriée devrait
contribuer à éviter les mauvaises utilisations potentielles
de ce facteur, dans le cas du transport de contaminants
dans des systèmes polyphasiques.

Resumen Se han citado un par de factores de retardo de
la contaminación para las tres fases (acuosa, sólida y
coloidal) de los sistemas de aguas subterráneas. Sin
embargo, el factor de retardo ha sido siempre presentado
por si mismo y no se ha incorporado a la ecuación
relevante del transporte, particularmente cuando se deriva
de la aproximación de la fracción de masa. Esto puede
causar una mala interpretación del factor de retardo
especialmente para sistemas donde existen varias fases
debido a la presencia de coloides y/o procesos de sorción
no lineares. Por tanto, es necesario clarificar la forma del
factor de retardo no linear junto con la ecuación de
transporte relevante en el sistema multifase. Se presentan
formas alternativas del factor de retardo y ecuaciones de
transporte relevantes para condiciones específicas con
varias combinaciones de no-linearidad de los mecanismos
de sorción implicados. Los factores de retardo para
condiciones específicas se han comparado con los que
están disponibles en la literatura. Los resultados indican
que se debe tener más precaución al aplicar el factor de
retardo para estudiar el transporte de contaminantes en
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sistemas multi-fase donde existe alguna sorción no linear.
Finalmente, la presentación del factor de retardo junto con
la ecuación relevante de transporte en este estudio podría
ayudar a prevenir el posible mal uso del factor de retardo
en la investigación del transporte de contaminantes en
sistemas multi-fase.

Keywords Colloid . Colloid-enhanced transport .
Nonlinear retardation factor . Contamination . Numerical
modeling

Introduction

In the subsurface environment, sorption processes play
important roles in contaminant transport. To describe the
sorption of a contaminant in a two-phase (aqueous and
solid phases) groundwater system, a contaminant retarda-
tion factor, developed using the sorption isotherms, is
usually used (Fetter 1999). After the role of colloids (e.g.
clay, bacteria, natural organic matter) as mobile carriers on
the facilitation of the contaminant transport in porous
media was clarified (McCarthy and Zachara 1989), the
retardation factor for a three-phase (aqueous, solid, and
colloid) system was adopted to describe these phenomena
(Magee et al. 1991; Corapcioglu and Jiang 1995; Jordan et al.
1997; Johnson et al. 1998).

Usually, the retardation factor has been derived based
on either mass fraction approach (Magee et al. 1991;
Johnson et al. 1998) or mass balance equation describing
the contaminant transport (Corapcioglu and Jiang 1995;
Fetter 1999; Kim and Kim 2003). There have been a
couple of the retardation factors reported for the three-
phase system as well as for the two-phase system. In the
literature, the retardation factor is presented alone without
being incorporated into the relevant transport equation,
particularly when derived by the mass fraction approach
or given without any derivation procedure. This causes no
problem if the considered system is the simple two-phase
system where the sorption process between contaminant
and solid matrix is characterized by a linear isotherm.
However, more caution should be given to predict the
contaminant transport using the retardation factor for the
systems where three or more phases exist specifically due
to the presence of colloids and/or where nonlinear
sorption processes are involved; the nonlinear retardation
factor should exhibit different forms depending on
whether it is incorporated outside or inside of the time
derivative in the contaminant transport equation. More-
over, if employing the typical mass balance approach
found in the literature, not all the transport equations can
be rearranged into the form in which the retardation factor
is explicitly expressed, for instance, the three-phase
system where the nonlinear sorption exists between
contaminant and mobile colloid/carrier. This makes it
difficult to compare the retardation factor derived from the
mass fraction approach to that of the mass balance
approach and to incorporate the retardation factor into
the contaminant transport equation.

It is therefore necessary to clarify the form of the
nonlinear retardation factor along with the relevant trans-
port equation in the multi-phase system (aqueous, solid,
and colloidal phases). In this study, alternative forms of the
retardation factor and relevant transport equation for
specific conditions are presented in various combinations
of the nonlinearity of involved sorption mechanisms. In
addition, the derived retardation factor is reduced into the
specific retardation factors for particular conditions and
compared with those from previous studies.

Nonlinear retardation factors in a multi-phase
system

In describing the contaminant transport in the presence of
contaminant carriers, the interaction of the contaminant
with carriers (mobile or immobile) and the interaction of
carriers with the solid matrix should be considered along
with the interaction of the contaminant with the solid
matrix. Assuming that there are N carriers in the system,
and there is no interaction (e.g. sorption) between carriers,
the contaminant transport can be expressed as:
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where � is the water content, Cc
w is the concentration of

contaminant dissolved in the aqueous phase, Cc;i
w is the

concentration of contaminant adsorbed on the i-th mobile
carrier in the aqueous phase, D is the hydrodynamic
dispersion coefficient of the contaminant, v is the pore-
water velocity, �b is the bulk density of the solid matrix,
�c
s is the mass of contaminant adsorbed on the solid matrix

per unit mass of solid matrix, and �c;i
s is the mass of

contaminant adsorbed on the i-th immobile carrier per unit
mass of solid matrix. Equation (1a), i.e., the contaminant
transport equation for the multi-phase system with N
potential carriers, appears to be the transport equation for
all mobile contaminant (both dissolved and adsorbed on
mobile carriers) along with the retardation factor in
Eq. (1b) derived from a mass balance approach. It should
be noted that the same retardation factor in Eq. (1b) can be
obtained using a mass fraction approach.
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If �, D, and v are constant with time and space, Eq. (1a)
is reduced to:
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where Cc;total
w is the concentration of all mobile contam-

inant, and �c;total
s is the mass of all immobile contaminant

per unit mass of solid matrix.
In addition, if only sorption is accounted in the

transport of carriers, the transport equation for carriers is:
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where Ci
w is the concentration of the i-th mobile carrier in

the aqueous phase, and �i
s the mass of the i-th immobile

carrier per unit mass of solid matrix, and Di is the
hydrodynamic dispersion coefficient of the i-th mobile
carrier in the aqueous phase. The hydrodynamic disper-
sion coefficient is composed of the mechanical dispersion
coefficient and the Brownian diffusion coefficient. Since
the Brownian diffusion coefficient of the contaminant is
not necessarily equal to that of the colloid, Di differs from
D. However, it may be safely assumed that D1=D because
the molecular diffusions of contaminant and colloid are
negligible compared to the mechanical dispersion (Johnson
et al. 1998).

Alternative forms of the retardation factor

In the derivation procedures, the retardation factor and the
relevant transport equation can be expressed as different
forms even for an identical system, depending on whether
and where the nonlinear sorption processes are involved.
Since this aspect has not been comprehensively discussed
in the literature, it is explained here by reducing Eq. (2a)
into alternative forms that are usually found in the
literature. For comparison with others in the literature, the
concentrations of carriers are assumed to be constant in
the following analyses. All possible cases can be grouped
into three main cases. The key factors in the classification
are the nonlinearities of Cc;total

w and R with Cc
w.

Case 1 (Cc;total
w is linear with Cc

w and R is invariable
with Cc

w); this corresponds to the case where the sorption
processes between contaminant and solid matrix and

between contaminant and carriers are linear regardless of
the sorption linearity between carriers and solid matrix.
Then, Eq. (2a) is reduced to:
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where R is:
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Equations (4b) and (4c) are interchangeably used in the
literature. Corapcioglu and Jiang (1995) have derived the
retardation factor for the three-phase system from the mass
balance approach by setting up the transport equation in
the form of Eq. (4c). Magee et al. (1991) and Johnson et
al. (1998) have also presented the retardation factor for the
three-phase system with all linear sorption isotherms using
the mass fraction approach. In this case, it is not necessary
to solve the transport equation for the prediction of the
contaminant transport and retardation. However, if other
reaction terms are involved, it is difficult to predict the
contaminant transport only with the derived retardation
factor. Then, the transport equation into which the
retardation factor is incorporated should be solved.

Case 2 (Cc;total
w is linear and R is nonlinear with Cc

w); this
corresponds to the case where the sorption processes between
contaminant and carriers are characterized by the linear
isotherms while sorption processes between contaminant
and solid matrix are nonlinear. Then, Eq. (2a) is changed into:

R� @Cc;total
w
@t ¼ D @2Cc;total

w
@x2 � v @Cc;total

w
@x ;

R� ¼ Rþ Cc;total
w

@R
@Cc;total

w

ð5aÞ

@ RCc
w

� �
@t

¼ D
@2Cc

w

@x2
� v

@Cc
w

@x
;

R ¼ 1þ rb
q

sc;total
s

Cc;total
w

� � ð5bÞ

R� @C
c
w

@t
¼ D

@2Cc
w

@x2
� v

@Cc
w

@x
; R� ¼ Rþ Cc

w

@R

@Cc
w

ð5cÞ

To the authors’ knowledge, there is no literature
reporting the situation of case 2 and presenting the
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retardation factor incorporated into the transport equation
using the mass balance approach as given in Eqs. (5a)–
(5c). Johnson et al. (1998) have presented the retardation
factor for the three-phase system where only the sorption
between contaminant and solid matrix is nonlinear
(Freundlich or Langmuir). However, they just presented
the retardation factor, not in the form incorporated into the
transport equation, probably because they derived the
retardation factor with the mass fraction approach instead
of the mass balance equation and did not consider the
situation where the retardation factor should be incorpo-
rated into the transport equation. It should be noted that
from the mass balance approach, one can derive the
retardation factors (both Freundlich and Langmuir types),
which are equivalent to the ones derived by Johnson et al.
(1998). Also, the transport equation to be solved with the
retardation factor of Johnson et al. (1998) should be in the
form of Eq. (5b).

Case 3 (both Cc;total
w and R are nonlinear with Cc

w).
When the sorption processes between contaminant and
carriers are characterized by the nonlinear isotherms,
Cc;total

w is nonlinear with Cc
w, and R is inevitably nonlinear

with Cc
w. In this case, there is no alternative to Eq. (2a).

In the three-phase system where all the sorption
mechanisms are described by the nonlinear Freundlich
isotherms, the contaminant transport equation and retar-
dation factor can be presented as:
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where OM is a carrier, COM
w is the concentration of OM in

the aqueous phase, Kc
s is the distribution coefficient of the

contaminant between the aqueous phase and solid matrix,
Nc

s is the Freundlich constant for the contaminant between
the aqueous phase and solid matrix, Kc

OM;w and Kc
OM;s

are the distribution coefficients of the contaminant between
the aqueous phase and the mobile OM, and between the
aqueous phase and the immobile OM, respectively, KOM

s is
the distribution coefficient of OM between the aqueous
phase and solid matrix, Nc

OM;w and Nc
OM;s are the

Freundlich constants of the contaminant between the
aqueous phase and mobile OM, and between the aqueous
phase and immobile OM, respectively, and NOM

s is the
Freundlich constant of OM between the aqueous phase
and solid matrix.

Jordan et al. (1997) have presented the retardation factor
for the three-phase system where the sorption mechanisms

among the contaminant, solid matrix, and carrier are all
described by the nonlinear Freundlich isotherms. The
Freundlich-type retardation factor in Eq. (6b) derived in
this study is apparently not equivalent to that of Jordan et
al. (1997). Since they provided no derivation procedures or
relevant transport equation into which the retardation factor
is incorporated, the present study considered various
scenarios to determine how it was developed. Based on
the authors’ limited knowledge, it was impossible to get the
same retardation factor as those of Jordan et al. (1997).

In addition, in the three-phase system where all the
sorption mechanisms are described by the Langmuir
isotherms, the contaminant transport equation and retar-
dation factor can be presented as:
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where �c
s is the Langmuir constant for the contaminant

between the aqueous phase and solid matrix, �c
s is the

maximum mass of contaminant adsorbed per unit mass of
solid matrix, �c

OM;w and �c
OM;s are the Langmuir constants

of the contaminant between the aqueous phase and mobile
OM, and between the aqueous phase and immobile OM,
respectively, �OM

s is the Langmuir constant of OM between
the aqueous phase and solid matrix, �c

OM;w is the maximum
mass of contaminant adsorbed on the mobile OM per unit
mass of mobile OM, and �c

OM;s is the maximum mass of
the contaminant adsorbed on the immobile OM per unit
mass of immobile OM, and �OM

s is the maximum mass of
OM adsorbed on solid matrix per unit mass of solid matrix.

Conclusions

In this study, alternative forms of the retardation factor
and relevant transport equation for specific conditions are
presented in various combinations of the nonlinearity of
involved sorption mechanisms. The retardation factors
reduced for the specific conditions are compared to those
in previous studies. If no nonlinear isotherm is involved,
contaminant transport can be predicted by simply reducing
the transport velocity of a conservative solute by a factor
of the retardation factor. For the system with nonlinear
sorption, however, the retardation factor without the
transport equation is not sufficient to predict contaminant
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transport since the retardation factor varies temporally and
spatially. In this case, the retardation factor should be
incorporated into the relevant transport equation. This
study indicates that more caution should be given in using
the retardation factor to examine contaminant transport in
the multi-phase system where any nonlinear sorption
isotherm is involved. Finally, presentation of the retarda-
tion factor along with the relevant transport equation in
this study would help prevent possible misuse of the
retardation factor in investigating contaminant transport in
the multi-phase groundwater system.
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POROUS MEDIA

Y. –J. HAM, S. –B. KIM* AND S.-J. PARK

Environmental Biocolloid Engineering Laboratory, Program in Rural System Engineering,
Seoul National University, Seoul 151-921, Korea

(Received 22 September 2006; Accepted 8 February 2007)

ABSTRACT

A mathematical model was developed in this study based on the macroscopic approach to describe bioclogging process in
saturated porous media. Bacterial attachment and growth along with formation of extracellular polymeric substances (EPS)
from substrate has been incorporated into the model. The model was used to simulate column experimental data for
permeability change from literature. Numerical experiments were performed to investigate the effect of biomass growth and
attachment on the permeability and porosity. In addition, sensitivity analysis was carried out to examine the influences of
key model parameters on the model behavior. The predictive model could successfully fit the experimental data. Simulation
results illustrated that relative permeability and porosity of porous media can be altered by the biomass growth and
attachment on the solid matrix. Results also indicated that EPS may play a significant role in bioclogging in porous media.
Sensitivity analyses showed that permeability and porosity profiles were sensitive to parameters such as maximum
utilization rate of substrate and yield coefficient. Even though the bioclogging model presented in this study is not
comprehensive, it will help understand the change of porous medium properties due to biomass deposition and growth.

Keywords:          Bioclogging, biomass, bacteria, extracellular polymeric substances, mathematical model

INTRODUCTION

Riverbank filtration is a natural process, using alluvial

aquifers to remove contaminants and pathogens in river water

for the production of drinking water [1]. In riverbank

filtration, contaminants present in the river water (i.e.,

colloids, biocolloids, trace metals, organic pollutants) can be

removed while passing through riverbed and aquifer

sediments that serve as natural filters [1]. In riverbank

filtration, most of the contaminant removal occurs within the

first few meters from the riverbank [2, 3]. Riverbed sediments

act as an interface between the river and aquifer in riverbank

filtration. Riverbed sediments largely consist of fine-grained

minerals and organic matter. The sediments have high

biochemical activity and filtering capacity, and thus play a

significant role in the contaminant removal [4]. In this process

riverbed clogging may occur due to various mechanisms such

as mechanical clogging (deposition of suspended solids),

chemical clogging (precipitation of FeCO3) and biological

clogging (biomass growth), affecting the performance of the

riverbank filtration system [5].

Biomass growth and attachment can change the porous

medium properties such as porosity and permeability [6-9].

For instance, Shaw et al. [10] have reported that introduction

of Pseudomonas sp. into glass bead cores created biofilm on the

solid matrix due to microcolony formation and bacterial

production of exopolysaccharides, causing the reduction of

permeability of solid matrix. MacLeod et al. [11] have shown

that the vegetative cultures of Klebsiella pneumoniae produced

a large amount of polymer (glycocalyx) and reduced

permeability of glass bead cores more than did the starved

cells, which produced very little glycocalyx. In the

experiments with porous media reactors packed by glass

spheres and/or sand, Cunningham et al. [12] have

demonstrated that porosity and permeability decreased as

biomass accumulation of Pseudomonas aeruginosa increased.

Vandevivere and Baveye [13] have observed in column

experiments that the slime-producing bacterial strain

considerably reduced hydraulic conductivity of quartz sand.

Dennis and Turner [14] have shown that Beijerinckia indica,

exopolysaccharide-producing bacteria, decreased hydraulic

conductivity of silty sand by forming biomass.

Mathematical models are used as simulation tools to

improve the understanding of the bioclogging process in

porous media. Several researchers have presented

bioclogging models based on the biofilm [15], microcolony
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[16, 17], or macroscopic [18, 19] approach. However, the role

of extracellular polymeric substances (EPS), which are

produced by most bacteria, has not been considered in the

bioclogging models. In this study, a mathematical model is

developed based on the macroscopic approach to describe the

bioclogging process in saturated porous media. In model

development, bacterial attachment and growth along with

formation of EPS from substrate is incorporated into the

model. The model is used to simulate column experimental

data for permeability change from literature. Numerical

experiments are performed to investigate the effect of biomass

growth and attachment on the permeability and porosity. In

addition, sensitivity analyses are carried out to examine the

influences of key model parameters on the model behavior.

MATHEMATICAL MODEL

Governing Equations

In the subsurface environment, movement of bacteria is

mainly controlled by advective–dispersive transport and

attachment to solid matrix [20]. Deposition of bacteria on solid

matrix is affected by physical and chemical properties of the

porous medium (e.g. ionic strength, pH, and surface charge)

and surface characteristics of bacteria (e.g. cell surface charge

and hydrophobicity) [21, 22]. During bacterial transport in the

porous media, bioclogging occurs due to bacterial attachment

and growth along with generation of EPS by bacteria [10-14].

The transport equation of bacteria suspended in the aqueous

phase in saturated porous media can be presented as:

 

� nB( )

�t
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�x
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���
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����	
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vwnB( )	 kanB+ kd
b

r �b 	 kirnB

 + kmaxnY 1	 ke( )
S

Ks + S

�

�
����

�

�

�����
B	 k1nB

        (i)

where B is the concentration of bacteria in the aqueous phase

(MbVw-1), n is the porosity, D is the hydrodynamic dispersion
coefficient of bacteria (L2T-1), vw  is the pore water  velocity

(LT-1), ka is the reversible attachment rate coefficient of

bacteria (T-1), kd is the detachment rate coefficient of bacteria

(T-1), 
 �b

r  is the volumetric fraction of bacteria  reversibly

attached on solid matrix (VbVT
-1), 

 
�b  is the bacteria density

(MbVb
-1), kir is the irreversible attachment rate coefficient of

bacteria (T-1), kmax  is the maximum utilization rate of

substrate (MsMb
-1T-1), Y is the yield coefficient (MbMs

-1), S is

the substrate concentration in the aqueous phase (MsVw
-1), Ks

is the half-saturation constant of substrate (MsVw
-1), k1 is the

bacteria decay rate coefficient (T-1), and ke is the EPS

formation coefficient (MeMb
-1). It should be noted that no EPS

is formed from substrate when ke is equal to zero.

During bacterial transport, attachment of bacteria to

solid surfaces can occur at the secondary minimum situated at

a larger distance from solid surfaces, if the net forces of

attractive London-van der Waals forces and repulsive

electrostatic forces become attractive. Bacteria may attach to

the secondary minimum by long-range forces and be readily

detached from solid surfaces by shear forces [23]. If

hydrophobic interactions and polymer bridging affect

bacteria attached to the secondary minimum, they may

transfer to the primary minimum. In the potential energy

curve for the bacterial attachment to solid matrix, the primary

minimum is located close to solid surfaces and is responsible

for stronger attachment of bacteria. The bacteria held at the

primary minimum due to non-DLVO forces may irreversibly

attach to matrix surfaces [24, 25]. The mass balance equation

of bacteria reversibly attached on the solid matrix may be

given as:
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b
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�t
= kanB	 kd
b

r �b + kmax Y
S
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����
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�

�����
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b

r �b

	k1�b
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(ii)

In addition, the mass balance equation of bacteria irreversibly

attached on the solid matrix can be described as:

 

� 
b
ir�b( )

�t
= kir nB+ kmax Y

S

Ks + S
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�
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�����
1	 ke( )
b

ir�b 	 k1
b
ir�b

 (iii)

where 
ir

b
ó  is the volumetric fraction of bacteria irreversibly

attached on the solid matrix (VbVT
-1).

According to the unified theory of Laspidou and

Rittmann [26], part of the substrate is diverted into bound EPS

during substrate utilization, and thus biomass is composed of

bacteria cells and bound EPS. In addition, bound EPS are

hydrolyzed to form soluble EPS. The transport equation of

soluble EPS in the aqueous phase can be written as:

 

� nEs( )

�t
=
�

�x
Dn
�Es

�x

�

�
���

�

�
					
�

�x
vwnEs( )+ k2nE + k3�eEa

(iv)

where Es  is the concentration of soluble EPS in the aqueous

phase (MeVw
-1), k2  is the hydrolysis rate coefficient  for c ell-

associated EPS in suspended bacteria (T-1), E  is the

concentration of cell-associated EPS in suspended bacteria
(MeVw

-1), k3 is the  hydrolysis  rate  coefficient   for c ell-

associated EPS in attached bacteria (T-1), 
 
�e  is the density of
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the EPS (MeVe
-1), and Ea  is the volumetric fraction of cell-

associated EPS in attached bacteria (VeVT
-1).

The mass balance equation of cell-associated EPS in

suspended bacteria may be given as:

 


 nE( )


t
= kekmax nY

S

Ks + S
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����

�

�

�����
B	 k2nE

(v)

In addition, the mass balance equation of cell-associated EPS

in attached bacteria can be described as:

 

� �eEa( )
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Finally, the transport equation of substrate dissolved in the

aqueous phase can be written as:
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(vii)

The permeability change may be calculated with the following

equation [18], which expresses permeability reduction purely

as a non-linear function of porosity reduction caused by

attached biomass:

 

Ks

Ko

= 1	
nf

n0

�

�
����

�

�

�����

19/6

                                                                     (viii)

where Ks  is the saturated hydraulic conductivity,  Ko  is the

saturated hydraulic conductivity of clean porous media, n0  is

the initial porosity, and nf  is the fraction of b iomass attached

on solid matrix (= 
 �b

r +�b
ir + Ea ). In addition, the porosity

change can be calculated with the following equation:

 
n = n0 	 nf                                                                           (ix)

Note that Equation (viii) takes no account of any possible

tendency for biomass growth to occur preferentially in certain

sites where they may have negligible effect on the

permeability change. In addition, it ignores the possibility that

biomass may clog narrow pore necks where they may have a

large effect on the permeability change.

Numerical Solutions

Numerical solutions to the model equations are

obtained using the fully implicit finite difference method

which employs a two-point backward difference

approximation for the time derivatives and a central

difference approximation for the spatial derivatives. This

method leads to a system of linear algebraic equations with a

tridiagonal coefficient matrix, which can be directly solved by

the Thomas algorithm. In addition, the fourth-order Runge-

Kunta method is employed to solve the nonlinear Monod

term. The following initial and boundary conditions are used

in the simulation:

 

B(x,0) = S(x,0) = Es (x,0) = E(x,0) = �b
r (x,0) = �b

ir (x,0) =

Ea (x,0) = 0

(x)
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            (xi)

 

�B

�x
L,t( ) =

�S

�x
L,t( ) =

�Es

�x
L,t( ) = 0                                   (xii)

where B0  is the influent bacterial concentration,  L  is the

column length, and t0 is the duration of injection.

Model equations are solved sequentially at each time

step. First, Equation (i) is solved for B at the time step (t + 1),

where t is the previous time step at which all variables are

known. Then, Equations (ii) through (vii) are solved

sequentially at the time step (t + 1). At each step, iteration

method is employed until the values are converged to

iteration criteria. Before advancing to the next time step, new

porosity and permeability along with new pore velocity at

each point are calculated.

RESULTS AND DISCUSSION

Simulation of Experimental Data

The model equations are used to simulate the

experimental data from Taylor and Jaffé [6] who performed

the column experiments to observe the changes of porous
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medium properties due to biomass. They conducted

experiments using sand-packed column (52.0 cm in length

and 5.08 cm in diameter) and bacteria from sewage and

activated sludge to examine the reduction of permeability

owing to biomass growth and attachment in porous media.

Among the experimental data, permeability reduction

data at 14, 28, and 42 d for column 1 are used in the
simulation. In the simulation, ka , kmax , and Y are varied to fit

to the data. The parameters used in the simulation are mainly

from Taylor and Jaffé [30] and Hendry et al. [31] (Table 1). It is

assumed in the simulation that EPS are not formed ( ke  = 0).

In the experiment (column 1), the initial porosity (
 �0 ) was

0.35. As methanol was injected in to the column as a substrate,

the permeability of sand column was reduced due to biomass

growth and attachment at a greater extent in the column inlet.

The simulation result shows a good match with the

experimental data (Figure 1). The coefficient of determinant

(r2) and the sum of the squared error (SSE) are: 0.91 and 0.051

(14 d); 0.83 and 0.163 (28 d); 0.81 and 0.561 (42 d).

Table 1.        Parameters used in the simulation of experimental data from Taylor and Jaffé [6].

Parameter Comments

L  = 52 cm column length [30]
n0  = 0.347 initial porosity [30]

vw  = 2,720 cm d -1 pore-water velocity [30]

D = 252.7 cm2 d -1 hydrodynamic dispersion coefficient [30]
ka = 350 d -1 reversible attachment rate coefficient of bacteria [fitted]
kd  =  0.01 d -1 detachment rate coefficient of bacteria [31]
kir  =  0.01 d -1 irreversible attachment rate coefficient of bacteria [31]

 �b  =  1.085 x 106 mg l-1
bacteria density [29]

kmax = 1.9 d -1 maximum utilization rate of substrate [fitted]
Y = 0.264 yield coefficient [fitted]
Ks  =  0.8 mg l-1

half-saturation constant of substrate [30]
k1  = 0.01 day -1 bacteria decay rate coefficient [32]

Figure 1.     Comparison of simulation with the permeability reduction data (at 14, 28, 42 d) of column 1 from Taylor and Jaffé [6].
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Numerical Experiments

Numerical experiments were performed to examine the

bioclogging of saturated porous media due to biomass growth

and attachment. The parameters and the range of parameters

used in the simulation are mainly from Laspidou and

Rittmann [26], Taylor and Jaffé [30], Hendry et al. [31], and

Chen et al. [33] (Table 2). The influent bacterial concentration
of 2.4 � 107 CFU ml-1, which is equivalent to 4.32 mg l-1 (a

conversion factor = 1.86 � 10-10 mg CFU-1 [27]), is introduced

into the simulated column for 0.21 d while substrate is

continuously injected.

The spatial variations of volumetric fraction of biomass

attached on the solid matrix at different times are presented in

Figure 2a. At 10 d, the volumetric fraction of biomass attached

on the solid matrix is minimal but increases over distance as

time passes. At 40 d, the volumetric fraction of biomass

attached on the solid matrix around the inlet boundary is 0.12.

Figure 2b demonstrates the spatial variations of volumetric

fraction of biomass (bacteria and EPS) attached on the solid

matrix at 40 d. It shows that EPS occupy about 85% of the

volumetric fraction of biomass attached on the solid matrix. It

should be noted that the density of EPS is known to be

smaller ( 1.2�105 mg l-1 [28]) than bacterial density

( 1.085�106 mg l-1 [29]), and so the volume occupied by EPS

per unit mass is about 9 times

Table 2.          Parameters used in the simulation.

Parameter Comments

B0  =   2.2�107  CFU ml-1 influent concentration of bacteria
C0  =  200 mg l-1

influent concentration of substrate
L  = 50 cm column length

vw = 114.3 cm d-1 pore-water velocity

D = 30.9 cm2 d-1 hydrodynamic dispersion coefficient
n0  =  0.35 initial porosity [30]
ka  = 300 d-1

attachment rate coefficient of bacteria [Table 1]
kd  = 0.1 d-1

detachment rate coefficient of bacteria [31]
kir  = 200 d-1

irreversible attachment rate coefficient of bacteria [31]

 �b  =   1.085�106  mg l-1 bacteria density [29]

 �e  =   1.2�105  mg l-1 EPS density [28]
kmax = 0.7 d-1

maximum utilization rate of substrate [33]
Y  =  0.5 yield coefficient [33]
Ks  = 5.0 mg l-1

half-saturation constant of substrate [33]
k1  =  0.01 d-1

bacteria decay rate coefficient [32]
k2  = 0.01 d-1

hydrolysis rate coefficient of EPS from suspended bacteria [26]
k3  = 0.01 d-1

hydrolysis rate coefficient of EPS from attached bacteria [26]
ke  = 0.3 EPS formation coefficient [26]

Figure 2.          Spatial variations of biomass attached on solid matrix (a) at different times (b) at 40 d after injection.
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greater than that by bacteria per unit mass. It indicates that

EPS may play a significant role in bioclogging in given

simulation conditions.

The spatial variations of relative permeability and

porosity at different times are presented in Figure 3, showing

that relative permeability decreases as time passes

(Figure 3a). At t = 10 d, relative permeability is equal to 0.996

at 5 cm away from the inlet boundary, indicating that

permeability reduction is minimal. But, relative permeability

is about 0.608 at the same location at t = 60 d, showing that

permeability reduction occurs considerably due to biomass

attachment and growth on the solid matrix. In addition,

porosity also changes with time as shown in Figure 3b. At t =

10 d, porosity change is minimal with 0.349 at a distance of 5

cm from the inlet boundary. However, porosity is 0.297 at

the same location at t = 60 d. This indicates that permeability

and porosity of porous media can be changed with time

due to the deposition and growth of biomass on the solid

matrix.

The effect of bacteria concentration on the spatial

variations of relative permeability and porosity at t = 20 d is

illustrated in Figure 4. As the bacteria concentration increases
from 2.2 � 106 to 2.2 �  108 CFU ml-1, relative permeability

decreases from 0.998 to 0.778 at 5 cm distance from the inlet

boundary (Figure 4a) while porosity changes from 0.349 to

0.322 at the same location. The relative permeability and

porosity  decrease  as  more  biomass is deposited on the solid

matrix with increasing input concentration of bacteria. It

indicates that the extent of permeability and porosity

changes can be affected by the influent bacteria concentration.

Figure 3.          Spatial variations of relative permeability and porosity at different times.

Figure 4.         Effect of bacteria concentration on the spatial variations of relative permeability and porosity at t = 20 d.
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Sensitivity Analysis

The influences of microbial parameters ( kmax , Y, Ks ) on

the spatial variations of relative permeability and porosity of

porous media at 20 d after injection are illustrated in Figure 5.

As kmax  increase s from 0.70 to 1.05 d -1, relative permeability

decreases from 0.976 to 0.770 at 5 cm away from the inlet

boundary while porosity decreases from 0.347 to 0.321. This

indicates that relative permeability and porosity profiles are
very sensitive to the change in kmax (Figure 5a). As Y increases

Figure 5.   Influences of microbial parameters ( kmax , Y, Ks ) on the spatial variations of relative permeability and porosity at 20 d.
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from 0.5 to 0.7, relative permeability decreases from 0.976 to

0.940 at 5 cm distance from the inlet boundary while porosity

decreases from 0.347 to 0.343. It indicates that relative

permeability and porosity profiles are relatively sensitive to
the change in Y (Figure 5b). In the case of Ks , relative

permeability and porosity profiles are not sensitive to the
change in Ks  (Figure 5c). Additionally, relative permeability

and porosity profiles are not sensitive to the decay rate

coefficient (k1) in given simulation conditions (data not

shown).

The influences of bacterial attachment and detachment
rate coefficients ( ka , kd , kir ) on the spatial variations of

relative permeability and porosity of porous media at 20 d are

demonstrated in Figure 6. Even if the parameters change one

Figure 6. Influences of bacteria attachment and detachment rate coefficients ( ka  , kd ,  kir ) on the spatial variations of relative

permeability and porosity at 20 d.
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order of magnitude in given simulation conditions, relative

permeability and porosity are slightly changed around the

inlet boundary, indicating that the profiles of relative

permeability and porosity are not sensitive to these

parameters.
The influences of EPS-related parameters ( ke , khyd ) on

the spatial variations of relative permeability and porosity at
20 d are presented in Figure 7. As ke  increases from 0.3 to 0.6,

relative permeability increases from 0.976 to 0.990 at 5 cm

distance from the inlet boundary while porosity slightly

increases from 0.347 to 0.349. It indicates that relative
permeability and porosity profiles are not sensitive to ke

(Figure 7a). In the case of khyd , relative permeability and

porosity are slightly changed around the inlet boundary even

if the parameter changes one order of magnitude, indicating

that the profiles of relative permeability and porosity are not
sensitive to khyd  (Figure 7b).

CONCLUSIONS

A mathematical model is presented to simulate the

result matches relatively well with the column data from

literature. Simulation results illustrate that relative

permeability and porosity of porous media can be altered due

to biomass growth and attachment on the solid matrix.

Results also indicate that EPS may play a significant role in

bioclogging in porous media. Sensitivity analyses show that

Figure 7. Influences of EPS-related parameters ( ke , khyd ) on the spatial variations of relative permeability and porosity of

porous media at 20 d.
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permeability and porosity profiles are sensitive to parameters

such as maximum utilization rate of substrate and yield

coefficient. Even if the bioclogging model presented in this

study is not comprehensive, it will help understand the

change of porous medium properties owing to biomass

deposition and growth. In addition, laboratory experiments

will be necessary to determine whether the model is proper to

describe the bioclogging phenomena.
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Determination of bromacil transport as a function of water
and carbon content in soils
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This study was conducted to determine the significance of bromacil transport as a function of water and carbon content in soils
and to explore the implications of neglecting sorption when making assessments of travel time of bromacil through the vadose zone.
Equilibrium batch sorption tests were performed for loamy sand and sandy soil added with four different levels of powdered activated
carbon (PAC) content (0, 0.01, 0.05, and 0.1%). Column experiments were also conducted at various water and carbon contents under
steady-state flow conditions. The first set of column experiments was conducted in loamy sand containing 1.5% organic carbon under
three different water contents (0.23, 0.32, and 0.41) to measure breakthrough curves (BTCs) of bromide and bromacil injected as a
square pulse. In the second set of column experiments, BTCs of bromide and bromacil injected as a front were measured in saturated
sandy columns at the four different PAC levels given above. Column breakthrough data were analyzed with both equilibrium and
nonequilibrium (two-site) convection-dispersion equation (CDE) models to determine transport and sorption parameters under
various water and carbon contents. Analysis with batch data indicated that neglect of the partition-related term in the calculation of
solute velocity may lead to erroneous estimation of travel time of bromacil, i.e. an overestimation of the solute velocity by a factor of
R. The column experiments showed that arrival time of the bromacil peak was larger than that of the bromide peak in soils, indicating
that transport of bromacil was retarded relative to bromide in the observed conditions. Extent of bromacil retardation (R) increased
with decreasing water content and increasing PAC content, supporting the importance of retardation in the estimation of travel time
of bromacil even at small amounts of organic carbon for soils with lower water content.

Keywords: Bromacil transport; sorption; carbon content; water content.

Introduction

Groundwater contamination by agrochemicals such as pes-
ticides and herbicides has attracted considerable attention
in recent years.[1−7] The principal processes affecting the
transport of these chemicals from the surface to groundwa-
ter and the concentrations at which they arrive are advec-
tion, dispersion, degradation, and sorption. Retardation
plays an important role in transport of a reactive chemical
in soils and aquifers, by decreasing mobility and influenc-
ing the travel time from the surface to a point of interest.
Thus, accurate characterization of the role that retarda-
tion plays in chemical transport through the subsurface is
an essential part of any strategy for designing remediation

Address correspondence to Dong-Ju Kim, Department of Earth
and Environmental Sciences, Korea University, Seoul 136-701,
Korea; E-mail: djkim@korea.ac.kr
Received February 27, 2007.

of contaminated groundwater or improved management of
agrochemicals. Since sorption is essentially a partitioning of
chemical mass between the dissolved phase and the surface
sites, the magnitude of retardation is closely related to the
degree of water saturation (or water content) in soils[8−11]

and the sorption affinity of stationary organic and mineral
surfaces for the chemical of interest.[12−16]

For reasons largely arising from expense and experimen-
tal difficulty, almost no direct observation has been made
of chemical movement and fate in the lower vadose zone.
For example, Loague et al.,[3] in their comprehensive inves-
tigation of regional-scale ground water contamination by
Dibromochloropropane (DBCP), used soil survey informa-
tion obtained in the near-surface regime to estimate water-
holding capacity for the entire thickness of the vadose zone.
These authors also assumed that soil organic carbon was
insignificant below the surface meter of soil, and therefore
that sorbing chemicals such as DBCP would move without
interaction with the solid phase. This assumption was also
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made by Spurlock et al.[5] in their use of the model leaching
estimation and chemistry model LEACHM[17] to calculate
travel times for simazine in alluvial coarse-textured soils in
the Fresno, CA area.

Because of the importance of travel-time estimates in lit-
igation and management, it is essential to examine in de-
tail the appropriateness of assumptions such as those made
by the above authors in neglecting sorption in soils low in
organic matter. According to the partitioning assumption
used in virtually all transport models a dissolved chemi-
cal that undergoes linear, equilibrium adsorption will be
retarded with respect to the movement of the water by a
factor:

R = 1 + ρbfocKoc

θ
(1)

where R is the retardation factor, ρb is dry bulk density of
soil, Koc is organic carbon partition coefficient, and foc is
soil organic carbon fraction.[18] The retardation factor R
thus will increase significantly as water content decreases
unless the ratio of organic carbon content to water and
organic carbon content is negligible.

Since Spurlock et al.[5] and Loague et al.[3] essentially
assumed that the solute velocity (vs) was equal to the wa-
ter velocity (vw) in subsurface sandy soil, their assumption
amounts to saying:

vs = Jw

Rθ
= Jw

θ + ρbfocKoc
≈ Jw

θ
if θ � ρbfocKoc (2)

Assessment of the validity of the assumption in the Equa-
tion 2 is complicated by the fact that Koc for a given com-
pound has commonly been observed to be higher than aver-
age Koc in sandy soils,[19] which are generally at lower water
content in the field. For example, Deeley et al.[1] measured
an average Koc for DBCP of 100 cm3/g in three non-sandy
soils, but a much higher 330 cm3/g in two coarse-textured
aquifer sediments.

This study was conducted to determine experimentally
the significance of sorption of the nonionic herbicide bro-
macil as functions of water and carbon contents in soils
using batch and column methods and to explore the im-
plications of neglecting sorption when making assessments
of travel time (solute velocity) through the vadose zone.
Column data were analyzed with transport models to de-
termine transport and sorption parameters under various
water and carbon contents.

Materials and Methods

Equilibrium batch test

Equilibrium batch tests were performed to determine the
equilibrium distribution coefficients (Kd) of bromacil for
a loamy sand containing 1.5% organic carbon (OC), and
a sandy soil mixed with various amounts of powdered ac-

tivated carbon (PAC) in order to investigate the accuracy
of Equation 1 in describing sorption at various water con-
tents and OC levels. The loamy sand, consisting of 93.0%
sand, 2.0% silt, and 5.0% clay by weight, was collected from
a Delhi sand field site adjacent to the Kearney Field Sta-
tion in Fresno, California (USA), where substantial pes-
ticide contamination has been observed.[3] The sandy soil
was obtained from sediments near the Han river in Seoul,
Korea after which it was treated to remove organic car-
bon. The average grain size of PAC was 27 μm, pH ranged
from 6 to 8, and electrical conductivity (EC) was very low
(100 μS/cm).

Batch samples were prepared by mixing 10 g of dry soil
with 10 mL bromacil solutions containing a 5 mM CaCl2 at
six initial concentrations (10, 20, 50, 100, 200, 400 mg/L for
loamy sand; 20, 50, 100, 200, 400, 500 mg l−1 for PAC-added
sandy soil) and shaken at 110 rpm for 24 hr. Then, samples
were withdrawn by syringe and centrifuged at 3000 rpm
for 10 min, after which 10 μL supernatant was extracted
and analyzed by high performance liquid chromatography
(HPLC). The sandy soil was mixed with four different con-
centrations of PAC (0, 0.01, 0.05, and 0.1%) to produce
material with different sorption potential.

Column experiments

Column experiments were conducted using bromide and
bromacil as nonreactive and reactive tracers, respectively,
under different water and carbon contents (Table 1). For
the experiments with different water contents (case 1: Exp.
1-3), disturbed loamy sand was used. The soil was passed
through a 2.0 mm sieve (US Standard Sieve No. 10), air-
dried, mixed thoroughly, and then packed uniformly into a
plexiglass column (5 cm diameter and 30 cm length) up to 25
cm, and the remaining 5 cm was filled with a solution-filling
system.

Equipment used in the experiments of case 1 consisted
of a column leaching system and a solution-feeding system.
The leaching system (Soil Measurement Systems, Tucson,
AZ, USA) had a chamber with a fraction collector inside
connected to the bottom of the column to automatically
collect effluent and also to a vacuum source to apply a suc-
tion pressure. The feeding system consisted of a variable
speed pump (Fluid Metering, Syosset, NY, USA) to feed
both leaching and tracer solutions to a solution-filling sys-
tem. The solution-filling system consisted of a brass cylin-
der with a 1 mL reservoir and a ceramic porous disc (50 mm
in diameter and 6 mm in thickness) with permeability of 800
cm/min. The filling system was placed on top of the soil col-
umn to achieve uniform flow across the cross-sectional area
of the soil column even at low flow rates.

In the experiments of case 1, three different water con-
tents were obtained by imposing different suction pressures
of 0, 210 and 330 mbar on the chamber while the flow rates
were applied at 5.3, 2.0 and 0.2 mL/min (Table 1). The im-
position of a rather high suction pressure on the bottom of
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Table 1. Experimental conditions of column tests with different water contents (Exp. 1-3) and powdered activated carbon (PAC)
contents (Exp. 4-7)

Exp Soil type θ ρb (g cm−3) Carbon content (%) Suction pressure (mbar) Flow rate (mL min−1)

1 Loamy sand 23.0 1.58 1.5∗ 330 0.2
2 Loamy sand 32.0 1.58 1.5 210 2.0
3 Loamy sand 41.0 1.58 1.5 0 5.3
4 Sandy soil 36.0 1.49 0.0∧ — 1.2
5 Sandy soil 36.0 1.49 0.01 — 1.2
6 Sandy soil 36.0 1.49 0.05 — 1.2
7 Sandy soil 36.0 1.49 0.1 — 1.2

∗Organic carbon content in loamy sand (Exp 1-3); ∧powdered activated carbon content in sandy soil (Exp 4-7).
–: No Data.

the soil column required low inflow rates to reduce the satu-
rated water content to the specified unsaturated water con-
tent. As soon as a steady-state flow condition was achieved,
a tracer solution (50 mL) containing bromide (5 g/L) and
bromacil (200 mg/L) was injected as a square pulse. To en-
sure a steady-state flow condition, suction pressure in the
chamber was checked by a tensiometer during the experi-
ment. At the end of the experiment, water content of the
soil column was measured by the gravimetric method.

In case 2 (Exp. 4-7) where experiments were carried out
with various PAC contents under saturated flow conditions,
sandy soil (grain size < 2 mm) was prepared by the same
procedures as described in case 1 and uniformly packed into
the column (2.5 cm diameter and 30 cm length) up to 30
cm. Four different organic carbon contents were obtained
by adding different percent (weight basis) of PAC (0, 0.01,
0.05, and 0.1%) to sandy soil. As soon as a steady-state flow
condition was achieved, a tracer solution (50 mL) contain-
ing bromide (5 g/L) and bromacil (200 mg/L) was injected
as a step change in concentration.

Effluent samples collected using an automatic sample
collector were analyzed to quantify tracer concentrations.
Bromide concentration was determined using ion chro-
matography (4500i, Dionex, Sunnyvale, CA, USA), and
Bromacil concentration was quantified using high perfor-
mance liquid chromatography [(HPLC)(Hewlett Packard
Agilent 1100, Agilent Technologies, Palo Alto, CA, USA)]
with a C18 column (Hypersil ODS, 250 × 4.0 mm, Agilent
Technologies, Palo Alto, CA, USA). Elution gradient was
70% acetonitrile/30% water with a flow rate of 1.0 mL/min.
Bromacil concentration was determined at a wavelength of
225 nm.

Data analysis

Transport and sorption parameters of bromide and bro-
macil breakthrough curves (BTCs) were estimated using the
CXTFITprogram,[20] which includes analytical solutions of
the one-dimensional equilibrium:[21]

R
∂C
∂t

= D
∂2C
∂x2

− vw

∂C
∂x

; R = 1 + ρbKd

θ
(3)

where C is the dissolved solute concentration, D is the hy-
drodynamic dispersion coefficient (L2/T), Kd is the equilib-
rium distribution coefficient (L3/M), and non-equilibrium
[(two-site) (Equations 4 and 5)] convection-dispersion
equations[21] without decay or degradation:(

1 + fρbKd

θ

)
∂C
∂t

= D
∂2C
∂x2

− vw

∂C
∂x

−αρb

θ
[(1 − f ) KdC − Sk] (4)

∂Sk

∂t
= α [(1 − f ) KdC − Sk] (5)

where f is the fraction of sorption sites at which equilibrium
can be reached, α is the mass transfer coefficient (1/T),
and Sk is the sorbed chemical concentration on the kinetic
sorption sites (M/M).

Transport parameters vw and D were determined by least
squares optimization from the bromide BTCs while the re-
maining sorption-related parameters were determined from
the bromacil BTCs assuming that the values of vw and
Ddetermined from the bromide data were the same. In the
column experiments (Exp. 1-3) where a square pulse was
added, mass recoveries of bromide and bromacil in the ef-
fluent were quantified by the following expression:

Mass recovery, Mr (% ) =
(∫ ∞

0 Cdt
Coto

)
× 100 (6)

where to is the duration of tracer injection (injection time).

Results and Discussion

Adsorption isotherm

The adsorption isotherms of bromacil for sandy loam and
PAC-added sandy soils are shown in Figure 1. The distribu-
tion coefficient (Kd) of loamy sand (Fig. 1a) was found to be
0.087 mL/g which corresponds to a Koc = 5.8 ml g−1 for the
foc = 0.015. This Koc is very low compared to the previously
studied values of Koc = 34 mL/g,[12] Koc = 72 ml g−1,[22]

and Koc = 57 mL/g.[13] The Kd of PAC-added sandy soils
(Fig. 1b) increased with increasing PAC content. It is noted
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532 Kim et al.

Fig. 1. Column experimental setup to obtain breakthrough data of bromide and bromacil for two sandy soils.

that the Kd of 0.081 mL/g for PAC = 0% is comparable to
that obtained for loamy sand.

The partition coefficient of bromacil in PAC-added sandy
soil (Kpac) was determined using the relationship (Kd =
fpac Kpac) between the distribution coefficient (Kd) mea-
sured in the batch test and the PAC fraction (fpac). The value
of Kpac was found to be 2450 mL/g based on the measure-
ments of Kd at various PAC contents. This Kpac value is
much higher than the Koc values, which is attributed to the
strong sorption behavior of PAC.

With Koc (or Kpac) obtained from the batch test, the
partition-related term, ρbfocKoc (or ρbfpacKpac), in Equa-
tion 2 along with retardation factor (R) were calculated
(Table 2). For loamy sand, a decrease in water content
from 0.41 to 0.23 resulted in an increase in R from 1.33
to 1.59, thus causing a difference in solute velocity and
travel time for bromacil compared to the values obtained
by neglectingρbfocKoc. Even at small amounts of organic
carbon for soils at lower water content, neglect of ρbfocKoc
may lead to an overestimation of travel time of bromacil.

Table 2. Partition coefficients (Koc and Kpac) and retardation factors (R) calculated using the data obtained from the batch test

Exp θ ρb Carbon fraction Koc (mL g−1) Kpac (mL g−1) ρbfocKoc ρbfpacKpac R

1 0.23 1.58 0.015∗ 5.8 — 0.137 — 1.59
2 0.32 1.58 0.015 5.8 — 0.137 — 1.43
3 0.41 1.58 0.015 5.8 — 0.137 — 1.33
4 0.36 1.49 0.0∧ — 2,450 — 0.0 1.0
5 0.36 1.49 0.0001 — 2,450 — 0.365 2.01
6 0.36 1.49 0.0005 — 2,450 — 1.825 6.07
7 0.36 1.49 0.0010 — 2,450 — 3.651 11.14

∗Organic carbon fraction of loamy sand (foc) (Exp 1-3); ∧fraction of powdered activated carbon of sandy soil (fpac) (Exp 4-7).
–:No Data.

A value of R = 1.59 at θ = 0.23 of loamy sand is com-
parable to that observed by Turin and Bowman[13], who
calculated R values of 1.76 and 1.63 for bromacil in sandy
loam containing 0.2% organic carbon. The slightly higher
value of R compared to our value, even though their soil
contained much less organic carbon, seems to be due to a
higher amount of clay (14.2%).

For PAC-added sandy soils, increasing carbon content
from 0.0 to 0.1% resulted in an increase of R from 1.0
to 11.14, indicating that the solute velocity of bromacil
through saturated soils with a trace amount of a strong
sorbent such as activated carbon would be severely overes-
timated by neglecting ρbfocKoc.

Column breakthrough data

The breakthrough data for bromide and bromacil obtained
from the laboratory column experiments with different wa-
ter contents in loamy sand (Exp. 1-3) along with equilibrium
and non-equilibrium model fittings are shown in Figure 2.

105



D
ow

nl
oa

de
d 

B
y:

 [2
00

7 
S

eo
ul

 N
at

io
na

l U
ni

ve
rs

ity
] A

t: 
06

:3
6 

19
 J

un
e 

20
07

 

Bromacil transport in soils 533

Fig. 2. Equilibrium sorption isotherms for bromacil: (a) loamy
sand; (b) powdered activated carbon-added sandy soil.

All BTCs showed well-defined single peaks, and mass re-
coveries ranged from 83 to 101% for bromide and 98 to
106% for bromacil, indicating that the column experiments
were carried out successfully. Arrival time of the bromacil
peak was later than that of bromide peak for all water con-
tents, indicating that transport of reactive bromacil was re-
tarded compared to non-reactive bromide. Retardation of
bromacil in loamy sand increased with decreasing water
content. Column experimental results supported the im-
portance of retardation in the estimation of travel time of
bromacil even at a small amount of organic carbon for soils
with lower water content.

Observed BTCs for PAC-added sandy soils (Exp. 4-7) for
step injection along with equilibrium and non-equilibrium

Fig. 3. Determination of partition coefficient of bromacil in pow-
dered activated carbon (PAC)-added sandy soil (Kpac) using dis-
tribution coefficient (Kd) from batch test and PAC fraction (fpac).

model fittings were illustrated in Figure 3. The BTCs of bro-
mide and bromacil were almost identical where no PAC was
added (Fig. 3a). However, in the presence of PAC (Figs. 3b–
3d), bromacil was retarded considerably compared to bro-
mide with increasing PAC content. It also supported the
importance of retardation in the estimation of travel time
of bromacil in saturated flow conditions. These saturated
column experiments also indicated that contribution of re-
tardation to bromacil transport should not be neglected
even when organic carbon content is low in natural soils.
Neglecting organic carbon in soils and thus assuming “no
retardation” would cause overestimation of solute velocity
by a factor of R.

An illustration of the interacting role of water con-
tent and carbon content on retardation is shown in Fig-
ure 4 for the hypothetical case of a weakly sorbing solute
(Koc =10 cm3/g) in a sandy soil (ρb =1.5 g/cm3) at sat-
uration (θ = 0.5) and a low water content (θ = 0.05) as a
function of OC fraction. As seen in this figure, a solute with
this Koc moving through the same soil at a very low OC
fraction 0.005 will experience virtually no sorption (R =
1.15) at high water content but significant sorption (R =
2.5) when water content drops to 0.05. Water contents at
this level are not uncommon in sandy soils of the type re-
ported by Spurlock et al.,[5] even when downward drainage
is occurring. Thus, neglect of sorption (as did these authors
as well as Loague et al.[3] merely because OC is low is not
warranted and can cause significant travel time errors.

Model fitting to column data

Fitted model parameters for the equilibrium and non-
equilibrium (two-site) model were summarized in Table 3.
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534 Kim et al.

Fig. 4. Measured breakthrough curves and transport model fits
for loamy sand at different water contents (Exp. 1-3): (a) 23.0%;
(b) 32.0%; (c) 41.0%.

It should be noted that for loamy sand the estimated pore
water velocity (vw) decreased with decreasing water content
due to a lower flux density imposed on the top of the column
in order to obtain the lower water content. In the case of the
non-equilibrium model, R values ranged from 1.47 to 1.73,
which were slightly higher than the corresponding values
from the equilibrium model. The increasing tendency of R
with decreasing water content observed from the column
test agrees well with the result of the batch test and also
with the results of previous studies,[23] who found that re-
tardation of bromacil was negatively correlated with pore
water velocity. Similar results were also reported by several
researchers,[24−26] who reported that retardation of sorb-
ing chemicals increased with decreasing pore water veloci-
ties and/or lower water contents. The negative correlation
was due to retention time of chemicals in soils[27] or a rel-
ative increase of the ratio of reactive surface sites to water
volume.[28] In experimental cases where water content re-
mained constant (Exp. 4-7), transport parameter (vw and
D) values were almost identical with estimated values of vw

ranging from 35.7 to 36.6 cm/hr and D values from 18.0
to 18.6 cm2/hr. Based on vw and D from bromide data,
R values of the equilibrium model increased from 1.02 to
5.96 with increasing PAC content. In case of the nonequi-
librium model fitting, R values ranged from 1.00 to 6.49,
which were slightly higher than those of the equilibrium
model. Increase of R with organic carbon fraction (foc) in
soil was also reported by Fesch et al. [28]

The fraction of equilibrium sites (f ) increased while the
mass transfer coefficient (α) decreased as both the water
content and pore water velocity of loamy sand decreased.
Increase of f and decrease of α for lower water content does
not coincide with the result of Maraqa et al.,[9] who reported
that f was independent of pore water velocity and further
variations in the degree of water saturation had no impact
on α for benzene transport. Independence of f from pore
water velocity was also reported by Pang et al.[27] but f in
their study was in fact inversely related to pore water veloc-
ity since the forward sorption rate constant (k1) expressed
as a function of (1-f ) showed a proportional relation to
pore water velocity. However, positive relation between vw

and α has been observed in several studies. For example,
Brusseau,[29] reported that α decreased with decreasing pore
water velocity because of a time-scale effect of diffusion.
On the other hand, for PAC-added sandy soils f increased
but α decreased as PAC content increased. The increase of
f with increasing PAC content was also reported by Kim
et al.,[30] indicating that bromacil sorption on PAC material
is mainly controlled by rapid equilibrium sorption. The in-
verse relation between α and PAC content can be explained
by the fact that due to the increased equilibrium sorption
with increasing PAC the slow rate-limited sorption occurs
at a relatively small mass of bromacil in the soil.

It should be noted that the equilibrium model fits
deviated severely from the observed bromacil BTC for
PAC-added sandy soils while the non-equilibrium model
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Bromacil transport in soils 535

Fig. 5. Measured breakthrough curves and transport model fits for powdered activated carbon (PAC)-added sandy soil at different
PAC contents (Exp. 4-7): (a) 0%; (b) 0.01%; (c) 0.05%; (d) 0.1%.

Fig. 6. Retardation factor R (equation 1) calculated as a function of organic C fraction in a hypothetical soil of bulk density ρb = 1.5
g/cm3 at saturation θ = 0.5 and a low-water content θ = 0.05.
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Table 3. Model parameters obtained from fitting equilibrium and nonequilibrium models to the column breakthrough data

Equilibrium model Nonequilibrium model

Exp θ vw (cm hr−1) D (cm2hr−1) R r 2 R f α (hr−1) r 2

1 0.23 2.6 3.3 1.59 0.91 1.73 0.77 0.004 0.93
2 0.32 19.4 13.3 1.42 0.88 1.68 0.58 0.028 0.95
3 0.41 36.9 52.0 1.25 0.95 1.47 0.49 0.352 0.97
4 0.36 36.6 18.0 1.02 1.00 1.00 1.00 0.000 1.00
5 0.36 36.0 18.6 1.34 0.91 1.54 0.04 0.067 1.00
6 0.36 36.4 18.6 3.28 0.94 3.42 0.25 0.055 1.00
7 0.36 35.7 18.0 5.96 0.97 6.49 0.75 0.019 1.00

fitted perfectly to bromacil data. The deviation of the equi-
librium model fit was much larger in PAC-added sandy soil
than loamy sand soil as was reported by Liu et al.,[31] who
found that the two-site model provided a better simulation
of transport of more strongly sorbing material, and organic
carbon, though small, was responsible for the sorption non-
equilibrium during transport. In addition, r2 values from
the non-equilibrium model were higher than those from the
equilibrium model (Table 3), indicating that the nonequilib-
rium model was more suitable at describing observed bro-
macil curves in two soils than the equilibrium one. There-
fore, a proper transport model with relevant sorption pa-
rameters should be used for accurate estimation of travel
time of pesticides in soils with various degrees of water sat-
uration and organic carbon content.

Retardation factors (R) obtained from batch and column
methods for various water contents and PAC contents are
shown in Tables 2 and 3 respectively. For loamy sand, R val-
ues measured by the column method were higher than those
from the batch method, and the deviation increased as wa-
ter content decreased. For sandy soil where water content
was constant but PAC content varied, the batch method
yielded much higher values of R than the column meth-
ods especially for PAC = 0.05% or higher. Higher R values
of reactive contaminants obtained from the batch method
have been recently reported by some studies.[16,31,32] The dis-
crepancy of R between two methods can be explained by i)
chemical and physical non-equilibrium sorption in the col-
umn method due to relatively short residence time,[16] and

Table 4. Comparison of retardation factor (R) determined from
batch and column tests.

Column test

Exp Batch test Nonequilibrium model Time moment method

1 1.59 1.73 1.97
2 1.43 1.68 1.50
3 1.33 1.47 1.35
4 1.00 1.00 1.10
5 2.01 1.54 1.31
6 6.07 3.42 3.30
7 11.14 6.49 6.21

ii) low soil-to-solution ratio used in the batch test compared
to the column condition.[33]

Conclusions

The significance of bromacil transport as a function of wa-
ter and carbon content in soils was investigated in this
study. Analysis with batch data indicated that neglect of
the partition-related term in the calculation of solute ve-
locity may lead to erroneous estimation of travel time of
bromacil, i.e. an overestimation of the solute velocity by
a factor of R. The column experiments showed that ar-
rival time of the bromacil peak was larger than that of the
bromide peak in soils, indicating that transport of bromacil
was retarded relative to bromide in the observed conditions.
Extent of bromacil retardation (R) increased with decreas-
ing water content and increasing PAC content in two soils,
respectively. Column experimental results also supported
the importance of retardation in the estimation of travel
time of bromacil even at small amounts of organic carbon
for soils with lower water content. Model fittings indicated
that the non-equilibrium model was more suitable for de-
scribing bromacil BTCs in soils than the equilibrium one.
Comparison of bromacil retardation between batch and
column methods revealed that the column method with the
non-equilibrium model gave a slightly higher value of R for
loamy sand but a much lower value of R for PAC-added
sandy soil than the batch method. The magnitude of R dif-
ference between the two methods was more pronounced
with increasing PAC content in sandy soil. Therefore, a
proper transport model with relevant sorption parameters
should be used for accurate estimation of travel time of pes-
ticides in soils with various degrees of water saturation and
organic carbon content.
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Abstract

Transport of bacteria in aquifer systems plays an important role in bioaugmentation, which relies upon successful bacterial delivery to a target
area. In the present study, we conducted a set of laboratory column experiments under various conditions of pore-water velocity (yu) and ionic
strength (IS ) of culture medium for Pseudomonas aeruginosa, known to be a benzene-degrading bacteria, in order to investigate their relation-
ship to mass recovery in saturated quartz sands. The column experiments revealed that both peak concentrations and mass recoveries of bacteria
were lower than those of a conservative tracer KCl when deionized water was used as leaching water for all ranges of pore-water velocity (0.18-
6.23 cm/min). Thus, the parameter responsible for transport of P. aeruginosa was only the deposition coefficient. Bacterial cells could not be
attached to the mineral surfaces by predominance of electrostatic charge or repulsive forces over hydrophobicity or attractive forces due to the
very low ionic strength (z0 mM) of deionized water. The loss of bacterial mass was attributed to the deposition in the crevice formed on the
quartz surfaces, as evidenced by SEM images. For a given pore-water velocity, the ionic strength markedly influenced bacterial deposition,
showing decreased peak concentrations and mass recoveries with increasing ionic strength of column leaching water. An optimum range of
yu and IS for achieving bacterial mass recovery higher than 70% in the studied quartz sand was found such that: (i) at low IS (z0 mM),
a pore-water velocity higher than 0.30 cm/min, and (ii) at pore-water velocity of 0.52 cm/min, an IS lower than 290 mM, were required,
respectively.
� 2006 Elsevier Masson SAS. All rights reserved.

Keywords: Pseudomonas aeruginosa; Pore-water velocity; Ionic strength; Mass recovery; Deposition coefficient

1. Introduction

Contamination of subsurface environments by organic con-
taminants or pathogens is a wide-spread environmental prob-
lem, posing a significant threat to drinking water supplies.
Thus, an understanding of bacterial movement is important in
the design of effective bioaugmentation schemes [5,7,20,24,26,
31], as well as for predicting the transport of pathogenic micro-
organisms through an aquifer for the use of groundwater as
a drinking water supply [10,11,21].

In aquifer systems, the movement of bacteria is mainly con-
trolled by the advectiveedispersive transport with attachment to

and detachment from a solid matrix. The attachment of bacteria
on a solid matrix is affected by the characteristics of bacterial
andmineral surfaces and the characteristics of fluid phase in po-
rousmedia, e.g., flow rate and solution chemistry such as pH and
ionic strength. The attachment appeared to be a major control of
the extent of bacterial movement [13], which was found to in-
crease with increasing pore-water velocity [14,25]. Although
the influence of pore-water velocity on bacterial breakthroughs
had been reported in previous studies [2,3,14,18,25], informa-
tion on the relationship between pore-water velocity and associ-
ated transport processes such as bacterial mass recovery and
deposition coefficient in porous media remains limited.

Bacterial deposition represents the combined processes that
result in removal of bacteria from suspension in porous media,
e.g., straining, attachment and adsorption [1]. Straining refers
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to the immobilization of suspended bacteria that occurs when
they get caught in pore openings smaller than their limiting
dimensions. Attachment or adsorption is determined by inter-
actions between bacterial cell surfaces and mineral surfaces.
Cell surface properties are recognized as the key factors that in-
fluence bacterial attachment onto surfaces. The interactions be-
tween bacteria and particles have often been explained in terms
of long-range interactions by employing theDLVO(Derjaguine
LandaueVerweyeOverbeek) theory [30]. The total energy of
the interaction as a function of separation distance between bac-
teria and like-charged surface may be estimated as the algebraic
sum of the repulsive (electrostatic) and attractive forces. The
magnitude of electrostatic repulsion as a function of separation
distance is controlled by the thickness of the electrical double
layer, which in turn is a function of ionic strength. Greater
hydrophobicity of cells and substrata results in greater attractive
forces and higher levels of adhesion [28], whereas smaller
(more negative) electrokinetic potentials and solids and lower
levels of ionic strength result in greater repulsive electrostatic
interactions and lower levels of adhesion [22,29,30].

The effect of ionic strength on the transport of bacteria
through porous media was investigated using NaCl solutions
[4] and an artificial groundwater solution [9,19] with a relatively
low ionic strength ranging from 0.89 to 57.9 mM. In actual
groundwater systems, bacteria would not survive with the low
ionic strength due to lack of nutrients. Therefore, solutions
with higher ionic strength would be required for sorption or col-
umn experiments if the objective of the study were the applica-
tion of a bioaugmentation technique to contaminated aquifers.

The effect of both the ionic strength and flow velocity on
the transport of Pseudomonas sp. was studied through columns
of aquifer sand under saturated conditions [12]. However, the
range of ionic strength and flow velocity used was narrow. For
instance, only two ionic strengths (distilled water and 0.01 M
NaCl solution) and two flow rates of 10�4 and 2.0 � 10�4 m/s
were used. With a limited range of physical and chemical
properties, it would be difficult to obtain the optimum range
of those properties which can promote movement of bacteria
for bioremediation of contaminated aquifers. Further use of
NaCl solutions or artificial groundwater with low concentra-
tions of nutrients does not provide an adequate environment
for bacterial activity. Thus, in this study, we attempted a sys-
tematic study on bacterial transport through quartz sand by
conducting column experiments under various pore-water
velocities and ionic strengths for a given pH and composition
of the pore-water. From the results of column experiments, the
optimal range of the physical and chemical parameters was
quantified to enhance the effective transport of Pseudomonas
aeruginosa, known to be benzene-degrading bacteria.

2. Materials and methods

2.1. Organisms and culture preparation

Benzene-degrading bacteria, P. aeruginosa KCCM-40269,
have been described previously [17]. Initially, the bacteria in

a freeze-dried state were revived in 250 ml Erlenmeyer flasks
containing 100 ml of LB medium over a period of two days.
One milliliter of culture was then transferred to a volume of
500 ml LB broth and incubated at a 30 �C temperature in
a 140 rpm orbital shaker. Cells in the late exponential growth
phase were harvested, washed three times with deionized wa-
ter and resuspended, and then adjusted to an optical density of
1.0 at 600 nm (OD600), giving a final bacterial concentration of
approximately 2.04 � 108 CFU/ml. In order to obtain the sur-
face characteristics of bacterial cells, the net surface electro-
static charge of cells was measured with a zeta potential
analyzer (Zetasizer 3000HS, Malvern Instruments Ltd., UK).
Electrophoretic mobility was determined for the surface bacte-
rial (cell concentration of 0.445 OD600) at 25

�C, pH of 6.8
and IS of 565 mM, and found to be �2.51 � 10�8 m2/V/s, re-
spectively. All glassware and materials used for the study were
sterilized in the autoclave (twice at 121 �C for 15 min) to pre-
vent any influence by other microorganisms.

2.2. Column experiments

Column experiments were conducted using a Plexiglass
column with a diameter of 25 mm and a height of 300 mm
to investigate the effect of flow rate on the attachment of
P. aeruginosa KCCM-40269 during transport through sand
material. The sand material mainly consisted of quartz which
was analyzed by an X-ray diffraction spectrometer (MXP3A-
HF22), and supplied by the manufacturer of Jumunjin Silica.
The electrophoretic mobility of the quartz surface at 25 �C,
pH of 6.8 and IS of 565 mM was found to be �3.05 � 10�8

m2/V/s, a negative surface charge, that is supported by the lit-
erature [23]. Mechanical sieving was performed using US
Standard Sieves (Fisher Scientific), Nos. 30 and 10. Sand frac-
tions (0.6 mm < f < 2.0 mm) were retained for use in column
experiments. Before experimental use, sand was washed using
deionized water thrice and wet sand was autoclaved for 20 min
in 121 lb pressure, cooled at room temperature for 24 h, auto-
claved again and oven-dried at 70 �C for 3e5 days.

A fresh column was packed for each experiment by placing
sand under standing water to minimize air entrapment and
tamped down with a glass rod during filling to achieve a bulk
density of about 1.56 g/cm3 and a porosity of about 0.4 (Table 1).
The upward flow of deionized water from a sterile reservoir
through the column was regulated by a variable speed pump
(FluidMetering, Syosset, NY, USA) located beyond the column
outlet. Once a constant flow ratewas established, a breakthrough

Table 1

Physical and chemical conditions for bacterial transport experiments using

sand columns

Experiment Flow rate

(ml/min)

Ionic strength

(mM)

Injection

time (min)

Bulk density

(g/cm3)

Porosity

a 0.4 0 112.5 1.57 0.41

b 1.0 0 45.0 1.55 0.42

c 3.0 0 15.0 1.56 0.41

d 13.0 0 3.5 1.55 0.42

e 1.0 565 45.0 1.56 0.41

f 1.0 1130 45.0 1.57 0.41
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experiment was first performed for KCl as a conservative tracer
by injecting 45.0 ml of KCl solution with input concentration of
3.0 g/l. As soon as the injection of tracer solutionwas completed,
deionizedwater with a very low ionic strength (z0mM) and pH
of 7.0 was again introduced under steady-state flow conditions.
Effluent samples were collected using a fraction collector
(Model: RTRV II, Tucson, AZ, USA) at regular time intervals
and tracer concentrations were analyzed using an electrical con-
ductivity meter (ORION, Model: 130A, Germany) and then
calibrated using the predetermined relationship between electri-
cal conductivity and KCl concentration. Bacterial transport ex-
periments followed exactly the same procedure as described for
the KCl experiment except for the input cell suspension concen-
tration of 1.0 OD600 corresponding to 2.04� 108 CFU/ml. Each
KCl and bacterial breakthrough experiment was paired at four
different flow rates. After this experiment, a bacterial break-
through experiment was performed again for three different
ionic strengths of leaching solutions at the given pore-water ve-
locity of 1.0 ml/min. To maintain the cell density at the input
concentration and to avoid any bacterial growth during trans-
port, the leaching solution was adopted from the mineral salt
medium (MSM) [17]. Preliminary tests showed that the cell den-
sity of P. aeruginosa KCCM-40269 remained at a stationary
phase when cultured in MSM. The ionic strength of MSM was
565 mM. Based on the ionic strength of MSM, three ionic
strengths of 0 mM (deionized water), 565 and 1130 mM MSM
were prepared. Details of experimental condition are given in
Table 1. The bacterial population was determined by measuring
the optical density of the cell suspension using Heyios ß UV
spectrophotometer (Thermo-Electron Corporation) at 600 nm.
After bacterial BTC experiments, the sands in the columns
were analyzed for possible microbial deposition on their sur-
faces using scanning electron microscopy (SEM) analysis. Sec-
ondary electron images were acquired on samples that had been
washed and dried in a Hitachi S-4300 scanning electron micro-
scope. In addition, the possibility of the presence of Fe or Al
oxides on the surface of quartz sand was investigated by
performing SEManalysis on samples coatedwith deionizedwa-
ter and 1130 mMMSM solution using a Jeol JSM-5410LVat an
accelerating voltage of 15 kVattachedwith an energy dispersive
spectrometer (EDS). SEMmicrographs were taken at amagnifi-
cation of 750 �.

2.3. Data analysis

Assuming that bacterial growth and decay are negligible,
the one-dimensional bacterial transport equation in saturated
porous media can be presented as [16]:

vC

vt
¼ D

v2C

vx2
� yu

vC

vx
� kaCþ kdS; ð1Þ

vS

vt
¼ kaC� kdS; ð2Þ

where C is the concentration of bacteria suspended in the
aqueous phase (mg/l), D is the hydrodynamic dispersion

coefficient (cm2/min), yu is the pore-water velocity (cm/
min), ka is the attachment (deposition or adsorption) rate coef-
ficient (1/min), kd is the detachment (entrainment or desorp-
tion) rate coefficient (1/min), and S is the concentration of
bacteria attached on the solid phase (mg/kg).

Because the detachment rates were determined to be sev-
eral orders of magnitude lower than the attachment rates
[16,25], last term (kd S ) in Eqs. (1) and (2) can be neglected.
Therefore, Eqs. (1) and (2) in the dimensionless forms can be
finalized as:

vCþ

vT
¼ 1

Pe

v2Cþ

vX2
� vCþ

vX
�Da1C

þ; ð3Þ

vSþ

vT
¼ Da1C

þ; ð4Þ

with the following dimensionless parameters:

X ¼ x

L
; T ¼ tyu

L
; Pe¼ yuL

D
;

Cþ ¼ C

C0

; Sþ ¼ S

C0

; Da1 ¼ kaL

yu
; ð5Þ

where L is the column length, C0 is the initial bacterial con-
centration, Pe is the Peclet number, and Da1 is the Damköhler
number for the attachment rate coefficient. It is noted that the
attachment rate coefficient now corresponds to the deposition
or irreversible adsorption coefficient, since the last term (kd S)
responsible for detachment in Eqs. (1) and (2) disappeared.

Parameters in the transport models were obtained by fitting
the CXTFIT code to the breakthrough data. The transport pa-
rameters yu and D in Eq. (1) were first determined from the
KCl breakthrough data, and using these parameters the attach-
ment rate coefficient ka was estimated from the bacterial
breakthrough data. Then, the dimensionless parameters such
as Pe and Da1 were calculated using the relationship given
in Eq. (5). The mass recoveries of KCl and bacteria at the
effluent were quantified by the following expression:

mass recovery; Mr ¼

0
BB@
Z N

0

C dt

C0t0

1
CCA; ð6Þ

where t0 (min) is the duration of tracer injection (injection
time).

3. Results

3.1. Effect of pore-water velocity on bacterial transport

The breakthrough curves (BTCs) for KCl and bacteria ob-
tained from the laboratory column experiments at various flow
rates along with fitted curves are presented in Fig. 1. All BTCs
showed well-defined single peaks with mass recoveries of non-
reactive tracer KCl ranging from 96.4 to 107.5% (Table 2),
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indicating that the column experiments were carried out suc-
cessfully. Reproducibility of replicate bacterial BTCs was
checked at a flow rate of 1.0 ml/min and revealed that the
mass recovery and estimated parameters were within relative
errors of 10.0% (data not shown). As shown in Fig. 1, the
transport model was well fitted to BTCs of KCl and bacteria.
Transport parameters (yu, D) estimated from KCl BTCs are
summarized in Table 2. The values of yu ranged from 0.178
to 6.230 cm/min as the flow rate increased from 0.4 to 13.0
ml/min with D values ranging from 0.136 to 1.705 cm2/min.
It is noted that pore-water velocities estimated from the flow
rates using the relationship yu¼ q/n, where q, n are the Dar-
cian flux, porosity of column materials, gave similar results
to those obtained from the model fit. This was due to relatively
small variations in the porosity of the sandy materials packed

Fig. 1. Measured and fitted breakthrough curves of KCl and bacteria (P. aeruginosa) during transport through sand columns under various flow rates: (a) flow

rate¼ 0.4 ml/min; (b) flow rate¼ 1.0 ml/min; (c) flow rate¼ 3.0 ml/min; (d) flow rate¼ 13.0 ml/min.

Table 2

Summary of mass recoveries and transport parameters obtained from KCl and

bacterial breakthrough curves

Experiment Ionic strength

(mM)

yu
(cm/min)

D
(cm/minb)

Da1 MKCl
b Mr

c

a 0 0.178 (0.194)a 0.136 0.474 1.075 0.618

b 0 0.518 (0.485) 0.202 0.289 1.024 0.838

c 0 1.284 (1.490) 0.353 0.259 0.964 0.856

d 0 6.230 (6.304) 1.705 0.056 1.045 0.940

e 565 0.518 (0.485) 0.202 0.569 1.024 0.564

f 1130 0.518 (0.485) 0.202 2.281 1.024 0.166

a Pore-water velocities calculated from the flow rate.
b Mass recovery of KCl.
c Mass recovery of bacteria relative to mass recovery of KCl.
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in the columns. Thus, pore-water velocities estimated from the
model fit will be used as actual flow velocities of sand columns
throughout this study.

The arrival times of bacterial peak coincided with those of
KCl peaks for all experiments. The relative peak concen-
trations (C/C0) of bacteria were lower than those of KCl, indi-
cating that mass loss of bacteria occurred during transport
through sand columns (Fig. 1). Comparison of bacterial
mass recoveries (61.8e94.0%) with those of KCl (96.4e
107.5%) also confirmed this result. The relative bacterial
peak (C/C0) values (0.56e0.89) showed an increasing ten-
dency with the increased pore-water velocities (0.178e6.230
cm/min).

The effect of pore-water velocity on bacterial transport can
be examined by comparison of deposition coefficient and bac-
terial mass recovery. The dimensionless deposition coefficient
or Damköhler number (Da1) decreased, while mass recovery
of bacteria increased from 61.8 to 94.0% as the pore-water ve-
locity increased from 0.178 to 6.230 cm/min (Table 2). This
can be explained by the fact that bacterial transport could be
enhanced since the contact time between bacteria and solid
matrix was reduced as the pore-water velocity in porous media
increased. Therefore, more bacterial mass can be transported
through sands with less deposition on solid matrix as the
pore-water velocity was enhanced.

3.2. Effect of ionic strength on bacterial transport

The bacterial breakthrough curves obtained from the
column experiments for different ionic strengths of MSM
solutions at the given pore-water velocity of 0.52 cm/min
are presented in Fig. 2. The peak travel times of bacterial
BTCs for all three different ionic strengths coincided with
that of KCl, indicating that bacteria were not retarded relative
to conservative tracer KCl in the quartz sand. The increased
ionic strength of leaching solution resulted in lower relative

peaks and mass recoveries. The bacterial peak decreased from
0.72 to 0.58 and 0.10 (Fig. 2) while mass recovery also
decreased from 83.8 to 56.4 and 16.6% (Table 2) when the ionic
strength increased from 0 to 565 and 1130 mM, respectively.

3.3. SEM images of bacteria and mineral
morphology on quartz surfaces

SEM images obtained for quartz sand at the end of column
breakthrough experiments is shown in Fig. 3. It is evident that
bacteria were deposited in the crevice formed on the surface of
sand particles. This clearly demonstrates that bacterial mass
loss observed at all experiments of z0 mM ionic strength (de-
ionized water) is due to their deposition on the solid matrix
during transport which cannot be explained by aforementioned
straining, attachment or adsorption. Results of chemical anal-
ysis obtained from EDS data are presented in Fig. 4. For either
sample, neither Fe nor Al oxides were present on the surfaces
of quartz sands. However, K was observed for the sample
treated with MSM solution, as can be seen in Fig. 4-2(b).
The presence of K implies that the surface charge of quartz
sand can be altered by the increase in positively charged cat-
ions present in MSM solution.

3.4. Mass recovery as a function of pore-water
velocity and ionic strength

Fig. 5 shows the plot of mass recovery as a function of
pore-water velocity (yu) or ionic strength. For the relationship
between mass recovery and pore-water velocity where deion-
ized water having a very low ionic strength (IS¼ 0 mM) was
used as leaching water, an optimal range of pore-water veloc-
ity could be found such that a minimum pore-water velocity of
yu ¼ 0.30 cm/min was required to achieve the mass recovery
of 70% or above. From the relationship between mass recov-
ery and ionic strength, where pore-water velocity of 0.52
cm/min was kept constant, a maximum IS¼ 290 mM was
needed to maintain more than 70% of mass recovery for the
bacterial strain and mineral particles used in this study. The in-
crease in pore-water velocity from 0.30 to 0.52 cm/min led to
an increase in ionic strength from 0 to 290 mM. Considering
the low ionic strength (z4 mM) of natural groundwater, a sub-
stantial amount of salt medium should be supplied in order to
maintain the increased pore-water velocity of 0.52 cm/min.
Thus, depending on the prevailing groundwater velocity in
the aquifer, optimum conditions of ionic strength can be cho-
sen to achieve a certain mass recovery scheme. This practical
guideline would be highly useful in the design of bioaugmen-
tation to be applied to aquifer systems contaminated with
benzene.

4. Discussion

The coincidence of peak arrival times of both KCl and bac-
teria indicates the absence of retardation, which is in contra-
diction with the results of other studies [12,25] which
reported that bacteria (Pseudomonas sp.) were retarded

Fig. 2. Measured and fitted breakthrough curves of KCl and bacteria during

transport through sand columns under various ionic strengths (IS¼ 0, 565,

1130 mM) of MSM solution for the given flow rate of 1.0 ml/min.
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compared with chloride. The bacterial peak values were much
higher than those from other studies [4,14], but lower than that
from another study [12]. The value (0.58) of bacterial peaks at
the ionic strength of 565 mM are much higher than the bacte-
rial peak of 0.022 for the 10 mM NaCl solution and the peak
of 0.5 for the 1 mM NaCl solution used in other studies [4,12].
The difference in peak values between this study and other
studies can be explained by the different conditions used in
the column experiment, such as the column length, bacterial
strain, type of leaching solution and flow velocity.

Experimental evidence for increased bacterial mass recov-
ery with increased pore-water velocity can be supported by
previous studies [3,14,25]. Comparison of bacterial mass re-
coveries with those of KCl led to experimental evidence that
mass loss of bacteria occurred during transport through sand
columns. It is noted that at the ionic strength of 0 mM (deion-
ized water), bacterial mass was not completely recovered with
the value of 83.8%, which is lower than the values of 100% for
distilled water obtained in another study [12]. Mass loss
through the quartz sand during the column experiment

Fig. 3. SEM images of P. aeruginosa KCCM-40269 deposited in the crevice of quartz sand surface during transport: (a) sample 1, (b) sample 2.
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indicates that bacteria might be attached or strained during
transport. Straining, however, cannot be considered an impor-
tant mechanism of mass loss in this study, since the average
length (z1.0 mm) of the bacterial population is much less
than 5% of that [15] for the quartz sands used. Thus, the pos-
sibility of attachment can be examined using the DLVO the-
ory. The electrophoretic mobility of our bacteria was found
to be 2.51 � 10�8 m2/V/s at pH 6.8 and IS of 565 mM.
This result is supported by other studies [27,29] which re-
ported that electrophoretic mobility of P. aeruginosa is nega-
tive (�1.07 � 10�8 m2/V/s) and negatively increases with
decreasing salt concentrations. In the literature [8], it was
shown that the electrophoretic mobility of bacteria (Bacillus
subtilis) was pH-dependent, showing the more negative pattern
as the pH of solution increased from 2 to 10. The surface
charge of bacteria used in this study was conveniently
assumed to be negative, since the pH of leaching water was

more or less constant with 7.0 during the column experiment.
The surface charge of quartz was found to be negative in elec-
trophoretic mobility analysis. For the given pH of 7.0 and
ionic strength of 0 mM of the leaching solution used for the
column experiment, the surfaces of both bacteria and minerals
are negative and like-charged. Furthermore, the results of
SEM-EDS analysis revealed that neither Fe nor Al oxides
were coated on the surfaces of quartz sand. This implies that
there was no possibility of changing the electrical charge of
the mineral surfaces. Thus, the very low ionic strength of de-
ionized water allowed for a substantial electrical double layer,
and electrostatic repulsion dominated such that an energy bar-
rier separated approaching bacteria from the surface. There-
fore, the mass loss could not be explained by either
attachment or irreversible adsorption of bacteria onto mineral
surfaces. This agrees well with the results of a previous study
[6] which reported that the hydrophobic and negatively

Fig. 4. SEM images and EDS patterns of quartz sand surface treated with (a) deionized water (IS z 0 mM) and (b) MSM solution (IS¼ 1130 mM).
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charged bacteria Rhodococcus opacus did not tend to adhere to
a quartz surface even at a pH of 3.5 and IS of 0.1 mM showing
the predominance of electrostatic forces. The only possible
mechanism that can explain the bacterial mass loss would be
the deposition in the crevice of quartz surfaces.

The increased mass loss with increasing ionic strength can
again be explained by the DLVO theory. For the given pH and
ionic strength of leaching solution, the electrical charges of
the bacterial and mineral surfaces were negative. Thus, the in-
crease in the ionic concentration of the leaching solution led
to a decrease in the thickness of the diffuse layers and in the av-
erage distance between surfaces carrying like-charges, and it
subsequently resulted in the promotion of cell attachment to
the mineral surfaces. This result agrees well with the findings
of other studies which reported that bacterial mass recovery de-
creased when the ionic strengths of the leaching solution in-
creased [4, 12] and that bacterial sorption to clean quartz sand
increased with increasing groundwater ionic strength [19].

Fig. 4 (continued).

Fig. 5. Relationship between mass recovery and pore-water velocity or ionic

strength of leaching solution.

77N.-C. Choi et al. / Research in Microbiology 158 (2007) 70e78

118



Thus, depending upon the ionic strength of leaching solu-
tions, mechanisms governing bacterial deposition on the sur-
faces of mineral particles will vary. In conclusion, we
suggest that at very low ionic strength, a physical mechanism
such as deposition is involved in the removal of bacteria from
the aqueous phase, while at moderate or higher ionic strengths,
electrostatic or hydrophobic forces are predominantly operat-
ing in bacterial adhesion to mineral surfaces. In either case,
it is possible to provide the criteria for achieving a certain
level of mass recovery.
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Abstract We investigated the applicability of a dredged
pool formed at the inlet of a reservoir for pollution control.
To quantify the effect of a dredged pool on the water quality
of a reservoir, we monitored the water quality of the Masan
Reservoir, located in the city of Asan, Choongnam Province,
Korea, before and after dredging. In addition, a completely
mixed box model was applied to simulate the water quality of
the dredged pool and reservoir. The model included a water
balance equation and chemical mass balance equation, into
which several interactions among water quality components,
such as phytoplankton, total nitrogen (T-N), total phospho-
rus (T-P), dissolved oxygen, and chemical oxygen demand
(COD), were incorporated. The water quality monitoring and
modeling results indicated that reservoir water quality was
greatly affected by the dredged pool. The loads of T-N and
T-P into the reservoir were reduced by the dredged pool,
which may have induced the removal of nutrients by set-
tling. However, the dredged pool may have had a negative
effect on the reservoir in terms of COD and chlorophyll-a
because of the internal production of organic matter and/or
algae with water detention. Therefore, a dredged pool may
be used for pollution control in a reservoir, as long as it is
combined with measures to reduce concentrations of organic
matter and/or algae.
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Introduction

Excessive pollutant loads imposed on an aquatic ecosystem
because of rapid industrialization can adversely affect the
water quality and the societal use of the water resource,
necessitating various measures to improve the quality of wa-
ter for drinking and other human uses (Oliver and Grig-
oropoulos 1981). Recently, storm-generated pollution has
been recognized as a primary factor contributing to surface
water pollution (Kwun 1998). During a storm event, large
amounts of pollutants are washed into aquatic systems, such
as rivers, lakes, and reservoirs. The relative contribution of
this non-point-source pollution becomes especially signif-
icant where treatment of point-source discharges has been
mostly achieved.

One effective method to reduce the effect of pollutant
loads associated with storm runoff events is to use detention
basins. Such basins have primarily been used for flood con-
trol by retarding runoff and decreasing flow rate. Recently,
however, detention basins have been used for water quality
improvement. For example, a detention basin can be used
to remove particulate pollutants by detaining the runoff in
the basin for a certain period of time before discharging it
into a receiving water body (Akan 1992). Whipple (1979)
and Whipple and Randall (1983) suggested the concept of
the multiple-outlet basin that could be used for both flood
protection and water quality control. Holler (1989) reported
that physical, chemical, and biological activities in the deten-
tion basin could mitigate nutrient loads to receiving waters,
resulting in the improvement of water quality.

In typical reservoirs that are used as water supplies for
domestic, industrial, and recreational purposes, 45–80% of
the incoming sediment is trapped, potentially reducing the
storage volume by a substantial amount after many years
(Brune 1953; Singh and Durgunoglu 1990). Most natural
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river reaches flowing into a reservoir are approximately bal-
anced with respect to sediment input and output. However,
dam construction can dramatically alter this balance, cre-
ating an impounded river reach characterized by extremely
low flow velocity and sediment accumulation. To sustain
reservoir function over a long term, it may be necessary to
manage both the water and the sediment. Morris and Fan
(1997) proposed the following basic strategies for sediment
control: reduce sediment input, re-route sediment, remove
sediment, provide large storage volume, and alter sediment
placement.

A deep sedimentation pool formed by dredging at the in-
let of a reservoir may serve as a detention basin that can
provide a large storage volume and trap pollutants. Our ob-
jective was to assess the applicability of a dredged pool at
the inlet of a reservoir for pollution control. Water quality
was monitored in the reservoir before and after dredging to
investigate the effect of the dredged pool on the reservoir
water quality. Additionally, a water quality model was ap-
plied to simulate the water quality of the dredged pool and
reservoir.

Methodology

Study site

The study site was the Masan Reservoir, located in the
city of Asan, Choongnam Province, Korea. The reservoir

had a watershed area of 1,776 ha, a water surface area of
92 ha, and a volume of 3.037 × 106 m3. Two major wa-
tersheds drained into the reservoir through two natural trib-
utaries. Land use was 25.6% paddy, 19.3% upland, 45.9%
forest, and 9.2% other. Annual rainfall during this study
was 1,219 mm, and the annual inflow into the reservoir was
14.504 × 106 m3.

The Ministry of Agriculture and Forestry (MAF) and
the Korea Rural Community and Agriculture Corporation
(KRC) dredged the inlet of the reservoir to form a deep
sedimentation pool. The dredged volume of the reservoir
inlet was 1.74 × 105 m3, the dredged area was 14 ha
(451 m × 314 m), and the deepest part of the dredged pool
was 6.8 m (average depth of 3.0 m before dredging; Fig. 1).
The hydraulic retention time of the dredged pool varied from
0.08 to 18.4 days.

Water quality monitoring

Water quality in the reservoir was monitored before (June–
November 1995) and after dredging (July 1998 – Novem-
ber 2000). The water quality of the reservoir inlet was
monitored at stations C1 and C2 (Fig. 1), whereas that
of the dredged pool and middle part of the reservoir was
monitored at stations A and B. The sampling points in
the dredged pool and reservoir were located 1 m be-
low the water surface, 1 m above the bottom sediment,
and at the average depth in each basin. Water quality
was analyzed using standard methods for chemical oxygen

Fig. 1 Schematic of the Masan
Reservoir
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Fig. 2 Interactions among water quality components in the reservoir

demand (COD), total nitrogen (T-N), and total phosphorus
(T-P).

Water quality model

A water quality model was used to simulate the water quality
of the dredged pool and reservoir. The model used was orig-
inally developed at Seoul National University, Korea (Kwun
et al. 1990) and used to simulate water quality for eutrophi-
cation control in estuary reservoirs. Park (2000) modified the
system to make it applicable to inland reservoirs (Park et al.
2001). This model was a completely mixed-box model with
a daily time step. In the model, the reservoir was divided
into several boxes where daily hydrological conditions and
water quality were simulated. The model included the water
balance equation (Eq. (1)) and chemical mass balance equa-
tion (Eq. (2)), into which several interactions among wa-
ter quality components were incorporated. These included
phytoplankton, nutrients (N, P), dissolved oxygen (DO),
and COD, for which the kinetic equations are described in
Table 1 (Fig. 2). Based on information regarding the
daily inflow and outflow, pollutant loading rate, and me-
teorological conditions, the model can simulate the fol-
lowing components of daily water quality of the reser-
voir: chlorophyll-a (chl-a), COD, DO, T-N, T-P, and water
temperature.

The water balance equation used in the model
was

Vt = Vt−1 + Qin + Ut + Pt − (Qout + Et + Gt + Dt ) (1)

where Vt−1, Qin, Ut , Pt , Qout, Et , Gt , Dt are storage at
day t − 1, surface water inflow, groundwater inflow, precip-
itation, outflow, water surface evaporation, percolation, and
bank storage, respectively.

START

     READ - General Control and initial condition
- Physical data
- Meteorological and hydrological data
- Pollutant load data
- Parameter coefficients
- Data for water purification techniques

COMPUTE           Volume capacity and surface area 
Water Balance

COMPUTE           Runoff loadings of inflow stream

INPUT

VOL_SUR

W_BALANCE

TMPSUB

PHYTO
PHOSP
NITRO

CODSIM

DOSIM

WTEST
WSHEX
BTHEX

M_BALANCE

WPS2

WRITE Output

END of Simulation? END

     COMPUTE     Water temperature
--------------------------------------------------------------
     COMPUTE   - Phytoplankton ( chl-a)

- Phosphorus
- Nitrogen
- COD

--------------------------------------------------------------
     COMPUTE     Dissolved Oxygen

LQCAL

WPSI

Fig. 3 Flow chart describing the water quality model

The chemical mass balance equation used in the model
was

Vi
dCi

dt
=

∑
j

(Qi j C j + Qi j Ci ) + Ei j Ai j

li j
(C j − Ci )

+
∑

m

Wim +
∑

n

Sin (2)

where i and j are the number of boxes in the hori-
zontal and vertical directions, respectively, and Vi , Qi j ,
Ci , Ei j , Ai j , li j , Wim , and Sin are the volume of box
i, advection between boxes i and j, average mass con-
centration at box i, diffusion coefficient, boundary area
between boxes i and j, length between boxes i and j,
inflow load to box i, and mass change rate at box i,
respectively.

The model is composed of one main program and 16 sub-
routines (Fig. 3). The function of each subroutine is described
in Table 2.

Model calibration was performed using data collected in
the Masan Reservoir during 1998 and 2000 (Table 3), fol-
lowed by verification using data collected in the Wanggung
Reservoir (Park 2000) during 1998 and 1999 (Table 4). The
simulated chemical concentrations corresponded well with
observed data.
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Table 1 Kinetic equations for phytoplankton, nitrogen, phosphorus, COD and DO

Component Basic equation

Phytoplankton dPHYT

dt
= (GR − DR − ST)PHYT

GR = GRmax(20◦C) f (T ) f (L) f (N, P)

DR = DR1 θT −20
i + DR2

ST = SV

Z
f (T ) = θT −20

i

f (L) = 2.718

Ke Z
fd exp

{
− IO

IK
exp(−Ke Z )

}
− exp

(
IO

IK

)
f (N, P) = min

(
DIN

KmN+DIN , DIP
KmP+DIP

)

Nitrogen dOrgN

dt
= αNDR PHYT fN1 −

(
KN1θ

T −20
N1 + SN1

Z

)
OrgN

dNH4

dt
= αNDR PHYT(1 − fN1) + KN1θ

T −20
N1 OrgN + 1

1000
RN(T )

Ab

Vi
− αNGR PHYT Pn − KN2θ

T −20
N2 NH4

dNO2

dt
= KN2θ

T −20
a NH4 − KN3θ

T −20
N3 NO2

dNO3

dt
= −αNGR PHYT(1 − af ) + KN3θ

T −20
N3 NO3

Phosphorus dOrgP

dt
= αPDR PHYT fP1 −

(
KP1θ

T −20
P1 + SP1

Z

)
OrgP

dPO4

dt
= αPDR PHYT(1 − fP1) + KP1θ

T −20
P1 OrgP − SP2

PO4

Z
+ 1

1000
RP(T )

Ab

Vi
− αPGR PHYT

COD dCOD

dt
= αCGR PHYT − K1θ

T −20
C COD + RWCθT −20

WC

Ab

Vi
− SC

Z
COD

DO dDO

dt
= Kaθ

T −20
a (DOS − DO) − KCθT −20

C COD − RWDθT −20
WD

Ab

Vi
+ Aop GR PHYT − DR θT −20

R PHYT

Ab: area of benthic sediment in lake (m2); af : ammonia preference factor; Aop: oxygen produced per unit of phytoplankton biomass (mg DO/mg
chl-a); COD: COD concentration (mg/L); DIN: concentration of dissolved inorganic nitrogen (mg/L); DIP: concentration of dissolved inorganic
phosphorus (mg/L); DO: DO concentration (mg/L); DOs: saturation DO concentration (mg/L); DR: rate of respiration and nonpredatory mortality
(1/d); DR1: respiration rate at 20◦C (1/d); DR2: rate of nonpredatory mortality (1/d); fd: fraction of daylight; fN1: fraction of organic-N to T-N
produced by depth of phytoplankton; fP1: fraction of organic-P to T-P produced by depth of phytoplankton; GR: growth rate (1/d); GRmax: maximum
growth rate of phytoplankton at 20◦C (1/d); IK: optimum light intensity, (MJ/(m2 d)); IO: light intensity at water surface (MJ/(m2 d)); Ka: surface
transfer coefficient of oxygen (m/d); Kc: oxygen consumed per unit of phytoplankton biomass (mg DO/mg chl-a); Ke: extinction coefficient
(1/m); KmN: half-saturation constant for DIN (mg/L); KmP: half-saturation constant for DIP (mg/L); KN1: ammonification rate of organic-N at
T◦C (1/d); KN2: nitrification rate of ammonia at T◦C (1/d); KN3: nitrification rate of nitrite at T◦C (1/d); KP1: mineralization of organic-P at T◦C
(1/d); K1: COD decay rate at T◦C (1/d); NH4: ammonia concentration (mg/L); NO2: nitrite concentration (mg/L); NO3: nitrate concentration
(mg/L); OrgN: organic-N concentration (mg/L); OrgP: organic-P concentration (mg/L); Pn: fraction of ammonia to total inorganic-nitrogen taking
by phytoplankton; PHYT: phytoplankton concentration (mg chl-a/m3); PO4: phosphate concentration (mg/L); RP(T): release rate of phosphorus
at T◦C (mg P/(m2 d)); RN(T): release rate of ammonia at T◦C (mg N/(m2 d)); Rwc: release rate of COD from benthic sediment (mg/(m2 d));
Rwd: sediment oxygen demand (mg/L); SC: settling velocity of COD (m/d); SN1: settling velocity of organic-N (m/d); SP1: settling velocity of
organic-P (m/d); SP2: settling velocity of PO4-P (m/d); ST: settling rate of phytoplankton (1/d); SV: settling velocity of phytoplankton (m/d); t:
time; T: temperature (◦C); Vi: volume of boxes (m3); Z: water depth (m); αN: nitrogen composition of phytoplankton biomass (mg N/mg chl-a);
αP: phosphorus composition of phytoplankton biomass (mg P/mg chl-a); αC: carbon composition of phytoplankton biomass (mg C/mg chl-a); θ i:
temperature correction coefficient of component i.
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Table 2 List of subroutines and their functions

Name Function

BTHEX Calculation of bottom heat exchange for water
temperature

CODSIM Simulation of COD
INPUT Read input data
LQCAL Calculation of runoff loading of COD, nitrogen, and

phosphorus from L-Q equations
M BALANCE Calculation of hydrologic water mass transfer
NITRO Calculation of Org-N, NH4-N, NO2-N, NO3-N, and

T-N
DOSIM Calculation of DO
PHOSP Calculation of Org-P, PO4-P, and T-P
PHYTO Calculation of phytoplankton
WPS1 Calculation of removal loads by inflow stream water

purification facilities
WPS2 Calculation of removal loads by reservoir water

purification facilities
TMPSUB Calculation of water temperature
VOL SUR Calculation of water volume capacity and surface

area of each box
W BALANCE Calculation of water balance in each box
WSHEX Calculation of water surface heat exchange for water

temperature estimation
WTEST Calculation of rain and inflow temperature

Simulations were conducted under two conditions: with-
out the dredged pool (case 1) and with the dredged pool
(case 2). In case 1, the modeled reservoir was considered
as one box; thus, water would flow directly from the inflow
streams into the main reservoir. In case 2, the reservoir was
segmented into two layers in the dredged pool and one layer
in the main reservoir (Fig. 4).

Table 4 Summary of verification using data collected in the Wang-
gung Reservoir

Center of reservoir
Constituent Simulated Observed Relative error

(%)

Temperature (◦C) 17.5 20.0 16.3
DO (mg/L) 8.2 9.5 20.0
COD (mg/L) 7.7 9.6 16.7
T-N (mg/L) 1.45 1.44 27.4
T-P (mg/L) 0.062 0.062 38.7
Chl-a (μg/L) 16.8 18.7 62.9

Verification period: 1998–1999 (2 years). Averages of nine observa-
tions.

Results and discussion

Water quality before and after dredging

At the inlet of the reservoir, the average concentration of
COD before dredging was 6.8 mg/L, T-N was 0.933 mg/L,
and T-P was 0.122 mg/L (Table 5). In the middle part of the
reservoir, the average concentrations of COD, T-N, and T-P
were 7.5, 0.989, and 0.115 mg/L, respectively. The average
difference in COD between the inlet and middle part of
the reservoir was − 8.6%, indicating that COD increased
slightly in the reservoir. T-N also increased in the reservoir,
with an average difference of − 5.5% between the two areas.
Conversely, the average difference in T-P between the two
areas was + 7.6%, indicating that T-P decreased slightly in
the reservoir.

At the inlet of the reservoir, the concentrations of COD, T-
N, and T-P ranged from 3.4 to 28.3 mg/L, 1.6 to 12.2 mg/L,
and 0.1 to 1.5 mg/L, respectively, during the monitoring

Table 3 Summary of
calibration using data collected
in the Masan Reservoir

Upper part of dredged pool Lower part of dredged pool Middle of reservoir
Item Sim.a Obs.b REc (%) Sim. Obs. RE (%) Sim. Obs. RE (%)

Temperature (◦C) 16.3 18.9 15.3 16.6 17.6 7.5 16.3 18.5 13.8
DO (mg/L) 9.1 8.4 26.3 6.3 5.7 31.5 9.3 8.5 21.6
COD (mg/L) 12.3 11.4 23.3 11.3 10.6 28.9 11.3 11.3 14.7
T-N (mg/L) 2.96 3.35 32.3 3.36 3.81 34.5 2.33 2.48 26.3
T-P (mg/L) 0.21 0.25 38.0 0.23 0.32 37.9 0.13 0.15 24.3
Chl-a (μg/L) 28.7 47.3 39.7 18.6 26.7 44.4 30.9 40.9 37.7

aSim.: simulated. bObs.:
observed. cRE: relative error.

F.W.L 

Reservoir

Dredged pool

BOX1

BOX2

BOX3

Fig. 4 Segmentation and mass
transfer in the modeled reservoir
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Table 5 Monitored water
quality of the Masan Reservoir
before dredging

Replication I Replication II Replication III Average

COD (mg/L)
Inlet (A) 7.5 7.5 5.3 6.8
Middle (B) 8.9 8.7 4.8 7.5
{(A − B)/A} × 100 (%) − 18.7 − 16.0 9.0 − 8.6

T-N (mg/L)
Inlet (A) 1.120 0.896 0.784 0.933
Middle (B) 1.344 0.672 0.952 0.989
{(A − B)/A} × 100 (%) − 20.0 25.0 − 21.4 − 5.5

T-P (mg/L)
Inlet (A) 0.122 0.154 0.091 0.122
Middle (B) 0.111 0.141 0.093 0.115
{(A − B)/A} × 100 (%) 9.0 8.4 − 2.2 7.6

Replications I–III are three
water samples taken in June,
September, and November
1995.

period (Fig. 5). In the dredged pool, COD was in the range
of 6.6–20.5 mg/L, T-N was 1.4–5.9 mg/L, and T-P was 0.02–
0.96 mg/L.

At the inlet of the reservoir, the concentrations of COD,
T-N, and T-P ranged from 3.4 to 28.3 mg/L, 1.6 to 12.2 mg/L,
and 0.1 to 1.5 mg/L, respectively, during the monitoring pe-
riod (Fig. 5). In the dredged pool, COD was in the range
of 6.6–20.5 mg/L, T-N was 1.4–5.9 mg/L, and T-P was
0.02–0.96 mg/L. In the middle part of the reservoir, the

concentration ranges of COD, T-N, and T-P were 8.3–
20.4 mg/L, 0.8–4.5 mg/L, and 0.07–0.63 mg/L, respectively.
The average difference in COD between the dredged pool
and the middle part of the reservoir was − 4.6%, indicating
that the COD increased slightly in the reservoir. A possible
explanation for this result is that algal growth, i.e., internal
production of organic matter, in the lower part of the reser-
voir may be higher than suspended particle deposition in the
upper part (dredged pool) of the reservoir. However, both
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Fig. 5 Monitored water quality
in the inlet, dredged pool, and
middle part of the Masan
Reservoir after dredging
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Fig. 6 Comparison of
simulated water quality of the
inflow to the dredged pool with
that of the outflow from the pool

nutrients, i.e., T-N and T-P, decreased considerably while
flowing through the dredged pool, with an average differ-
ence between two areas of + 26.3% and + 36.4%, respec-
tively. This indicates that the dredged pool can substantially
improve reservoir water quality while acting as a detention
basin.

Water quality modeling

A simulation was performed using the water quality model
to determine the effect of the dredged pool on the water
quality of the reservoir (Fig. 6). In comparing the simu-
lated water quality of the inflow to the dredged pool with
that of the outflow from the pool, the differences predicted
from the simulation were quite large. In the case of COD,
the difference between the predicted inflow and outflow
was + 26.4%, indicating that COD would increase in the
dredged pool. In contrast, T-N and T-P were predicted to
decrease considerably in the pool, with a difference between
the inflow and outflow of + 25.8% and + 33.2%, respec-
tively, indicating that the predicted concentrations in the
outflow from the dredged pool were lower than those of the
inflow.

A comparison of the simulated COD concentration in
the main reservoir in the presence vs. in the absence of the
dredged pool (Fig. 7) indicated that the COD increased in the
main reservoir because of the pool. The difference in COD
concentration in the main reservoir was − 2.2%. The simu-
lated concentrations of T-N and T-P with the pool were lower
than those without the pool, i.e., + 18.6% and + 22.3%, re-
spectively. The simulated concentration of chl-a in the main
reservoir with the pool was greater than without the pool,
with a difference of − 16.1%. The simulation indicated that
reservoir water quality can be altered by the construction of
a dredged pool at the inlet.

Conclusions

We investigated the effect on water quality of a dredged pool
at the inlet of a reservoir. Both water quality monitoring and
simulation modeling revealed that the water quality of the
main reservoir was greatly affected by the dredged pool. The
loads of T-N and T-P into the reservoir may be reduced by
the dredged pool, which could induce the removal of nutri-
ents by settling. However, the dredged pool may impose a
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Fig. 7 Comparison of
simulated water quality in the
main reservoir in the presence
vs. the absence of the dredged
pool

negative effect on the reservoir water quality in terms of COD
and chl-a because of internal production of organic matter
and/or algae with increased water detention time. Therefore,
a dredged pool may be applied to a reservoir for pollution
control in combination with measures for mitigating the con-
centrations of organic matter and/or algae.
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ABSTRACT

Colloid-facilitated contaminant transport was simulated in this study for the three-phase groundwater system where one or
more sorption processes can be described with nonlinear sorption isotherm (Freundlich isotherm). A concise form of
contaminant transport equation was derived from the mass balance equation of the contaminant. The developed model
was numerically solved by the finite difference method along with the Picard iteration. The simulation results were used
to quantitatively analyze the previously reported column data showing nonlinear sorption behavior. The analysis led to
the following observations: (i) increases of the distribution coefficient of contaminant between the aqueous and solid phases

( Ks
c ) and the one between the dissolved natural organic matters  and  solid  phase  ( Ks

OM ) generate less facilitation (i.e.,
late arrival of contaminant breakthrough curves (BTCs), and the distribution coefficient of contaminant between the aqueous

and the solid phases ( KOM
c ) gives  the  opposite result; (ii) the increase of the Freundlich constant for the sorption isotherm

between the aqueous and the solid phases ( Ns
c )  yields  the  late  arrival  of BTC , and  the  other two Freundlich constants

produce the opposite results; (iii) the Freundlich constants generally yield a sharper front as the BTC arrives at later pore
volumes, while the distribution coefficients generally yield a more spread of the BTC as it arrives at later volumes. This
modeling study shows that transport modeling provides a more efficient analyzing tool than the retardation factor alone
concerning the colloid-facilitated contaminant transport with nonlinear sorption processes.

Keywords:      Freundlich sorption, nonlinear retardation factor, transport modeling, colloid-facilitated transport; simulation

INTRODUCTION

In the subsurface, contaminant migration is controlled

by the advective-dispersive transport and sorption

mechanisms. In groundwater, contaminants can partition

between the aqueous phase and solid matrix, and the

contaminant transport can be delayed relative to groundwater

flow due to sorption. In the subsurface, colloidal particles

such as bacteria, inorganic colloids, and dissolved natural

organic matters (DOM) are present and/or mobilized by

various mechanisms. Wastewater infiltration into artificial

groundwater recharge and land application of sewage sludge

are likely to increase bacterial concentration in groundwater.

In aquifers, inorganic colloids such as clays and oxides are

mobilized by physical and chemical perturbations of

groundwater conditions including an increase in flow velocity

and changes in pH and ionic strength. Extracellular polymeric

substances and DOM such as humic substances present in

groundwater come from microbial activities [1, 2].

The mobility of contaminants in porous media may be

altered due to the presence of mobile colloids. In aquifers,

bacteria as mobile colloids are able to carry contaminants

attached to them [3-6]. Jenkins and Lion [7] have reported that

the mobility of hydrophobic organic compounds could

increase in groundwater when they are associated with highly

mobile bacteria. The attachment of organic and inorganic

contaminants onto DOM has been observed by many

researchers [8-12]. In groundwater, the mobility of

contaminants may be enhanced due to the presence of DOM.

Magee et al. [13] have demonstrated that as mobile colloids,

DOM could facilitate the transport of hydrophobic

compounds. The association of contaminants with inorganic

colloids in porous media has also been reported [14-16], and

thus contaminant transport may also be facilitated in the

presence of inorganic colloids in aquifers.

While modeling studies have been performed for
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nonlinearly sorbing solute transport in the two-phase system

which is free of colloids and consists of aqueous and solid

phases [17-21], no modeling study has been presented for the

nonlinear three-phase system where nonlinear sorption

processes exist. As for the solute transport in three-phase

system consisting of aqueous, solid, and colloidal phases, the

only nonlinear retardation factors that had been presented are

with the assumption of one or more nonlinear sorption

processes by Johnson et al. [22] using the mass fraction

approach and Jordan et al. [23] using uninformed procedure.

These nonlinear retardation factors, however, vary temporally

and spatially, and thus they alone are incapable of predicting

the solute transport. For instance, Jordan et al. [23] had

presented column experimental data for contaminant (Pb)

transport in the presence of DOM along with the nonlinear

retardation factor, but their column data were not analyzed

profoundly with the retardation factor alone: they had just

presented the observed and predicted ranges of retardation

factor values to indicate the contaminant transport

enhancement in the presence of colloids.

This study considers the contaminant transport in the

three-phase groundwater system where one or more

nonlinear sorption processes is involved by means of

numerical simulations. A compact form of the contaminant

transport equation is derived by setting up and rearranging

the mass balance equation of the contaminant with the

assumption of the Freundlich sorption isotherm. The

developed model is numerically solved by the finite difference

method with the Picard iteration, and the simulation results

are used to quantitatively analyze the experimental data of

Jordan et al. [23].

MATHEMATICAL MODEL

In the three-phase groundwater system, i.e., in the

presence of colloid, the mass balance equation of contaminant

in the aqueous phase can be presented as:
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where � is the water content, Cw
c

 is the concentration of

contaminant dissolved in the aqueous phase,
c

s
ó

 is the mass

of contaminant adsorbed on solid matrix per unit mass of

solid matrix, �b  is the bulk density of solid matrix, 
�OM,w

c

 is

the mass of contaminant adsorbed per unit mass of colloid in

the aqueous phase (mobile colloid), Cw
OM

 is the colloidal

concentration in the aqueous phase,
�OM,s

c

 is the mass of

contaminant adsorbed per unit mass of colloid in the solid

phase (immobile colloid),
�s

OM

 is the mass of colloid

adsorbed per unit mass of solid matrix, v  is the pore-water

velocity, Dc  is the hydrodynamic dispersion coefficient of

contaminant, and DOM  is the hydrodynamic dispersion

coefficient of colloid. It is noted that in this paper, the terms

‘colloid’ and ‘DOM’ are used interchangeably, and the

superscript and subscript symbols ‘OM’ (standing for DOM)

in notation is used to represent the colloid instead of ‘co’, to

avoid potential confusion with contaminant ‘c’.

Assuming all sorption mechanisms, of contaminant and

colloid between the aqueous and the solid phases, and of

contaminant between the aqueous and the colloidal phases

are described with the Freundlich sorption isotherm, the

following relationships hold true:

�s
c = Ks

c Cw
c( )

Ns
c

; �OM,w
c = KOM,w

c Cw
c( )

NOM,w
c
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�OM,s
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OM Cw
OM( )

Ns
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     (ii)

where Ks
c

 is the distribution coefficient of contaminant

between the aqueous and the solid phases, Ns
c

 is the

Freundlich constant of contaminant between the aqueous and

the solid phases,
KOM,w

c

 is the distribution coefficient of

contaminant between the aqueous and the mobile colloidal

phases,
NOM,w

c

 is the Freundlich constant of contaminant

between the aqueous and the mobile colloidal phases,
KOM,s

c

is the distribution coefficient of contaminant between the

aqueous and the immobile colloidal phases,
NOM,s

c

 is the

Freundlich constant of contaminant between the aqueous and

the immobile colloidal phases, Ks
OM

 is the distribution

coefficient of colloid between the aqueous and the solid

phases, and Ns
OM

 is the Freundlich constant of colloid

between the aqueous and the solid phases.

Here, it is assumed that
�OM,w

c

 is equal to 
�OM,s

c

, to

simplify the system even if this assumption need not

necessarily be true [24]:

�OM,w
c = �OM,s

c = KOM
c Cw

c( )
NOM

c

                                               (iii)

where newly introduced notations KOM
c

 and NOM
c

 represent

the distribution coefficient and the Freundlich constant of

contaminant between the aqueous and the colloidal phases.

The hydrodynamic dispersion coefficient is composed

of the mechanical dispersion coefficient and the Brownian

diffusion coefficient. Since the Brownian diffusion coefficient

of contaminant is not necessarily equal to that of colloid. That

is, DOM  differs from Dc . However, it may be safely assumed
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that DOM  = Dc  because the molecular diffusions of contami-

nant and colloid are negligible compared to the mechanical

dispersion [22]. Then, substitutions of equations (ii) and (iii)

into equation (i) give:
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  (iv)

Rearrangement of equation (iv) gives:
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The finalized form of the contaminant transport equation is
obtained in terms of Cw  and retardation factor as:
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Meanwhile, equation (iv) can be manipulated as:
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Since 1+ KOM
c Cw

c( )
NOM

c �1
Cw

OM�
�


�

���Cw

c  in the equation                 (viii)

represents the total concentration of contaminants in the

aqueous phase (i.e., concentration of the contaminant

dissolved in the aqueous phase plus the contaminant

adsorbed on the mobile colloids), it can be denoted as:
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Then, the finalized form of contaminant transport

equation is obtained in terms of Cw
c,Total  instead of Cw

c  as:
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In order to deal with cases where the assumption of

constant colloid concentration temporally and spatially is not

effective, for instance, injection of feeding solution of humic

acid plus Pb in Jordan et al. [23], the colloid transport equation

also needs to be solved. Applying the previous assumption
DOM  = Dc , the  mass  balance  equation  of  the  colloid  in the

aqueous phase is given by:
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The above nonlinear solute transport equation, either

equation (vi) or equation (xi), is solved employing the fully

implicit finite difference method along with the following

initial and boundary conditions:

Cw
c x,0( ) = 0  ;  Cw

OM x,0( ) = 0                                              (xiv)

�Dc

�Cw
c

�x
+ v Cw

c
�

�

				




	







x=0

= v Cc,0

                                                              for  t � 0

�Dc

�Cw
OM

�x
+ v Cw

OM
�

�
				




	







x=0

= v COM,0

                     (xv)

�Cw
c

�x
x=L

= 0  ;
�Cw

OM

�x
x=L

= 0         for  t�  0                     (xvi)

where L is the column length. The resulting nonlinear

algebraic equations that are obtained by writing the finite

difference equations fully implicitly are handled by an

iterative method (Picard iteration). In addition to this iteration

process applied at each time level for both equations,

further linearization procedure is required. To solve equation

(vi) its R and r terms are approximated with the values

obtained at the previous iteration level, and to solve equation

(xi), Cw
c  is computed from Cw

c,Total using the Modified False

Position Method. At each iterative cycle, the tridiagonal

matrix generated from a set of algebraic equations for all

nodes is solved by the Thomas Algorithm, and the matrix

coefficients are redefined with newly obtained values at the

current iteration cycle. The iteration continues until a

convergence criterion is satisfied.

Both standard and modified Picard iteration methods

are employed to test their performances. As reviewed by

Huang et al. [19], the modified Picard iteration gives short

running time by reducing average number of iterations.

However, at certain input parameters, time step and grid size

should be reduced for convergence, which consequently

increases the running time. In this case, the modified Picard

iteration is not advantageous considering trade-off between

accuracy and computational cost, compared to the standard

Picard iteration.

Equation (xi), a more concise form of equation (vi),

seems more convenient and suitable than equation (vi),

because it is solved with respect to the total concentration of

mobile contaminants, i.e., the property that should be known

in examining the colloid-facilitated contaminant transport.

However, additional computation of Cw
c  from Cw

c,Total  is

necessary to solve the equation, and this fact adds no

advantage over solving equation (vi) with respect to Cw
c  first

and computing Cw
c,Total  by simply substituting Cw

c  in equation

(x).

RESULTS AND DISCUSSION

The model presented in this study is applied to

simulate experimental data of Jordan et al. [23]. They

conducted column tests and showed that the contaminant

transport was enhanced considerably in the presence of DOM.

The laboratory experiments used columns (5.7 cm in length

and 2.5 cm in diameter) packed with sandy soil, and feeding

solution was introduced continuously into the column with

the applied flow rate of about 1.0 ml min-1. The input
concentrations of contaminants ( Cc,0 ) and DOM ( COM,0 ) were

1.19 - 1.49 mg l-1 and 5.0 - 5.2 mg l-1, respectively. The water
content (�) and dry bulk density of soil ( �nb ) were 0.36 and

1.60 g cm-3, respectively (see Table 1).

Table 1. The model parameters used in the simulation of

the experimental data for contaminant in the

presence of DOM obtained from Jordan et al.

(1997).

Parameters
Jordan’s

values

Adjusted

values

Cc,0 (mg l-1) 1.27 (1.49*) 1.27 (1.49*)

COM,0 (mg l-1) 5.1 5.1
v  (cm min-1) 5.7 � 10-1 5.7 � 10-1

Dc  (cm2 min-1) 5.2 � 10-2 5.2 � 10-2

Ks
c  (l mg-1) 7.88 � 10-4 2.90 � 10-4

Ns
c 0.298 1.2

KOM
c  (l mg-1) 2.64 0.4

NOM
c 1.0 0.5

Ks
OM  (l mg-1) 6.83 � 10-5 2.0 � 10-8

Ns
OM 0.602 1.2

* : without DOM

The contaminant breakthrough curves (BTCs) are

simulated for both cases, i.e., with and without DOM, using

the parameters provided by Jordan et al. [23], however, the

results are not a good match, indicating the need for

calibration process (Figure 1). It should be noted that the

sorption isotherm parameters from Jordan et al. [23] were

determined by batch experiments, which had different

conditions from column experiments in terms of soil-to-

solution ratio and flow condition and thus were not able to

give a good match with the experimental column data.
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Figure 1. Simulation of column experimental data of contaminants in the presence or absence of dissolved natural organic

matter (DOM, humic acid) from Jordan et al. [23].

First, the calibration is made for the parameters involved

in the sorption process between the contaminant and the

solid phase, Ks
c  and Ns

c , by finding the best-fitting curve to a

contaminant BTC in the absence of DOM. Combination of
Ks

c = 2.90 � 10-4 l mg-1  and Ns
c  = 1.2  results  in  a  fairly  good

match with the BTC of Jordan et al. Next, the sorption

isotherm parameters associated with the sorption process

between the DOM and the solid phase, Ks
c  and Ns

c , are

adjusted by finding the best-fitting curve to the BTC of DOM.

Finally, the parameters obtained from the sorption isotherm

between the contaminant and DOM are adjusted from the

best-fitting curve to contaminant BTC in the presence of

DOM. The adjusted parameter values produce a very good

match with the observed column data (Figure 1), indicating

that the developed model could successfully simulate the

contaminant transport and enhancement along with nonlinear

sorption in the presence of colloids in the three-phase

groundwater system. The input parameters used in the

simulations of the BTCs of contaminant and DOM are

presented in Table 1.

Using the calibrated model parameters given in Table 1,

sensitivity analysis is conducted to explore the relative effect

of model parameters on the contaminant BTC, of which

results are presented in Figure 2 through 4. Note that the

relative concentration represents the total concentration of

contaminants in the aqueous phase divided by the inlet

contaminant concentration ( Cw
c,Total Cc,0 ).  As expected from

the low distribution coefficient of Ks
OM , the concentration

profile of DOM arrives at the concentration of feeding

solution earlier than that of the contaminant (data not shown).

It should be noted that this phenomenon is always observed

in all ranges of parameter values considered in this study,

although not additionally mentioned.

The influence of inlet concentrations of contaminant

and DOM on the contaminant transport is presented in Figure

2. As the inlet contaminant concentration (Cc,0) decreases, the

arrival time of the contaminant BTC at the relative

concentration of 0.5 decreases (Figure 2a). When Cc,0

decreases from 1.27 to 1.0 mg l-1, the arrival time decreases

from 185 to 143 pore volumes (pv). As Cc,0 decreases further

down to 0.1 mg l-1, the arrival time is reduced to 8 pv. In the

three-phase system with the linear sorption mechanisms, the

contaminant BTC is not affected by the inlet contaminant

concentration since the contaminant concentration does not

change the contaminant retardation factor at all. In the case of

nonlinear   sorption,  however,  the  contaminant   retardation
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Figure 2. Influence of input concentrations of (a) contaminants (Cc,0) and (b) colloids (COM,0) on the contaminant transport.

factor includes the contaminant concentration term as given in

equation (vii), and thus the contaminant BTC is surely

affected by the inlet contaminant concentration.

Here, it would be better to make comparison between

the BTCs of both cases, each being with and without DOM, at

different contaminant concentrations, rather than to directly

compare the BTCs for different contaminant concentrations. It

is because the decrease of the arrival time is not the result of

facilitation due to DOM, although the BTC is affected by Cc,0

as expected from the retardation factor. Not shown in the

plots, the case of 0.1 mg l-1 is facilitated from 836 pv without

DOM to 8 pv with DOM, while the case of 1.27 mg l-1 is

facilitated from 1392 pv without DOM to 185 pv with DOM.

Although the BTC will be affected by the combination of

parameters, low Cc,0 would increase this tendency and low

COM,0  would lessen it.

Unlike contaminant concentration, DOM concentration

affects the contaminant BTC through DOM-induced

facilitation, i.e., adsorption of contaminant onto DOM. As

shown in Figure 2b, when the inlet DOM concentration

(COM,0) decreases, the arrival time of the contaminant BTC at

the relative concentration of 0.5 increases. As COM,0 decreases

from 5.1 to 1.0 mg l-1, the arrival time increases from 185 to

929 pv. With COM,0 of 0.1 mg l-1, the arrival time is 1339 pv. As

COM,0 is decreased, the contaminant BTC approaches the one

in the two-phase system free of DOM indicating little

facilitation of contaminant transport by DOM. It is well

known that the enhancement of contaminant transport in the
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presence of colloids is closely related to the colloidal

concentration in the aqueous phase [25]. Field studies show

that colloidal concentrations vary widely depending on the

conditions of aquatic environments. In groundwater systems,

colloidal concentration in undisturbed groundwater is quite

low while in the aquifer influenced by surface water its level

is high [26]. When a situation is encountered where colloids

are present sufficiently in the aquifer, colloid-facilitated

contaminant transport is likely to occur.

The distribution coefficients and the Freundlich

constants of the sorption isotherms also influence the

contaminant transport. The combinations of each parameter

values determine the extent of sensitivity of BTC to each

parameter, however, a few features are found. First, increases

of the distribution coefficient of contaminant between

the aqueous and solid phases ( Ks
c )  and   the   distribution

coefficient of colloid between the aqueous and solid phases

( Ks
OM ) generate less facilitation (i.e., late arrival of

contaminant BTCs), and the distribution coefficient of

contaminant between the aqueous and the colloidal phases

( KOM
c )  gives  the  opposite  result.   Second, the increase of the

Freundlich constant for the sorption isotherm between the

aqueous and the solid phases ( Ns
c ) yields the late arrival of

BTC, and the other two Freundlich constants produce the

opposite results. Third, the Freundlich constants generally

yield a sharper front as the BTC arrives at later pore volumes,

while the distribution coefficients generally are more spread

out as the BTC arrives at later volumes.

The influence of three distribution coefficients on the

contaminant transport is presented in Figure 3. As the

equilibrium distribution coefficient of contaminant between

the aqueous and the solid phases ( Ks
c ) increases, the arrival

time of the contaminant BTC at the relative concentration

of 0.5 increases (Figure 3a). As Ks
c  increases from 2.9x10-5 to

2.9x10-4 l mg-1, the arrival time increases from 19 to 185 pv.

When Ks
c  increases further, the arrival time increases to 1836

pv. It is indicated that the contaminant BTC is very sensitive

to the change of Ks
c .  Since Ks

c is  related  to  the affinity of

contaminants to the solid matrix, it is reasonable that the

increase in Ks
c  results  in  the  decrease   of  the  contaminant

mobility. Even though Ks
c  is  zero,  slight  retardation is still

observed, indicative of the retardation attributed to the

contaminant sorption onto immobile colloid.

As presented in Figure 3b, the contaminant BTC is also

very sensitive to the change of the equilibrium distribution

coefficient of contaminant between the aqueous and colloidal

phases ( KOM
c ). As KOM

c  increases, the arrival time decreases.

When KOM
c   increases  from  4.0x10 -2  to  4.0x10 -1 l mg -1,  the

arrival time decreases from 1136 to 185 pv. As KOM
c  increases

further to 4.0E-0 l mg-1, the arrival time decreases to 2 pv.

Because KOM
c  represents the affinity of contaminants to the

colloid, the colloid-facilitated contaminant transport is

enhanced as KOM
c  increases. As KOM

c  continues to decrease,

the corresponding BTC approaches to the two-phase system

(see Figure 1).

Figure 3c shows the sensitivity of the contaminant

transport to the equilibrium distribution coefficient of colloid

between the aqueous and solid phases ( Ks
OM ). As Ks

OM

increases from 2.0x10-8 to 2.0x10-7 l mg-1, the arrival time

increases from 185 to 186 pv. When Ks
OM  increases further to

2.0 x 10-6 and 2.0 x 10-5 l mg-1, the arrival time increases to 195

and 280 pv, respectively, showing that the contaminant

transport is affected considerably when Ks
OM  is higher than

2.0 x 10-5 l mg-1 under the given parameter values. Since Ks
OM

is related to the affinity of colloids to solid matrix, the increase

of Ks
OM  reduces the colloidal mobility. The contaminant

transport is constantly retarded as the colloidal mobility

decreases under the assumption that contaminants in the

aqueous phase are partitioned to the mobile and immobile

colloidal phases obeying the same sorption isotherm (i.e.,

�OM,w
c = �OM,s

c = KOM
c Cw

c( )
NOM

c

).

The influence of the various Freundlich constants on

the contaminant transport is presented in Figure 4. As the

Freundlich constant of contaminant between the aqueous and

the solid phases ( Ns
c ) decreases, the contaminant BTC arrives

later with a sharper front (Figure 4a). Ns
c is related to the

nonlinearity of contaminant sorption on solid matrix: with a

lower Ns
c ,  contaminants   tend   to  adsorb  onto  solid  matrix

more uniformly over different concentrations of contaminant

in the aqueous phase. This nature produces the sharper front

in contaminant BTC at the lower Ns
c .

As presented in Figure 4b, the contaminant BTC

appears also sensitive to the change of the Freundlich

constant of contaminant between the aqueous and colloidal

phases ( NOM
c ).   As NOM

c   decreases,   the  contaminant   BTC

arrives at an earlier time. Because NOM
c   represents  the

nonlinearity of contaminant sorption to colloids, the

contaminant transport is more facilitated as NOM
c  is reduced,

and thus there is an enhancement in the amount of

contaminant carried by mobile colloids.

According to Figure 4c the contaminant transport

seems insensitive to the change of the Freundlich constant of

colloid between the aqueous and solid phases ( Ns
OM ). This

result, however, does not hold true unconditionally, being

subject to changes of other parameters. No visible change

with varying Ns
OM  value is explained from the very low Ks

OM

value 2.0 x 10-8 l mg-1. With Ks
c  value of 2.0 x 10 -6 l mg -1, the

case of Ns
OM = 0.1  is  still  unchanged,  but  slight deviation is

observed for Ns
OM = 1.2. Once Ks

OM  is increased further,

variation of Ns
OM  value causes considerable difference in the

contaminant BTC.

So far, it has been quantitatively analyzed how the

contaminant transport responds to the changes of parameter

values. Now, fraction of the colloid-facilitated contaminant

will be briefly discussed. The total concentration of
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Figure 3. Influence of equilibrium distribution coefficients (a) of contaminants between the aqueous and solid phases ( Ks
c ),

(b) of contaminants between the aqueous and colloidal phases ( KOM
c ), and (c) of colloids between the aqueous and

solid phases ( Ks
OM ) on the contaminant transport.
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Figure 4. Influence of the Freundlich constants (a) of contaminants between the aqueous and solid phases ( Ns
c ), (b) of

contaminants between the aqueous and colloidal phases ( NOM
c ), and (c) of colloids between the aqueous and solid

phases ( Ns
OM ) on the contaminant transport.
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contaminant ( Cw
c,Total )    represents    the    concentration    of

contaminant dissolved in the aqueous phase ( Cw
c ) plus the

concentration of contaminant carried by mobile colloids.

According to the simulation results and prediction based on

the equation (ix), the fraction of Cw
c  among Cw

c,Total  is

determined by the isotherm parameters involved in the

sorption process between the contaminant and colloid, KOM
c

and NOM
c , as well as Cw

OM and Cw
c . In all the simulations

conducted in this study, the concentration of mobile colloid

Cw
OM  reaches the steady state (i.e., Cw

OM = COM,0 ) earlier than

the contaminant. Thus, when the contaminant BTC reaches

the steady state, only KOM
c  and NOM

c  determine the fraction of

Cw
c  among Cw

c,Total . The profile of Cw
c  at the variations of KOM

c

and NOM
c   is  presented  in  Figure 5.  As KOM

c   increases from

0.04 to 0.4, the fraction of contaminants carried by mobile

colloids increases from 0.17 to 0.80. When KOM
c  = 4.0, the

contaminants carried by mobile colloids constitute most of the

mobile contaminants, as a result of much extensive facilitation

due to the colloids. As for NOM
c , the lower NOM

c  yields more

fraction of the contaminants carried by mobile colloids.

Increase of facilitation at the lower NOM
c  is attributed to the

overall increase of adsorbed contaminant mass onto the

colloid due to high nonlinearity.

Figure 5. Influence of (a) equilibrium distribution coefficient of contaminants between the aqueous and colloidal phases
( KOM

c ),  and  (b)  the Freundlich  constant  of  contaminants between the aqueous and colloidal phases ( NOM
c ) on the

transport of contaminant dissolved in the aqueous phase ( Cw
c ).
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CONCLUSION

The contaminant transport is simulated for the three-

phase groundwater system where one or more sorption

processes can be described with the nonlinear sorption

isotherm. The mass balance equation of the contaminant is set

up and rearranged to yield a concise form of contaminant

transport equation. Experimental column data in literature

showing nonlinear sorption behavior is analyzed by

numerically solving the developed model in this study. The

developed model is successful at simulating the experimental

data. This study shows that transport model into which the

retardation factor is incorporated is more useful than the

retardation factor alone for analyzing the colloid-facilitated

contaminant transport with nonlinear sorption processes.
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Abstract Desorption kinetics of benzene was inves-
tigated with a modified biphasic desorption model in
a sandy soil with five different powdered activated
carbon (PAC) contents (0, 1, 2, 5, 10% w/w) as
sorbents. Sorption experiments followed by series
dilution desorption were conducted for each sorbent.
Desorption of benzene was successively performed at
two stages using deionized water and hexane.
Modeling was performed on both desorption isotherm
and desorption rate for water-induced desorption to
elucidate the presence of sorption–desorption hyster-
esis and biphasic desorption and if present to quantify
the desorption-resistant fraction (qirr) and labile
fraction (F ) of desorption site responsible for rapid
process. Desorption isotherms revealed that sorption–
desorption exhibited a severe hysteresis with a
significant fraction of benzene being irreversibly
adsorbed onto both pure sand and PAC, and that
desorption-resistant fraction (qirr) increased with PAC
content. Desorption kinetic modeling showed that

desorption of benzene was biphasic with much higher
(4–40 times) rate constant for rapid process (k1) than
that for slow process (k2), and that the difference in
the rate constant increased with PAC content. The
labile fraction (F ) of desorption site showed a
decreasing tendency with PAC. The experimental
results would provide valuable information on reme-
diation methods for soils and groundwater contami-
nated with BTEX.

Keywords Benzene . Desorption kinetics . Powdered
activated carbon . Sorption–desorption . Desorption-
resistant

1 Introduction

Mechanisms governing the fate and transport of
persistent organic contaminants through soils should
be fully understood in order to improve the remedial
efficiency in contaminated sites. The transport of
contaminants is strongly influenced by their sorption
behavior in soils. Extensive studies have been con-
ducted on the sorption kinetics of contaminants (Ball
& Roberts, 1991; Fu et al., 1994; Kan et al., 1994;
Kan et al., 1997). Many laboratory and field studies
revealed that a fraction of organic pollutants adsorbed
onto soils and sediments resists desorption, and/or that
the desorption process is very slow (Brusseau et al.,
1990; Pavslostathis & Jaglal, 1991; Pignatello, 1990;
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Pignatello et al., 1993; Pignatello & Xing, 1996;
Steinberg et al., 1987). The sorption–desorption char-
acteristics including irreversibility, time-dependency,
and degree of sorption and desorption hysteresis are
interrelated to some extent and important factors
affecting the fate of highly soluble hydrocarbons such
as BTEX in the subsurface. The desorption character-
istic is the important factor to determine the magnitude
of irreversibly adsorbed or desorption-resistant fraction
of contaminants and to influence on the sequestration
(Abu & Smith, 2005; Alexander, 2000; Carroll et al.,
1994; Connaughton et al., 1993; Cornelissen et al.,
1997; McGroddy & Farrington, 1995; Northcott &
Jones, 2001; Pavslostathis & Mathavan, 1992; ten
Hulscher et al., 1999) and biodegradation (Alexander,
1995; Kraaij et al., 2001; Lee et al., 2002a; Lee et al.,
2002b; Lueking et al., 2000; Nam et al., 1998; White
et al., 1999) of contaminants in soils.

Our recent studies with batch and column tests
suggested that benzene could be irreversibly adsorbed
onto soils (Baek et al., 2003), and further that benzene
sorption showed a biphasic pattern (Kim et al., 2003)
of initial rapid sorption at exterior sites followed by
slow sorption at interior sites of sandy soils amended
with various amount of powdered activated carbon
which was often used as supporting material for
microorganisms (Abu-Salah et al., 1996). Assuming
that the rate of irreversible sorption followed the first-
order kinetics, the irreversible sorption coefficient
could be derived from a kinetic batch sorption data
(Kim et al., 2004). The coefficient could be conve-
niently incorporated into the solute transport equation.
Following the previous studies, desorption kinetics of
benzene was investigated in this study using a
modified biphasic desorption model in order to
elucidate the rate-limited behavior and/or biphasic
pattern of desorption in soils. In addition, the
desorption-resistant fraction of benzene and labile
fraction of desorption site were quantified in a
systematic manner by adding various amount of
activated carbon to sandy soils.

2 Materials and Methods

2.1 Desorption kinetics

Desorption kinetic models for hydrophobic chemicals
exhibiting biphasic processes basically include two

different types. The first model is a two-compartment
model, consisting of the labile and nonlabile fractions
in a sorbent, but the rate of release is only function of
the nonlabile fraction and the slow desorption rate
constant (Zhang et al., 2000). This model assumes that
only the mass transfer of sorbate between the nonlabile
and labile sites is rate-determining in the overall
process, and the equilibration of the labile fraction
with the aqueous phase is rapidly achieved at all times.
The model is described as:

R ¼ 1� S tð Þ
Stot

; S tð Þ ¼ Stot 1� Fð Þe�k2t ð1Þ

R ¼ 1� 1� Fð Þe�k2t ð2Þ

where R is the desorbed fraction at time t, Stot is the
adsorbed concentration of chemicals at t=0 (i.e. total
adsorbed concentration) (mg kg−1 dry soil), S(t) is
the adsorbed concentration of chemicals at time t (mg
kg−1 dry soil), (1−F) is the nonlabile fraction, k2 is the
first-order desorption rate constant describing slow
release (d−1). Note that at t=0, S(t)=Stot and R=0.

The second model is depicted by two time-depen-
dent desorption processes; a relatively rapid release of
the chemical followed by a much slower release
(Opdyke & Loehr, 1999). This model is used to de-
scribe the biphasic behavior during desorption (bi-
phasic desorption model, Fig. 1a) and presented as:

R¼1� S tð Þ
Stot

; S tð Þ¼Stot Fe
�k1tþ 1� Fð Þe�k2t


 � ð3Þ

R ¼ 1� Fe�k1t � 1� Fð Þe�k2t ð4Þ

where F is the labile fraction, and k1 is the first-order
desorption rate constant describing rapid release (d−1).
This type of model was used by Lee et al. (2002a) and
Lee et al. (2002b) to study the desorption kinetics of
both freshly contaminated soils (three days) and aged
contaminated soils (three- and five-month old). They
reported that the nonlabile fraction increased with
increasing contaminant age. For the aged soils, the
rate constant (k2) was quite low, indicating that a
longer period of time, corresponding to approximately
1/k2 (∼10,000 h), is required to achieve a complete
desorption (Opdyke & Loehr, 1999).
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However, measurements for such a long period of
time could not be done although it would help
maintain the precision of modeling. As pointed out
by Lee et al. (2002a) and Lee et al. (2002b), this
would be impractical for volatile compounds since
losses by volatilization and biodegradation are inevi-
table for such long-term studies. For soils with a
significant desorption-resistant fraction and/or slow
desorption kinetics, therefore, it would be better to

modify the biphasic model [Eq. (4)] to the following
(modified biphasic desorption model):

R ¼ 1� qr tð Þ
qr

¼ 1� Fe�k1t � 1� Fð Þe�k2t ð5Þ

where qr is the adsorbed concentration of chemicals
that is desorbable at t=0 (i.e. total desorbable
concentration) (mg kg−1 dry soil), and qr(t) is the
adsorbed concentration of chemicals that is desorbable

Time

R = 1 - S(t) / Stot
S(t) / Stot

1.0

RS(t) / Stot

(a)
Stot = Sirr + Sr

1.0

0 0

S(t)

Sirr

Stot - S(t) Sirr

Sr

Time

R = 1 - qr(t) / qr
qr(t) / qr

Rqr(t) / qr

0

1.0

(b)
qtot = qirr + qr

1.0

qr(t)

qr - qr(t)

qirr

qr

Fig. 1 Schematic represen-
tation of desorption rate
model using a two-com-
partment model: a the bi-
phasic desorption model
[Eq. (3)]; b the modified
biphasic desorption model
[Eq. (4)]
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at time t (mg kg−1 dry soil). As shown in Fig. 1b, the
desorption-resistant fraction (qirr) which actually
does not contribute to the desorbable mass in the
time course of desorption is excluded in the model.
This type model may offer more accurate informa-
tion on the kinetic rate constants for soils with the
significant desorption-resistant fraction and sidestep
the dilemma of measurement for a long period of
time which is impossible for highly volatile com-
pounds. In this study, the modified version of two-
compartment model [Eq. (5)] was applied to analyze
the desorption data.

2.2 Sorbents

In this study quartz sand was used as a primary
sorbent and powdered activated carbon (PAC) was
added systematically (0, 1, 2, 5, 10% w/w) to the sand
to investigate the effect of activated carbon on
sorption–desorption behavior of aqueous benzene.
The sandy materials initially contained less than
0.05% of organic carbon and further treated to remove
completely. The sand passed through a 2.0-mm sieve
(US standard sieve no. 10) and subsequently auto-
claved (Model HV-110, Hirayama, Saitama, Japan) at
121°C and 17.6 psi for 15 min twice and finally oven-
dried (105°C, 24 h) to eliminate the effect of
indigenous microorganisms on the sorption process.
The average grain size of powdered activated carbon
(PA-500, Dong-Yang Carbon, Incheon, Korea) was
27 μm, its pH ranged from 6 to 8, and its electrical
conductivity was very low (∼100 μS cm−1).

2.3 Sorption batch test

One PAC-free soil sample and four additional samples
containing 1, 2, 5, and 10% of PAC on a weight basis
were prepared. An aliquot of each sterile soil (19.5 g)
from soils with different PAC content and 585 ml of
benzene solution were prepared in five 600-ml glass
flasks capped with Teflon-lined septa. The head space
was less than 5 ml in volume to minimize the
volatilization of aqueous benzene. Initial liquid-phase
concentration was 300 mg l−1. The glass flasks were
agitated in a shaking incubator (KMC-1205SW1,
Vision Scientific, Bucheon, Korea) at 140 rpm while
being maintained at 25°C. Triplicate solution samples
were obtained routinely from five flasks using a
microsyringe to measure aqueous benzene concentra-

tion during sorption. The samples contained in a 0.5-
ml e-tube were centrifuged (Model J6-MC, Beckman
Coulter, Fulerton, CA, USA) at 1,400 rpm for 1 min,
and the supernatant was used for analysis. The batch
test was continued for a period of approximately of
10 days.

2.4 Desorption batch test

Following about 10 days of equilibration from the
sorption batch tests described above, series dilution
desorption assays were conducted to measure the
desorption-resistant fraction of benzene using deion-
ized water and hexane. Each flask was allowed to
have fine fractions of PAC settled for two days and
then the supernatant was decanted to the extent
possible and the residual water determined by weight.
The desorption process was initiated by adding fresh
deionized water to reflect as much possible as the
natural conditions that exist during desorption as
reported by Lee et al. (2002a) and Lee et al. (2002b).
Triplicate soil slurries were prepared for each soil
using desorption procedure described above. The
slurries were shaked, the supernatant was decanted,
sampled, and analyzed for benzene, and the flasks
were refilled. Care was taken to minimize the time
during withdrawal and refilling of the aqueous
solution to avoid any losses due to volatilization.
This procedure was repeated for a total of 7 to 25
successive desorption steps which increased propor-
tionally with the amount of PAC. Series dilution
desorption assays using hexane were followed for all
soil samples. The desorption-resistant fraction of
benzene was thus determined for two stages of
desorption in which the first refers to water-induced
desorption and the second hexane-induced one.

3 Results and Discussion

3.1 Sorption and desorption

Adsorbed and desorbed masses of aqueous benzene
determined from sorption–desorption experiments are
summarized in Table 1. With increasing PAC in the
soil, adsorbed benzene increased almost linearly.
Desorbed benzene mass was plotted against PAC
content for two different reagents in Fig. 2. With
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increasing PAC content the limited desorption of
benzene by water is attributed to the higher sorption
energy compared to the water solubility. The lower
desorption by hexane at relatively lower PAC contents
(0, 1, 2%) is due to the fact that the easily desorbable
fraction was desorbed by water and only the moderate
fraction is available for further desorption by hexane
that requires more energy. On the other hand, the higher
desorption by hexane for 10% PAC can be explained
by that a great deal of adsorbed benzene could be
desorbed by hexane due to the less water-induced

desorption compared to the total adsorbed mass due to
limited solubility of adsorbed benzene by water.

Overall adsorbed and desorbed benzene masses by
one-stage desorption using water and two-stage
desorption using both water and hexane are shown
in Fig. 3 for various PAC contents. It is remarkable
that the water-induced desorption increased propor-
tionally with PAC content and approached to a
maximum value asymptotically at high PAC content
(10%) while total desorption incurred serially by both
water and hexane increased almost linearly with PAC

Table 1 Adsorbed and desorbed benzene masses using deionized water only and both deionized water and hexane

Qs (mg) PAC 0% PAC 1% PAC 2% PAC 5% PAC 10%

50.42 70.13 100.34 137.22 163.24

Qd½ 	H2O
(mg) 1.99 13.02 26.69 36.84 38.77

Qd½ 	Hexane (mg) 0.69 5.39 8.37 25.88 59.16
Qd½ 	H2OþHexane (mg) 2.67 18.42 35.06 62.72 97.92
Qirr½ 	H2O

(mg) 48.43 57.11 73.65 100.38 124.47
Qirr½ 	H2OþHexane (mg) 47.75 51.72 65.28 74.50 65.32
qirr½ 	H2O�103 (μg g−1) 2.48 2.93 3.78 5.15 6.38
qirr½ 	H2OþHexane�103 (μg g−1) 2.45 2.65 3.35 3.82 3.35

Qs Sorbed benzene mass, Qd desorbed benzene mass, Qirr desorption-resistant benzene mass, qirr desorption-resistant fraction
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content. This indicates that for soils with less faction
of carbon the adsorbed benzene is likely water-soluble
while solvent-induced desorption is predominant for
those with PAC content higher than 5%. This contrast
characteristic of benzene desorption can be explained

by the fact that the partitioning of benzene to
activated carbon is much higher than that to sand
due to higher binding energy. Thus for soils with less
carbon, adsorbed benzene could be easily desorbed by
water owing to the relatively lower binding energy.
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3.2 Desorption-resistant fraction

The desorption-resistant fractions (qirr) for two cases of
reagents are shown in Fig. 4. The qirr increases
dramatically with increasing PAC when benzene was
allowed to desorb only by deionized water. It is noted
that even for pure sand about 2.4 mg g−1 of benzene
could be irreversibly adsorbed. This indicates that
during transport through soils containing a moderate
amount of organic carbon the significant fraction of
benzene can be irreversibly adsorbed. The qirr provides
clear experimental evidence on why the significant
fraction of benzene was not recovered at the effluent
during the column experiments conducted using a
sandy soil (Baek et al., 2003). For the case of desorption
by both water and hexane, the fraction shows an
increasing tendency with PAC but declines after 5%
PAC. Occurrence of maximum value of the fraction at
5% PAC can be explained by the difference in
desorbing pattern between deionized water and hexane
in which desorbed mass by deionized water increases
asymptotically whereas it increases in a slightly
exponential form by hexane as shown in Fig. 2.

3.3 Desorption isotherm

Desorption isotherms of 5% PAC as an exemplary
case are shown in Fig. 5. Two distinct isotherms of

benzene desorption were observed for water and
hexane. The desorption isotherm by deionized water
showed a large deviation from the sorption isotherm
(assuming a linear one from zero point) The difference
in the slope of the isotherms found in this study
contradicts with the findings of Park et al. (2001) who
reported that the slope of desorption isotherm for
naphthalene was essentially the same as the sorption
isotherm. However the much lower slope obtained for
desorption isotherm agrees well to the findings of
Chen et al. (2004) who studied the irreversible
sorption of pentachlorophenol (PCP) to sediments.
They reported that there was a significant sorption–
desorption hysteresis indices of 0.72–11.82 for PCP
which showed a large deviation between the slopes of
sorption and desorption isotherms. This phenomenon
was coined hysteresis and reported by other studies
(Chen et al., 2004; Miller & Pedit, 1992; Pignatello &
Xing, 1996). In the study of Chen et al. (2004), the
hysteresis of PCP was explained by three processes:
(1) irreversible binding to specific sorption sites, (2)
slow rates of desorption, and (3) adsorbing molecule
entrapment. From the inspection of sorption–desorp-
tion isotherms in Fig. 5, the hysteresis may come
from the slow rate of desorption and irreversible
binding since desorption by deionized water took
much more time (52 days) than sorption, and
adsorbed benzene resisted desorption by water due
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to the higher binding energy than water-solubility. On
the other hand, a significant amount of the adsorbed
benzene resisted against water was desorbed by
hexane at the first step of desorption process. For
further treatment with hexane the desorption isotherm
showed a much lower slope than the one by water,
and further successive desorption did not aid in
desorption of benzene. This indicates that desorption
process by hexane is instantaneous while desorption
by water is a slow process. It is evident from the slope
of desorption isotherm that desorption-resistant frac-
tion clearly exists even for hexane treatment. The
irreversibly adsorbed benzene fraction (qirr) onto both
sand and PAC is as much as 4×103 μg g−1 which is
much greater than literature values of 10 μg g−1 for
naphthalene (Kan et al., 1997).

Desorption by deionized water and linear isotherm
fits for a sandy soil containing various amount of
PAC contents are shown in Fig. 6. Both the intercept
and slope of desorption isotherms increase with
increasing PAC. According to Lee et al. (2002a) and
Lee et al. (2002b), the linear desorption isotherm
consists of: (1) a reversible portion qr obeying the
conventional linear isotherm, (2) a desorption resis-
tant component qirr. Thus qtot ¼ qirr þ qr. The revers-
ible portion can be represented by qr = KdC where Kd

is a distribution coefficient (ml g−1) and C is the
aqueous concentration during desorption phase. Thus
the total adsorbed concentration can be shown as a
function of C by qtot ¼ qirr þ KdC where desorption-
resistant component becomes the intercept of the
linear isotherm. This indicates that the desorption-
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Table 2 Desorption-resistant fraction (qirr) determined from desorption experiment using deionized water and from desorption
isotherm model

PAC (%) qirrð ÞH2O a � 103 (μg g−1) qirrð ÞH2Ob � 103 (μg g−1) Kd (ml g−1) r 2

0 2.48 2.51 3.63×10−4 0.43
1 2.93 3.01 3.52×10−3 0.78
2 3.78 3.82 1.02×10−2 0.90
5 5.15 5.01 2.66×10−2 0.97
10 6.38 5.93 6.63×10−2 0.96

aDesorption-resistant fraction obtained by desorption experiment.
bDesorption-resistant fraction obtained by desorption isotherm model.
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resistant fraction (qirr) increases with increasing PAC
while distribution coefficient also slightly increases.
The increase of qirr indicates that less adsorbed mass
can be easily desorbed and that a greater portion of
adsorbed benzene in activated carbon is the nonlabile
fraction. The irreversible fraction determined by
experiment and model is shown in Table 2 together
with distribution coefficient. It is noted that qirr
determined by the desorption isotherm was slightly
higher than the observed one at low PAC contents.

3.4 Desorption rate modeling

Desorption rates of adsorbed benzene for all PAC
contents are presented in Fig. 7. For all cases, the
clear biphasic nature of desorption was observed with
a rapid desorption followed by a rather slow desorp-
tion as reported by other studies (Berg et al., 1998;

Cornelissen et al., 1997; Gess & Pavlostathis, 1997;
Lee et al. (2002a) and Lee et al. (2002b); Opdyke &
Loehr, 1999; Williamson et al., 1998). Desorption of
the labile fraction at the early stage was more
pronounced at low PAC contents whereas slow
desorption of the nonlabile fraction was predominant
for sandy soils with higher PAC contents. The result
of desorption rate modeling is shown in Table 3. The
rate constant k1 responsible for fast desorption process
was more or less constant with an average of 2.7
day−1, which was 4 to 40 times higher than the slow
desorption rate constant k2 when PAC varied 0 to
10%. The k2 decreased with increasing PAC content,
indicating that adsorbed benzene was released more
slowly as PAC increased. The k2 of 2% PAC was
found higher than the literature values Lee et al.
(2002a) and Lee et al. (2002b) which were in the
range of 3.5×10−6 to 2.4×10−3 h-1 for TCE desorp-
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PAC (%) F 1−F k1 (day
−1) k2 (day

−1)

0 0.85 0.15 3.1 8.0×10−1

1 0.65 0.35 2.5 1.5×10−1

2 0.49 0.51 3.7 7.5×10−2

5 0.34 0.66 2.1 6.2×10−2

10 0.28 0.72 2.1 5.3×10−2

Table 3 Fractions of
rapidly desorbing site (F)
and slowly desorbing site
(1−F) and their first-order
rate constants at various
PAC contents
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tion in silty soils with organic carbon of 2.6%. The
higher values obtained from this study are possibly
due to differences in nature of carbon and soil,
contamination age, chemical and desorption model.
It is interesting that the labile fraction (F ) of rapid
desorption site diminished as PAC increased in the
soil. This is supported by the result of desorption
isotherm modeling that the facile desorption fraction
decreased with increasing PAC and that most of
adsorbed benzene in activated carbon was the non-
labile fraction.

4 Conclusions

In this study, desorption experiments with two-stage
desorption processes using deionized water and
hexane were conducted to determine the desorption
kinetics of benzene in sandy soils at different PAC
contents. Experimental results showed that adsorbed
benzene increased linearly, but desorbed benzene by
deionized water increased asymptotically with PAC
content. It may be inferred from these results that for
soils with less carbon contents adsorbed benzene can
be effectively desorbed by water. It was evident that
for all cases of PAC contents, sorption–desorption
process of benzene showed a clear hysteresis effect
due to the slow rate of desorption and irreversible
bindings to specific sorption sites. Desorption iso-
therm obtained from water-induced desorption con-
firmed that desorption-resistant fraction also increased
with increasing PAC. This indicates that a greater
portion of adsorbed benzene in activated carbon is the
nonlabile fraction. The increase of the nonlabile
fraction was well supported by the result of kinetic
desorption modeling that the labile fraction dimin-
ished as PAC increased. The experimental evidence of
irreversible or desorption-resistant fraction of benzene
in sandy soils would be of great importance to
modeling the fate of hydrocarbons present in contam-
inated soil and groundwater. Further the relationship
between labile/nonlabile fraction and PAC content
obtained from this study would provide important
information in assessing bioavailability of organic
compounds adsorbed onto powdered activated carbon
which is used as sorbents for wastewater treatment.
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Abstract:

The influence of organic carbon content at various flow rates on the transport of aqueous benzene in a sandy soil
was investigated. Column experiments were conducted for a sandy soil with different carbon contents (0%, 0Ð5%, and
2% by weight) and flow rates (0Ð25, 0Ð625, and 1Ð25 ml min�1) to observe breakthrough curves of KCl and benzene
using a step application. Three types of convection–dispersion transport model (equilibrium, reversible two-site, and
reversible–irreversible sorption) were used to determine the appropriate model that best described the observed benzene
transport. The modelling results revealed that the reversible–irreversible transport model was suitable for describing the
transport and sorption behaviour of benzene in the sandy soil studied. Retardation and irreversible sorption coefficients
increased with increasing carbon content, since the increment of carbon content resulted in the enhancement of sorption
capacity for benzene. With increasing flow rate, decreased retardation of aqueous benzene was observed due to less
reaction time; however, the model parameter for irreversible sorption increased unrealistically. This was attributed
to the interference of velocity change on the irreversible sorption coefficient during parameter estimation. In order
to avoid this problem, we introduced a Damköhler number (Da1), which took into account the velocity changes in
estimating the irreversible sorption coefficient. A reasonable relationship was then found between Da1 and flow rate,
which showed a decrease of Da1 with the increase in flow rate. Copyright © 2006 John Wiley & Sons, Ltd.

KEY WORDS benzene; retardation; irreversible sorption; organic carbon; sandy soil

INTRODUCTION

Organic chemicals, such as petroleum hydrocarbons, leaking into a subsurface environment from underground
storage tanks often result in the contamination of soil and groundwater. Once the organic compounds are
introduced into the subsurface environment, their fate and transport are largely dependent upon their sorption
behaviour, which in turn influences the remediation of contaminated soil and groundwater. For instance,
non-equilibrium sorption can have a significant impact on the transport and fate of organic chemicals in
the subsurface. In addition, the remediation of contaminated soils and aquifers can be constrained by non-
equilibrium sorption (Brusseau and Rao, 1989; Keely, 1989; Mackay and Cherry, 1989).

In general, transport of contaminants in groundwater systems can be affected by physical or chemical
non-equilibrium processes. Many of the laboratory studies on reactive contaminant transport in the literature
reported physical and chemical non-equilibrium processes (Bajracharya and Barry, 1997; Pang and Close,
1999). Several laboratory investigations (Hutzler et al., 1986; Bouchard et al., 1988; Lee et al., 1988; Brusseau
et al., 1991; Brusseau, 1992; Ptacek and Gillham, 1992) and field studies (Goltz and Roberts, 1986, 1988;
Bahr, 1989; Bowman, 1989) showed that non-equilibrium sorption should be incorporated in describing the
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transport of dissolved organic compounds. Non-equilibrium sorption/desorption is commonly described by a
two-site model, which assumes that the sorption sites can be partitioned into instantaneous sites and kinetic
(i.e. rate-limited) sites (van Genuchten, 1981). Most studies have focused on evaluating the effect of pore-
water velocity on the rate of mass transfer between the two sites, and a positive relationship between the two
parameters was commonly reported (Kookana et al., 1993; Maraqa et al., 1999). It has been reported that
pore-water velocity influences kinetic sorption/desorption (Akratanakul et al., 1983; Bouchard et al., 1988;
Brusseau, 1992; Ptacek and Gillham, 1992, Maraqa et al., 1999), but it does not influence sorption/desorption
under equilibrium conditions (Lee et al., 1988).

Irreversible sorption of organic compounds into soil materials or soil organic carbons have been reported
in batch tests (Kan et al., 1997; Chen et al., 2000; Park et al., 2001), a column test (Baek et al., 2003)
and a modelling study (Kim et al., 2003). The modelling study showed evidence of increasing irreversible
sorption of benzene as activated carbon was added to a sandy soil in a static batch microcosm. The
increased sorption from the increased carbon content resulted in a decrease of benzene bioavailability in the
aqueous phase. Contradictory results were found by Famisan and Brusseau (2003), who reported enhanced
biodegradation of naphthalene in a soil column due to increased residence time caused by increased sorption
during transport.

Although many studies have been performed to examine sorption of organic compounds in porous media,
most of them were limited to either the effects of carbon content or pore-water velocity on the sorption
behaviour, and very rarely both of them (Aksu et al., 2002). Comparatively less is known about the effect
of sorption intensity, i.e. carbon content on sorption/desorption kinetics and subsequent transport-related
parameters. Therefore, research to investigate a coupled effect of carbon content and flow velocities on the
sorption of those compounds is an important issue, since remediation of soil and aquifer materials contaminated
with organic compounds often requires use of various amounts of organic carbon and different flow conditions.

The aim of this work was thus to investigate the transport and sorption behaviour of aqueous benzene using
a column approach under various conditions of organic carbon content and flow rate. Three transport models
were reformulated and applied to determine the appropriate model that best describes the observed benzene
transport phenomenon.

MATERIALS AND METHODS

Transport models

For steady-state flow in a homogeneous soil, a convection–dispersion equation (CDE) with linear and
reversible sorption (i.e. equilibrium transport model) can be expressed as (van Genuchten, 1981)

R
∂C

∂t
D D

∂2C

∂x2 � vw
∂C

∂x
R D 1 C 	bKd

�
�1�

where R is the retardation factor, C is the dissolved solute concentration, D is the hydrodynamic dispersion
coefficient, vw is the pore-water velocity, 	b is the dry bulk density of soil, Kd is the equilibrium distribution
coefficient, and � is the water content.

In a solute transport model, chemical non-equilibrium sorption is commonly described with a two-site model,
assuming that the sorption sites are divided into equilibrium (instantaneous) sites and kinetic (rate-limited)
sites. Thus, a two-site solute transport model can be presented as (van Genuchten, 1981)(

1 C f	bKd

�

)
∂C

∂t
D D

∂2C

∂x2 � vw
∂C

∂x
� ˛	b

�
[�1 � f�KdC � Sk] �2�

∂Sk

∂t
D ˛[�1 � f�KdC � Sk] �3�

Copyright © 2006 John Wiley & Sons, Ltd. Hydrol. Process. 20, 4307–4316 (2006)

152



ORGANIC CARBON CONTENT ON BENZENE TRANSPORT 4309

where f is the fraction of equilibrium sorption sites, ˛ [T�1] is the mass transfer coefficient, and Sk [MM�1]
is the sorbed solute concentration on the kinetic sorption sites.

If the adsorbent includes both reversible and irreversible sites (Kim et al., 2004), then the CDE can be
expressed as

�
∂C

∂t
C 	b

∂�Sr C Sir�

∂t
D �

∂

∂x

(
D

∂C

∂x
� vwC

)
�4�

with
Sr D KdC �5�

and
∂Sir

∂t
D kirC �6�

where Sr and Sir [MM�1] are the reversibly and irreversibly sorbed solute concentrations respectively on the
solid matrix. In this case, the sorption mechanisms are composed of both reversible and irreversible sorption
(Fetter, 1993), and the reversible–irreversible transport model can be given as

R
∂C

∂t
D D

∂2C

∂x2 � vw
∂C

∂x
� �C �7�

� D 	b

�
kir �8�

where kir [L3M�1T�1] is the irreversible sorption rate constant, � [T�1] is the first-order irreversible sorption
coefficient. A similar expression of CDE to Equation (7) can be found for a case where a chemical compound
is radioactive and the system is retardative (Lee, 1999). In this case, � is simply a first-order decay coefficient
representing the loss of mass through radioactive decay rather than irreversible sorption. Jin et al. (2000)
successfully used this type of CDE model in describing bacterial transport through an unsaturated soil column
with removal processes of the bacteria, such as inactivation and/or irreversible sorption onto soil matrix.

The dimensionless forms of the three transport models are as follows. The equilibrium model is given by

R
∂CC

∂T
D 1

Pe

∂2CC

∂X2 � ∂CC

∂X
�9�

the two-site model with reversible sorption is given by

ˇR
∂CC
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D 1
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∂X
� ω�CC � SC

k � �10�

�1 � ˇ�R
∂SC

k

∂T
D ω�CC � SC
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and the reversible–irreversible sorption model is given by

R
∂CC
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D 1

Pe
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with the following dimensionless parameters:
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where L is the column length, C0 is the initial solute concentration, Pe is the Peclet number, and Da1 is the
Damköhler number (Toride et al., 1995) for irreversible sorption.

Column experiments

Column tests were conducted in a Plexiglass cylinder (30 cm in length and 2Ð5 cm in diameter) packed
uniformly with sandy soil. Sandy soil was collected from an unconfined alluvium plain near the Han River
in South Korea. The sandy soil had a cation exchange capacity (CEC) of 3Ð0 cmol kg�1 and organic carbon
content of 0Ð05% by weight. The sandy materials were passed through a 2Ð0 mm sieve (US Standard No.
10) and autoclaved at 125 °C for 20 min (Model HV-110, Hirayama, Japan) to eliminate any influence of
indigenous micro-organisms. Different concentrations of pine resin (0Ð5% and 2% by weight) less than 200 μm
in diameter were added to the sandy soil to examine the effect of organic carbon content on the sorption of
aqueous benzene.

Prior to the injection of solutes, a steady-state flow condition was imposed by maintaining a constant head
using a peristaltic pump. After the steady-state condition was achieved, breakthrough curve experiments were
conducted at flow rates of 0Ð25, 0Ð625, and 1Ð25 ml min�1 by applying KCl (5 g l�1) as a conservative solute
and benzene (500 mg l�1) as a reactive solute simultaneously with a step injection mode. In order to prevent
the volatilization of aqueous benzene during injection, the top of a solution-feeding cylinder was covered by a
septum through which benzene solution was transferred using a Teflon tube. In addition, a 50 ml glass syringe
was installed through the septum to supply the same amount of solution as the injected volume to avoid the
development of a vacuum inside the cylinder during the injection, as described by Baek et al. (2003). The
response of flux concentration at the outlet boundary due to the addition of KCl and benzene was monitored
using an electrical conductivity (EC) meter (Orion Research, Beverly, MA, USA) and high-performance liquid
chromatography (Young Lin, Seoul, Korea). Calibration of EC (mS cm�1) for the quantification of KCl (g l�1)
in the effluent was obtained by the measurement of EC for a series of known concentrations of KCl solutions.
Benzene was quantified using a high-performance liquid chromatograph equipped with a fluorescence detector
(M720), M925 pump, Rheodyne injector, and C18 column (150 mm ð 4Ð6 mm, Phenomenex, Torrance, CA,
USA). The elution gradient was 50% acetonitrile and 50% water with a flow rate of 1Ð0 ml min�1. The
excitation wavelength was 254 nm.

The bulk density and water content of the column materials were 1Ð70 š 0Ð05 g cm�3 and 0Ð34 š 0Ð03
respectively, determined from gravimetric measurements at the end of the column test.

Parameter estimation

Parameters in the transport models were obtained by fitting the CXTFIT code (Pang et al., 2002) to
the breakthrough data. The transport parameters vw and D in Equation (1) were first determined from the
KCl breakthrough data; then, using these parameters, the sorption-related parameters R, ˇ, ω, and Da1

corresponding to each type of CDE model given by Equations (9)–(13) were estimated from the benzene
breakthrough data depending on the sorption assumption.

RESULTS AND DISCUSSION

Model fit to column data

The observed and fitted breakthrough curves of KCl and benzene for various flow rates and carbon contents
are presented in Figure 1. The results of the equilibrium model fitting are given in Table I, where various
experimental cases regarding the carbon content and pore-water velocity vw are shown. It can be seen that the
equilibrium type of CDE model (Equation (9)) provided a rather poor fit for the benzene breakthrough curves,
especially for the sandy soil with higher carbon content. The low r2 in most cases with resin present indicates
that the equilibrium model was not adequate in describing the benzene transport and sorption behaviour in
the sandy soil studied in the presence of organic carbon.

Copyright © 2006 John Wiley & Sons, Ltd. Hydrol. Process. 20, 4307–4316 (2006)
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Figure 1. Breakthrough curves and model fitting (Tables I–III) for KCl and benzene transport through a sandy soil
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Table I. Parameters obtained from the equilibrium sorption model

Exp. Flow rate Resin From KCl curves From benzene curves
(ml min�1) content (%)

vw (cm h�1) D (cm2 h�1) Pe R r2

1 0Ð25 0 10Ð1 10Ð3 29Ð6 1Ð6 0Ð94
2 0Ð625 0 25Ð9 26Ð0 29Ð8 1Ð3 0Ð97
3 1Ð25 0 50Ð5 51Ð3 29Ð6 1Ð2 0Ð93
4 0Ð25 0Ð5 10Ð1 10Ð2 29Ð6 4Ð2 0Ð63
5 0Ð625 0Ð5 25Ð3 25Ð7 29Ð5 2Ð8 0Ð63
6 1Ð25 0Ð5 50Ð4 55Ð7 29Ð4 1Ð4 0Ð64
7 0Ð25 2Ð0 10Ð1 10Ð2 29Ð9 7Ð4 0Ð13

Table II. Parameters obtained from the reversible two-site kinetic sorption model

Exp. Flow rate
(ml min�1)

Resin
content (%)

R ˇ ω r2

1 0Ð25 0 99Ð81 0Ð015 0Ð145 1Ð00
2 0Ð625 0 97Ð80 0Ð035 0Ð090 0Ð99
3 1Ð25 0 6Ð24 0Ð497 0Ð152 0Ð99
4 0Ð25 0Ð5 20Ð76 0Ð139 0Ð552 0Ð99
5 0Ð625 0Ð5 19Ð62 0Ð252 0Ð514 0Ð99
6 1Ð25 0Ð5 19Ð04 0Ð283 0Ð335 0Ð99
7 0Ð25 2Ð0 30Ð50 0Ð094 2Ð442 0Ð99

The two-site transport model with reversible sorption (Equations (10) and (11)) showed better fits than the
equilibrium model (Table II). In all the experiments with organic carbon, the mass transfer rate or reverse
sorption rate ˛ increased, but the retardation coefficient R decreased as pore-water velocity vw increased.
These results are similar to previous studies (Brusseau, 1992; Maraqa et al., 1999; Huttenloch et al., 2001).
For a given vw D 10Ð1 cm h�1, ˛ increased as carbon content increased, whereas no definite trends were
shown for R. However, unrealistically high values of R, especially for experiments 1 and 2, implied that
the two-site model was not suitable for describing benzene transport in the sandy soil studied. Failure of
modelling with the two-site sorption model can be explained thus: (i) the three-parameter (R, ˇ, ω) estimation
may not generate a unique solution in the inverse modelling (Pang et al., 2002) due to a large flexibility; (ii)
mass loss due to irreversible sorption from the aqueous to solid phase, even at large pore volumes, cannot be
simulated by the two-site model, where reversible sorption was postulated for both equilibrium and kinetic
sorption sites.

The results of fitting using the transport model with both reversible and irreversible sorptions (Equations (12)
and (13)) are also presented in Figure 1, and the parameters in the model are shown in Table III. The model
showed better fits than the equilibrium model and gave more realistic R values than the two-site transport
model with reversible sorption. In addition, reasonable trends in a relation of R and � with vw were observed,
since R and � consistently decreased and increased respectively with vw. It appears that the transport model
involving both reversible and irreversible sorption mechanisms was the most suitable at describing the transport
and sorption behaviour of benzene in sandy soil.

Influence of organic carbon content

The effect of carbon content on the aqueous benzene transport in the sandy soil for a pore-water velocity
vw D 10Ð1 cm h�1 is shown in Figure 2. The extent of both retardation and irreversible sorption during benzene
transport increased with increasing carbon content. This result is similar to the findings of Huttenloch et al.

Copyright © 2006 John Wiley & Sons, Ltd. Hydrol. Process. 20, 4307–4316 (2006)
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Table III. Parameters obtained from the reversible–irreversible sorption model

Exp. Flow rate
(ml min�1)

Resin
content (%)

R � (h�1) Da1 r2

1 0Ð25 0 1Ð5 0Ð05 0Ð14 1Ð00
2 0Ð625 0 1Ð3 0Ð08 0Ð10 0Ð99
3 1Ð25 0 1Ð1 0Ð11 0Ð07 0Ð99
4 0Ð25 0Ð5 2Ð9 0Ð18 0Ð52 0Ð98
5 0Ð625 0Ð5 2Ð2 0Ð27 0Ð31 0Ð97
6 1Ð25 0Ð5 1Ð1 0Ð43 0Ð25 0Ð99
7 0Ð25 2Ð0 3Ð2 0Ð68 2Ð02 0Ð98
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Figure 2. Effect of organic carbon content on benzene transport through a sandy soil at a flow rate of 0Ð25 ml min�1

(2001) and Redding et al. (2002), who reported the dependence of organic chemical sorption on organic carbon.
Chen et al. (2000) reported that a fixed maximum irreversible adsorption capacity qirr

max was proportional to
soil organic carbon for 1,4-dichlorobenzene. The increase of irreversible sorption with increasing powdered
activated carbon (PAC) content was also reported by Baek et al. (2003), who conducted a benzene transport
study using a column approach for the same sandy materials.

Retardation and reduction of aqueous benzene, even at large pore volumes, indicate that reversible sorption
(retardation) and irreversible sorption (reduction of aqueous benzene) occurred in the sandy soil studied. Higher
irreversible sorption was observed than reversible sorption with increasing carbon content. This implies that
the rate-limited sorption Sirr occurring at the irreversible sorption sites becomes greater when carbon content
increases. Kim et al. (2003) also observed the higher irreversible sorption of benzene with increasing PAC
content in sandy soil in a static batch system.

Influence of pore-water velocity

The effect of pore-water velocity on the benzene transport for a resin content of 0Ð5% is presented
in Figure 3. As pore-water velocity increased, aqueous benzene showed less retardation during transport.
According to Shimojima and Sharma (1995), the retardation factor of simazine during transport through an
unsaturated sand decreased with an increase in pore-water velocity vw. The inverse relationship between vw

Copyright © 2006 John Wiley & Sons, Ltd. Hydrol. Process. 20, 4307–4316 (2006)
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Figure 3. Effect of flow rate on benzene transport through a sandy soil with a pine resin content of 0Ð5%

and R was also reported by Jaynes (1991) and Pang et al. (2002). It is expected that the extent of reversible
sorption (i.e. retardation) declines with an increment of vw because the interaction time between benzene and
a sandy soil decreases as vw increases. The effect of hydraulic residence time of contaminants during transport
on the mass-transfer reactions was also reported by Brusseau (1992) and Maraqa et al. (1999).

The first-order irreversible sorption coefficient � increases as vw increases. However, it is reasonable that,
as is the case of reversible sorption, the extent of irreversible sorption should decline with an increment
of vw due to a decrease of interaction time between benzene and resin or soil particles. In other words,
the value of � should decrease with an increase in vw. The proportional relationship between � and
vw is attributed to the interference with pore-water velocity on the irreversible sorption coefficient with
a ‘time-scale effect’ (Brusseau, 1992) during parameter estimation. This artefact may be corrected by
introduction of a dimensionless form of the irreversible sorption coefficient, the Damköhler number Da1,
which takes into account the effect of pore-water velocity or residence time on the estimation of the
irreversible sorption coefficient. The relationship between Da1 or � and vw is demonstrated in Figure 4.
The corrected irreversible sorption coefficient Da1 decreased with an increase in vw. This indicates that a
dimensionless parameter such as the Damköhler number should be used in the transport equation in order to
interpret the experimental data of chemical reactions correctly if the rate coefficients show time-dependent
characteristics.

CONCLUSIONS

This study investigated the influence of organic carbon content and pore-water velocity on the aqueous benzene
transport through a sandy soil using a column approach. Three different types of CDE model were used to
fit the breakthrough curves of conservative (KCl) and reactive (benzene) tracers to elucidate which sorption
mechanism was most appropriate in the interaction between aqueous benzene and soil or organic carbon
material. Experimental evidence revealed that reversible (i.e. retardation) and irreversible sorption played an
important role in the aqueous benzene transport and showed a tendency to increase with carbon content.
Despite less reaction time with the increased pore-water velocity, the unrealistic increase of the irreversible
sorption coefficient was corrected by a dimensionless parameter, i.e. the Damköhler number. This indicates

Copyright © 2006 John Wiley & Sons, Ltd. Hydrol. Process. 20, 4307–4316 (2006)
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that parameters associated with a time-scale effect should be carefully estimated in order to reflect the chemical
reactions more appropriately during transport in soils.
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Numerical analysis of bacterial transport in saturated
porous media
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Abstract:

A mathematical model to describe bacterial transport in saturated porous media is presented. Reversible/irreversible
attachment and growth/decay terms were incorporated into the transport model. Additionally, the changes of porosity
and permeability due to bacterial deposition and/or growth were accounted for in the model. The predictive model
was used to fit the column experimental data from the literature, and the fitting result showed a good match with the
data. Based on the parameter values determined from the literature experimental data, numerical experiments were
performed to examine bacterial sorption and/or growth during bacterial transport through saturated porous media. In
addition, sensitivity analysis was performed to investigate the impact of key model parameters for bacterial transport
on the permeability and porosity of porous media. The model results show that the permeability and porosity of porous
media could be altered due to bacterial deposition and growth on the solid matrix. However, variation of permeability
due to bacterial growth was trivial compared with natural permeability variation. Copyright © 2005 John Wiley &
Sons, Ltd.

KEY WORDS bacteria; attachment; permeability; transport model; bioaugmentation

INTRODUCTION

Bioaugmentation is practiced in contaminated soils and aquifers by introducing bacteria with specific
metabolic capabilities of degrading target contaminants. In this remediation practice, the successful delivery
of contaminant-degrading bacteria to the targeted area is a subject of great interest (Gross and Logan, 1995).
To improve the understanding of bacterial transport and attachment in porous media, numerous studies have
been carried out using various types of bacteria in the laboratory with batch and column systems (Harvey
and Garabedian, 1991; Bidle et al., 1993; Kinoshita et al., 1993; Mills et al., 1994; Tan et al., 1994; Rijnaarts
et al., 1996; Schäfer et al., 1998; Hendry et al., 1999; Li and Logan, 1999; Lahlou et al., 2000) and in field
conditions (Harvey et al., 1989, 1993; Bales et al., 1995; Natsch et al., 1996; Sinton et al., 1997).

In the subsurface, the movement of bacteria is mainly controlled by advective–dispersive transport and
attachment to the solid matrix (Hornberger et al., 1992). The deposition of bacteria on the solid matrix
is affected by the physical and chemical properties of the porous medium (e.g. ionic strength, pH, and
surface charge) and the surface characteristics of bacteria (e.g. cell surface charge and hydrophobicity)
(Fontes et al., 1991; Gannon et al., 1991). If the net forces of attractive London–van der Waals forces
and repulsive electrostatic forces become attractive, then the attachment of bacteria to solid surfaces can
occur at the secondary minimum, which is situated at a larger distance from solid surfaces. Bacteria may
attach to the secondary minimum by long-range forces and be readily detached from solid surfaces by shear
forces (van Loosdrecht et al., 1989). If hydrophobic interactions and polymer bridging affect bacteria attached
to the secondary minimum, then they may transfer to the primary minimum. In the potential energy curve

* Correspondence to: Song-Bae Kim, Program in Rural System Engineering, Seoul National University, Sillim-dong, Kwanak-gu, Seoul
151-921, Korea. E-mail: songbkim@snu.ac.kr
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for the bacterial attachment to solid matrix, the primary minimum is located close to solid surfaces and is
responsible for the strong attachment of bacteria. The bacteria held at the primary minimum due to the non-
Deryaguin–Landau–Verwey–Overbeek forces may irreversibly attach to matrix surfaces (McEldowney and
Fletcher, 1986; Rijnaarts et al., 1995).

In porous media, the deposition of colloids on a solid matrix may result in changes in porous medium
properties (Wiesner et al., 1996). Likewise, the attachment and growth of bacteria on a solid matrix may
induce changes in porous medium properties, such as in porosity and permeability (Taylor and Jaffé, 1990;
Cunningham et al., 1991; Vandevivere and Baveye, 1992; Vandevivere et al., 1995; Clement et al., 1996).

In this study, a transport model into which reversible/irreversible attachment and growth/decay terms are
incorporated is presented to describe the bacterial transport in saturated porous media. In addition, changes
in porosity and permeability due to the bacterial deposition and/or growth were incorporated into the model.
The model is used to simulate column experimental data. In addition, sensitivity analysis is performed to
investigate the influence of key model parameters for bacterial transport on the permeability and porosity of
porous media.

EXPERIMENTAL METHODS

Mathematical model

The transport equation for bacteria suspended in the aqueous phase may be presented as

∂[�n � 
b�Cb]

∂t
D � ∂

∂z

{
�D

∂[�n � 
b�Cb]

∂z
C vw�n � 
b�Cb C vg�n � 
b�Cb

}

� k1�n � 
b�Cb C k2	b
1
b � k3�n � 
b�Cb C g1�n � 
b�Cb � d1�n � 
b�Cb

�1�

where n is the porosity, 
b is the volumetric fraction of bacteria attached on solid matrix, �D 
1
b C 
2

b�
(volume of attached bacteria per unit total volume of porous media), 
1

b is the volumetric fraction of bacteria
attached reversibly on solid matrix, 
2

b is the volumetric fraction of bacteria attached irreversibly on solid
matrix, Cb is the concentration of bacteria suspended in the aqueous phase, D is the hydrodynamic dispersion
coefficient (D vw˛), vw is the pore-water velocity, ˛ is the dispersivity, vg is the settling velocity of bacteria,
	b is the density of bacteria, k1 is the reversible attachment rate coefficient [T�1]�, k2 is the detachment
rate coefficient [T�1]�, k3 is the irreversible attachment rate coefficient [T�1], g1 is the bacterial growth rate
coefficient [T�1], and d1 is the bacterial decay rate coefficient [T�1]. It should be noted that even though
the mass balance of bacteria is treated as a first-order process dependent on biomass concentration alone in
the model development, primary nutrients may limit growth in reality, and die-off may release nutrients and
provide a feedback between growth and decay.

The settling velocity vg of bacteria in saturated porous media may be calculated using the following
expression (Wan et al., 1995):

vg D b C 0Ð67

b C �0Ð93/ε�

�	b � 	w�gd2
b

18w
�2�

where b indicates the ratio of average free sedimentation segment length to grain radius �b ³ 1�, ε denotes
the empirical correction factor considering the influences of grain surfaces (0 � ε � 1), 	w is the density of
water, g is the acceleration due to gravity, w is the viscosity of water, and db is the diameter of bacteria. It
should be noted that, in the calculation of vg of bacteria using Equation (2), bacterial particles are assumed
to be spherical.

The mass balance equation for bacteria deposited reversibly on solid matrix may be described as

∂�	b
1
b�

∂t
D k1�n � 
b�Cb � k2	b
1

b C g1	b
1
b � d1	b
1

b �3�
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The mass balance equation for bacteria deposited irreversibly on solid matrix may be written as

∂�	b
2
b�

∂t
D k3�n � 
b�Cb C g1	b
2

b � d1	b
2
b �4�

Note that the growth and decay rate coefficients of the deposited bacteria are assumed to be equal to those
of the suspended bacteria.

The permeability change may be calculated with the following equation (Clement et al., 1996), which
expresses permeability reduction purely as a non-linear function of porosity reduction caused by attached
bacteria:

Ks

Ko
D
(

1 � 
b

n

)19/6
�5�

where Ks is the saturated hydraulic conductivity and Ko is the saturated hydraulic conductivity of clean
porous media. Note that Equation (5) takes no account of any possible tendency for biofilm growth to occur
preferentially in certain sites where they may have a negligible effect on the permeability change. In addition,
it ignores the possibility that bacterial cells may clog narrow pore necks, where they may have very large
effect on the permeability change.

Numerical solutions

Numerical solutions to the governing equations were obtained using a fully implicit finite-difference method
that employs a two-point backward difference approximation for the time derivatives and a central difference
approximation for the spatial derivatives. This method leads to a system of linear algebraic equations with a
tridiagonal coefficient matrix, which can be directly solved by the Thomas algorithm. The following initial
and boundary conditions were used in the experiments:

Cb�z, 0� D 
1
b �z, 0� D 
2

b �z, 0� D 0 �6�

�D
∂Cb

∂z
�0, t� C vwCb�0, t� D

{
vwCb0 at 0 < t � t0

0 at t > t0
�7�

∂Cb

∂z
�L, t� D 0 �8�

where Cb0 is the influent bacterial concentration, L is the column length, and t0 is the duration of bacterial
injection.

Model equations were solved sequentially at each time step. First, Equation (1) was solved for Cb at the
time step (t C 1), where t is the previous time step at which all variables are known. Then, Equations (3) and
(4) were solved for 
1

b and 
2
b at the time step (t C 1). Before advancing to the next time step, the new porosity

and permeability, along with new pore velocity at each point, were calculated.

RESULTS AND DISCUSSION

Application to column experimental data

The model equations were used to fit the column data of Hendry et al. (1997), who performed the
breakthrough experiments using three different scales of columns (3Ð8 cm in length and 4Ð7 cm in diameter;
10 cm ð 4Ð7 cm; 40 cm ð 5 cm) packed with silica sand (size range: 77% in 500–1000 μm diameter and 23%
in 250–500 μm diameter) to examine the transport and sorption behaviour of Klebsiella oxytoca, nonmotile
Gram-negative rod bacteria. The dry bulk density and porosity of the sandy soils were 1Ð5 g cm�3 and
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Figure 1. Comparison of simulation result with the observed breakthrough data from Hendry et al. (1997)

0Ð4 respectively. In the experiments, bacterial cells suspended in the chloride-added (100 mg l�1) artificial
groundwater were introduced into the column inlet.

The model equations were applied to the breakthrough data obtained from the experiment in the 40 cm
column (applied flow rate: 6Ð6 ml h�1; injection time: 38Ð4 h; initial bacterial concentration: 2Ð4 ð 107 colony
forming units (CFU)/ml) of Hendry et al. (1997). The fitting result is presented in Figure 1, showing that the
simulated breakthrough curves (BTCs) agree well with the observed curves. From the chloride BTCs, the
pore-water velocity vw and dispersivity ˛ were quantified, and then the bacterial sorption parameters (k1, k2,
and k3) were determined from the bacterial curves assuming that bacterial growth and decay were negligible
(i.e. g1 D d1 D 0) (Table I).

Numerical experiment

Numerical experiments were performed to examine the bacterial sorption and/or growth during the
bacterial transport through saturated porous media based on the experimental conditions of Hendry et al.

Table I. Model parameters used in the numerical experiments

Parameter Value

Cb0 influent concentration of bacteria �CFU ml�1� 2Ð4 ð 107

L column length (cm) 40
n porosity 0Ð4
vw pore-water velocity �cm s�1� 2Ð17 ð 10�4

˛ dispersivity (cm) 0Ð27
vg settling velocity of bacteria �cm s�1� 1Ð61 ð 10�5

	b density of bacteria �mg l�1� 1Ð085 ð 106

k1 reversible attachment rate coefficient of bacteria �s�1� 2Ð28 ð 10�5

K2 detachment rate coefficient of bacteria �s�1� 3Ð56 ð 10�7

K3 irreversible attachment rate coefficient of bacteria �s�1� 1Ð72 ð 10�6

g1 bacterial growth rate coefficient �s�1� 1Ð0 ð 10�6

d1 bacterial decay rate coefficient �s�1� 1Ð0 ð 10�7

Copyright © 2005 John Wiley & Sons, Ltd. Hydrol. Process. 20, 1177–1186 (2006)
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(1997). The model parameters used in the numerical experiments are presented in Table I. The influent
bacterial concentration of 2Ð4 ð 107 CFU ml�1 (equivalent to 4Ð32 mg l�1 when using a conversion factor of
1Ð86 ð 10�10 mg CFU�1 from the literature (Kim et al., 2003)) was continuously injected into the simulated
column. The transport and sorption parameters (vw, ˛, k1, k2, and k3) were from the experimental case (column
dimension: 40 cm ð 5 cm) of Hendry et al. (1997). The settling velocity vg of bacteria (K. oxytoca) in saturated
porous media was calculated using Equation (2), assuming bacterial particles were spherical even though K.
oxytoca are rod-shaped bacteria (0Ð5 μm in diameter and 3Ð2 š 0Ð54 μm in length). The calculations of vg

were made for the diameter range 0Ð5–3Ð74 μm using a bacterial density range of 1Ð04–1Ð13 g cm�3 from the
literature (Bouwer and Rittmann, 1992), and the median value of vg (1Ð61 ð 10�5 cm s�1) was selected for
the numerical experiment. Finally, the growth and decay parameters g1 and d1 were from Kinzelbach et al.
(1991).

The simulation results are presented in Figure 2 in terms of relative bacterial concentration in the aqueous
phase �Cb/Cb0� or volumetric fraction of bacteria attached on the solid phase 
b on the z-axis and distance
from the inlet boundary of column on the z-axis. The spatial distribution of bacteria in the aqueous phase with
time is given in Figure 2a, showing that the relative bacterial concentration in the aqueous phase increased as
time passed. In particular, at t D 40 days the relative bacterial concentration exceeds 1Ð0 at the upper region
of the column, indicating that considerable bacterial growth has occurred. At t D 60 days, the region where
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Figure 2. Spatial distributions of bacteria (a) in the aqueous phase and (b) on the solid phase at different times
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the relative concentration exceeded 1Ð0 spread to lower regions. The spatial distribution of bacteria deposited
on the solid phase with time was given in Figure 2b. As time passed, the volumetric fraction of bacteria
on the solid phase increased over the distance, implying that the permeability and porosity of the saturated
column may be changed with time due to the deposition and/or growth of bacteria on the solid phase of the
column.

Sensitivity analysis

The effect of bacterial sorption parameters on the temporal variation of effluent bacterial concentration in
the aqueous phase (at z D 40 cm) is presented in Figure 3. This indicates that the BTCs are sensitive to one
order of magnitude change of sorption parameters, and shows that the reversible attachment rate coefficient
k1 affected both peak concentration and tailing of BTCs (Figure 3a), whereas the irreversible attachment
rate coefficient k3 influenced peak concentration only (Figure 3c). The detachment rate coefficient k2 was
closely related to tailing of BTCs (Figure 3b). Figure 3d shows that the tailing effect disappears when just
k3 is considered without k1 and k2. In addition, the model is able to simulate the tailing when k1 and k2 are
included without k3.

To examine the effect of bacterial growth and attachment on the spatial variations of the relative permeability
and porosity of porous media, the spatial variations of the relative permeability and porosity at different times
are plotted in Figure 4a. In the given simulation conditions (Table I), the relative permeability decreased
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Figure 3. Effect of bacterial sorption parameters on temporal variation of effluent bacterial concentration in the aqueous phase (at z D 40 cm):
(a) reversible attachment rate coefficient k1; (b) detachment rate coefficient k2; (c) irreversible attachment rate coefficient k3; (d) without k1

and k2 or k3
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Figure 4. Spatial variations of the relative permeability Ks/Ksi and porosity n of porous media: (a) at different times; (b) at different injected
concentrations of bacteria (t D 20 days)

as time passed (Figure 4a1). At t D 4 days, the relative permeability was equal to 1Ð0, indicating that no
permeability reduction occurred. But, the relative permeability is about 0Ð99 in the upper region of the
column at t D 60 days, showing that permeability reduction occurred slightly due to bacterial deposition
and/or growth on the solid matrix. In addition, the porosity changed as time passed, as shown in Figure 4a2.
The porosity of 0Ð4 at the initial time was reduced slightly to 0Ð399 at t D 60 days. The volume of bacteria
on the solid matrix increased with time, resulting in the reduction of the relative permeability and porosity of
the column.

The impact of the bacterial concentration on the spatial variations of the relative permeability and porosity at
t D 20 days is illustrated in Figure 4b. When the bacterial concentration increased from 2Ð4 ð 106 to 2Ð4 ð 109

CFU ml�1, the relative permeability decreased from 1Ð0 to 0Ð92 around the inlet boundary and the porosity
changed from 0Ð4 to 0Ð389. As the input concentration of bacteria increased, the relative permeability and
porosity decreased, since more bacteria deposited on the solid matrix. This indicates that the extent of the
permeability and porosity changes can be influenced by the influent bacterial concentration.

The effect of the reversible attachment rate coefficient k1 on the spatial variations of relative permeability
and porosity of porous media is illustrated in Figure 5a. Even if k1 is increased by one order of magnitude,
from 1Ð14 ð 10�5 to 1Ð14 ð 10�4 s�1 in the given simulation conditions (Table I), the relative permeability
and porosity remain almost unchanged, indicating that the profiles of relative permeability and porosity are not

Copyright © 2005 John Wiley & Sons, Ltd. Hydrol. Process. 20, 1177–1186 (2006)
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Figure 5. Effect of (a) reversible attachment rate coefficient k1 and (b) growth rate coefficient g1 on the spatial variations of the relative
permeability Ks/Ksi and porosity n of porous media (t D 20 days)

sensitive to a change in k1. The profiles were also not sensitive to changes in the detachment rate coefficient
k2 or the irreversible attachment rate coefficient k3 (data not shown).

The influence of the growth rate coefficient g1 on the spatial variations of relative permeability and porosity
of porous media was illustrated in Figure 5b. As g1 increased by one order of magnitude, from 5Ð0 ð 10�7 to
5Ð0 ð 10�6 s�1, the relative permeability decreased from 1Ð0 to 0Ð85 and the porosity decreased from 0Ð4 to
0Ð38 near the inlet boundary. This indicates that the relative permeability and porosity profiles were slightly
sensitive to changes in g1. Therefore, the extent of the permeability and porosity changes could be affected by
the bacterial growth rate. In the case of the decay rate coefficient d1, the profiles were not sensitive to changes
in d1 in the given simulation conditions (data not shown). Note that the variation of relative permeability due
to bacterial growth is trivial compared with natural variation of permeability. In natural materials, permeability
may vary by many orders of magnitude. Even small variations in grain size of well-sorted sand can produce
a large variation of permeability.

CONCLUSIONS

A predictive model is presented to simulate bacterial transport through saturated porous media. The transport
model is successful at fitting the column experimental data. The simulation results illustrate that the

Copyright © 2005 John Wiley & Sons, Ltd. Hydrol. Process. 20, 1177–1186 (2006)
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permeability and porosity of saturated porous media could be altered due to bacterial deposition and/or
growth on the solid matrix. However, variation of permeability due to bacterial growth was trivial compared
with natural permeability variation. Even though the bacterial transport model developed in this study is not
comprehensive, it will help to understand the transport behaviour of bacteria and the change of porous medium
properties due to bacterial deposition and growth. In addition, detailed laboratory experiments are necessary
to determine whether the mathematical form of the model is appropriate to describe bacterial transport and
related phenomena.
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ABSTRACT

The fate of aqueous benzene in subsurface was investigated in this study, focusing on the role of sorption and
biodegradation on the benzene attenuation under dynamic flow conditions. Two sets of column tests were conducted in
Plexiglass flow cells packed uniformly with sandy aquifer materials. The first set of the experiment was conducted with a
step-type injection of benzene with different powder activated carbon (PAC) contents: (1) PAC = 0 %; (2) PAC = 0.5 %; (3)
PAC = 2.0 %. The second set was performed as a pulse-type with different test conditions: (4) benzene; (5) benzene and
bacteria (Pseudomonas aeruginosa); (6) benzene and bacteria (P. aeruginosa) with hydrogen peroxide. In addition, numerical
experiments were performed to examine the role of sorption processes on the benzene attenuation. In the step mode
experiments, the KCl breakthrough curves (BTCs) reached the input concentration while the benzene BTCs were
considerably lower than those of KCl with slight retardation for all cases, indicating that both reversible/retardation and
irreversible sorption occurred. The pulse type tests showed that attenuation of benzene increased in the presence of bacteria
due to biodegradation. The benzene attenuation by microbial degradation increased furthermore in the presence of
hydrogen peroxide owing to sufficient supply of dissolved oxygen in soil column. Numerical experiments demonstrated
that retardation could not contribute to the attenuation of benzene in soils but could only extend its breakthrough time.
Experimental results indicated that aqueous benzene could be attenuated by irreversible sorption and biodegradation during
transport through the subsurface. Additionally, the attenuation of aqueous benzene is closely related to organic carbon
content and oxygen level existing in contaminated aquifers.

Keywords:          Monitored natural attenuation, benzene, biodegradation, sorption, contaminant transport

INTRODUCTION

Monitored natural attenuation (MNA) attracts

considerable attention as a remediation strategy for

contaminated soil and groundwater. It is a site remedial

approach, which utilizes natural processes for decreasing and

degrading contaminants, resulting in the reduction of the

potential risk to water resources and human health caused by

contaminants [1]. The natural processes, typically occurring in

this passive remediation method, include biodegradation,

sorption, volatilization, dilution, dispersion, and radioactive

decay [1]. MNA may be used as a sole remedy where

favorable site and geochemical conditions are available. It is

usually, implemented however in combination with other

active remediation technologies [2]. In the selection of MNA

as a remedial alternative, its capability to meet site-specific

remedial objectives within a rational time frame should be

evaluated carefully through field investigation and laboratory

analysis.

The subsurface contamination by petroleum

hydrocarbons is one of the greatest threats to fresh

groundwater resources. These substances are introduced into

the vadose and aquifer zones due to various anthropogenic

and/or accidental events such as underground storage tank

leakage, poor management of industrial chemicals, and

pipeline spills. MNA of petroleum-contaminated sites have

been investigated in field sites by several researchers

including evaluation of biogeochemistry at a petroleum-

contaminated groundwater [3], simulation of natural

attenuation at a fuel-hydrocarbon contaminated aquifer [4],

assessment of field-scale attenuation rate at a gasoline spill

site [5], and quantification of natural attenuation potential in a

petroleum-contaminated sandy aquifer [6].

Among the hydrocarbons constituting petroleum

products, benzene, toluene, ethylbenzene, and xylene (BTEX)

are of great concern since these monoaromatic hydrocarbons

are relatively mobile in groundwater, imposing a great risk to

human health [7]. In addition, they have rather high water-air

partition coefficients, and therefore can be used as tracers of

petroleum spills [7]. In petroleum-contaminated sites, BTEX
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compounds can be remediated primarily by natural

attenuation. It is therefore important to understand the fate

and transformation of BTEX in the subsurface environment.

In this study, the fate of aqueous benzene in sandy

aquifer materials was investigated, focusing on the role of

sorption and biodegradation on the benzene attenuation

under dynamic flow conditions. The column experiments

were performed by introducing benzene solution into

saturated sandy columns in the absence or presence of

benzene-degrading bacteria. In addition, numerical

experiments were conducted to examine the role of sorption

processes on the benzene attenuation.

MATERIALS AND METHODS

Sand and Bacterial Preparation

Sandy aquifer materials were collected from an

unconfined alluvium plain aquifer near the Han river in South

Korea. The sandy materials had the cation exchange capacity

(CEC) of 3.0 cmol kg-1 and organic carbon of 0.05 % [8]. The

particle size distribution of the sandy materials was presented

in Baek et al [8]. The sandy materials were passed through a

2.0 mm sieve (US Standard No. 10) and autoclaved at 125 oC

for 20 min (Model HV-110, Hirayama, Japan).

The bacteria used in this study were Pseudomonas

aeruginosa, which had a degrading capacity of benzene.

Bacteria utilizing benzene as the sole carbon and energy

source were isolated from the soils obtained from an oil-

contaminated site using a mineral salt medium. Benzene-

degrading bacteria were grown in a 100 ml amber serum

bottle containing the following constituents [9]: 10 mg of

contaminated soils, 40 ml of nutrient solution with Na2HPO4,

6.0 g l-1; KH2PO4, 3.0 g l-1; NaCl, 0.5 g l-1; NH4Cl, 1.0 g l-1;
MgSO4, 0.5 g l-1; CaCl2, 0.015 g l-1; pH 7±0.3; 2 mg of benzene

(50 mg l-1 in solution). The bottle was placed into the shaking

incubator and was held at a temperature of 25 oC and rotated

continuously at 150 rpm during the growing process. After

measuring the benzene degradation, the supernatant was

collected from the bottle and injected into another serum

bottle containing only 40 ml of nutrient solution to obtain the

benzene-degrading bacteria. Through serial dilution on agar

plates, pure cultures were isolated and then identified by the

Sherlock system (MIDI, Newark, DE, USA). Of all the isolated

strains that were gram-negative with a high potential for

aromatic hydrocarbon degradation, P. aeruginosa which

displayed a high growth rate, was selected for this study.

Column Test

Two sets of column tests were conducted in Plexiglass

flow cells packed uniformly with sandy aquifer materials. In

order to prevent the volatilization of aqueous benzene, the top

of the cylinder was covered by a septum through which

benzene solution was transferred using a Teflon tube [8]. In

addition, a 50 ml glass syringe was installed through the

septum to supply the same amount of solution as the injected

volume and to avoid the development of a vacuum inside the

cylinder during the injection [8]. A steady state condition was

imposed on the top of the column by applying a constant flux

with distilled water using a peristaltic pump until the flux

density of effluent became equal to that of influent. As soon as

the steady state condition was achieved, tracer solutions were

introduced into the inlet boundary of the column.

The first set of the experiment was conducted in the

flow cell (30 cm in length and 2.5 cm in diameter) with a step-

type injection (flow rate = 30 ml h-1) of benzene and KCl: (a)

Powder activated carbon (PAC) = 0 %; (b) PAC = 0.5 %; (c)

PAC = 2.0 %. PAC was added to simulate the different

organic carbon content of the sandy materials [8]. The second

set was performed in the flow cell (30 cm in length and 7.5 cm

in diameter) with a pulse-type injection (injection time = 1.25

h; flow rate = 60 ml h-1): (d) benzene; (e) benzene and bacteria

(P. aeruginosa); (f) benzene and bacteria under the leaching

water with hydrogen peroxide (H2O2). In all the experiments,

the solution of KCl (1.0 g l-1) was applied as a conservative

tracer. The input concentrations of benzene and bacteria were

300 mg l-1 and 107 CFU ml-1, respectively. The bacterial

concentration was quantified using the plate count method.

The concentration of H2O2 was 0.01 %, which was below the

toxicity limit of 0.05 % [10]. The dry bulk density and water

content of the sandy columns determined by gravimetric

measurements were an average of 1.70 g cm-3 and 0.35 with a

minor variation, respectively.

The effluent exiting the bottom boundary was collected

at a series of time intervals using a 0.7 ml tube for the

quantification of KCl concentration while using a

microsyringe (l ml) directly from the tubing connected to the

effluent end of the column for the quantification of benzene

concentration to prevent volatilization loss. The

concentrations of KCl and benzene were determined using

electrical conductivity (EC) meter (Orion Research, Beverly,

MA, USA) and high performance liquid chromatography

(HPLC) (Young Lin, Seoul, Korea). The calibration of EC (mS

cm-1) and KCl concentration (g l-1) of the effluent was obtained

from the measurement of EC for a series of known

concentrations of KCl solutions. Benzene was quantified

using HPLC equipped with a fluorescence detector (M720),
M925 pump, Rheodyne injector, and C18 column (150 � 4.6

mm, Phenomenex, Torrance, CA, USA). The elution gradient

was 50 % acetonitrile/50% water with a flow rate of 1.0 ml

min-1. Benzene concentration was determined using an

excitation wavelength of 254 nm. In addition, the influent and

effluent concentrations of DO were monitored by a DO meter

(Model-835A, Orion Research, Beverly, MA, USA).

Data Analysis

Assuming uniform water content and steady-state flow

conditions, the one-dimensional transport equation including

retardation and first-order kinetic reaction [11, 12] may be

presented as:
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where R is the retardation factor, C is the aqueous benzene

concentration, D is the hydrodynamic dispersion coefficient, v

is the pore-water velocity, and k is the first-order decay rate

coefficient (T-1), which may represent irreversible sorption or

chemical/biological degradation. The non-dimensional form

of the equation is:
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where Pe is the Peclet number, Da is the Damköhler number

for first-order decay rate coefficient, L is the column length,

and Co is the initial solute concentration. The analytical

solution of Equation (i), obtained for flux concentration with a

square pulse application of reactive solute [13], was

incorporated into CXTFIT (version 2.1) code [14] and used in

this study for parameter estimation. The transport parameters

v and D were estimated from the breakthrough curve (BTC)

data of KCl while the reaction parameters R and k were

estimated from benzene BTC data. The benzene mass

attenuated (Ma) was quantified by the following expression:
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�

�

��������

�

�

���������

�100                                                  (iv)

where t0 is the duration of tracer injection (injection time).

RESULTS AND DISCUSSION

The observed and fitted BTCs for KCl and benzene in

the step-type column experiments are shown in Figure 1. In

addition, the fitted transport and reaction parameters of KCl

and benzene are summarized in Table 1. The KCl BTCs

returned to the input concentration in this step injection mode

while the benzene BTCs were considerably lower than those

of KCl in all experiments with slight retardation relative to

KCl, indicating that both reversible/retardation and

irreversible sorptions occurred during transport through

soil columns [8, 15, 16]. Relative to that of experiment (1)

with   PAC = 0 % (R = 1.5, Da = 0.14), the retardation factor  of

Figure 1. Observed and fitted breakthrough curves for KCl

and benzene in the step-type column experiments

with autoclaved sand and no bacteria (no

biodegradation): (a) PAC = 0 % (Ex. 1); (b) PAC =

0.5 % (Ex. 2); (c) PAC = 2.0 % (Ex. 3).

experiment (3) with PAC = 2.0 % increased more than two

times (R = 3.2) and irreversible sorption parameter increased

about one order of magnitude (Da = 2.02), indicating that

retardation (R) and irreversible sorption parameters (k or Da)

increased with an increase in carbon content.
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Table 1.         Summary of the step-type column experiments.

Ex
Carbon

content (%)

Peclet number,

 Pe

Retardation

factor, R

Irreversible sorption

coefficient, k (h-1)

Damköhler

number, Da

1 0 29.7 1.5 4.86 � 10-2 0.14

2 0.5 29.7 2.9 1.72 � 10-1 0.52

3 2.0 29.7 3.2 6.76 � 10-1 2.02

To examine the influence of reversible/retardation and

irreversible sorptions on the attenuation of benzene during

transport through the soil column, numerical experiments

were performed using the transport model, Eq. (i), as

illustrated in Figure 2. The simulation results are summarized

in Table 2. As the retardation factor increased at a fixed

irreversible sorption coefficient, the relative peak

concentration was lowered while the peak concentration

arrival time increased. In the absence of irreversible sorption,

increment of the retardation factor extends the retention time

of benzene, but the entire benzene mass could breakthrough

the column irrelevant of the extent of the retardation, and

eventually no benzene mass remained in the soil column. In

the presence of irreversible sorption, however, some of the

benzene mass still remained in the soil column even after

considerable time passed, and the increment of its value

resulted in an increase of attenuated benzene mass. Thus, not

retardation but irreversible sorption could contribute to the

attenuation of aqueous benzene during transport through

sandy soil.

The observed and fitted BTCs for KCl and benzene in

pulse-type column experiments are presented in Figure 3.

Figure 2.       Example of the simulated breakthrough curves using the transport equation, Eq. (i).
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Table 2.          Summary of numerical experiments using the transport model, Eq. (i).

Retardation

factor, R

Decay rate coefficient,

k (h-1)

Relative

peak concentration

Peak arrival

time (h)

Mass attenuated

(%)

1.0 0 0.275 3.0 0

5.0 0 0.055 13.0 0

10.0 0 0.028 25.9 0

1.0 0.05 0.239 3.0 13.7

5.0 0.05 0.048 13.0 13.7

10.0 0.05 0.024 25.9 13.7

1.0 0.5 0.069 3.0 75.8

5.0 0.5 0.015 13.0 75.8

10.0 0.5 0.008 25.9 75.8

Figure 3. Observed and fitted breakthrough curves for KCl

and benzene in the pulse-type column

experiments: (a) benzene (Ex. 4); (b) benzene and

bacteria (Ex. 5); (c) benzene, bacteria, and

hydrogen peroxide (Ex. 6).

In addition, the fitted transport and reaction parameters for

KCl and benzene are summarized in Table 3. The mass

recoveries of KCl ranged from 98 % to 103 %, indicating that

the column experiments were carried out successfully. In all

the experiments, benzene BTCs showed slight retardation

relative to those of KCl and the relative peak concentrations

were lower than those of KCl. In addition, the determined

parameters were Pe = 29.3, R = 1.2 (Table 3). 

In the case of experiment (4) (Figure 3) where benzene

was injected into the column without bacteria, 29.9 % of

aqueous benzene mass was attenuated in sandy soil (Figure 4)

due to irreversible sorption. As given in Figure 4, the

Damköhler number (Da), which represents the decay rate of
aqueous benzene was 0.36 (k = 5.31 � 10-2 h-1), also confirming

that benzene mass attenuation occurred during transport

through sandy soil.

In experiment (5) (Figure 3) where benzene was

introduced into the column with bacteria, the attenuated

aqueous benzene mass was 61.8 % (Figure 4), which was

about two times higher than that of experiment (4) (absence of

bacteria), indicating that attenuation of benzene by

biodegradation along with irreversible sorption occurred

during transport through the sandy column. The decay rate
(Da = 1.00; k = 1.46 �  10-1 h-1) was higher than that of

experiment (4), also affirming the increment of benzene

attenuation (Figure 4). It should be noted that the decay rate

constant (k) in experiment (5) is the sum of both irreversible

sorption and biodegradation. It is well known that BTEX

compounds could be degraded by bacteria under aerobic

conditions [17-19]. It was observed with the kinetic

microcosm experiments in both pure solution and sandy

aquifer materials that benzene with an initial concentration of

100 – 700 mg l-1 was biodegraded by benzene-degrading

bacteria, P. aeruginosa [20].

In soils and aquifers, contaminants could be attenuated

by sorption onto the soil matrix and biodegradation by

indigenous microorganisms while moving through the

subsurface. It should be noted, however, that biodegradation

(or mineralization) could attenuate contaminants in a

destructive manner while sorption acted in a nondestructive

way.   In    other    words,    contaminants    still   remain in the
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Table 3.           Summary of the pulse-type column experiments.

Ex
Bacteria

(CFU ml-1)

H2O2

(%)

Peclet number,

 Pe

Retardation

factor, R

Decay rate coefficient,

k (h-1)

4 - - 29.1 1.2 5.31 � 10-2

5 107 - 29.1 1.2 1.46 � 10-1

6 107 0.01 29.1 1.2 1.75 � 10-1

Figure 4. Percent of aqueous benzene attenuated (Ma) and estimated Damköhler number (Da) in the pulse-type

column experiments: (a) benzene (Ex. 4); (b) benzene and bacteria (Ex. 5); (c) benzene, bacteria, and hydrogen

peroxide (Ex. 6).

subsurface even after being attenuated by sorption.

Furthermore, sorption processes could hinder biodegradation

by reducing bioavailability of contaminants [21]. From the

experiments for biodegradation of benzene, toluene, and

naphthalene in a soil-water slurry microcosm, it was reported

that the bioavailability of contaminants could be reduced due

to their sorption on solid phase [22]. It was also shown with

the kinetic microcosm tests that benzene biodegradation by P.

aeruginosa could be reduced significantly in soils due to

sorption [23].

In experiment (6) (Figure 3) where benzene was

introduced into the column with bacteria and hydrogen

peroxide, the attenuated mass was 67.6 % (Figure 4), which

was about 10 % higher than that of experiment (5) (absence of

hydrogen peroxide), indicating that attenuation of benzene by

biodegradation increased in the presence of hydrogen

peroxide due to sufficient supply of oxygen to the sandy

column. With addition of hydrogen peroxide, the DO level at
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7 - 8 mg l-1 in experiment (5) increased up to 12 - 14 mg l-1 in

the experiment (6). The increment of the decay rate (Da = 1.19;
k = 1.75 �  10-1 h-1) compared to that of experiment (5) also

certified the increment of benzene attenuation (Figure 4). It

should be noted that the hydrogen peroxide may degrade

benzene as an oxidizing agent [24], and biosurfactants

produced by P .  aeruginosa may affect biodegradation and

desorption of benzene [25].

In the subsurface, organic contaminants could be

removed by aerobic biodegradation. However,

biodegradation in contaminated aquifers could be impeded

frequently by limited availability of dissolved oxygen

resulting from the low solubility of oxygen and the slow

reaeration rate in groundwater [26]. It is important that

therefore that sufficient oxygen is supplied to subsurface

microorganisms for in situ remediation processes. In saturated

soil column tests for air sparging, it was reported that

dissolved oxygen concentration was the rate-limiting factor

for benzene biodegradation and so a sufficient supply of

dissolved oxygen must be secured for aerobic biodegradation

[27]. In laboratory microcosm studies with organic-rich

marine sediment, it was shown that application of oxygen

release compounds to the sediment enhanced enzymatic

degradation rates through biostimulation [28].

In the aerobic process, the biodegradation rate of BTEX

compounds could be increased by enhancing DO

concentration in the contaminated site via the addition of

hydrogen peroxide as an oxygen source. For instance, it was

shown that indigenous microorganisms could degrade BTEX

in the presence of hydrogen peroxide as the oxygen-releasing

compound in laboratory aquifer columns [10]. From the

reactor study for in situ remediation of chlorobenzene(CB)-

contaminated ground water, it was observed that application

of hydrogen peroxide strongly increased the number of

aerobic CB-degrading bacteria [29]. In pilot-scale tank study

for in-situ bioremediation of BTX, it was reported that the

first-order biodegradation rate coefficients increased with

increasing hydrogen peroxide dose [30].

CONCLUSIONS

The attenuation of aqueous benzene under saturated

flow conditions was investigated using laboratory column

experiments in saturated sandy aquifer materials along with

numerical experiments. Experimental results indicated that

aqueous benzene could be attenuated by irreversible sorption

and biodegradation. However, retardation could not

contribute to the attenuation of benzene but only extend its

breakthrough time. In addition, the attenuation of aqueous

benzene is closely related to organic carbon content and

oxygen level existing in contaminated aquifers.
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Contaminant transport and biodegradation in saturated
porous media: model development and simulation

Song-Bae Kim*
Program in Rural System Engineering, Environmental Remediation Engineering Laboratory, Seoul National University,

Seoul 151-921, Korea

Abstract:

A mathematical model is developed to describe the contaminant transport, sorption, and biodegradation in saturated
porous media. In the model development, sorption was accounted for as a kinetic process for the contaminant transport.
In addition, a double Monod function was incorporated into the model to describe the biodegradation of contaminants
and utilization of oxygen. In the description of bacterial transport, reversible and irreversible depositions of bacteria
were considered as kinetic processes in the model. The model equations were solved numerically with a fully implicit
finite-difference method along with the Runge–Kutta method. The simulation showed that contaminant transport in
porous media could be greatly affected by sorption and biodegradation processes. Sensitivity analysis demonstrated
that the contaminant transport model was insensitive to the changes of desorption rate constant for contaminants kb,
half-saturation constant for oxygen Ko, bacterial yield factor Y, and oxygen use coefficient F. However, the model
was sensitive to the changes of adsorption rate constant for contaminants kf, maximum utilization rate of contaminants
max, and half-saturation constant for contaminants Kc, and so their values should be selected carefully in the modelling
process. Copyright © 2005 John Wiley & Sons, Ltd.

KEY WORDS contaminant transport modelling; biodegradation; sorption; bioremediation

INTRODUCTION

Contamination of subsurface environments by organic contaminants is a widespread problem. In the
subsurface, contaminant migration is controlled by advection-dispersion transport and sorption processes. In
porous media, organic contaminants may partition between the dissolved phase and solid phase, and so their
transport may be affected by the sorption process (Yonge et al., 1985; Priddle and Jackson, 1991; Rogers, 1992;
Burgos et al., 1996; McGroddy et al., 1996; Kan et al., 1997, 1998; Benker et al., 1998; Broholm et al., 1999).

Biodegradation is recognized as the major process in removing subsurface contaminants. Recently,
bioremediation has attracted considerable attention as a remediation technology applicable to contaminated
soils and aquifers (Sturman et al., 1995). Mathematical models can be useful tools in the evaluation and
prediction of in situ bioremediation processes. Several researchers have developed models that combine
transport and sorption with various reaction terms (Borden and Bedient, 1986; Molz et al., 1986; Widdowson
et al., 1988; Celia et al., 1989; Rifai and Bedient, 1990; MacQuarrie et al., 1990; MacQuarrie and Sudicky,
1990; Chen et al., 1992; Zysset et al., 1994; Essaid et al., 1995; Schäfer et al., 1998; Sun et al., 1998; Brusseau
et al., 1999; Karapanagioti et al., 2001).

In this study, a mathematical model is developed to describe the contaminant transport, sorption, and
biodegradation in saturated porous media. Governing equations are developed based on the mass balance
equations. In the model development, kinetic sorption was accounted for by contaminant transport. In addition,
a double Monod function was incorporated into the model to describe the biodegradation of contaminants

* Correspondence to: Song-Bae Kim, Program in Rural System Engineering, Environmental Remediation Engineering Laboratory, Seoul
National University, Sillim-dong, Kwanak-gu, Seoul 151-921, Korea. E-mail: songbkim@snu.ac.kr

Received 15 October 2003
Copyright © 2005 John Wiley & Sons, Ltd. Accepted 19 October 2004
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and utilization of oxygen. In the description of bacterial transport, reversible and irreversible depositions of
bacteria were considered as kinetic processes in the model. The model equations were solved numerically
with a fully implicit finite-difference method along with the Runge–Kutta method.

EXPERIMENTAL METHODS

Mathematical model

The total mass balance equation for the contaminants dissolved in the aqueous phase and adsorbed on solid
matrix can be expressed as

�
∂C

∂t
C 	s

∂CŁ

∂t
D ∂

∂x

(
Dc�

∂C

∂x

)
� ∂

∂x
�vw�C� � Qa � Qs �1�

where � is the water content, C [ML�3] is the concentration of the organic contaminants dissolved in the
aqueous phase, CŁ [MM�1] is the mass of the organic contaminants adsorbed on the solid matrix per unit mass
of solid matrix, 	s [ML�3] is the dry bulk density of solid matrix, Dc [L2T�1] is the hydrodynamic dispersion
coefficient of the contaminants dissolved in the aqueous phase, vw [LT�1] is the pore-water velocity, and Qa

and Qs [ML�3T�1] are the utilization rates of the dissolved and sorbed contaminants respectively.
The mass balance equation for adsorbed phase contaminants can be expressed as

	s
∂CŁ

∂t
D kf�C � kb	sC

Ł � Qs �2�

where kf [T�1] is the first-order adsorption rate coefficient and kb [T�1] is the first-order desorption rate
coefficient. The subtraction of Equation (2) from Equation (1) yields the mass balance equation for the
aqueous phase contaminants as

�
∂C

∂t
D ∂

∂x

(
Dc�

∂C

∂x

)
� ∂

∂x
�vw�C� � kf�C C kb	sC

Ł � Qa �3�

The movement of bacteria in porous media is mainly controlled by the advective-dispersive transport and
attachment to solid matrix. The deposition of bacteria on solid matrix is affected by the physical and chemical
properties of the porous media and the surface characteristics of bacteria. When the net forces of attractive
London–van der Waals forces and repulsive electrostatic forces become attractive, the attachment of bacteria
to solid surfaces can occur at the secondary minimum. Bacteria can reversibly attach to the surfaces by the
long-range forces and be readily detached from the surfaces by shear forces. In the potential energy curve
for the bacterial attachment to solid matrix, the primary minimum is located close to solid surfaces and is
responsible for the strong attachment of bacteria. The secondary minimum is situated at a larger distance from
the solid surfaces. Bacteria attach weakly to solid matrix at the secondary minimum (Rijnaarts et al., 1995).

The total mass balance equation for bacteria in the aqueous phase and on solid matrix can be described as

�
∂B

∂t
C 	s

∂

∂t
�BŁ

r C BŁ
ir� D ∂

∂x

(
Db�

∂B

∂x

)
� ∂

∂x
�vw�B� C Qg � Qd C Qr

g � Qr
d C Qir

g � Qir
d �4�

where B is the concentration of the aqueous-phase bacteria, BŁ
r [MM�1] is the mass of the bacteria

reversibly adsorbed on solid matrix per unit mass of solid matrix, BŁ
ir [MM�1] is the mass of the bacteria

irreversibly adsorbed on solid matrix per unit mass of solid matrix, Db [L2T�1] is the hydrodynamic dispersion
coefficient for bacteria, Qg, Qr

g, and Qir
g [ML�3T�1] denote the growth rates of the aqueous-phase, reversibly

adsorbed, and irreversibly adsorbed bacteria respectively with contaminants as a food source, and Qd, Qr
d, and

Qir
d [ML�3T�1] indicate the decay rates of the aqueous-phase, reversibly adsorbed, and irreversibly adsorbed

bacteria respectively.
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The mass balance equations for the bacteria reversibly and irreversibly deposited on solid matrix can be
given as

	s
∂BŁ

r

∂t
D k1�fB � k2	sB

Ł
r C Qr

g � Qr
d �5�

	s
∂BŁ

ir

∂t
D k3��1 � f�B C Qir

g � Qir
d �6�

where f is the fraction of bacteria reversibly deposited, and 1 � f is the fraction of bacteria irreversibly
deposited. The subtraction of Equations (5) and (6) from Equation (4) gives the mass balance equation for
the aqueous phase bacteria:

�
∂B

∂t
D ∂

∂x

(
Db�

∂B

∂x

)
� ∂

∂x
�vw�B� � k1�fB C k2	sB

Ł
r � k3��1 � f�B C Qg � Qd �7�

The mass balance equation for oxygen can be described as

�
∂O

∂t
D ∂

∂x

(
Do�

∂O

∂x

)
� ∂

∂x
�vw�O� � Qo �8�

where O is the oxygen concentration, Db [L2T�1] is the hydrodynamic dispersion coefficient for oxygen, and
Qo denotes the utilization rate of oxygen.

If bacteria can utilize the contaminants dissolved in the aqueous phase and sorbed on solid matrix as a
growth substrate, then the growth rates of the aqueous-phase, reversibly adsorbed, and irreversibly adsorbed
bacteria can be given as:

Qg D max�BY

(
O

Ko C O

)(
C

Kc C C

)
�9�

Qr
g D max	sB

Ł
r Y

(
O

Ko C O

)(
	sC

Ł

Kc C 	sC
Ł

)
�10�

Qir
g D max	sB

Ł
irY

(
O

Ko C O

)(
	sC

Ł

Kc C 	sC
Ł

)
�11�

respectively, where max [T�1] is the maximum utilization rate of contaminants per unit mass of bacteria, Y is
the bacterial yield coefficient (mass of bacteria produced per unit mass of contaminants degraded), Ko [ML�3]
is the half-saturation constant for oxygen, and Kc [ML�3] is the half-saturation constant for contaminants.
The decay rates of the mobile and the immobile bacteria are expressed with the following kinetic expressions:

Qd D k4�B �12�

Qr
d D k5	sB

Ł
r �13�

Qir
d D k6	sB

Ł
ir �14�

where k4, k5 and k6 [T�1] are the respective decay rate coefficients for the aqueous-phase, reversibly adsorbed,
and irreversibly adsorbed bacteria.

The utilization rates of the dissolved and reversibly sorbed contaminants can be expressed as

Qa D max�B

(
O

Ko C O

)(
C

Kc C C

)
�15�

Qs D max	s�B
Ł
r C BŁ

ir�

(
O

Ko C O

)(
	sC

Ł

Kc C 	sC
Ł

)
�16�
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Finally, the utilization rate of oxygen can be presented as

Qo D maxF�B

(
O

Ko C O

)(
C

Kc C C

)
C maxF	s�B

Ł
r C BŁ

ir�

(
O

Ko C O

)(
	sC

Ł

Kc C 	sC
Ł

)
�17�

where F is the oxygen use coefficient (mass of oxygen utilized per unit mass of contaminants degraded).

Table I. Model parameters used in the simulations

Parameter Comments

t0 D 5 pv Duration of contaminant and bacteria injection
L D 30 cm Distance
Co D 1Ð0 mg l�1 Influent concentration of contaminants
Bo D 1Ð8 mg l�1 Influent concentration of bacteria
Oo D 8Ð0 mg l�1 Influent concentration of oxygen
� D 0Ð4 Water content
f D 0Ð7 Fraction of bacteria reversibly deposited
	s D 1Ð0 ð 106 mg l�1 Dry bulk density of solid matrix
vw D 1Ð2 ð 10�3 cm s�1 Pore-water velocity
Dc, Db, Do D 7Ð5 ð 10�3 cm2 s�1 Hydrodynamic dispersion coefficient
k1 D 2Ð0 ð 10�5 s�1 Bacterial deposition rate coefficient (Hendry et al., 1999)
k2 D 2Ð0 ð 10�6 s�1 Bacterial release rate coefficient (Hendry et al., 1999)
k3 D 1Ð0 ð 10�5 s�1 Bacterial irreversible deposition rate coefficient (Hendry et al., 1999)
kf D 4Ð0 ð 10�5 s�1 First-order adsorption coefficient for contaminants
kb D 4Ð0 ð 10�6 s�1 First-order desorption coefficient for contaminants
max D 9Ð6 ð 10�5 s�1 Maximum utilization rate of contaminants (Chen et al., 1992)
Y D 0Ð5 Bacterial yield factor (Chen et al., 1992)
F D 2Ð15 Oxygen use coefficient (Chen et al., 1992)
Kc D 12Ð2 mg l�1 Half-saturation constant for contaminants (Chen et al., 1992)
Ko D 0Ð2 mg l�1 Half-saturation constant for oxygen (Kinzelbach et al., 1991)
k4, k5, k6 D 1Ð7 ð 10�8 s�1 Decay rate coefficient of bacteria (Corapcioglu and Kim, 1995)
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Figure 1. The temporal variations of effluent contaminant concentration C/Co under various reaction conditions
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Model equations

The substitution of Equation (15) into Equation (3) yields the one-dimensional transport equation for the
contaminants dissolved in the aqueous phase as

�
∂C

∂t
D ∂

∂x

(
Dc�

∂C

∂x

)
� ∂

∂x
�vw�C� � kf �C C kb	sC

Ł � max�B

(
O

Ko C O

)(
C

Kc C C

)
�18�

With the substitution of Equation (16) into Equation (2), the mass balance equation for adsorbed phase
contaminants can be finalized as

	s
∂CŁ

∂t
D kf �C � kb	sC

Ł � max	s�B
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r C BŁ

ir�
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Ko C O
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Kc C 	sC
Ł

)
�19�

The substitution of Equations (9) and (12) into Equation (7) gives the one-dimensional transport equation for
the aqueous-phase bacteria as
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Figure 2. The effect of (a) the first-order adsorption rate coefficient kf and (b) the first-order desorption rate coefficient of contaminants kb
on the effluent contaminant concentration C/Co

Copyright © 2005 John Wiley & Sons, Ltd. Hydrol. Process. 19, 4069–4079 (2005)

183



4074 S.-B. KIM

After substitution of Equations (10) and (13) into Equation (5), the mass balance equation for the reversibly
deposited bacteria can be given as

	s
∂BŁ

r

∂t
D k1�fB � k2	sB

Ł
r C max	sB

Ł
r Y

(
O

Ko C O

)(
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)
� k5	sB

Ł
r �21�

The substitution of Equations (11) and (14) into Equation (6) produces the mass balance equation for the
irreversibly deposited bacteria as

	s
∂BŁ

ir
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D k3��1 � f�B C max	sB

Ł
irY
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Ko C O

)(
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Finally, the substitution of Equation (14) into Equation (5) generates the one-dimensional transport equation
for oxygen as
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Simulation

Model equations were used to simulate the contaminant transport, sorption, and biodegradation in saturated
porous media. Numerical solutions of the equations were obtained using a fully implicit finite difference
method along with the fourth-order Runge-Kutta method. The initial and boundary conditions used in the
simulation were:

C�x, 0� D 0; B�x, 0� D 	b
r
b�x, 0� D 	b
 ir

b �x, 0� D 0; O�x, 0� D 8Ð0 mg l�1 �24�

� Dc
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�0, t� C vwC�0, t� D

{
vwCo at 0 < t � t0

0 at t > t0
�25�

� Db
∂B

∂x
�0, t� C vwB�0, t� D

{
vwBo at 0 < t � t0
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�26�
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Figure 3. The effect of the maximum utilization rate of contaminants max on the effluent contaminant concentration C/Co
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� Do
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∂x
�L, t� D ∂B

∂x
�L, t� D ∂O

∂x
�L, t� D 0 �28�

where Co, Bo, and Oo are the influent concentration of contaminants, bacteria, and oxygen at x D 0
respectively, L is the distance, and t0 is the duration of contaminant, bacteria, and oxygen flux injection. The
parameters used in the simulation are summarized in Table I. In the simulation, contaminants and bacteria
were injected for 5 pv (pore volumes) and oxygen was injected continuously.

RESULTS AND DISCUSSION

The temporal variations of effluent contaminant concentration C/Co under various reaction conditions are
presented in Figure 1. In the case of no reaction, dissolved contaminants moved through the saturated
porous media without sorption and biodegradation, and thus there appeared to be no mass loss of dissolved
contaminants during the transport. When only sorption was considered, the breakthrough curve of dissolved
contaminants shifted downward relative to the case of no reaction due to kinetic sorption. When both sorption

(a)

0.0

0.1

0.2

0.3

0.4

0.5

8 10

Pore volume

R
el

at
iv

e 
co

nc
en

tr
at

io
n

Kc = 24.4 mg l-1

Kc = 12.2 mg l-1

Kc = 6.1 mg l-1

(b)

0.0

0.1

0.2

0.3

0.4

0.5

8 10 12

Pore volume

R
el

at
iv

e 
co

nc
en

tr
at

io
n

Ko = 0.1 mg l-1

Ko = 0.2 mg l-1

Ko = 0.4 mg l-1

0 2 4 6 12

0 2 4 6

Figure 4. The effect of (a) the half-saturation constant for contaminants Kc and (b) the half-saturation constant for oxygen Ko on the effluent
contaminant concentration C/Co

Copyright © 2005 John Wiley & Sons, Ltd. Hydrol. Process. 19, 4069–4079 (2005)

185



4076 S.-B. KIM

and biodegradation were accounted for, the breakthrough curve shifted further downward due to mass loss of
contaminants by biodegradation. It should be noted that both dissolved and adsorbed contaminants would be
bioavailable to bacteria in porous media.

The influence of the adsorption kf and desorption kb rate coefficients of contaminants on the effluent
contaminant concentration is illustrated in Figure 2. The results demonstrate that the contaminant breakthrough
curve was sensitive to the changes of kf. As kf increased from 4Ð0 ð 10�6 to 4Ð0 ð 10�4 s�1, the peak
concentration in the breakthrough curve decreased from 0Ð71 to 0Ð005 (Figure 2a). When kb increased from
1Ð7 ð 10�7 to 1Ð7 ð 10�5 s�1, the peak concentration remained at 0Ð34 (Figure 2b). This shows that the
contaminant breakthrough curve is insensitive to changes in kb. It is believed that the increment of contaminant
sorption during transport through the porous media resulted in the enhancement of contaminant biodegradation.
According to Famisan and Brusseau (2003), who performed column experiments to investigate the effect of
sorption on biodegradation of hydrocarbons, the enhanced retention time of naphthalene and 2-naphthol owing
to sorption on soil increased the biodegradation of contaminants. The sorption would extend the residence
time of contaminants in porous media, thus increasing the contact time between contaminants and bacteria,
and so more contaminants would be bioavailable to bacteria during transport through porous media.

The impact of the maximum utilization rate of contaminants max on the effluent contaminant concentration
is shown in Figure 3. max is one of the key Monod kinetic parameters and can be quantified in the absence
of any contaminant limitation. As max increased from 9Ð6 ð 10�6 to 9Ð6 ð 10�4 s�1, the peak concentration
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in the breakthrough curve decreased from 0Ð41 to 0Ð11, indicating that considerable reduction of dissolved
contaminants occurred as the magnitude of the contaminant utilization rate increased. The sensitivity analysis
showed that the contaminant breakthrough curve was very sensitive to the change of max. Therefore, the
value of max should be determined carefully if the modelling is to be useful.

The effect of the half-saturation constant for contaminants Kc and the half-saturation constant for oxygen
Ko on the effluent contaminant concentration is given in Figure 4. As Kc increased from 6Ð1 to 24Ð4 mg l�1,
the peak concentration in the breakthrough curve increased from 0Ð29 to 0Ð38 (Figure 4a). In the case of
Ko, as it increased from 0Ð1 to 0Ð4 mg l�1, the peak concentration remained at 0Ð34. The results demonstrate
that the contaminant breakthrough curve is sensitive to changes in Kc but not Ko (Figure 4b). Kc is the key
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parameters in the double Monod function, and thus its value should be carefully selected in the process of
parameter estimation for modelling.

The influence of the bacterial yield factor Y and oxygen use coefficient F on the effluent contaminant
concentration is shown in Figure 5. As Y increased from 0Ð1 to 1Ð0, the peak concentration in the breakthrough
curve remained at 0Ð34 (Figure 5a). In the case of F, as it increased from 1Ð5 to 3Ð0, the peak concentration in
the breakthrough curve remained at 0Ð34. This indicates that the contaminant breakthrough curve is insensitive
to changes in Y and F.

The impact of the bacterial deposition rate coefficient k1, bacterial release rate coefficient k2, and bacterial
irreversible deposition rate coefficient k3 on the effluent contaminant concentration is shown in Figure 6.
The contaminant breakthrough curve varied slightly as the parameter values were changed by one order of
magnitude, indicating that the model was relatively sensitive to the changes of the bacterial sorption-related
parameters. In the case of the bacterial decay rate coefficient (k4, k5, k6), however, the breakthrough curve
was insensitive to the one order of magnitude change in the parameter values (data not shown).

CONCLUSIONS

In this study, a mathematical model has been developed to describe contaminant transport, sorption, and
biodegradation in saturated porous media. The simulation showed that transport of contaminants in porous
media could be greatly affected by sorption and biodegradation processes. In addition, the model was sensitive
to changes in the parameters, such as kf, max, and Kc, and so their values should be selected carefully in the
modelling process. The model presented in this study can help understand the behaviour of contaminants in
porous media even if it has a limitation in fully describing the whole processes occurring during contaminant
transport in the subsurface.
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Abstract:

In this study, the fate and transport of aqueous benzene was investigated in a laboratory-scale homogeneous aquifer
by conducting a two-dimensional plume test. Benzene solution was introduced as a pulse type along the width of the
aquifer model through a recharge zone situated at the upper-left part of the model and followed by a steady state flow.
Solution samples were collected at various locations on the front side of the model to capture two-dimensional plumes
at discrete time intervals. The benzene plumes showed a moderate retardation relative to chloride plumes observed
from the previous study conducted for the same aquifer model. The retardation factor was obtained from the ratio of
travel distances of benzene peaks to chloride peaks from the injection point, computed using a line integral method.
Mass recovery of aqueous benzene revealed that there was a significant reduction of benzene mass, indicating the
occurrence of volatilization and/or irreversible sorption during transport. Thus, retardation along with volatilization
and/or irreversible sorption may be important processes affecting the fate and transport of aqueous benzene in the
aquifer model. Copyright © 2005 John Wiley & Sons, Ltd.

KEY WORDS plume test; benzene; retardation; irreversible sorption; volatilization; aquifer model

INTRODUCTION

In a subsurface environment, the characterization of fate and transport of contaminants is essential for
remediation practices. Sorption plays a prominent role in the fate and transport of contaminants in soils
and groundwater, resulting in retardation and reduction of contaminant concentration through reversible
and irreversible sorption respectively. Many researchers have investigated the reversible sorption of organic
contaminants in porous media and determined the sorption-related parameters, such as retardation factor,
using various laboratory and field methods (Roberts et al., 1986; Mehran et al., 1987; MacIntyre et al., 1991;
Priddle and Jackson, 1991; Rogers, 1992; Benker et al., 1998).

In parallel with the reversible sorption, irreversible sorption affects also the fate and transport of organic
contaminants in a subsurface environment. Several researchers have observed the irreversible sorption of
organic compounds in soils using laboratory batch and column experiments (Yong et al., 1985; Burgos et al.,
1996; McGroddy et al., 1996; Kan et al., 1997, 1998; Broholm et al., 1999). In addition to the irreversible
sorption, volatilization may also contribute to the fate of organic contaminants, especially for aromatic
hydrocarbon compounds, during transport through the subsurface (Chiang et al., 1989; Lahvis et al., 1999).

Very recently, Baek et al. (2003) reported the occurrence of irreversible benzene sorption in sandy aquifer
materials, and Kim et al. (2004) determined laboratory-scale dispersivities from two-dimensional KCl plume
data obtained from the same aquifer model. Hence, following the previous study of Kim et al. (2004), we
further investigated the fate and transport of aqueous benzene by conducting a two-dimensional plume test
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in the same aquifer model. Based on the benzene plumes, retardation and other possible processes such
as volatilization and irreversible sorption were also studied through mass recovery and two-dimensional
modelling of benzene transport.

MATERIALS AND METHODS

Two-dimensional plume test

A plume test was performed in the same two-dimensional aquifer model as described by Kim et al. (2004)
using aqueous benzene as a reactive tracer and aquifer materials. The aquifer model was constructed with
polycarbonate materials in dimensions of 110 cm (L) ð 25 cm (W) ð 71 cm (H). The model was partitioned
into two parts: a 100 cm long aquifer on the left, and a 10 cm long water storage reservoir on the right. The
possibility of aqueous benzene mass sorption onto the polycarbonate was examined by a separate experiment
in which concentrations of benzene solutions in two different containers made of glass and polycarbonate
were measured at regular time intervals. The loss of benzene mass via sorption was only 4Ð0% and 5Ð0% for
both containers respectively at 16 h, indicating that sorption of aqueous benzene onto the polycarbonate walls
of the aquifer model can safely be neglected during the plume test.

In the tracer experiment, a steady state flow condition was imposed in the aquifer by applying a constant flux
(28 ml min�1) of distilled water using a peristaltic pump. Once the steady state flow condition was reached,
a benzene solution of 1 L (1500 mg l�1) was injected into the aquifer for 37Ð5 min using the recharge and
tracer injection system while the top of the injection system was covered to prevent the volatilization of
aqueous benzene. During the injection of tracer, the flow of distilled water was interrupted and followed by
the continuous application of distilled water at the previous recharge rate. In order to prevent diffusion and
dispersion across the width of the aquifer model, tracer solutions were applied for the entire width (25 cm) at
the upper left side of the model through an acrylic reservoir of dimensions 4 cm (L) ð 25 cm (W) ð 5 cm (H)
with 75 recharge outlets.

Samples were collected from the inner part located at 5 cm from the aquifer wall, corresponding to each
sampling port on the front side of the aquifer model, in order to increase the detection efficiency at 4, 9,
16 and 22 h after the tracer injection. Benzene concentration was analysed using a high performance liquid
chromatograph (HPLC, Young Lin Co., Seoul, Korea) equipped with a fluorescence detector (M720), M925
pump, Rheodyne injector and C18 column (150 ð 4Ð6 mm2; Phenomenex, USA).

Simulation of benzene transport

A two-dimensional equation (McDonald and Harbaugh, 1988) describing groundwater flow in an unconfined
aquifer is given by:

Kxx
∂2h

∂x2 C Kzz
∂2h

∂z2 D Ss
∂h

∂t
�1�

where h is the hydraulic head (L), Kxx, Kzz are the permeability (LT�1) of aquifer materials in x and z
coordinates, and Ss is the specific storage coefficient (L�1). The advective–dispersive transport equation
(Zheng, 1992) for a reactive solute in a saturated flow regime showing retardation and decay, such as any
loss from irreversible sorption (Baek et al., 2003) and/or volatilization, can be written as:

R
∂C

∂t
D ∂

∂xi

(
Dij

∂C

∂xj

)
� ∂

∂xi
�viC� � �C �2�

where xi is the spatial coordinate (x, z), R is the retardation factor, C is the solute concentration, Dij is the
hydrodynamic dispersion coefficient tensor (L2T�1), vi is the average linear flow velocity (LT�1), and � is
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the first-order decay rate coefficient (T�1) representing any losses such as volatilization and/or irreversible
sorption. Assuming that molecular diffusion is negligible, the dispersion tensor, Dij, may be expressed as:

Dxx D ˛L
v2

x

jvj C ˛T
v2

z

jvj
Dxz D Dzx D �˛L � ˛T�

vxvz

jvj �3�

Dzz D ˛L
v2

z

jvj C ˛T
v2

x

jvj
where ˛L and ˛T are the longitudinal and transverse dispersivities (L), respectively, vx, vz are the components
of the velocity vector, and jvj D �v2

x C v2
z �1/2.

Model simulation was performed using Equations (1) and (2) to examine the effect of the retardation factor
on the benzene plume movement under the given aquifer conditions. The flow and transport parameters used
in the simulation are given in Table I. The longitudinal (˛L) and transverse (˛T) dispersivities were adopted
from Kim et al. (2004), who conducted a chloride plume test for the same aquifer model. The flow domain
was divided into 28 rows and 50 columns (1400 cells) with uniform grid size of 2 cm in each dimension. No
flow boundary condition was imposed along the bottom and left sides of the aquifer, while a free seepage
(h D 0) condition was applied to the right boundary (Kim et al., 2004).

Estimation of retardation factor and mass recovery

The benzene retardation factor (R) can be estimated by comparing the travel distance of the chloride peak
from the injection point to that of the benzene peak. The travel distances of the chloride and benzene peaks
can be calculated using the following line integral equation:

L D
∫ x

0

√
1 C �f0�x��2dx �4�

R D Lc

Lr
�5�

where L is the travel distance, x is the location of the peak concentration point in a horizontal direction,
f�x� D ae�bx C c is the function that can be determined by selecting the appropriate a, b and c to best
describe the travel track of tracers between the injection and peak concentration points, and Lc and Lr are the
travel distances of conservative and reactive tracers, respectively. The solution of Equation (4) was obtained
using Maple V software (Waterloo Maple, Inc., 1998).

The mass recovery of benzene solution was determined from the calculation of observed versus injected
mass using a method of planar area calculations described in Surfer® 7 User’s Guide (Golden Software, Inc.,
1999).

Table I. Flow and transport parameters used in the simulation

Parameter Value

Horizontal hydraulic conductivity, Kxx 1Ð61 cm min�1

Vertical hydraulic conductivity, Kzz 1Ð61 cm min�1

Porosity, n 0Ð40
Dry bulk density, 	d 1Ð66 g cm�3

Longitudinal dispersivity, ˛L 0Ð2 cm
Transverse dispersivity, ˛T 0Ð04 cm
First-order decay rate coefficient, � 0Ð08 h�1
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RESULTS AND DISCUSSION

Benzene plume movement

The observed benzene plumes at 4, 9, 16 and 22 h after tracer injection are presented in Figure 1. The
benzene plume shows a banded shape propagating from the upper-left corner to the lower-right corner of the
aquifer model. As the benzene plume travels down the flow path, the peak concentration of the plume decreases
rapidly, as illustrated in Figure 2. At 4 h after tracer injection, the plume peak concentration is positioned
horizontally at 20 cm and vertically at 18 cm away from the injection point, with a peak concentration of
280 mg l�1. It is remarkable that the peak concentration decreased down to 19% of the input concentration
(1500 mg l�1) at 4 h after injection, indicating a significant reduction of the aqueous benzene in the aquifer.
At 22 h after injection, the plume peak position is horizontally at 76 cm and vertically at 28 cm away from
the injection point, and a peak concentration of 61 mg l�1, equal to 4% of the input concentration, was
observed.

The mass recoveries of benzene at 4, 9, 16 and 22 h are determined to be 65%, 51%, 43% and 39%,
respectively. The reduction of the mass recovery during the transport of the aqueous benzene through the
aquifer can be explained by the fact that other processes rather than retardation govern the fate of aqueous
benzene. From the inspection of Equation (2), it can be explained that the parameter responsible for the
reduction of mass recovery should be the first-order decay rate constant (�), representing the reduction or
decay of the aqueous benzene mass.

During contaminant transport in the subsurface, major processes responsible for the contaminant mass
reduction would be biodegradation, radioactive decay, volatilization and irreversible sorption. In our study,
the sandy materials were autoclaved before being packed into the aquifer model, and thus the possibility of
benzene mass reduction owing to biodegradation was eliminated. In addition, the mass reduction of benzene by
radioactive decay can be counted out since benzene is not a radioactive compound. However, the possibility
of aqueous benzene mass reduction by volatilization and/or irreversible sorption cannot be excluded. For
instance, the benzene mass applied to the aquifer can be removed from the aqueous phase by volatilization
near the water table during transport through the unconfined aquifer model. Mass reduction of hydrocarbon
compounds by volatilization was also reported by Chiang et al. (1989) and Lahvis et al. (1999), who observed
volatilization along with biodegradation of BTX compounds in a shallow aquifer and at gasoline spill sites,
respectively. Recently, mass reduction by irreversible sorption was also reported by Baek et al. (2003), who
investigated the irreversible sorption of benzene using a column approach, showing that a significant amount
of the added benzene was not desorbed from the same sandy material. Thus, volatilization coupled with
irreversible sorption can be major processes affecting the fate of aqueous benzene during transport through
the aquifer materials. Unfortunately, the amount of benzene mass loss by each process could not be analysed
through the experimental method used in this study.

Retardation of benzene plume

The extent of the benzene plume retardation can be investigated by comparison of the observed benzene
and chloride plumes. In Figure 3, the benzene plumes at 9 and 16 h after tracer injection are shown together
with the corresponding chloride plumes observed for the same sandy aquifer model from the previous study
of Kim et al. (2004). It clearly demonstrates that the chloride plume (solid line) travelled further than the
benzene plume (shaded contour) at the same observation time, indicating that the benzene plume was retarded
compared to the chloride plume.
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Figure 2. The location of the benzene plume peak concentrations during transport through the unconfined aquifer model

In case of 9 h after tracer injection (Figure 3a), the function, f(x), for chloride is f�x� D 44Ð0e�0Ð014x � 44Ð0
with corresponding travel distance of 48Ð5 cm, while for benzene, f�x� D 37Ð0e�0Ð030x � 37Ð0 with a travel
distance of 45Ð1 cm. Therefore, from Equation (5), R at 9 h after tracer injection was 1Ð10. In the same
manner, R at 16 h (Figure 3b) was found to be 1Ð20. These values are considerably different from the results
of Priddle and Jackson (1991), who reported from a laboratory column experiment that benzene was retarded
14Ð3 times relative to a conservative tracer. However, they were slightly overestimated compared to the
results of Baek et al. (2003), who found that no benzene retardation occurred during transport through sandy
aquifer materials. Despite the same aquifer materials being used in the two laboratory aquifer model tests, the
discrepancy between the results from this study and Baek et al. (2003) can be attributed to the effect of flow
velocity on the benzene retardation. In this study, the flow velocity observed during the plume test was about
30 times lower than that used in the previous column study conducted by Baek et al. (2003). Thus, due to
the fast flow in the column study of Baek et al. (2003), neither reversible sorption nor retardation of aqueous
benzene could be observed. It is noted that the R value increases slightly with time or travel distances. This
conforms to the findings of Roberts et al. (1986), who reported that the retardation factors of organic solutes
such as tetrachloroethylene, dichlorobenzene and carbon tetrachloride increased over time during the field
observation at the Borden site, Ontario, Canada.

Effect of retardation on benzene transport

The simulation result at 22 h after tracer injection is presented in Figure 4. The simulated benzene plume
has a banded shape, which accords well with the observed one. The benzene plume movement is rather
sensitive to the variation of R in terms of the peak concentration and the plume size. When R D 1Ð0, the peak
concentration of 36 mg l�1 was located at 81 cm away from the injection point, and the plume covered a
large area of the flow domain. As the value of R increased, the travel distance of the peak concentration and
the plume size decreased while the peak concentration increased. In case of R D 2Ð0, the peak concentration
was 80 mg l�1 and located at 53 cm away from the injection point. At R D 5Ð0, the peak concentration was
143 mg l�1 and situated at 32 cm away from the injection point. This indicates that the extent of benzene
plume attenuation is also considerably affected by retardation.
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Figure 3. The comparison of the observed benzene plume (shaded contour) with the chloride plume observed by Kim et al. (2004) (solid
line) (unit of isoline: mg l�1): (a) 9 h; (b) 16 h after tracer injection

CONCLUSIONS

The fate and transport of aqueous benzene in the unconfined sandy aquifer was investigated by conducting
a two-dimensional plume test in a physical aquifer model. The benzene plume showed a slight retardation
relative to that of chloride, with a retardation factor ranging from 1Ð10 to 1Ð20, which increased over travel
time or distance. The benzene mass recovery revealed that the prominent reduction of aqueous benzene mass
occurs during transport through the aquifer due to volatilization and/or irreversible sorption. Therefore, it
is concluded that both reversible and irreversible sorption, that cause retardation and mass reduction, along
with volatilization, were associated with the fate and transport of aqueous benzene in the aquifer. Further
study should focus on the effect of pore water velocity on the retardation of reactive contaminants, since the
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retardation factor of benzene showed an increasing tendency with a decrease of flow velocity through the
aquifer materials.
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Abstract:

Based on a previous study of the irreversible sorption of benzene in sandy aquifer materials, we further investigated a
method to quantify an irreversible sorption coef�cient of aqueous benzene. Assuming that the rate of irreversible loss
from the solution to the sorption sites followed �rst-order kinetics, the irreversible sorption coef�cient was derived
from a kinetic batch sorption test conducted for an appropriate soil-to-solution ratio to re�ect the �ow conditions
imposed on a column test. Simulation results revealed that the irreversible sorption coef�cient estimated from the
kinetic batch test provided a good agreement with the measured data obtained from the column test, indicating that
the method proposed in this study can be used to quantify the irreversible sorption coef�cient. Copyright © 2004 John
Wiley & Sons, Ltd.

KEY WORDS irreversible sorption; benzene; sandy materials; soil-to-solution ratio

INTRODUCTION

Recently, irreversible sorption of aqueous benzene was reported by Baek et al. (2003), who found signi�cant
retention of sorbed benzene onto sandy materials from column tests performed with both a square pulse
and a step injection. If the benzene sorption is signi�cantly irreversible, then common methods for inferring
distribution coef�cients from batch experiments will produce errors, and lead to disagreement with transport
experiments. With these �ndings in mind we developed a method to quantify the irreversible benzene sorption
on sandy aquifer materials by conducting a kinetic sorption batch test.

MATERIALS AND METHODS

Theory

For irreversible sorption, the transport equation can be reformulated by introducing a �rst-order kinetic
sorption model (Fetter, 1993; Baek et al., 2003) as

∂C

∂t
D D

∂2C

∂x2 � �
∂C

∂x
� 	d

�

∂S

∂t
�1�
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∂t
D kC �2�
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where C (mg l�1� is the solute concentration in the aqueous phase, D (cm2 h�1� is the hydrodynamic dispersion
coef�cient, � (cm h�1� is the pore-water velocity, 	d (g cm�3� is the dry bulk density of soil, � (cm3 cm�3�
is the volumetric water content, S (μg g�1� is the solid-phase contaminant concentration, and k (ml g�1 h�1�
is the �rst-order irreversible sorption rate constant. Substituting Equation (2) into Equation (1) produces the
following transport equation for chemicals that undergo irreversible sorption:

∂C

∂t
D D

∂2C

∂x2 � �
∂C

∂x
� C �3�

where  (h�1�, is the irreversible sorption coef�cient, which is equal to

 D k
	d

�
�4�

If both reversible and irreversible sorptions are present, than the appropriate equation is given by

R
∂C

∂t
D D

∂2C

∂x2 � v
∂C

∂x
� C �5�

Van Genuchten and Alves (1982) provided an analytical solution to Equation (5) for a square pulse application
of solute. The solution was incorporated into the CXTFIT (version 2.1) code (Toride et al., 1995) and used
in this study to simulate the benzene transport experiments.

If we assume that all loss from solution is due to �rst-order irreversible sorption as noted by Equation (2),
then the sorbed (S) and dissolved (C) concentrations in the batch system are related by

msS C VC D VC0 �6�

where ms is the mass of soil, V is the volume of water, and C0 is the initial solution concentration. From
Equations (2) and (6), we conclude that benzene loss in the aqueous phase through the irreversible sorption
must occur in an exponential decay type as follows:

dC

dt
D �

(
kms

V

)
C � �aC ) C D C0 exp��at� �7�

where a D kms/V.
The parameter a is related to the k value in Equation (2) by

k D V

ms
a �8�

The irreversible sorption coef�cient  can be obtained by inserting Equation (8) into Equation (4):

 D a
	d

�

V

ms
�9�

Equilibrium batch sorption experiment

The sandy materials used in this study were identical to the materials used in the previous study of Baek
et al. (2003). For the equilibrium sorption experiment, seven samples were prepared by mixing 55 g of dry
sandy materials with 22 ml benzene solutions of various initial concentrations from 50 to 400 mg l�1 in
50 ml capacity glass vials (to achieve a rather high soil-to-solution ratio to mimic the column experiment
condition regarding the degree of saturation). To prevent volatilization, the vials were sealed with Te�on-
lined polypropylene caps having no headspace. Use of the high soil-to-solution ratio stems from the fact that
the simulated transport of aqueous benzene using a retardation factor obtained from the batch experiment
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conducted by Baek et al. (2003) for the same sandy materials and using a relatively low soil-to-solution ratio
of 1 : 4 showed a signi�cant retardation relative to the measured benzene breakthrough curves (BTCs) due to
a high distribution coef�cient Kd. Equilibration of vials, sampling and analysis of soil solutions used in this
study were identical to the previous study.

Kinetic batch sorption experiment

The materials used for the kinetic batch test were essentially the same as those in the equilibrium batch
test. As mentioned previously, a high soil-to-solution ratio of 3 : 1 for this test was also used to mimic the
column test �ow conditions. This was achieved by mixing 45 g of dry sandy materials with 15 ml benzene
solutions at an initial concentration of 300 mg l�1, which resulted in no headspace when the soil and solution
were contained in a 35 ml glass vial. Twenty glass vials, corresponding to 20 sampling times (0, 5, 10, 15,
20, 30, 40, 50, 60, 80 min, 2, 2Ð5, 3, 3Ð5, 4, 5, 6, 12, 18, 24 h) were prepared for each ratio, in order to
prevent volatilization of benzene during sampling at different time intervals. Triplicate solution samples were
extracted using a glass syringe and analysed for benzene concentrations in the same manner as described in
the equilibrium batch test.

Column experiment

Column experiments were conducted for the same sandy materials using two different glass �ow-cells
(2Ð5 cm diameter, 30 cm high for step application and 7Ð5 cm diameter, 30 cm high for pulse application) to
investigate the transport of benzene in both step and pulse injection modes in a similar manner described in
the previous study. A mixture of KCl �10 000 mg l�1� and benzene �300 mg l�1� solution was introduced into
the inlet boundary of the column as a square pulse of 77Ð5 min injection time with a �ow rate of 1Ð0 ml min�1

for the pulse and 0Ð5 ml min�1 for the step experiment.

RESULTS AND DISCUSSION

Adsorption isotherm

Figure 1 shows the adsorption isotherm obtained from the equilibrium batch test, together with its linear
model approximation �R2 D 0Ð946�. Since the concentration in solution would decline whether the sorption
mechanism was reversible or irreversible, the batch test can be interpreted in different ways. If we assume
that sorption is reversible, then we can calculate a retardation factor from the experiment. The Kd of the
linearized adsorption isotherm in Figure 1 is 0Ð11 l kg�1, and the resulting retardation factor R would be 1Ð55
for 	d D 1Ð75 g cm�3, � D 0Ð35 (the conditions in the column experiment). This R is much lower than the
value of 15Ð3 for benzene in the same sandy materials reported by Baek et al. (2003) in a laboratory batch
test. Two discrepancy between the R values in the two studies is likely due to the soil-to-solution ratio effect.
The Kd of the previous study was 2Ð86 l kg�1 for the soil-to-solution ratio of 1 : 4, which is 26 times higher
than that obtained from this study. An increase in sorbed concentration with decrease in soil-to-solution ratio
was also reported by Harter and Naidu (2001).

Irreversible sorption parameter

From the aqueous benzene concentration curve (Figure 2) obtained from the kinetic batch test, the sorption-
related constants a, k and  were determined to be 0Ð0368 h�1, 0Ð0123 ml g�1 h�1 and 0Ð061h�1 respectively.
The parameter  in Equation (9) is related to a by 	d/� and by V/ms, where these are respectively the soil-
to-solution ratio for the soil column and the inverse of the soil-to-solution ratio for the kinetic batch test. If
these ratios are identical, then the parameter  is essentially the same as the parameter a. Since these ratios
are slightly different from each other, the  values become higher than the a values by a factor of 5/3 in
this study. The difference between batch and column tests in the soil-to-solution ratio is likely due to the
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Figure 1. Adsorption isotherm of benzene for the sandy materials studied
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Figure 2. Sorption kinetics for benzene measured (error bar indicates variation of triplicate) and �tted �R2 D 0Ð42� with Equation (7)

soil condition in the column test: the soil materials undergo consolidation during packing, whereas the sand
materials in the batch condition do not. Thus, the column condition gives a slightly higher soil-to-solution
ratio than the batch condition.

Column test

The column BTCs of KCl and benzene for both step and pulse injection are shown in Figure 3. The
benzene BTCs of both injection modes in the out�ow appeared slightly later than the KCl BTCs, indicating
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Figure 3. BTC for KCl and benzene obtained from the column test: (a) step injection; (b) pulse injection

the existence of a moderate retardation effect in the sandy materials. A difference between the KCl and
benzene concentrations at larger pore volumes for step injection and a relatively small mass recovery
of 54Ð6% for the benzene BTC compared with 93Ð8% for the KCl BTC in the case of pulse injection
imply that signi�cant irreversible sorption of benzene occurred during the transport through the column.
Thus, we conclude that the portion of the benzene added that was not collected as ef�uent concentration
was irreversibly adsorbed. The transport parameters �tted by CXTFIT to the observed KCl BTCs yielded
� D 10Ð1 cm h�1 and D D 10Ð3 cm2 h�1 for the step injection and � D 4Ð4 cm h�1 and D D 4Ð5 cm2 h�1 for
the pulse injection.

Simulation of benzene transport

The irreversible sorption coef�cient  and the retardation factor R, estimated from the kinetic and
equilibrium batch tests respectively, and the � and D parameters, estimated from the KCl BTC, were used with
the transport equation, Equation (5), to simulate the observed benzene BTC (Figure 4). Use of R estimated
from the batch test gave a reasonable match for the step case but a slight overestimation of the benzene
retardation for the pulse injection, indicating that retardation of benzene in the sandy soil studied ranged from
1Ð2 to 1Ð5. For both injection modes,  D 0Ð061 h�1estimated from the Equation (9) gave the best match
with the measured BTC. This proves that the decline in concentration observed in the kinetic batch study
was actually due to the irreversible sorption during the time of shaking. The irreversible sorption coef�cient
obtained with the soil-to-solution ratio of 3 : 1, which is much higher than the usual ratios of 1 : 4 to 1 : 10,
describes reasonably well the transport of benzene in the sandy materials studied. This is not surprising,
since a ratio of 3 : 1 corresponds to a soil-to-solution ratio where the sandy materials are just saturated,
and thus most closely resembling a water-saturated column of packed soil. Thus, static or kinetic batch
experiments can be used to calculate reversible or irreversible sorption parameters. If the process has been
established as irreversible, then kinetic batch tests can be used to determine the rate parameter proposed in
this study. However, the soil-to-solution ratio of these tests should be as close to that of a real soil matrix as
possible.
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CONCLUSIONS

We proposed a new method to quantify an irreversible sorption coef�cient of aqueous benzene in sandy
aquifer materials from the kinetic sorption batch test. The kinetic batch data showed loss of aqueous benzene
throughout the 24 h of analysis due to irreversible sorption rather than to a complete sorption–desorption
process. An irreversible sorption coef�cient  was derived, based on the fact that the decline of benzene
concentration follows �rst-order kinetics, and is expressed as a function of known physical quantities
measurable in both batch and column tests. The simulated BTCs using the irreversible sorption coef�cient
 D 0Ð061 h�1 coincided well with the measured benzene BTCs. The close correspondence between model
and data shows that the method proposed in this study to determine the irreversible sorption parameter is
reasonable, and that the best agreement between batch kinetics and transport experiments is found when the
soil-to-solution ratios of the batch system represent conditions similar to those found in a packed soil. Our
�ndings offer an explanation for the wide variation found in the past between batch and column experimental
measurements of sorption. We conclude that the disagreement stems from either assuming reversible sorption
to interpret the batch data, or using data from large solution-to-soil ratios in the batch system.
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Abstract:

A tracer test was conducted in a laboratory chamber representing a two-dimensional aquifer to investigate the
longitudinal dispersivity �˛L� and the ratio �˛T/˛L� of transverse to longitudinal dispersivity of sandy aquifer materials.
Dispersive parameters were obtained by matching the observed chloride plumes at 9 hours and 16 hours after tracer
injection with those simulated by a �ow and transport model. The best match was found for ˛L D 0Ð2 � 0Ð25 cm
and ˛T/˛L D 0Ð2. The ratio of ˛T/˛L D 0Ð2 was within the range of laboratory values reported in the literature.
Sensitivity analysis revealed that the tracer plume concentration and shape were more sensitive to variations in
longitudinal dispersivity than to the ratio of transverse to longitudinal dispersivity. This result contrasted with �ndings
of others, showing that the dispersivity ratio greatly affects contaminant plume shape. However, our experimental
boundary conditions restricted expansion of the plume normal to the direction of �ow and thus affected the
parameter estimation. Copyright © 2004 John Wiley & Sons, Ltd.

KEY WORDS dispersivity; tracer test; chloride; transport model; sensitivity analysis

INTRODUCTION

Contaminant transport in groundwater is governed by two mechanisms: advection and dispersive mixing.
The former can be estimated from knowledge of groundwater �ow velocity, which can be determined
directly by observation of tracer movement, or indirectly by measuring permeability, porosity and pressure
head gradients. Dispersion, however, is more dif�cult to estimate because both transverse and longitudinal
components are required, and these cannot be estimated indirectly from soil properties. Instead, dispersivity
usually is determined through �tting of a comprehensive in situ data set to a transport model. Examples of
this approach are monitoring of a chloride plume in a sand and gravel aquifer (van der Kamp et al., 1994)
and of tritium present in in�ltrating water to obtain dispersivities in an uncon�ned sandy aquifer (Engesgaard
et al., 1996). This approach imposes some dif�culties in the analysis of dispersive parameters because history
of the contaminant source is usually unknown.

In many cases, dispersivities have been determined from natural- or forced-gradient �eld tracer experiments.
In a forced-gradient (one- or two-well) test, a non-reactive tracer is introduced into the ground, followed by
well pumping to compute dispersivities from concentration versus time data (Molz et al., 1985, 1986; Mas-
Pla et al., 1992). Even though the forced-gradient test is much easier to apply than a natural-gradient test,
it disturbs the natural �ow �eld of the aquifer and causes non-representative movement of chemicals in the
groundwater region where it is applied.
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In a natural-gradient test (Pickens et al., 1981; Freyberg, 1986; Moltyaner and Killey, 1988a,b; Garabedian
et al., 1991; Adams and Gelhar, 1992; Jensen et al., 1993), a tracer is injected, and then its concentra-
tion is monitored in sampling wells. The observed concentration pattern is �tted to the solution of the
advection–dispersion equation to obtain an estimate of the dispersivity. Even though this method yields reli-
able estimates of dispersivity, it is extremely expensive and time-consuming. As an alternative, a laboratory
experiment was used to acquire dispersive parameters, and its results scaled upward to the �eld regime.
Laboratory column tests in combination with �eld tracer tests have been performed in the past to investi-
gate the applicability of laboratory-derived dispersive parameters to �eld conditions (Klotz et al., 1980), to
examine the scale-dependent nature of dispersive parameters (Pickens and Grisak, 1981) and to compare
laboratory results with �eld values (Taylor et al., 1987). However, the early works (Dagan, 1986; Gelhar,
1986) showed that the �eld-scale macrodispersion is affected by parameters including the integral scale of
the log-conductivity and variance and thus cannot be assessed from the laboratory-scale experiment, which
provides only a local dispersion.

The ratio of transverse to longitudinal dispersivity in an aquifer is an important factor in determining
the shape of a contaminant plume in two- or three-dimensional mass transport. For a given longitudinal
dispersivity, the shape of the contaminant plume broadens as the ratio increases (Fetter, 1993). Hence the
magnitude of transverse dispersivity is directly associated not only with the shape of plume but also with the
attenuation of tracer concentration. Laboratory values of the ratio reported in the literature range from 0Ð04
to 0Ð2 (Anderson, 1979; Freeze and Cherry, 1979; Klotz et al., 1980). In contrast, �eld values obtained from
natural gradient dispersion tests have been as low as 0Ð002 (Jensen et al., 1993) and as high as 0Ð1 (Moltyaner
and Killey, 1988a).

The objectives of this study were to quantify laboratory-scale dispersive parameters of aquifer materials
and the ratio of transverse to longitudinal dispersivity and to investigate which factor most in�uences the
shape of the plume in the aquifer conditions examined. A tracer test was conducted in a two-dimensional
physical aquifer model using chloride as a conservative tracer. The longitudinal dispersivity and the ratio of
transverse to longitudinal dispersivity were estimated by matching observed tracer plumes with simulation
results of a two-dimensional advective–dispersive transport model. The signi�cance of local dispersivity on
solute mixing is investigated by sensitivity analysis.

EXPERIMENTAL METHODS

Two-dimensional tracer experiment

A tracer test was performed in a two-dimensional physical aquifer chamber (Figure 1), which was
constructed with polycarbonate materials in dimensions of 110 cm (L) ð 25 cm (W) ð 71 cm (H). The
chamber was partitioned into two parts: a 100-cm-long aquifer on the left, and a 10-cm-long water storage
reservoir on the right. Solution was applied at the upper left corner of the chamber through an acrylic
reservoir of dimensions 4 cm (L) ð 25 cm (W) ð 5 cm (H) with 75 recharge outlets. The chamber was packed
uniformly with sieved (2 mm) sandy materials collected from an uncon�ned aquifer in the alluvial plain of the
Han River in Seoul. The bulk density and porosity of the aquifer were determined to be 1Ð66 g cm�3 and 0Ð40,
respectively. At the plate between the aquifer zone and reservoir, 280 outlets with 8 mm diameter in a 14 ð 20
grid were placed to maintain �ow from the aquifer to the water storage reservoir. Three manometers (two in
the aquifer zone and one at the reservoir) were used to measure the water level in the aquifer (Figure 1).

A steady state �ow condition was imposed in the aquifer by applying a constant �ux �28 mL min�1�
of distilled water using a peristaltic pump until the out�ow equalled the in�ow rate, and water levels in
the manometers became constant with values of 55Ð4, 54Ð2 and 54Ð2 cm, respectively. Subsequently, a KCl
solution with a chloride concentration of 1Ð5 g l�1 was injected into the aquifer for 35Ð7 min through the
entire 25 cm width of the acrylic reservoir, after which distilled water was introduced again at the previous
recharge rate. Samples were collected using 1 mL glass syringes at predetermined sampling ports located on

Copyright © 2004 John Wiley & Sons, Ltd. Hydrol. Process. 18, 2475–2483 (2004)
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Figure 1. Schematic diagram of two-dimensional physical aquifer model (unit: cm)

the front side of the aquifer zone at 9 hours and 16 hours after the tracer injection to obtain a two-dimensional
chloride distribution within the physical aquifer model. It was assumed that chemical movement along the
width of the aquifer model did not occur. Chloride concentration was measured using ion chromatography
(IC) based on a standard calibration curve predetermined with several different concentration solutions.

Flow and transport model

Because the experimental chamber was packed uniformly, the saturated hydraulic conductivity Ks of the
soil was assumed to be constant. Furthermore, the uniform treatment of the boundaries along the chamber
width created a two-dimensional �ow regime. Under these conditions, the �ow equation may be represented
as (McDonald and Harbaugh, 1988)

Ks
∂2h

∂x2 C Ks
∂2h

∂z2 D Ss
∂h

∂t
�1�

where h is the hydraulic head (L) and Ss is the speci�c storage. The advective–dispersive transport equation
for solute under these conditions may be written as (Zheng, 1992)

∂C

∂t
D ∂

∂xi

(
Dij

∂C

∂xj

)
� ∂

∂xi
�viC� �2�

where xi are the spatial coordinates (x, z ), C is the solute concentration, Dij is the hydrodynamic dispersion
coef�cient tensor �L2 T�1� and vi is the average linear �ow velocity �L T�1�. Assuming that molecular
diffusion is negligible, the dispersion tensor, Dij, may be expressed as

Dxx D ˛L
v2

x

jvj C ˛T
v2

z

jvj

Copyright © 2004 John Wiley & Sons, Ltd. Hydrol. Process. 18, 2475–2483 (2004)

207



2478 S.-B. KIM ET AL.

Dxz D Dzx D �˛L � ˛T�
vxvz

jvj �3�

Dzz D ˛L
v2

z

jvj C ˛T
v2

x

jvj
where ˛L and ˛T are the longitudinal and transverse dispersivities (L), respectively, vx, vz are the components
of the velocity vector, and jvj D �v2

x C v2
z �1/2.

Estimation of dispersivities

Dispersivity parameters ˛L and ˛T were estimated by comparing the observed tracer plumes with
concentrations simulated with the two-dimensional �ow and transport model (Equations 1 and 2). The
modular three-dimensional �nite-difference groundwater �ow model (MODFLOW) developed by McDonald
and Harbaugh (1988) was used with appropriate boundary conditions to simulate steady water �ow. The
domain was discretized into 28 rows and 50 columns (1400 cells) with a uniform grid size of 2 cm in each
direction. The aquifer was considered as uncon�ned, and no-�ow boundary condition was imposed along the
bottom and left sides of the aquifer. A free seepage �h D 0� condition was applied to the right boundary.
Flow parameters used in the simulation were given in Table I. The hydraulic conductivity was calculated
from measurements of heads at two manometers and the prescribed �ow rate. The equipotential line and the
corresponding �ow path simulated during steady-state �ow are shown in Figure 2.

The modular three-dimensional transport model (MT3D) (Zheng, 1992) was used to solve the Equation (2)
with the water �ow �eld generated from the solution of Equation (1). Different combinations of longitudinal
dispersivity and ratio of transverse to longitudinal dispersivity were used in the model calculation to obtain
the best agreement between simulated and measured concentrations at the two observation times (Table II).

RESULTS AND DISCUSSION

Tracer experiment

Chloride concentrations measured at each sampling port at 9 hours and 16 hours after the tracer injection
are shown in Figure 3. The plume shape is quite narrow and moves out radially from the application zone,
in agreement with the water �ow paths given in Figure 2. After 9 hours of tracer injection, chloride was
detected 52 cm horizontally from the injection point and 41 cm below it. The measured peak concentration of
388 mg L�1 (25Ð9% of the input concentration) appeared at the sampling port located 48 cm (44 cm laterally
and 20 cm below) away from the injection point. After 16 hours, chloride had moved 68 cm laterally and
48 cm below the injection point. The peak concentration of 235 mg L�1 (15Ð7% of the input concentration)
was measured 66 cm (60 cm laterally and 28 cm below) away from the injection point. It showed reduction
in peak height and plume broadening with time, demonstrating the solute plume attenuation by dispersion
in the aquifer. Mass recovery of chloride using planar area calculations described in Surfer®7 User’s Guide
(Golden Software, Inc. 1999) at 9 hours and 16 hours after injection was 98% and 103%, respectively, of the
injected mass. This indicates that the tracer test was carried out successfully.

Table I. Flow parameters used in the simulation

Parameter Value

Horizontal hydraulic conductivity, Kxx 1Ð61 cm min�1

Vertical hydraulic conductivity, Kzz 1Ð61 cm min�1

Porosity, n 0Ð40
Recharge rate per unit area, q 0Ð02 cm min�1

Copyright © 2004 John Wiley & Sons, Ltd. Hydrol. Process. 18, 2475–2483 (2004)
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Figure 2. Vertical pro�le of equipotential line, hydraulic head values and �ow path at steady-state �ow condition

Table II. Dispersion parameters �˛L, ˛T/˛L� used in the simulation to obtain
best agreement between observed and simulated plumes and calculated peak

concentration of chloride

˛L ˛T/˛L Calculated peak concentration of chloride �mg L�1�
(cm) ���

9 hr 16 hr

0Ð2 0Ð2 385 265
0Ð4 361 250
0Ð6 352 241
0Ð8 338 237
1Ð0 324 224

0Ð25 0Ð2 371 240
0Ð4 365 239
0Ð6 361 232
0Ð8 356 231
1Ð0 340 223

0Ð3 0Ð2 347 211
0Ð4 324 208
0Ð6 313 201
0Ð8 310 196
1Ð0 291 193

Determination of dispersion parameters

The observed and simulated tracer plume contours at 9 and 16 hours after tracer injection are presented
in Figure 4. The simulations were run with dispersion parameters that produced features (peak height, plume
shape) similar to those observed (see Table II). The simulated plume with ˛L D 0Ð2 cm and ˛T/˛L D 0Ð2 had
a peak concentration of 385 mg L�1, which is quite close to the observed peak concentration of 388 mg L�1

at 9 hours after tracer injection (Figure 4a). When ˛L D 0Ð25 cm and ˛T/˛L D 0Ð2, the simulated peak

Copyright © 2004 John Wiley & Sons, Ltd. Hydrol. Process. 18, 2475–2483 (2004)
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Figure 3. Observed tracer plumes at 9 and 16 hours after tracer injection

concentration was 240 mg L�1 and the shape was similar to that observed at 16 hours in the experiment
(Figure 4b). Therefore, among the combinations of ˛L and ˛T/˛L used for the parameter estimation,
˛L D 0Ð2 cm � 0Ð25 cm and ˛T/˛L D 0Ð2 were selected as the best-�t dispersivity parameters. These agree
well with values reported by Moltyaner and Killey (1988a,b), who obtained ˛L of 0Ð21 cm in laboratory
column experiments and ˛T/˛L D 0Ð17 from �eld-scale tracer tests in the uncon�ned sand aquifer. They also
fall within the range of ˛T/˛L D 0Ð05 � 0Ð2 suggested by Anderson (1979), Freeze and Cherry (1979) and
Klotz et al. (1980).

Sensitivity analysis

Figure 5 shows the extreme sensitivity of plume height and width to variations in longitudinal dispersivity
9 hours after injection. In the simulation, ˛L increased from 1Ð0 cm to 5Ð0 cm while ˛T/˛L was �xed at
0Ð2. At ˛L D 1Ð0 cm, the peak concentration was 181 mg L�1, and the simulated plume extended from 25
to 70 cm laterally and 22 to 49 cm vertically. The peak concentration was 106 mg L�1 at ˛L D 2Ð0 cm, and
the plume extended from 18 to 74 cm horizontally and 16 to 51 cm vertically. With ˛L D 5Ð0 cm, the peak
concentration of 76 mg L�1 was estimated, and the plume extended from 7 to 90 cm horizontally and 6
to 55 cm vertically. The sensitivity of the simulated plume characteristics to variations in dispersivity ratio
9 hours after injection is presented in Figure 6. Simulations were performed with ˛T/˛L varying from 0Ð01 to
0Ð3 with ˛L �xed at 0Ð2 cm. As ˛T/˛L increased from 0Ð01, 0Ð05 to 0Ð3, the peak concentration decreased from
442, 436 to 350 mg L�1 but the general shape of the plume did not change appreciably. Our experimental
and modelling results reveal that the longitudinal dispersivity has a greater impact than the ratio of transverse
to longitudinal dispersivity in determining the shape of plume and peak concentration under the conditions
found in our model aquifer. This disagrees with the conclusion of Fetter (1993) who reported that the ratio
of transverse to longitudinal dispersivity is the most important control over the shape of tracer plume in two
or three-dimensional aquifer domains. The discrepancy can be explained by the fact that in our experimental
design the tracer plume did not grow appreciably in the direction normal to the longitudinal �ow path, because
the left and top of the chamber had no-�ow boundary conditions. When there is no restriction to transverse
�ow, the ratio is expected to be more important.

CONCLUSIONS

A conservative tracer test was performed in a two-dimensional physical aquifer model using chloride to
estimate the laboratory-scale longitudinal dispersivity and the ratio of transverse to longitudinal dispersivity.

Copyright © 2004 John Wiley & Sons, Ltd. Hydrol. Process. 18, 2475–2483 (2004)
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Figure 4. Comparison of observed tracer plume contour with the simulated one at: (a) 9 hours after tracer injection � L̨ D 0Ð2 cm,
˛T/˛L D 0Ð2�; (b) 16 hours after tracer injection �˛L D 0Ð25 cm, ˛T/˛L D 0Ð2�

The dispersivity parameters obtained by matching the simulated tracer plume with the observed were
˛L D 0Ð2–0Ð25 cm and ˛T/˛L D 0Ð2, which agrees with the results of Moltyaner and Killey (1988a,b). The
ratio of ˛T/˛L D 0Ð2 is also within the range of laboratory values of the ratio reported by other researchers
(Anderson, 1979; Freeze and Cherry, 1979; Klotz et al., 1980). The simulated tracer plume size and shape
were more sensitive to longitudinal dispersivity variations than to changes in dispersivity ratio, which probably
is the result mainly of the no-�ow boundaries in our chamber. Therefore the importance or contribution of a
certain dispersive parameter to delineation and shape of a tracer plume can be dependent upon the boundary
conditions imposed on the �ow domain.
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Figure 5. Effect of variations in the longitudinal dispersivity on tracer plume distribution at 9 hours after tracer injection for �xed T̨/˛L D 0Ð2
with ˛L D 1Ð0 cm (shaded area), ˛L D 2Ð0 cm (dashed line) and ˛L D 5Ð0 cm (solid line)

Figure 6. Effect of variations in the ratio of transverse and longitudinal dispersivities on tracer plume distribution at 9 hours after tracer
injection for �xed ˛L D 0Ð2 cm with ˛T/˛L D 0Ð01 (shaded area), ˛T/˛L D 0Ð05 (dashed line) and ˛T/˛L D 0Ð3 (solid line)
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ABSTRACT

Mathematical models were developed in this study based on equilibrium sorption approaches to simulate transport and
retardation of organic contaminants such as polycyclic aromatic hydrocarbons in a multi-phase groundwater system. In a
model development, the Langmuir or Freundlich sorption isotherms were incorporated into a retardation factor to account
for nonlinear sorption of contaminants and colloids on solid matrix. Numerical solutions of model equations were obtained
using a fully implicit finite difference method. Simulation results showed that the contaminant retardation factor varied
temporally and spatially in a multi-phase system (dissolved phase, solid phase, and two mobile colloidal phases). Simulation
also indicated that colloidal concentration and mobility would be key factors in controlling the contaminant transport in a
multi-phase system. Sensitivity analysis demonstrated that the models were sensitive to changes of nonlinear isotherm
coefficients and equilibrium distribution coefficients.

Keywords:       Contaminant transport model, sorption, nonlinear retardation factor, colloids

INTRODUCTION

Polycyclic aromatic hydrocarbons (PAHs) are a class of

organic compounds consisting of fused aromatic rings with

low solubility tending to decrease with an increase in ring

numbers. These compounds are released into the environment

from power plants, domestic heating systems, petroleum

refining processes, and accidental spillage of raw and refined

petroleum. Some of the PAHs compounds are listed as

priority pollutants by the U.S. Environmental Protection

Agency since they are persistent in the environment and have

toxic and carcinogenic properties.

Association of PAHs with organic and inorganic

colloidal particles has been investigated by many researchers

[1-12], along with quantification of the contaminant

retardation factor of phenanthrene in the presence of

dissolved organic matter in the laboratory experiments [13],

observation of potential enhancement of the phenanthrene

mobility in porous media due to its biosorption to the

bacterial cell surfaces [14], investigation of mobility reduction

of PAHs compounds such as anthracene, pyrene, and

benzo(e)pyrene due to the association with organic matter in

the unsaturated column experiments [15], determination of

the influence of inorganic colloids on the transport of

phenanthrene in the laboratory tests [16], observation of the

PAHs compounds bound to inorganic colloids such as clays,

iron-containing particles, and quartz particles in groundwater

sampled from the creosote-contaminated aquifers [17], and

examination of the enhancement of pyrene concentration in

groundwater at a coal tar site due to its association with

humic acid [18].

According to these observations, transport of PAHs in

groundwater should be described as a multi-phase model to

account for the presence of various colloids and their effects

on contaminant transport. In this study, therefore,

mathematical models were developed based on equilibrium

sorption approaches to simulate transport and retardation of

PAHs in a multi-phase groundwater system. In a model

development, the Langmuir or Freundlich sorption isotherms

were incorporated into a retardation factor to account for

nonlinear sorption of contaminants and colloids on solid

matrix. Numerical solutions of model equations were

obtained using a fully implicit finite difference method.
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MATHEMATICAL MODEL DEVELOPMENT

Assuming dissolved contaminants that do not undergo

degradation adsorb linearly and reversibly to equilibrium, a

contaminant transport equation in a three-phase system

(dissolved phase, solid phase, and mobile colloidal phase)

could be written as:
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 where Rc is the contaminant retardation factor, θ is the water

content, Cc  is the contaminant concentration in the dissolved

phase, Dc is the hydrodynamic dispersion coefficient of

contaminants, vw  is the pore-water velocity, ñs is the dry bulk

density of solid matrix, Kcs  is the equilibrium distribution

coefficient for contaminants between the dissolved and solid

phases, R1  is the retardation factor for colloids (type-1), Kc1
m

is the equilibrium distribution coefficient for contaminants

between the dissolved phase and mobile colloidal phase

(type-1), Kc1
i  is the equilibrium distribution coefficient for

contaminants between the dissolved phase and immobile
colloidal phase (type-1), and C1 is the concentration of

colloids (type-1) in the aqueous phase. Assuming colloids also

adsorb linearly and reversibly to equilibrium, a colloidal

transport equation might be given as:
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where ρ1 is the density of colloids (type-1) and K1 is the

equilibrium distribution coefficient for colloids (type-1)

between the dissolved and solid phases.

If sorption of contaminants and colloids on solid matrix

follow the Langmuir isotherm, equations (ii) and (iv) could be

modified as:
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where Mc and M1  are the Langmuir isotherm coefficients for

contaminants and colloids (type-1), respectively, indicating a

maximum amount of solute that can be adsorbed by solid

matrix (M/M). In addition, if sorption of contaminants and

colloids on solid matrix follow the Freundlich isotherm,

equations (ii) and (iv) could be modified as:
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where Nc and N1  are the Freundlich isotherm coefficients for

contaminants and colloids (type-1), respectively, indicating a

nonlinearity of sorption.

In a four-phase system (dissolved phase, solid phase,

and two mobile colloidal phases), equation (iv) could be

extended as:
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where Kc2
m  is the equilibrium distribution coefficient for

contaminants between the dissolved phase and mobile

colloidal phase (type-2), Kc2
i  is the equilibrium distribution

coefficient for contaminants between the dissolved phase and
immobile colloidal phase (type-2), C2 is the concentration of

colloids (type-2) in the aqueous phase, ρ2 is the density of

colloids (type-2), K2 is the equilibrium distribution coefficient

for colloids (type-2) between the dissolved and solid phases,
M2  is the Langmuir isotherm coefficient for colloids (type-2),

andR2
*  is the Langmuir-type retardation factor for colloids

(type-2). In the same manner, equation (vii) could be extended

for a four-phase system as:
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where R2
**  is the Freundlich-type retardation factor for

colloids (type-2) and N2  is the Freundlich isotherm coefficient

for colloids (type-2). In addition, a transport equation for

colloids (type-2) might be given as:
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2 2

2
c 2
2
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where R2  is the retardation factor for colloids (type-2).

RESULTS AND DISCUSSION

Equations (i)-(iv) were fitted to previously reported

column experimental data [19] to obtain base values of key

model parameters for numerical simulation (Figure 1). The

reported laboratory experiments [19] were performed using

columns (15 cm in length and 0.425 cm in diameter) packed

with silica quartz (or quartz coated with aluminum oxide) to

observe transport behavior of phenanthrene (or anthracene) in

the presence of natural organic matter (NOM). Firstly,

equations (i) and (ii) were fitted to an observed breakthrough

curve (BTC) of NaNO3 (nonreactive tracer) obtained from the
experiment in a silica quartz system with vw  = 1.57 × 10-1 cm

sec-1, Dc = 3.57 × 10-1 cm2 sec-1, and Rc = 1.0 (data not shown).

Based on these values of vw  and Dc along with θ  = 0.4 and

ρs  = 1.6 g cm-3, the same equations were fitted to a BTC of

phenanthrene (contaminant) in the absence of NOM to
quantify Kcs  = 3.5 × 10-7 l mg-1 (Figure 1). Then, the equations

were applied to a BTC of phenanthrene in the presence of soil
humic acid (colloids (type-1)) to determine Kc1  = 7.5 × 10-1 l

mg-1 with an input concentration of soil humic acid = 6.3 mg
l-1 and R1= 1.0 (Figure 1). Finally, the equations were applied

to a BTC of phenanthrene in the presence of NOM(I) (colloids
(type 2)) to obtain Kc2  = 5.9 × 10-1 l mg- 1 with an input

concentration of NOM(I) = 30.0 mg l-1 and R2  = 1.0 (Figure 1).

Simulation results for contaminant transport in a four-

phase system with the Langmuir and Freundlich sorption-

based models are given in Figure 2. In the case of the

Langmuir sorption-based model (Figure 2a), a contaminant

breakthrough curve (BTC) increased continuously with time,

reaching a relative concentration of 1.0. The contaminant

retardation factor ( Rc
* ) quantified at 7.5 cm away from the

inlet boundary increased with time at earlier pore volumes
(PV) and flattened at later PV to Rc = 4.63. However, the

retardation factors of colloids (R1
* , R2

* ) did not vary

temporally, remaining constant at R1
*  = 7.25 and R2

*  = 2.25. In

addition, Rc
*  varied spatially while R1

*  and R2
*  remained

constant (data not shown).

Figure 1.       Simulation of previously reported column experimental data [19] for contaminants with or without colloids.
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Figure 2. Simulated contaminant breakthrough curve (BTC) and temporal variations of retardation factors (Rc
* ,R1

* , R2
* ) (at 7.5

cm away from the inlet) in a four-phase system with (a) the Langmuir sorption-based model, and (b) the Freundlich

sorption-based model.

In the case of the Freundlich sorption-based model, a

contaminant BTC reached a relative concentration of 1.0

(Figure 2b). The contaminant retardation factor (Rc
** ) at 7.5

cm away from the inlet decreased slightly with time at earlier
PV and flattened later to Rc = 3.70. The retardation factors of

colloids (R1
** , R2

**  ) also changed temporally. In the case of

R1
** , it increased continuously with time, approaching at R1

**

= 21.0 at PV = 20. R2
**  increased slightly at earlier PV and

flattened later to R2
**  = 5.14. In addition, the retardation

factors (Rc
** ,R1

** , R2
** ) varied spatially (data not shown). In a

conventional two-phase system, the contaminant retardation
is described as R 1 Kc s cs= +ρ θ  and so do not vary with time

and space. In a multi-phase system, however, Rc changed

temporally and spatially as simulation indicated.

The effects of the ratios of influent colloidal

concentrations (C1: C2) and equilibrium distribution

coefficients of colloids between dissolved phase and solid

matrix (K1:K2) on the contaminant retardation factor are

presented in Figure 3. Simulation results were obtained using

the Langmuir sorption-based model (Figure 3a) and the

Freundlich sorption-based model (Figure 3b). As presented in

Table 1, colloids (type-1) had different mobility and affinity to

contaminants with colloids (type-2). The mobility of colloids
(type-2) was higher than that of colloids (type-1) (i.e. K2 <

K1). In the case of affinity to contaminants, however, colloids

(type-1) had higher affinity than colloids (type-2) (i.e.

Kc1
m  > Kc2

m ).   Therefore, Rc
* , which indicated  the mobility of
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Figure 3. Effect of the ratios of (a) influent colloidal concentrations (C1:C2) (total colloidal concentration = 10.0 mg l-1; simulation

with the Langmuir sorption-based model) and (b) equilibrium distribution coefficients of colloids between dissolved

phase and solid matrix (K1:K2) (simulation with the Freundlich sorption-based model) on temporal variations of

contaminant retardation factor (Rc
*  or Rc

** ) (at 7.5 cm away from the inlet).
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Table 1.      Parameters for contaminant transport simulation in a four-phase system.

Parameter Value

Column length, L 15 cm

Influent concentration of contaminants, Co 1.0 mg l-1

Influent concentration of colloids (type-1), C1o 5.0 mg l-1

Influent concentration of colloids (type-2), C2o 5.0 mg l-1

Pore-water velocity, vw 1.57 × 10-1 cm sec-1

Hydrodynamic dispersion coefficient, Dc 3.57 × 10-1 cm2 sec-1

Water content, θ 0.4

Dry bulk density of solid matrix, ρs 1.6 × 106 mg l-1

Density of colloids (type-1), ρ1 1.0 × 106 mg l-1

Density of colloids (type-2),  ρ2 1.0 × 106 mg l-1

Equilibrium distribution coefficient of contaminants between dissolved phase and
solid matrix, Kcs

3.5 × 10-7 l mg-1

Equilibrium distribution coefficient of contaminants between dissolved phase and

mobile colloids (type-1), Kc1
m 7.5 × 10-1 l mg-1

Equilibrium distribution coefficient of contaminants between dissolved phase and

immobile colloids (type-1), Kc1
i 7.5 × 10-1 l mg-1

Equilibrium distribution coefficient of contaminants between dissolved phase and

mobile colloids (type-2), Kc2
m 5.8 × 10-1 l mg-1

Equilibrium distribution coefficient of contaminants between dissolved phase and

immobile colloids (type-2), Kc2
i 5.8 × 10-1 l mg-1

Equilibrium distribution coefficient of colloids (type-1) between dissolved phase and
solid matrix, K1

5.0 × 10-6 l mg-1

Equilibrium distribution coefficient of colloids (type-2) between dissolved phase and
solid matrix, K2

1.0 × 10-6 l mg-1

Langmuir isotherm coefficient for contaminant, Mc 0.5

Langmuir isotherm coefficient for colloids (type-1), M1 0.5

Langmuir isotherm coefficient for colloids (type-2), M2 0.5

Freundlich isotherm coefficient for contaminant, Ncs 1.2

Freundlich isotherm coefficient for colloids (type-1), N1 1.2

Freundlich isotherm coefficient for colloids (type-2), N2 1.2

contaminants in the presence of colloids, would be affected by

the colloidal concentration ratio. As shown in Figure 3a, at 1:3

(C1 = 2.5 mg l-1; C2 = 7.5 mg l-1) Rc
*  reached 3.47 at PV = 20.

With 1:1 (C1 = 5.0 mg l-1; C2 = 5.0 mg l-1) and 3:1 (C1 = 7.5 mg

l-1; C2 = 2.5 mg l-1), Rc
*  approached 4.63 and 5.66 at PV = 20,

respectively. It indicated that among the three ratios, the

contaminant mobility was the highest at 1:3. A contaminant

BTC confirmed this result. As the ratio changed from 3:1 to

1:3, a contaminant BTC shifted to leftward, indicating

increment of the contaminant mobility (data not shown). Note

that the Freundlich sorption-based model gave the same trend

(data not shown).

In case of the effect of the ratio (K1:K 2) on the

contaminant retardation factor (Figure 3b), Rc
**  reached 1.94

at PV = 20 at 1:1 (K1 = 1.0 × 10-6 l mg-1; K2 = 1.0 × 10-6 l mg-1).

With 1:5 (K1 = 1.0 × 10-6 l mg-1; K2 = 5.0 × 10-6 l mg-1) and 5:1

(K1 = 5.0 × 10-6 l mg-1; K2 = 1.0 × 10-6 l mg-1), Rc
*  approached

3.27 and 3.68 at PV = 20, respectively. It demonstrated that the

contaminant mobility was the highest at 1:1, which

represented the situation that mobility of colloids was the

highest among all three cases. As the ratio changed from 5:1,

1:5, to 1:1, a contaminant BTC shifted to leftward, confirming

the result (data not shown). Note that the Langmuir sorption-

based model gave the same result (data not shown).

The effect of the Langmuir isotherm coefficients
(M M M Mc 1 2= = = ) and the Freundlich isotherm coefficients

(N N N Nc 1= = = 2 ) on the contaminant retardation

factor is shown in Figure 4.  As M changed from 0.1 to 1.0, the
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Figure 4. Effect of (a) the Langmuir isotherm coefficients (M M M Mc 1 2= = = ) and (b) the Freundlich isotherm coefficients

(N N N Nc 1= = = 2 ) on contaminant retardation factor (at 7.5 cm away from the inlet).

contaminant retardation factor ( Rc
* ) increased from 1.73 to

8.11 at PV = 20 (Figure 4a), showing reduction of the

contaminant mobility with increment of M. In the case of N,

the contaminant retardation factor ( Rc
** ) varied considerably

as it increased from 0.8 to 1.2 (Figure 4b). At N = 0.8, Rc
**

dropped sharply at earlier PV and reached 1.97 at PV = 20.

With N = 1.0, which represents the linear sorption isotherm,

Rc
**  dropped at earlier PV and approached 2.64 at PV = 20.

With N = 1.2, Rc
**  dropped slowly to 3.70 at PV = 20. It

demonstrated that a contaminant BTC would behave

differently in response to changes of the isotherm coefficients.

In addition, a contaminant BTC was sensitive to changes of

the equilibrium distribution coefficients of contaminants
between dissolved phase and solid matrix (Kcs ), between

dissolved phase and colloids (type-1) (Kc1
m , Kc1

i ), and

between dissolved phase and colloids (type-2) (Kc2
m , Kc2

i )

(data not shown).

CONCLUSIONS

Mathematical models developed based on the

equilibrium sorption approaches were presented in this study

to simulate transport and retardation of organic contaminants

in a multi-phase system. Simulation results showed that the

contaminant retardation factor varied temporally and

spatially in a multi-phase system. Simulation also indicated

that colloidal concentration and mobility would be key factors

in controlling the contaminant transport in a multi-phase

system. Sensitivity analysis demonstrated that the models

were sensitive to changes of nonlinear isotherm coefficients

and equilibrium distribution coefficients.
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Abstract:

Cryptosporidium parvum is a protozoan parasite, transmitted through aqueous environments in the form of an oocyst.
In this study, a transport model into which sorption, �ltration and inactivation mechanisms are incorporated is applied
to simulate laboratory column data, and the suitability of a kinetic model to describe the C. parvum oocyst transport
and removal in porous media is compared with an equilibrium model. The kinetic model is applied to simulate previous
column experimental data and successfully simulates the concentration peak; the late time tailing effect appeared in
the breakthrough curves, indicating that the kinetic model is more suitable than the equilibrium one at simulating the
fate and transport of the oocysts in porous media. Simulation illustrates that sorption causes retardation along with a
tailing in the breakthrough curve. Additionally, �ltration acts as a major mechanism of removing the oocysts from the
aqueous phase, whereas the role of inactivation in reducing the viable oocyst concentration is minimal. Copyright ©
2004 John Wiley & Sons, Ltd.

KEY WORDS Cryptosporidium parvum oocyst; pathogen; biocolloids; transport model

INTRODUCTION

Cryptosporidium parvum, which is transmitted in the form of oocyst, is a waterborne protozoan parasite,
causing gastrointestinal diseases in humans. A large number of C. parvum oocysts is released in the
environment via faeces from infected animals and humans and then enters surface waters through surface
runoff and sewage discharge. Therefore, the oocysts are widely found in surface water used as drinking water
sources (Kramer et al., 1996; Walker et al., 1998). In water treatment processes, a chemical disinfectant (i.e.
chlorine) used in the treatment is ineffective to inactivate C. parvum oocysts since the oocyst wall is thick
and impervious. Therefore, physical removal such as �ltration plays a major role in controlling the oocysts
present in surface water (LeChevallier et al., 1991a,b; Shaw et al., 2000).

In a drinking water treatment system, C. parvum oocysts frequently pass through �ltration systems (Solo-
Gabriele and Neumeister, 1996). In a conventional rapid sand �ltration, the oocysts are still found in �ltered
water. In addition, the oocysts breaching the �ltration system are not readily inactivated at an acceptable
chlorine concentration (Solo-Gabriele and Neumeister, 1996). Even if a fully treated water meets all the
drinking water quality standards, the oocysts may still be present in a �nal product, potentially causing
outbreaks of waterborne cryptosporidiosis. Therefore, alternative treatment processes are currently investigated
to obtain higher removal ef�ciency of the oocysts. Advanced �ltration methods such as micro�ltration and
ultra�ltration may be suitable as additional treatment systems, and ozonation may also inactivate the oocysts
because ozone is a much stronger disinfectant against the oocysts than chlorine. However, those treatments

* Correspondence to: Song-Bae Kim, School of Biological Resources and Materials Engineering, Seoul National University, Seoul 151-742,
Korea. E-mail: songbaekim@hotmail.com

Received 16 July 2002
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require high operational costs, and so their application in drinking water treatment is limited (Hirata and
Hashimoto, 1998; Rennecker et al., 1999).

Riverbank �ltration is a process that utilizes an alluvial aquifer, hydraulically connected to a river, for the
drinking water treatment by in�ltrating river water through it. During riverbank �ltration, various mechanisms
such as sorption, �ltration and inactivation are effective to control biocolloids. Ef�ciency of riverbank �ltration
as a drinking water treatment technique depends on water quality of river water, in�ltration velocity, residence
time and properties of riverbed and aquifer sediments. Riverbank �ltration has been widely used in European
countries for many years. It has been proven that riverbank �ltration is an ef�cient method for contaminant
removal with low operational costs. It is reported that it is an effective way to remove colloidal particles such
as bacteria and viruses (Kuehn and Mueller, 2000).

The concentration of C. parvum oocysts in river water is strongly correlated with turbidity (LeChevallier
et al., 1991a,b). The oocyst concentration increases after rainfall because a large number of oocysts are �ushed
into the river with surface runoff (LeChevallier and Norton, 1992). In drinking water treatment, the �ltration
ef�ciency of the oocysts is closely related to turbidity removal. Increased turbidity in river water reduces
the ef�ciency of �ltration processes usually because of excessive head loss associated with clogging. As
turbidity of river water increases, particle removal by �ltration becomes less ef�cient, causing breakthrough
of the oocysts into drinking water. It has been reported that outbreaks of cryptosporidiosis mostly occurred
during high runoff periods (Atherholt et al., 1998). To overcome this problem, a storage reservoir is often
recommended to equalize the concentration peak of the oocysts in raw water (Bertolucci et al., 1998). In
riverbank �ltration, �uctuation in river water quality (e.g. turbidity) owing to seasonal changes and surface
runoff can be equalized while river water passes through an aquifer, improving the quality of water directed to
�nal treatment stages (von Gunten et al., 1991). Therefore, riverbank �ltration may be more effective than the
conventional �ltration processes in C. parvum oocyst removal and thus be applied as an alternative method
for drinking water treatment.

Few studies have been performed to examine the transport behaviour of C. parvum oocysts in porous
media. Mawdsley et al. (1996) have examined the movement of C. parvum oocysts through three different
soil types and reported that the extent of C. parvum oocyst migration through soils depended on soil types.
Brush et al. (1999) have conducted a laboratory column study to understand the governing mechanisms of
C. parvum oocyst transport in porous media. Harter et al. (2000) have used column experiments to examine
the deposition and transport of C. parvum oocysts in saturated sands.

Understanding factors affecting the transport of C. parvum oocysts in porous media and applying an
appropriate model into which relevant sorption and removal mechanisms are incorporated are important tasks.
In this study, a transport model into which sorption, �ltration and inactivation mechanisms are incorporated
is presented to simulate the transport of the oocysts in homogeneous porous media. The model is applied to
simulate the laboratory column data reported by Harter et al. (2000), and the suitability of a kinetic model
to describe the C. parvum oocyst transport and removal in porous media is compared with an equilibrium
model. In addition, a sensitivity analysis is performed to examine the effect of state parameters on the model
behaviour.

MATHEMATICAL MODEL

Kinetic model equations

Cryptosporidium parvum oocysts are colloidal particles. Deposition of colloids on solid matrix is controlled
by many factors, including physical properties of porous media, chemical properties of groundwater and
characteristics of colloids (Grolimund et al., 2001). While moving through porous media, C. parvum oocysts
may attach to solid surfaces by sorption or be captured by �ltration mechanism. The mass balance equation

Copyright © 2004 John Wiley & Sons, Ltd. Hydrol. Process. 18, 1999–2009 (2004)
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of viable C. parvum oocysts suspended in the aqueous phase may be described as

∂��Co�

∂t
D �r ð J � Qa � Qb � Qc �1�

where � is the water content ( D n � 
) (Vw V�1
T ), n is the porosity (Vv V�1

T ), 
 is the volumetric fraction of
the oocysts deposited on soil solids by sorption and �ltration (volume of the oocysts deposited per unit total
volume of porous media, Vo V�1

T ), Co is the concentration of viable oocysts suspended in the aqueous phase
(Mo V�1

w ), J is the speci�c discharge of viable oocysts (LMo V�1
T T�1�, Qa is the mass transfer of viable

oocysts between the aqueous and solid phases by sorption (mass of viable oocysts per unit volume of porous
media per unit time, Mo V�1

T T�1�, Qb is the mass transfer of viable oocysts between the aqueous and solid
phases by �ltration (Mo V�1

T T�1�, and Qc is the inactivation rate of viable oocysts in the aqueous phase (Mo

V�1
T T�1�. The speci�c discharge of viable oocysts may be expressed as

J D �Dr[�n � 
�Co] C vw�n � 
�Co C vg�n � 
�Co �2�

where D is the hydrodynamic dispersion coef�cient (L2 T�1�, vw is the pore-water velocity (L T�1) and vg is
the settling velocity of viable oocysts (LT�1). Cryptosporidium parvum oocyst has a diameter of 4Ð5–5Ð5 μm
and density of 1Ð025–1Ð070 g cm�3 (Harter et al., 2000). Owing to its size and density, gravitational
sedimentation may play a role in the vertical transport of the oocyst.

The phenomenon of colloidal retention on soil solids can be described by using colloid �ltration theory
(Harvey and Garabedian, 1991). For interactions between colloids and solid matrix to occur, �rst, colloidal
particles should approach near to matrix surfaces and collide with solid matrix. The transport of colloidal
particles is mainly controlled by mechanisms such as Brownian diffusion, interception and sedimentation
(McDowell-Boyer et al., 1986). The attachment of approaching colloids to soil solids is determined primarily
by chemical interactions. Owing to repulsive interactions, not all collisions between colloids and solid matrix
are successful. Therefore, the attachment ef�ciency, a fraction of collisions resulting in successful attachments,
should be taken into consideration. After approaching matrix surfaces, the colloidal attachment to solid matrix
is affected by several long- and short-range interaction forces. When the London–van der Waals forces equal
or exceed the repulsive electrostatic forces, the attachment of colloids can occur at the secondary minimum.
In a potential energy curve for colloidal attachment to solid matrix, the secondary minimum is situated at a
larger distance from solid surfaces. Colloidal particles can attach to solid matrix at the secondary minimum
owing to long-range forces and readily be released from surfaces by shear forces (Ryan and Elimelech, 1996).
The mass balance equation for viable oocysts attached to solid matrix by sorption may be described as

∂�	
a�

∂t
D Qa � Qd �3�

where 	 is the density of viable oocysts (Mo V�1
o �, 
a is the volumetric fraction of viable oocysts attached to

soil solids by sorption (Vo V�1
T � and Qd is the inactivation rate of viable oocysts attached to solid matrix by

sorption (Mo V�1
T T�1�. If a deposition rate is a function of viable oocyst concentration in the aqueous and

solid phases, the mass transfer of viable oocysts between the two phases by sorption may be quanti�ed by
the following kinetic expression as

Qa D k1�Co � k2	
a �4�

where k1 is the attachment rate coef�cient of viable oocysts (T�1� and k2 is the detachment rate coef�cient
of viable oocysts (T�1�.

The transport of C. parvum oocysts is also affected by pore size of porous media. In natural aquifer
sediments where grain size distribution is heterogeneous, the �ltration mechanisms can play a role in the
oocyst removal. Straining occurs when size of the oocysts moving through pores is larger than pore openings.
It is believed that oocyst removal by this mechanism becomes signi�cant when an average particle diameter
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is >0Ð05 of an average grain diameter in porous media (Hendry et al., 1997). The �ltration may be described
as a time-dependent process in which colloids are permanently removed from the aqueous phase. The mass
balance equation for viable oocysts captured by �ltration may be presented as

∂�	
b�

∂t
D Qb � Qe �5�

where 
b is the volumetric fraction of viable oocysts captured by �ltration (Vo V�1
T � and Qe is the inactivation

rate of viable oocysts captured by �ltration (Mo V�1
T T�1�. The mass transfer of viable oocysts from the

aqueous phase to solid matrix by �ltration may be presented by a �rst-order kinetic expression as

Qb D k3�Co �6�

where k3 is the capture rate coef�cient of viable oocysts by �ltration (T�1�.
Inactivation is an important factor affecting the fate and transport of biocolloids such as bacteria and viruses

(Corapcioglu and Haridas, 1985). Several researchers have studied the inactivation of C. parvum oocysts
under various environmental conditions, reporting that the oocysts can survive in aquatic environments for
long periods of time (Robertson et al., 1992; Fayer, 1994; Fayer and Nerad, 1996; Jenkins et al., 1997). The
inactivation rates of C. parvum oocysts in the aqueous phase and on solid matrix may be described by the
following �rst-order kinetic expressions as

Qc D k4�Co �7�

Qd D k5	
a �8�

Qe D k6	
b �9�

where k4, k5 and k6 are the inactivation rate coef�cients for the oocysts in the aqueous phase, on solid matrix
by sorption and on solid matrix by �ltration (T�1�, respectively. Walker and Stedinger (1999) mentioned that
the �rst-order inactivation rate coef�cient of the oocysts in water is 0Ð002–0Ð003 day�1.

The one-dimensional horizontal transport equation for viable oocysts may be obtained by substituting
Equations (2), (4), (6) and (7) into Equation (1) as

∂��Co�

∂t
D � ∂

∂x

[
�D

∂��Co�

∂x
C vw�Co

]
� k1�Co C k2	
a � k3�Co � k4�Co �10�

When Equations (4) and (8) are substituted into Equation (3), the mass balance equation for viable oocysts
attached on solid matrix by sorption may be presented as

∂�	
a�

∂t
D k1�Co � k2	
a � k5	
a �11�

After substitution of Equations (6) and (9) into Equation (5), the mass balance equation for viable oocysts
captured by �ltration is

∂�	
b�

∂t
D k3�Co � k6	
b �12�

Dimensionless equations

To generalize the simulation result by grouping individual parameters of the phenomenon into dimensionless
numbers, a dimensional analysis is performed with the following dimensionless variables and parameters

X D x

L
; T D vwt

L
; �C D �

n
; CC

o D Co

Ci
; 
C

a D 	
a

nCi
; 
C

b D 	
b

nCi
; Pe D Lvw

D
;

Da1 D Lk1

vw
; Da2 D Lk2

vw
; Da3 D Lk3

vw
; Da4 D Lk4

vw
; Da5 D Lk5

vw
; Da4 D Lk6

vw

�13�
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where L is the length of column, Ci is viable oocyst concentration initially present in the input water, Pe is
the Peclet number, Da1, Da2 and Da3 are the Damköhler numbers for viable oocyst adsorption, desorption
and �ltration respectively, and Da4, Da5 and Da6 are the Damköhler numbers for inactivation of the oocysts
in the aqueous phase, on solid matrix by sorption and on solid matrix by �ltration, respectively. Then the
dimensionless equations, which will be used in the simulation, are �nalized as

∂CC
o

∂T
D 1

Pe

∂2CC
o

∂X2 � ∂CC
o

∂X
� Da1C

C
o C Da2


C
a � Da3C

C
o � Da4C

C
o �14�

∂
C
a

∂T
D Da1C

C
o � Da2


C
a � Da5


C
a �15�

Equations (14) and (15) constitute the kinetic model equations with two unknowns: CC
o and 
C

a . In addition,
the dimensionless form of the equilibrium transport model, which incorporates the linear and equilibrium
sorption instead of kinetic sorption, is given as

R
∂CC

o

∂T
D 1

Pe

∂2CC
o

∂X2 � ∂CC
o

∂X
� Da3C

C
o � Da4C

C
o �16�

where R is the retardation factor.
In this study, a numerical solution to the governing equations is obtained using a fully implicit �nite

difference method along with the Thomas algorithm. The model equations are solved with the following
initial and boundary conditions for an initially clean one-dimensional column with a pulse injection of
C. parvum oocysts

CC
o �X, 0� D 
C

a �X, 0� D 0 �17�

� 1

Pe

∂CC
o

∂X
�0, T� C CC

o �0, T� D
{

1 at 0 < T � T0

0 at T > T0
�18�

∂CC
o

∂X
�1, T� D 0 �19�

where T0 is the duration of oocyst pulse injection.

RESULTS AND DISCUSSION

Application to experimental data

The kinetic model equations are used to simulate the experimental data of C. parvum oocyst transport in
saturated sand columns. Harter et al. (2000) have conducted column experiments (10 cm long and 5Ð1 cm in
diameter) to investigate transport behaviour of C. parvum oocysts in saturated soils. The particle diameters
of sand used in the study were: coarse sand (1Ð4–2Ð4 mm), medium sand (0Ð42–0Ð50 mm) and �ne sand
(0Ð18–0Ð25 mm). A particle suspension containing 1 ð 105oocysts mL�1 was injected for 2Ð5 pore volumes.
The applied �ow rates were 7Ð1 m3 m�2 day�1 for the fast experiments and 0Ð71 m3 m�2 day�1 for the slow
experiments. In coarse sand column experiments, the pore velocities of C. parvum oocysts at the fast and
slow experiments were 16Ð8 and 1Ð94 m day�1, respectively. In medium sand experiments, the pore velocities
of the oocysts at the fast and slow experiments were 16Ð1 and 1Ð57 m day�1, respectively. The pore velocity
in the �ne sand columns was 14Ð1 m day�1.

The comparison of simulation results with the experimental data of column experiments of Harter et al.
(2000) is shown in Figure 1. The inactivation term is not included in this particular set of simulations (i.e.
Da4 D Da5 D 0) owing to the short experimental period. The various Damköhler numbers Da1, Da2 and Da3
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Figure 1. Comparison of simulation results (solid lines) with experimental data (symbols) of column experiments from Harter et al. (2000):
(a) high �ow rate (7Ð1 m3 m�2 day�1) and (b) low �ow rate (0Ð71 m3 m�2 day�1)

are determined by �tting numerical solutions of the model equations with the experimental data. The �tted
parameter values are presented in Table I. In coarse sand experiments, more oocysts passed through saturated
coarse sand at the fast experiments than at the slow ones. The values of Da1, Da2 and Da3 used for the
slow experiments are one order of magnitude larger than those from the fast ones (Table I). In medium sand
column experiments, the values of the Damköhler numbers show a similar trend as in the coarse sand column
experiments. In the case of the �ne sand experiment, the estimated values of the Damköhler numbers are
within the same range as those of medium sand experiments. The deposition of the oocysts on solid matrix is
affected by the pore velocity. As the pore-velocity decreases, the oocysts are likely to have a higher chance
to have contact with solid surfaces. Therefore, more oocysts can be immobilized at lower pore-velocities than
at higher velocities. In addition, sand grain size affects the removal of the oocysts in porous media. As the
grain size decreases, the Damköhler number for oocyst �ltration, Da3, increases. In all cases, Da3 is one order
of magnitude larger than Da1 (Damköhler number for oocyst adsorption), indicating that �ltration plays the
more signi�cant role than sorption in affecting the fate of the oocysts during the transport in porous media.

Figure 2 presents the comparison of the kinetic model with the equilibrium model to simulate the data
of coarse sand column experiments of Harter et al. (2000). As shown in Figure 2, the kinetic model is able
to simulate the experimental data successfully. Especially, the kinetic model is successful in simulating the
tailing effect that appeared in the experimental breakthrough curves. By contrast, the equilibrium model is
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Table I. Fitted model parameters to kinetic model for experimental data of Harter et al.
(2000)

Sand particle Pore-water Parameter values

diameter (mm) velocity (m day�1� Da1 Da2 Da3

1Ð40–2Ð40 16Ð8 0Ð07 0Ð04 0Ð48
1Ð94 0Ð17 0Ð13 2Ð3

0Ð42–0Ð50 16Ð1 0Ð1 0Ð008 1Ð58
1Ð57 0Ð35 0Ð33 6Ð1

0Ð18–0Ð25 14Ð1 0Ð3 0Ð25 5Ð0
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Figure 2. Comparison of the kinetic model with the equilibrium model to simulate the data of the coarse sand column experiment from
Harter et al. (2000)

partially successful in simulating breakthrough curves but unable to simulate the tailing observed at later
times. In the oocyst breakthrough curve, the tailing occurs owing to the slow remobilization of sorbed oocysts
from solid matrix. The analysis indicates that it is more reasonable to describe sorption of C. parvum oocysts
on solid matrix as the non-equilibrium process rather than the equilibrium one.

Numerical experiments

The kinetic model is used to simulate C. parvum oocyst transport in porous media. The sensitivity analysis
is also performed with various Damköhler numbers while the parameter values change within reasonable
ranges. The oocyst suspension (1 ð 105oocysts mL�1) is injected for one T. The model parameters used in
the simulations are presented in Table II. It is assumed that a value of Da5 is half a Da4 value because the
sorbed oocysts may show a different inactivation rate (Jenkins et al., 1999).

The temporal variation of viable oocyst concentration in the aqueous phase at X D L, CC
o , under various

deposition conditions is presented in Figure 3. When neither the sorption and �ltration processes are
considered, the relative peak concentration is 1Ð0, and no tailing appears at later times of the breakthrough
curve. When only the sorption term is included, it is 0Ð9, and the tailing effect appears. With the �ltration
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Table II. Model parameters used for numerical experiments

Parameter Symbol Value

Peclet number Pe 65
Damköhler number for oocyst adsorption Da1 0Ð1
Damköhler number for oocyst desorption Da2 0Ð01
Damköhler number for oocyst �ltration Da3 0Ð4
Damköhler number for inactivation of suspended oocyst Da4 2 ð 10�5

Damköhler number for inactivation of sorbed oocyst Da5 1 ð 10�5
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Figure 3. Temporal variation of viable oocyst concentration in the aqueous phase ef�uent, CC
o , under various deposition conditions

process only, the relative peak concentration is 0Ð66, and the tailing effect disappears again owing to exclusion
of the sorption term. Lastly, the relative peak concentration is 0Ð6 if both the sorption and �ltration terms are
included. It is indicated that without the kinetic sorption term, the model is unable to simulate the late time
tailing observed in the breakthrough curves.

The effect of the Damköhler numbers for oocyst adsorption, Da1, and desorption, Da2, on the temporal
variation of viable oocyst concentration in the aqueous phase at X D L is illustrated in Figure 4. When
Da1 increases two orders of magnitude from 0Ð01 to 1Ð0, the peak concentration decreases from 0Ð66 to
0Ð25 (Figure 4a). As Da1 increases, more oocysts attach to solid matrix, and more oocysts are available for
remobilization at the later times. In the case of Da2, the peak concentration is not much affected by two
orders of magnitude change of Da2 from 0Ð001 to 0Ð1 (Figure 4b). However, as Da2 increases, the tailing
effect occurs at higher concentration at the later times. As Da2 increases, the mobility of the oocysts increases
because the attached oocysts are released faster from solid matrix.

Figure 5 shows the effect of the Damköhler numbers for oocyst �ltration, Da3, and inactivation of viable
oocysts present in the aqueous phase, Da4, on the temporal variation of viable oocyst concentration in the
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Figure 4. Effect of the Damköhler numbers for (a) viable oocyst adsorption, Da1, and (b) viable oocyst desorption, Da2, on temporal
variation of viable oocyst concentration in the aqueous phase at X D L

aqueous phase at X D L. When Da3 increases two orders of magnitude from 0Ð04 to 4Ð0, the peak concentration
decreases greatly from 0Ð86 to 0Ð02 (Figure 5a). As Da3 increases, more oocysts are immobilized and removed
from the aqueous phase. At higher Da3 values, the tailing effect occurs at lower concentrations because a
smaller number of oocysts are available for remobilization. As shown in Figure 5b, the model is not sensitive
to two orders of magnitude change in the inactivation rate coef�cient because the value of Da3 is two to four
orders of magnitude larger than the Da4 value. In the case of Da5, the model is also not sensitive to a change
in the parameter value (data not shown). In C. parvum oocyst transport, both �ltration and inactivation play
a role in reducing the concentration of viable oocysts in the aqueous phase.

Copyright © 2004 John Wiley & Sons, Ltd. Hydrol. Process. 18, 1999–2009 (2004)

230



2008 S.-B. KIM AND M. Y. CORAPCIOGLU

Da3 = 0.04

Da3 = 0.4

Da3 = 4.0

Da4 = 2E-5

Da4 = 2E-4

Da4 = 2E-3

1.E − 06

1.E − 04

1.E − 02

1.E + 00

Relative time, T (= tvw/L)

R
el

at
iv

e 
co

nc
en

tr
at

io
n,

 C
o/

C
i

0 21 3 4 5

1.E − 06

1.E − 04

1.E − 02

1.E + 00

Relative time, T (= tvw/L)

R
el

at
iv

e 
co

nc
en

tr
at

io
n,

 C
o/

C
i

0 21 3 4 5

(b)

(a)

Figure 5. Effect of the Damköhler numbers for (a) viable oocyst �ltration, Da3, and (b) viable oocyst inactivation, Da4, on temporal variation
of viable oocyst concentration in the aqueous phase at X D L

CONCLUSIONS

The kinetic model is applied successfully to the experimental data of Harter et al. (2000) by properly simulating
the concentration peak, and the late time tailing appeared in the breakthrough curves. Simulation demonstrates
that in the oocyst transport model, sorption of the oocysts on solid matrix should be described as the non-
equilibrium process rather than the equilibrium one in order to simulate the late time tailing observed during
the oocyst transport. The sensitivity analysis shows that the model is sensitive to the parameters of sorption
and �ltration but not to the inactivation process.
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Application of generalized contaminant retardation factor
to a multi-phase system

Song-Bae Kim† and Dong-Ju Kim*
Department of Earth and Environmental Sciences, Korea University, Anam Dong 5-1, Sungbuk Ku, Seoul 136-701, Korea

Abstract:

In this study, a generalized contaminant retardation factor applicable to a multiphase system where various types
of colloids exist simultaneously with contaminants is derived and incorporated into an equilibrium model which is
successfully applied to experimental data for which phenanthrene was used as hydrophobic organic contaminants and
dissolved organic matter (DOM) or bacteria as mobile carriers. Based on the parameter values for the experimental
data regarding the association of phenanthrene with solid matrix, DOM and various bacterial isolates, numerical
experiments are performed to examine the transport behaviour of hydrophobic organic contaminants in various types
of the multiphase system. Numerical experiments demonstrate that the extent of contaminant transport enhancement
depends on the adsorption affinity of the colloid, its concentration and its mobility, and that the importance of a third
phase to contaminant transport needs to be evaluated carefully with respect to the relevance of experimental conditions
applied to realistic environmental conditions. Copyright © 2003 John Wiley & Sons, Ltd.

KEY WORDS retardation factor; hydrophobic organic contaminants; colloids; colloid-facilitated transport; equilibrium
model

INTRODUCTION

Subsurface contaminant migration is controlled by advective–dispersive transport and sorption mechanisms.
In porous media, contaminants can partition between the aqueous phase and solid matrix, and the contaminant
transport can be delayed relative to groundwater flow as a result of sorption. A contaminant retardation factor,
which is defined as the average transport velocity of contaminants relative to the pore-water velocity, is
commonly used to describe the extent of contaminant transport in groundwater. In a conventional two-phase
system, the contaminant retardation factor is solely determined by interaction between contaminants and solid
matrix.

In groundwater, colloidal particles such as bacteria, inorganic colloids and dissolved organic matter (DOM)
are widely present. Wastewater infiltration for artificial groundwater recharge and land application of sewage
sludge are likely to increase bacterial concentration in groundwater. In aquifers, inorganic colloids such as
clays and oxides are mobilized by physical and chemical perturbations of groundwater conditions, including
an increase in flow velocity and changes in pH and ionic strength. The DOM, such as humic substances and
exocellular materials, present in groundwater comes from microbial activities (McCarthy and Zachara, 1989;
Ryan and Elimelech, 1996).

The mobility of contaminants in porous media may be altered owing to the presence of mobile colloids. In
aquifers, bacteria such as mobile colloids are able to carry contaminants attached to them (Tsezos and Seto,
1986; Bellin and Rao, 1993; Corapcioglu and Kim, 1995; Saiers and Hornberger, 1996a). Lindqvist and Enfield
(1992) have examined that the transport of organic contaminants such as dichlorodiphenyltrichloroethane
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(DDT) and hexachlorobenzene could be enhanced by mobile bacteria. Jenkins and Lion (1993) have reported
that the mobility of hydrophobic organic compounds could increase in groundwater when they are associated
with highly mobile bacteria.

The attachment of organic and inorganic contaminants on to DOM has been observed by many researchers
(Carter and Suffet, 1982; Chiou et al., 1986; Enfield et al., 1989; Lafrance et al., 1994; Jordan et al., 1997;
McCarthy et al., 1998). In groundwater, the mobility of contaminants may be enhanced owing to the presence
of DOM. Magee et al. (1991) have demonstrated that as mobile colloids, DOM could facilitate the transport
of hydrophobic compounds. Liu and Amy (1993) have also shown that polycyclic aromatic hydrocarbons
(PAHs) had strong affinity to DOM, and so their mobility in groundwater could increase in the presence
of DOM.

The association of contaminants with inorganic colloids in porous media has also been reported (Grolimund
et al., 1996; Roy and Dzombak, 1997; Kretzschmar and Sticher, 1997; Villholth, 1999), and thus contaminant
transport may be facilitated in the presence of inorganic colloids in aquifers. Puls and Powell (1992) have
examined with column experiments that haematite colloids could greatly facilitate the transport of arsenate.
Saiers and Hornberger (1996b) have shown that the mobility of caesium increased owing to its association with
kaolinite colloids. Noell et al. (1998) have reported that silica colloids could enhance the caesium transport
through glass bead columns.

In subsurface environments, contaminants are likely to be present together with various colloidal particles
that show different affinity to contaminants and have different attachment affinity to solid surfaces. In this
study, a generalized form of retardation factor for hydrophobic organic contaminant in a multiphase system (an
aqueous phase, a solid matrix and mobile colloidal phases) is derived, and then the facilitation and retardation
of contaminant transport in the multiphase system is investigated.

MATHEMATICAL MODEL DEVELOPMENT

To obtain a generalized form of the contaminant retardation factor in the multiphase system, the contaminant
retardation factor in a four-phase system (an aqueous phase, a solid matrix and two mobile colloidal phases)
is firstly derived. Assuming dissolved contaminants that do not undergo degradation adsorb, linearly and
reversibly to equilibrium, and colloidal particles adsorb in the same manner in porous media, a contaminant
transport equation in the four-phase system may be given as
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where � is the water content, Cc is the concentration of dissolved contaminants, C1 is the concentration
of colloidal particle type-1 in the aqueous phase, C2 is the concentration of colloidal particle type-2 in the
aqueous phase, 	d is the dry bulk density of solid matrix, 	1 is the density of colloidal particle type-1, 	2 is
the density of colloidal particle type-2, Kc is the equilibrium distribution coefficient of contaminants between
the aqueous phase and solid matrix (L3 M�1), Km

1 and Kim
1 are the equilibrium distribution coefficients of

contaminants between the aqueous phase and mobile and immobile colloid type-1, respectively, Km
2 and Kim

2 are
the equilibrium distribution coefficient of contaminants between the aqueous phase and mobile and immobile
colloid type-2, respectively, K1 is the equilibrium distribution coefficient of colloidal particle type-1 between
the aqueous phase and solid matrix, K2 is the equilibrium distribution coefficient of colloidal particle type-2
between the aqueous phase and solid matrix, Dc is the hydrodynamic dispersion coefficient of contaminants,
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D1 is the hydrodynamic dispersion coefficient of colloidal particle type-1, D2 is the hydrodynamic dispersion
coefficient of colloidal particle type-2 and vw is the pore-water velocity.

In Equation (1), the first and second terms on the left-hand side indicate the time derivatives for contaminants
dissolved in the aqueous phase and sorbed on to solid matrix, respectively. The third and fourth on the left-
hand side represent the time derivatives for contaminants sorbed on to mobile colloid type-1 and type-2,
respectively. The fifth and sixth denote the time derivatives for contaminants sorbed on to immobile colloid
type-1 and type-2, respectively. In addition, three terms in brackets on the right-hand side represent the
advective and dispersive transport for contaminants sorbed to mobile colloid type-1, sorbed to mobile colloid
type-2 and dissolved in the aqueous phase, respectively.

The hydrodynamic dispersion coefficient is composed of the mechanical dispersion coefficient and the
Brownian diffusion coefficient, and thus D1 or D2 differs from Dc because the Brownian diffusion coefficient
of contaminants is not necessarily equal to that of colloidal particles. However, it may be safely assumed that
D1 D D2 D Dc because the molecular diffusions of contaminants and colloids are negligible compared with
the mechanical dispersion (Johnson et al., 1998). After rearrangement, Equation (1) may be rewritten as
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Then, another rearrangement of Equation (2) gives
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Finally, the contaminant transport equation in the four-phase system may be presented as
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where R1 is the retardation factor of colloidal particle type-1 and R2 is the retardation factor of colloidal
particle type-2.

Then, Equation (5) may be expanded to describe the contaminant retardation factor for the multiphase
system where several colloidal particles are simultaneously present with hydrophobic organic contaminants.
The generalized form of the contaminant transport factor in the multiphase system may be finalized as
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When n D 1, Equation (6) is equivalent to the contaminant retardation factor in the three-phase system where
an aqueous phase, a solid matrix and a mobile colloidal phase are present. At n D 2, Equation (6) becomes
equal to Equation (5), the contaminant retardation factor in the four-phase system.
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RESULTS AND DISCUSSION

The mathematical model is applied to simulate experimental data of Jenkins and Lion (1993) who have
performed the laboratory experiments using columns packed with aquifer sand to examine the transport
behaviour of phenanthrene in the presence of bacteria. According to Jenkins and Lion (1993), among the 25
bacterial isolates tested in batch experiments, five isolates (9711A-2, 9703A-1, 9701A-2, 9702A-2 and A100)
that most decreased the value of Kd (equivalent to Kc in our study) were selected for column experiments
to examine their mobility in aquifer sand. The bacterial transport experiments were carried out in a column
6Ð5 cm long with a dry bulk density of 1Ð60 g cm�3 and a flow rate of 6–12 mL h�1. Prior to the bacterial
experiments, the pore-water velocity and the dispersion coefficient were determined from the chloride break-
through curves. The bacterial cell suspension was applied as a pulse type for 2 or 6 h. The cell concentration
was quantified using plate count or total organic carbon (TOC) analysis, and the bacterial retardation factor
was calculated from the first-order time moment analysis. Among the five isolates tested in the column
experiments, bacterial isolate 9702A-2 with the highest mobility (R D 1Ð0) was further tested as mobile carriers
of phenanthrene. The column experiments in the presence of phenanthrene and bacterial isolate 9702A-2 were
conducted in a column 5Ð0 cm long with a dry bulk density of 1Ð50–1Ð60 g cm�3 and a flow rate of 5 mL h�1.
The applied concentrations of phenanthrene and bacteria were 0Ð42 μM and 65 mg l�1 total organic carbon
(TOC), respectively, for 6 h as a pulse. The observed retardation factor of phenanthrene in the absence of
bacteria was 51 whereas in the presence of carriers it was 38, demonstrating a potential role of bacteria in
contaminant transport enhancement. As shown in Figure 1, applying Equations (4) and (6) to simulate the
experimental data of Jenkins and Lion (1993) results in a favourable match, indicting the applicability of the
equilibrium model to hydrophobic organic contaminant transport in the presence of bacteria.

Even if Jenkins and Lion (1993) observed considerable enhancement of hydrophobic organic contaminant
transport (25Ð5% reduction in the value of Rc), it was demonstrated under the condition (three-phase system)
that a single type of bacterial isolate (9702A-2) that showed no retardation during transport through the sand
column was applied at the high concentration level (65 mg L�1� with phenanthrene. In natural conditions, a
community of bacteria including species with different shapes, sizes, mobility and hydrophobicity is likely
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Figure 1. Numerical simulation of the experimental data reported by Jenkins and Lion (1993) for contaminant transport with or without
bacteria
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to be present. In addition, bacterial concentration is expected to be much lower than that of the experiment.
Therefore, numerical experiments in the multiphase system are performed to examine the retardation and
facilitation of hydrophobic organic contaminants in the presence of various bacterial species under a relatively
low concentration of mobile bacteria. Parameter values presented in Table I are from Jenkins and Lion (1993).
In addition, colloidal particles and the associated parameters are summarized in Table II. Among bacterial
isolates used in the analysis, 9702A-2 (Bact-1) is a gram-negative rod with a length of about 1 μm, A100
(Bact-2) is gram-negative with a length of 1 μm, and 9703A-1 (Bact-3) is a gram-positive bacillus with
a length of 2 μm. In all experiments, contaminants and colloids are injected into the column for 1Ð5 pore
volumes (PV).

The numerical results for contaminant transport in the presence of two different types of bacteria are
presented in Figure 2. In the two-phase system where no bacterial isolates are present, the retardation factor
of hydrophobic organic contaminants, Rc, is 50Ð8, and in the break-through curve, a relative peak concentration
of 0Ð051 arrives at PV D 47Ð0 (see Table III). In the four-phase system where two bacterial isolates with a total
concentration of mobile bacteria of 10 mg l�1 move together through porous media along with hydrophobic
organic contaminants, the value of Rc is reduced from 6Ð3 to 10Ð6% compared with the two-phase system
depending on the combination of bacterial isolates. Among the three isolates, Bact-1 has the highest mobility
(R1 D 1Ð0) whereas the mobility of Bact-2 is the lowest (R1 D 2Ð9). With regard to the distribution coefficient
of phenanthrene on bacteria (Km

i and Kim
i ), which represents its sorption affinity to bacteria, Bact-2 is the

highest whereas Bact-3 is the lowest (see Table II). The analyses reveal that the combination of Bact-1
and -2 reduces the Rc value most, in other words, facilitates the transport of contaminants most, whereas
the combination of Bact-1 and -3 is the least at enhancing contaminant transport. Therefore, the extent of
bacteria-enhanced contaminant transport depends on the types of bacteria, which have different mobility and
affinity to hydrophobic organic contaminants.

Numerical results for contaminant transport in the multiphase system where the three bacterial isolates
are present simultaneously with contaminants is shown in Figure 3. The effect of a total mobile bacterial
concentration on contaminant transport is demonstrated in Figure 3a. As summarized in Table III, the
increment of the mobile bacterial concentration results in reduction of the Rc value (increase of contaminant
mobility). It should be noted, however, that at the low level of bacterial concentration (e.g. below 5 mg L�1�
that is likely to occur in natural subsurface environments where various types of bacteria exist, the

Table I. Parameters used in the numerical experiment

Parameter Value

Column length, L 30 cm
Concentration of hydrophobic organic contaminant, Cc 1Ð0 mg L�1

Pore-water velocity, v 1Ð0 ð 10�3 cm s�1

Hydrodynamic dispersion coefficient, D 1Ð0 ð 10�3 cm2 s�1

Dry bulk density of solid matrix, 	d 1Ð0 ð 106 mg L�1

Water content, � 0Ð35
Equilibrium distribution coefficient of contaminant, Kc 1Ð1 ð 10�5 L mg�1

Table II. Colloidal particles and the associated parameters

Colloid Abbreviation Ri Km
i and Kim

i

9702A-2 Bact-1 1Ð0 1Ð1 ð 10�2 L mg�1

A-100 Bact-2 2Ð5 1Ð3 ð 10�2 L mg�1

9703A-1 Bact-3 2Ð9 3Ð0 ð 10�3 L mg�1

Dissolved organic matter DOM 3Ð2 4Ð4 ð 10�2 L mg�1
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Figure 2. Numerical results for contaminant transport in the four-phase system in the presence of two different types of bacteria

Table III. Summary of simulation results shown in each figure

Simulation results Phase Rc Peak
concentration

Arrival
PVa

Percentage reduction
in Rc

Figure 2 Two phase 50Ð8 0Ð051 47Ð0
Bact-1 and -3 47Ð6 0Ð054 44Ð1 6Ð3
Bact-2 and -3 47Ð1 0Ð050 43Ð4 7Ð3
Bact-1 and -2 45Ð4 0Ð055 42Ð0 10Ð6

Figure 3a Bact-1, -2, -3 (50 mg l�1)b 35Ð5 0Ð072 33Ð1 30Ð1
Bact-1, -2, -3 (25 mg l�1� 41Ð8 0Ð062 38Ð8 17Ð7
Bact-1, -2, -3 (5 mg l�1� 48Ð7 0Ð053 45Ð1 4Ð1

Figure 3b Bact-1, -2, -3 (2 : 1 : 1)c 44Ð4 0Ð057 41Ð1 12Ð6
Bact-1, -2, -3 (1 : 2 : 1) 46Ð4 0Ð051 42Ð7 8Ð7
Bact-1, -2, -3 (1 : 1 : 2) 47Ð4 0Ð054 43Ð8 6Ð7

Figure 5d Bact-1, -3 and DOM 43Ð1 0Ð059 39Ð9 15Ð2
Bact-2, -3 and DOM 42Ð9 0Ð060 39Ð8 15Ð6
Bact-1, -2 and DOM 41Ð9 0Ð062 38Ð9 17Ð5

Figure 6e DOM 36Ð3 0Ð071 33Ð8 28Ð5
Bact-2 and DOM 40Ð2 0Ð066 37Ð4 20Ð9
Bact-1, -2 and DOM 41Ð9 0Ð062 38Ð9 17Ð5
Bact-1, -2, -3 and DOM 43Ð6 0Ð058 40Ð3 14Ð2

a Pore volume at which the relative peak concentration (Cc/Cc0) arrives.
b Total concentration of mobile bacteria.
c Bacterial concentration ratio with a total concentration of mobile bacteria D 10 mg L�1.
d Total colloidal concentration D 10 mg L�1.
e Total colloidal concentration D 10 mg L�1.
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Figure 3. Numerical results for contaminant transport in the multiphase system in the presence of three different types of bacteria: (a) at
different total bacterial concentration; (b) at different bacterial concentration ratio (total bacterial concentration D 10 mg L�1), where case

1 is Bact-1 : Bact-2 : Bact-3 D 2 : 1 : 1, case 2 is 1 : 1 : 2 and case 3 is 1 : 2 : 1

bacteria-enhanced transport of hydrophobic organic contaminants may not be manifested as observed in
laboratory conditions. The effect of a bacterial concentration ratio on contaminant transport (total bacterial
concentration D 10 mg L�1� is illustrated in Figure 3b. Among the three combinations, case 1 enhances the
contaminant transport most because the concentration of the bacterial isolate that has the highest mobility
(Bact-1) is twice those of other isolates. In contrast, case 3 is the least at facilitating the contaminant transport
because the bacterial isolate concentration of lowest mobility and least affinity to contaminants (Bact-3) is
twice those of the others. It is therefore indicated that an individual concentration of each bacterial isolate in the
bacterial community along with a total bacterial concentration will influence the extent of bacteria-facilitated
contaminant transport.
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The model is also applied successfully (Figure 4) to simulate experimental data reported by Magee et al.
(1991), who have conducted experiments in a column packed with dark sand to observe the transport of
phenanthrene in the presence of DOM, which plays a role as a mobile carrier. In replicate transport experiments
with phenanthrene alone performed in a column 5Ð5 cm long and 0Ð25 cm in diameter with a dry bulk density
of 1Ð65 g cm�3 and a pore-water velocity of 2Ð78 ð 10�3 cm s�1, applied phenanthrene concentrations were
4Ð76 ð 10�2 and 5Ð29 ð 10�2 mg l�1, and the obtained retardation factor was 79. Under the same experimental
conditions as the phenanthrene transport case, except that the dry bulk densities of soil samples were 1Ð60
and 1Ð61 g cm�3, column experiments in the presence of DOM and phenanthrene were carried out, and the
observed retardation factor of phenanthrene was 44. In the experiments, the applied DOM and phenanthrene
concentrations were 99Ð0 and 3Ð92 ð 10�2 mg l�1 TOC, respectively, in the first case, and in the second case
they were 77Ð5 and 9Ð91 ð 10�2 mg l�1, respectively.

Numerical experiments in the multiphase system where the bacterial isolates and DOM are simultaneously
present with phenanthrene were carried out with the parameters in Table I and II. Numerical results
for contaminant transport in the multiphase system where bacteria and DOM are present together with
contaminants with a total colloidal concentration of 10 mg l�1 are given in Figure 5. Among the three
cases, the presence of DOM along with Bact-1 and -2 that have higher mobility and affinity to phenanthrene
than Bact-3 increases the contaminant mobility most as summarized in Table III. The simulation reveals
that the presence of DOM will impose considerable enhancement in contaminant mobility. This result is not
surprising because the affinity of phenanthrene to DOM is three to 15 times greater than those of bacterial
isolates (see Table II). It is suggested that the presence of colloidal particles possessing high potential as
contaminant carriers (e.g. DOM) along with bacteria will change the transport behaviour of hydrophobic
organic contaminants in the multiphase system.

Numerical results for contaminant transport in various types of the multiphase systems at a total colloidal
concentration of 10 mg L�1 are shown in Figure 6. In the three-phase system where only DOM exists with
contaminants the peak concentration (D0Ð071) is at PV D 33Ð8, and the value of Rc (D36Ð3) is reduced at
28Ð5% compared with the two-phase system. As the relative proportion of DOM, which has the highest
adsorption affinity among the colloids present in the system, decreases, the value of Rc tends to increase (see
Table III), indicating a reduction of colloidal enhancement in contaminant transport.
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Figure 4. Numerical simulation of the experimental data for contaminant transport with or without DOM reported by Magee et al. (1991)
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Figure 5. Numerical results for contaminant transport in the multiphase system in the presence of bacteria and DOM (total colloidal
concentration D 10 mg L�1)
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Figure 6. Numerical results for contaminant transport in the different phase systems (total colloidal concentration D 10 mg L�1)

SUMMARY AND CONCLUSION

The general form of contaminant retardation factor is derived and applied to the multiphase system where
various types of colloidal particles are present together with hydrophobic organic contaminants. This study
illustrates that the magnitude of contaminant transport facilitation depends on the adsorption affinity of the
colloid, its concentration and its mobility, and that the significance of a third phase to contaminant transport
needs to be carefully evaluated with respect to the relevance of experimental conditions applied to realistic
environmental conditions.
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Abstract

A mathematical model for the transport of hydrophobic organic contaminants in an aquifer under

simplistic riverbank filtration conditions is developed. The model considers a situation where

contaminants are present together with dissolved organic matter (DOM) and bacteria. The aquifer is

conceptualized as a four-phase system: two mobile colloidal phases, an aqueous phase, and a

stationary solid phase. An equilibrium approach is used to describe the interactions of contaminants

with DOM, bacteria, and solid matrix. The model is composed of bacterial transport equation and

contaminant transport equation. Numerical simulations are performed to examine the contaminant

transport behavior in the presence of DOM and bacteria. The simulation results illustrate that

contaminant transport is enhanced markedly in the presence of DOM and bacteria, and the impact of

DOM on contaminant mobility is greater than that of bacteria under examined conditions. Sensitivity

analysis demonstrates that the model is sensitive to changes of three lumped parameters: K1
+ (total

affinity of stationary solid phase to contaminants), K2
+ (total affinity of DOM to contaminants), and

K3
+ (total affinity of bacteria to contaminants). In a situation where contaminants exist simultaneously

with DOM and bacteria, contaminant transport is mainly affected by a ratio of K1
+/K2

+/K3
+, which can

vary with changes of equilibrium distribution coefficient of contaminants and/or colloidal

concentrations. In riverbank filtration, the influence of DOM and bacteria on the transport behavior

of contaminants should be accounted to accurately predict the contaminant mobility.
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1. Introduction

Riverbank filtration is a natural process, using alluvial aquifers to remove contaminants

and pathogens in river water for the production of drinking water (Fig. 1). It is widely

applied in the European countries such as Germany, Netherlands, France, Switzerland, and

Hungary. In Germany, riverbank filtration has been used along the Rhine River for many

years. Kuehn and Mueller (2000) reported that riverbank filtration/infiltration constitutes

nearly 16% of drinking water production in Germany. In the Netherlands, riverbank

filtration is also practiced along the Rhine River (van der Kooij et al., 1985). In France,

Fig. 1. Schematic diagram of riverbank filtration.
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alluvial aquifers are well developed along the Deûle River, the Lot River, the Rhône River,

and the Seine River, and the riverbank filtration is performed along those rivers for the

drinking water production (Bourg and Bertin, 1994; Doussan et al., 1997). In the lower

Glatt Valley, Switzerland, the Glatt River recharges the shallow aquifer, mainly composed

of gravel and sands, by infiltrating into the top layer of saturated aquifer (von Gunten et

al., 1991). Recently, riverbank filtration is applied in the United States as a treatment

technology due to its removal efficiency and cost-effectiveness in drinking water treatment

(Ray et al., 2002).

In riverbank filtration, the physical, chemical, and microbiological qualities of bank-

filtered water primarily depend on the quality of river water. In a situation where chemical

pollution is not serious in river, bank-filtered water can be used directly as drinking water

after disinfection. However, if contamination of river is serious due to chemicals

discharged from industries, additional treatments are required to achieve drinking water

standards. The quality of bank-filtered water is also affected by the riverbed sediment, the

aquifer media, the infiltration velocity, and the residence time in the aquifer (Literathy and

László, 1996).

The organic compounds discharged from chemical plants and industries are the major

contaminants to cause river pollution and subsequently to impact on the quality of the

bank-filtered water (Sontheimer, 1980; Piet and Zoeteman, 1980). The behavior of organic

contaminants in riverbank filtration has been studied by several researchers (Schwarzen-

bach and Westall, 1981; Schwarzenbach et al., 1983; Schellenberg et al., 1984; Kuhn et al.,

1985; Ahel et al., 1996). In riverbank filtration, the fate and transport of organic

contaminants are mainly affected by microbial degradation, sorption to solid matrix,

and attachment to colloidal particles.

Colloids are widely present in surface (e.g., rivers) and subsurface (e.g., groundwater)

aquatic environments. They can be classified into three major types (Mills et al., 1991): (i)

biocolloids, (ii) inorganic colloids, (iii) organic colloids. Colloids can play the role of

mobile carriers in facilitating the contaminant transport (Corapcioglu and Jiang, 1993).

Colloids can enhance the mobility of inorganic contaminants such as metals and radio-

nuclides (Grolimund et al., 1996; Noell et al., 1998), and organic contaminants such as

polycyclic aromatic hydrocarbons (PAHs) and dichlorodiphenyltrichloroethane (DDT) in

porous media (Jenkins and Lion, 1993; Saiers and Hornberger, 1996). In riverbank

filtration, mobility of contaminants may be enhanced by mobile colloids such as dissolved

organic matter (DOM) and mobile bacteria.

DOM is a complex molecule, composed of humic (humic and fulvic acids) and

nonhumic substances (amino acids and carbohydrates) and abundant in aquatic environ-

ments (Frimmel, 1998). In riverbank filtration, most of DOM removal occurs around the

river-aquifer interface by physical and biochemical processes. Biodegradable fraction of

DOM would be degraded by bacteria while refractory fraction removed by adsorption on

solid phase (Marmonier et al., 1995). DOM may enhance the mobility of contaminants

through aquifers. Enfield et al. (1989) have demonstrated that hydrophobic organic

compounds could pass through soils faster when they partitioned into DOM. Magee et

al. (1991) have shown that hydrophobic compounds had strong affinity to DOM and

moved faster in the presence of DOM. Liu and Amy (1993) have reported that DOM

suspended in the aqueous phase could facilitate the transport of PAHs.
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The fate and transport of contaminants may also be affected by the presence of mobile

bacteria. The concentration of organic contaminants may be reduced by bacterial

utilization, and the transport behavior of contaminants may be altered due to their sorption

onto bacteria. The attachment of contaminants onto bacteria, called biosorption, is a well-

known phenomenon (Tsezos and Seto, 1986; Bellin and Rao, 1993). As mobile colloids,

bacteria can carry hydrophobic organic contaminants sorbed onto them. Especially when

bacteria have high mobility, contaminants may be transported further than expected,

resulting in serious groundwater contamination. Lindqvist and Enfield (1992) have

reported that DDT and hexachlorobenzene could adsorb onto bacteria, and hence their

transport could be facilitated in groundwater. Jenkins and Lion (1993) also have confirmed

that the mobility of hydrophobic organic compounds such as PAHs could be enhanced due

to their sorption to mobile bacteria in porous media.

The objective of this study was to investigate the transport behavior of hydrophobic

organic contaminants in an aquifer under simplistic riverbank filtration conditions where

contaminants were present simultaneously with DOM and bacteria and uniform influent

water quality was imposed. A mathematical model is developed based on the conceptu-

alization of the aquifer as a four-phase system: two mobile colloidal phases, an aqueous

phase, and a stationary solid phase (Fig. 2). An equilibrium approach is used to describe

the interactions of contaminants with DOM, bacteria, and solid matrix. A fully implicit

Fig. 2. Conceptual diagram for contaminant transport in the presence of DOM and bacteria.
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finite difference method is applied to obtain a numerical solution of the dimensionless

form of proposed model. Numerical simulations are performed to examine the contam-

inant transport in the presence of DOM and bacteria. Sensitivity analysis is conducted to

observe the effect of key model parameters on the contaminant transport behavior.

2. Mathematical model development

2.1. DOM and bacterial transport

McCarthy et al. (1996) have reported that DOM transport could be considered as that of

a conservative solute in the aquifer where an equilibrium condition between DOM and

organic matter on the solid phase was not disrupted or where the aquifer binding sites for

organic matter were saturated due to continuous input. It is assumed in this study that the

aquifer is saturated with organic matter due to continuous input of DOM from river water.

The mass balance equation for bacteria suspended in the aqueous phase of saturated

porous media may be described as:

BðhCbÞ
Bt

¼ �j � ½�DbjðhCbÞ þ vwhCb	 � Qbs þ Qgm � Qdm þ Qgo ð1Þ

where h is the water content (h = n� rb), n is the porosity, rb is the volumetric fraction of

bacteria attached onto solid matrix (volume of bacteria deposited per unit total volume of

porous media), Cb is the concentration of bacteria suspended in the aqueous phase, Db is

the hydrodynamic dispersion coefficient of bacteria (L2 T� 1), and vw is the pore-water

velocity (L T� 1). Qbs represents the mass transfer of bacteria between the aqueous and

solid phases (mass of bacteria per unit volume of porous media per unit time). Qgm denotes

the growth rate of bacteria suspended in the aqueous phase with contaminant as a food

source. Qdm denotes the decay rate of bacteria suspended in the aqueous phase. Qgo

indicates the growth rate of bacteria suspended in the aqueous phase with DOM as a food

source. These terms will be described further below.

The mass balance equation for bacteria captured on the surfaces of solid matrix may be

described as:

BðqbrbÞ
Bt

¼ Qbs þ Qgi � Qdi ð2Þ

where qb is the density of bacteria. Qgi and Qdi denote the growth and decay rates of

bacteria captured on solid matrix, respectively.

The attachment of bacteria on solid matrix may be described as an equilibrium-

controlled process (Matthess et al., 1988). If the deposition of bacteria on the surfaces of

solid matrix is a linear and reversible process, the volumetric fraction of bacteria captured

on solid matrix may be given as:

rb ¼ KbCb ð3Þ
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where Kb is the linear equilibrium distribution coefficient for bacteria between the aqueous

phase and solid matrix (L3 M� 1).

2.2. Contaminant transport

In the presence of DOM and mobile bacteria in groundwater, contaminants may be

dissolved in the aqueous phase and sorbed on solid matrix, DOM or bacteria. The mass

balance equation for contaminants dissolved in the aqueous phase may be expressed as:

BðhCcÞ
Bt

¼ �j � ½�DcjðhCcÞ þ vwhCc	 � Qcs � Qcd � Qcbm � Qcbi � Qa ð4Þ

where Cc is the concentration of dissolved contaminants, Dc is the hydrodynamic

dispersion coefficient of contaminants (L2 T� 1), Qcs is the mass transfer of contaminants

between the aqueous phase and solid matrix (mass of contaminants per unit volume of

porous media per unit time), Qcd denotes the mass transfer of contaminants between the

aqueous phase and DOM, Qcbm indicates the mass transfer of contaminants between the

aqueous phase and mobile bacteria, Qcbi represents the mass transfer of contaminants

between the aqueous phase and immobile bacteria, and Qa is the utilization rate of

contaminants dissolved in the aqueous phase.

The mass balance equation for contaminants sorbed on solid matrix may be presented

as:

BðqsrcsÞ
Bt

¼ Qcs � Qs ð5Þ

qs is the dry bulk density of solid matrix, rcs is the mass fraction of contaminants sorbed

on solid matrix (mass of contaminants sorbed per unit solid mass of porous media), and Qs

is the utilization rate of contaminants sorbed on solid matrix. Sorption of hydrophobic

organic compounds on solid matrix is controlled by hydrophobic partitioning (Brusseau

and Rao, 1989). If sorption of contaminants on solid matrix can be represented by a linear

equilibrium isotherm, the mass fraction of contaminants sorbed on solid matrix may be

given as:

rcs ¼ K1Cc ð6Þ

where K1 is the linear equilibrium distribution coefficient of contaminants between the

aqueous phase and solid matrix (L3 M� 1).

The mass balance equation for contaminants sorbed to DOM may be presented as:

BðhCdrcdÞ
Bt

¼ �j � ½�DdjðhCdrcdÞ þ vwhCdrcd	 þ Qcd � Qd ð7Þ

where Cd is the concentration of DOM in the aqueous phase, rcd is the mass fraction of

contaminants attached to DOM (mass of contaminants sorbed on DOM per unit mass of

DOM), Dd is the hydrodynamic dispersion coefficient of DOM (L2 T�1), and Qd is the

utilization rate of contaminants sorbed on DOM. As noted earlier, in riverbank filtration,
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the aquifer is generally saturated with DOM. Therefore, for practical purposes of riverbank

filtration, we can assume constant DOM concentration in groundwater. Assuming that

attachment of contaminants to DOM is an equilibrium-controlled process, the mass

fraction of contaminants sorbed on DOM can be described with a linear equilibrium

isotherm as:

rcd ¼ K2Cc ð8Þ

where K2 is the linear equilibrium distribution coefficent of contaminants between the

aqueous phase and DOM (L3 M� 1).

The mass balance equation for contaminants attached to mobile bacteria may be

expressed as:

BðhCbrcbmÞ
Bt

¼ �j � ½�DbjðhCbrcbmÞ þ vwhCbrcbm	 þ Qcbm � Qbm ð9Þ

where rcbm is the mass fraction of contaminants attached to mobile bacteria (mass of

contaminants sorbed on mobile bacteria per unit mass of mobile bacteria) and Qbm is the

utilization rate of contaminants sorbed on mobile bacteria. The mass balance equation for

contaminants attached to immobile bacteria may be written as:

BðqbrbrcbiÞ
Bt

¼ Qcbi � Qbi ð10Þ

where rcbi is the mass fraction of contaminants attached to immobile bacteria (mass of

contaminants sorbed on immobile bacteria per unit mass of immobile bacteria) and Qbi is

the utilization rate of contaminants sorbed on immobile bacteria.

With an assumption that sorption of contaminants on bacteria is an equilibrium-

controlled process, the mass fractions of contaminants attached to mobile and immobile

bacteria can be presented using a linear equilibrium isotherm as:

rcbm ¼ K3Cc ð11Þ
rcbi ¼ K4Cc ð12Þ

where K3 is the linear equilibrium distribution coefficient of contaminants between the

aqueous phase and mobile bacteria (L3 M� 1) and K4 is the linear equilibrium distribution

coefficient of contaminants between the aqueous phase and immobile bacteria (L3 M� 1).

2.3. Bacterial growth and decay and contaminant utilization

If bacteria can utilize contaminants as a growth substrate in porous media, the growth

rate of mobile bacteria may be expressed by the following kinetic expression as:

Qgm ¼ lghCb ð13Þ

where lg is the specific growth rate of mobile bacteria (T� 1). The specific growth rate of

bacteria can be described with the Monod equation. Assuming that contaminant concen-
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tration in the aqueous phase is low (Ks>>Cc), the growth rate of mobile bacteria with

contaminants as a food source may be presented as (Kim and Corapcioglu, 1996):

Qgm ¼ l Cc þ qsrcs
h

� 	
hCb ð14Þ

Note that lc lmax/Ks, where lmax is the maximum growth rate (T� 1) and Ks is the half-

saturation constant (ML� 3). Furthermore, if bacteria can utilize contaminants sorbed on

bacteria, DOM, and solid matrix, Eq. (14) may be rewritten as:

Qgm ¼ l Cc þ qsrcs
h

þ Cdrcd þ Cbrcbm
� 	

hCb ð15Þ

After following the same sequence of derivation and assuming that the specific growth rate

of immobile bacteria is equal to that of mobile bacteria, the growth rate of immobile

bacteria may be expressed as:

Qgi ¼ l Cc þ qsrcs
h

þ qbrbrcbi
h

� 	
qbrb ð16Þ

The growth rate of bacteria with DOM as a food source may be expressed as first-order

kinetic expression as (Borden and Bedient, 1986):

Qgo ¼ koYhCd ð17Þ

where ko is the first-order decay rate coefficient for DOM (T� 1) and Y is the yield

coefficient (mass of bacteria formed per unit mass of food source utilized).

The decay rates of mobile and immobile bacteria may be described by the first-order

kinetic expressions as:

Qdm ¼ kdmhCb ð18Þ

Qdi ¼ kdiqbrb ð19Þ

where kdm and kdi are the decay rate coefficients for mobile and immobile bacteria (T� 1),

respectively. The utilization rates of contaminants present in the aqueous phase or on solid

matrix may be written as:

Qa ¼ lCc

Y
ðhCb þ qbrbÞ ð20Þ

Qs ¼ lqsrcs
Yh

ðhCb þ qbrbÞ ð21Þ

Qd ¼ lCdrcd
Y

ðhCbÞ ð22Þ
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Qbm ¼ lCbrcbm
Y

ðhCbÞ ð23Þ

Qbi ¼ lqbrbrcbi
Y

ðqbrbÞ ð24Þ

Eqs. (20) and (21) represent the utilization rates of contaminants dissolved in the

aqueous phase and sorbed on solid matrix, respectively. Eqs. (22)–(24) denote the

utilization rates of contaminants sorbed on DOM, mobile bacteria, and immobile

bacteria, respectively.

2.4. One-dimensional bacterial transport equation

Substitution of Eq. (2) into Eq. (1) yields the bacterial transport equation as:

BðhCbÞ
Bt

þ BðqbrbÞ
Bt

¼ �j�½�DbjðhCbÞ þ vwhCb	 þ Qgm þ Qgi� Qdm � Qdi þ Qgo

ð25Þ

Then, substitution of Eqs. (15)–(19) into Eq. (25) and rearrangement generates:

B

Bt
ðhCb þ qbrbÞ ¼ �j � ½�DbjðhCbÞ þ vwhCb	

þ l Cc þ qsrcs
h

þ Cdrcd þ Cbrcbm
� 	

hCb

þ l Cc þ qsrcs
h

þ qbrbrcbi
h

� 	
qbrb � kdmhCb � kdiqbrb

þ koYhCd ð26Þ

After substitution of Eqs. (3), (6), (8), (11), and (12) into Eq. (26), the one-dimensional

transport equation for bacteria can be expressed as:

BðRbhCbÞ
Bt

¼ � B

Bx
�Db

BðhCbÞ
Bx

þ vwhCb

� �

þ l Cc þ qsK1Cc

h
þ CdK2Cc þ CbK3Cc

� �
hCb

þ l Cc þ qsK1Cc

h
þ qbKbCbK4Cc

h

� �
qbKbCb � kdmhCb

� kdiqbKbCb þ koYhCd ð27Þ

where Rb is a retardation factor for bacteria

Rb ¼ 1þ qbKb

h

� �
ð28Þ
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2.5. One-dimensional contaminant transport equation

Substitution of Eqs. (5), (7), (9), and (10) into Eq. (4) yields the equation for

contaminant transport as:

BðhCcÞ
Bt

þ BðqsrcsÞ
Bt

þ BðhCdrcdÞ
Bt

þ BðhCbrcbmÞ
Bt

þ BðqbrbrcbiÞ
Bt

¼ �j � ½�DcjðhCcÞ þ vwhCc	 �j � ½�DdjðhCdrcdÞ þ vwhCdrcd	
�j � ½�DbjðhCbrcbmÞ þ vwhCbrcbm	 � Qa � Qs � Qd � Qbm � Qbi ð29Þ

Substitution of Eqs. (20)–(24) into Eq. (29) and rearrangement produces:

B

Bt
ðhCc þ qsrcs þ hCdrcd þ hCbrcbm þ qbrbrcbiÞ
¼ �j � ½�DcjðhCcÞ þ vwhCc	 �j � ½�DdjðhCdrcdÞ þ vwhCdrcd	
�j � ½�DbjðhCbrcbmÞ þ vwhCbrcbm	 � lCc

Y
ðhCb þ qbrbÞ

� lqsrcs
Yh

ðhCb þ qbrbÞ�
lCdrcd

Y
ðhCbÞ� lCbrcbm

Y
ðhCbÞ� lqbrbrcbi

Yh
ðqbrbÞ
ð30Þ

Then, substitution of Eqs. (3), (6), (8), (11), and (12) into Eq. (30) yields:

B

Bt
½ðhþ qsK1 þ hK2Cd þ hK3Cb þ qbKbK4CbÞCc	
¼ �j � ½�DcjðhCcÞ þ vwhCc	 �j � ½�DdjðhK2CdCcÞ þ vwhK2CdCc	
�j � ½�DbjðhK3CbCcÞ þ vwhK3CbCc	 � lCc

Y
ðhCb þ qbKbCbÞ

� lqsK1Cc

Yh
ðhCb þ qbKbCbÞ � lCdK2Cc

Y
ðhCbÞ � lCbK3Cc

Y
ðhCbÞ

� lqbKbCbK4Cc

Yh
ðqbKbCbÞ ð31Þ

After following the derivation for Rc (contaminant retardation factor) described in

Johnson et al. (1998), the one-dimensional transport equation for contaminants can be

finalized as:

BðRchCcÞ
Bt

¼� B

Bx
�Dc

BðhCcÞ
Bx

þ vwhCc

� �
� B

Bx
�Dd

BðhK2CdCcÞ
Bx

þ vwhK2CdCc

� �

� B

Bx
�Db

BðhK3CbCcÞ
Bx

þ vwhK3CbCc

� �
� lCc

Y
ðhCb þ qbKbCbÞ

� lqsK1Cc

Yh
ðhCb þ qbKbCbÞ � lCdK2Cc

Y
ðhCbÞ � lCbK3Cc

Y
ðhCbÞ

� lqbKbCbK4Cc

Yh
ðqbKbCbÞ ð32Þ
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where Rc is represented as

Rc ¼ 1þ ðqsK1 þ K4KbqbCbÞ
hð1þ K2Cd þ K3CbÞ

� �
ð33Þ

2.6. Dimensional analysis

The result of contaminant transport model can be generalized by grouping individual

parameters of the phenomenon in dimensionless numbers. These numbers reveal the

functional dependence of each set of dimensionless groups in response to orders of

magnitude changes in one dimensionless group to the other. Therefore, in this study we

present a dimensional analysis for the governing equations by employing the following

dimensionless variables:

X ¼ x

L
; T ¼ tvw

L
; hþ ¼ h

n
;Cþ

b ¼ Cb

Cb0

;Cþ
c ¼ Cc

Cc0

;Kþ
1 ¼ qsK1

n
;Kþ

2 ¼ K2Cd;

Kþ
3 ¼ K3Cb0;K

þ
4 ¼ K4Cb0;K

þ
b ¼ qbKb

n
ð34Þ

where Cb0 is the influent concentration of bacteria at x = 0, Cc0 is the influent concentration

for contaminants at x = 0, and L is the distance between the river and the pumping station

(see Fig. 1). In addition, the following dimensional parameters (Peclet number and

Damköhler numbers) are used:

Pe ¼ vwL

Dc

;Da1 ¼ Lkdm

vw
;Da2 ¼ Lkdi

vw
;Da3 ¼ LlCc0

vw
;Da4 ¼ LlCb0

vwY
;Da5 ¼ Lk0

vw

ð35Þ

From the dimensional analysis, (Eqs. (27), (28), (32), and (33) can be rewritten in terms

of dimensionless parameters and variables as:

BðRþ
b C

þ
b Þ

BT
¼ 1

Pe

B
2Cþ

b

BX 2
� BCþ

b

BX
þ Da3C

þ
c 1þ Kþ

1

hþ
þ Kþ

2 þ Kþ
3 C

þ
b

� �
Cþ
b þ Da3C

þ
c

� 1þ Kþ
1

hþ
þ Kþ

b C
þ
b K

þ
4

hþ

� �
Kþ
b C

þ
b � Da1C

þ
b � Da2K

þ
b C

þ
b þ Da5C

þ
b

ð36Þ

Rþ
b ¼ 1þ Kþ

b

hþ

� �
ð37Þ
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BðRþ
c C

þ
c Þ

BT
¼ 1

Pe

B
2Cþ

c

BX 2
� BCþ

c

BX
þ 1

Pe

B
2ðKþ

2 C
þ
c Þ

BX 2
� BðKþ

2 C
þ
c Þ

BX
þ 1

Pe

B
2ðCþ

b K
þ
3 C

þ
c Þ

BX 2

� BðCþ
b K

þ
3 C

þ
c Þ

BX
� Da4C

þ
b 1þ Kþ

b

hþ

� �
Cþ
c � Da4K

þ
1 C

þ
b 1þ Kþ

b

hþ

� �
Cþ
c

� Da4K
þ
2 C

þ
b C

þ
c � Da4C

þ
b K

þ
3 C

þ
b C

þ
c � Da4C

þ
b K

þ
b K

þ
4 C

þ
b

Kþ
b

hþ
Cþ
c ð38Þ

Rþ
c ¼ 1þ ðKþ

1 þ Kþ
b K

þ
4 C

þ
b Þ

hþð1þ Kþ
2 þ Kþ

3 C
þ
b Þ

� �
ð39Þ

Note that the hydrodynamic dispersion coefficients of DOM and bacteria are assumed to

be the same as that of contaminants. The hydrodynamic dispersion coefficient is

composed of the mechanical dispersion coefficient and the Brownian diffusion coef-

ficient, and thus D1 or D2 differs from Dc since the Brownian diffusion coefficient of

contaminants is not necessarily equal to that of colloidal particles. However, it may be

safely assumed that D1 =D2 =Dc since the molecular diffusions of contaminants and

colloids are negligible compared to the mechanical dispersion (Johnson et al., 1998). In

the presence of bacteria and DOM, the total concentration of contaminants in the aqueous

phase, Cct
+, includes the concentrations of contaminants dissolved in the aqueous phase,

contaminants sorbed to DOM, and contaminants sorbed to mobile bacteria, and can be

expressed as:

Cþ
ct ¼ Cþ

c ð1þ Kþ
2 þ Kþ

3 C
þ
b Þ ð40Þ

3. Solution of governing equations

Eqs. (36) and (38) constitute a set of governing equations with two unknowns, Cb
+ and

Cc
+. The analytical solution of Eq. (36) is available under the simplified conditions of

constant colloidal concentration, no colloidal sorption to solid matrix, and no bacterial

growth and decay (Corapcioglu and Kim, 1995). To obtain the numerical solution and

compare with the analytical solution, a fully implicit finite difference method is applied.

This method leads to a system of linear algebraic equations with a tridiagonal coefficient

matrix, which can be directly solved by the Thomas algorithm (Chapra and Canale,

1998). The numerical solution shows excellent match with the analytical solution (Kim,

2001).

To solve the coupled Eqs. (36) and (38), Eq. (36) is solved for Cb
+ at time step (n + 1),

where n is the previous time at which all variables including Cc
+ are known. Then, Eq. (38)

is solved for Cc
+ at time step (n+ 1). The following initial and boundary conditions are

used in the simulation:

Cþ
b ðX ; 0Þ ¼ Cþ

c ðX ; 0Þ ¼ 0 ð41Þ
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� 1

Pe

BCþ
b

BX
ð0; TÞ þ Cþ

b ð0; TÞ ¼
1 at 0 < TVT0

0 at T > T0

8<
: ð42Þ

� 1

Pe

BCþ
c

BX
0; Tð Þ þ Cþ

c ð0; TÞ ¼
1 at 0 < TVT0

0 at T > T0

8<
: ð43Þ

BCþ
b

BX
ð1; TÞ ¼ BCþ

c

BX
ð1; TÞ ¼ 0 ð44Þ

where T0 is the duration of contaminants and bacteria flux injection.

4. Results and discussion

4.1. Simulation results

The proposed model is used to simulate the transport of hydrophobic organic

contaminants in an aquifer where riverbank filtration is practiced. It is assumed in the

simulation that bacteria and DOM move through the aquifer simultaneously with the

contaminants, and colloidal particles other than bacteria and DOM are absent. In addition,

steady-state influent water quality is imposed even though significant seasonal changes of

river water quality are observed in real situations, and flow between the river and pumping

well is idealized as one-dimensional and horizontal. The idealization of flow condition can

be justified due to the use of a set of pumping wells placed along the river in a riverbank

filtration operation (Hoehn and Santschi, 1987; Santschi et al., 1987). The model

parameters used in the analysis are mainly from Borden and Bedient (1986), Magee et

al. (1991), and Jenkins and Lion (1993) (Table 1). In the simulation, contaminant and

bacteria are pulse-loaded for 5 T (relative time) unless otherwise specified.

The temporal and spatial variations of the total aqueous phase effluent contaminant

concentration (i.e. at a pumping well) in the absence or presence of DOM and bacteria is

given in Fig. 3. In the presence of DOM, the breakthrough curve shifts leftward compared

to the case of no colloidal presence, and thus the arrival time of relative peak concentration

is shortened. In the presence of both DOM and bacteria, the curve shifts slightly further

left (Fig. 3a), indicating the enhancement of contaminant transport. When simulation

results are presented as relative contaminant concentration along the relative traveling

distance (X) (Fig. 3b), the presence of DOM and bacteria results in a shift of the

concentration profile toward right relative to that of no colloidal presence, illustrating

the increment of contaminant mobility. Simulation results demonstrate that contaminant

transport is enhanced markedly in the presence of DOM and bacteria, and the impact of

DOM on contaminant mobility is greater than that of bacteria under examined conditions.

It should be mentioned that in a certain field situation, DOM transport may be retarded due

to its sorption on solid matrix, and thus the degree of contaminant transport facilitation by

DOM may be reduced.
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The temporal variation of the total aqueous phase effluent contaminant concentration in

the presence or absence of bacterial deposition on solid matrix is demonstrated in Fig. 4.

During the simulation, bacteria are present at all times. Without bacterial deposition on

solid matrix, all the bacteria present in the aqueous phase behave like conservative mobile

colloids. With no bacterial deposition, the breakthrough curve shifts leftward compared to

the case of bacterial deposition, and the arrival time of relative peak concentration is

reduced (Fig. 4), showing that the mobility of contaminants increases when no bacterial

deposition occurs. The result implies that mobility of contaminants associated with

colloids is closely related with mobility of colloids. According to Jenkins and Lion

(1993), who observed the bacteria-facilitated transport of phenanthrene, bacterial isolates

used in the experiment showed different mobility in porous media, which was expressed in

terms of bacterial distribution coefficient on solid matrix (Kcell
s ). Furthermore, bacterial

mobility varies depending on the chemical conditions of the aquifer such as pH and ionic

strength (Fontes et al., 1991). Therefore, the degree of bacterium-related contaminant

transport in riverbank filtration may be influenced by bacterial type and chemical

conditions at a riverbank filtration site.

The extent of contaminant transport enhancement largely depends upon colloidal

concentration and its mobility along with its adsorption affinity to contaminants (Roy

and Dzombak, 1998). Field studies showed that colloidal concentrations vary widely

depending on the conditions of aquatic environments. Regarding water quality, there are

diurnal and seasonal changes in most river systems. In summer months, the concentration

of colloids such as DOM and bacteria would be in high levels (von Gunten et al., 1991;

Bourg and Richard-Raymond, 1994). In groundwater systems, colloidal concentration in

undisturbed groundwater is quite low while in the aquifer influenced by surface water its

level is high (McCarthy and Degueldre, 1993). When a situation is encountered where

Table 1

Model parameters used in numerical simulation

Parameters Values

n Porosity 0.36

Pe Peclet number 50

Kb
+ Relative equilibrium distribution coefficient of bacteria between

the aqueous phase and solid matrix

15.31

K1
+ Relative equilibrium distribution coefficient of contaminant between

the aqueous phase and solid matrix

55.56

K2
+ Relative equilibrium distribution coefficient of contaminant between

the aqueous phase and DOM

0.44

K3
+ Relative equilibrium distribution coefficient of contaminant between

the aqueous phase and mobile bacteria

0.22

K4
+ Relative equilibrium distribution coefficient of contaminant between

the aqueous phase and immobile bacteria

0.22

Da1 Damköhler number for mobile bacteria decay 3.34� 10� 2

Da2 Damköhler number for immobile bacteria decay 3.34� 10� 2

Da3 Damköhler number for bacteria growth 6.05� 10� 7

Da4 Damköhler number for contaminant utilization 1.24� 10� 3

Da5 Damköhler number for DOM utilization 9.02� 10� 6
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colloids are present sufficiently in the river and adjacent aquifer, colloid-facilitated

contaminant transport is likely to occur in riverbank filtration.

In aquifers, the mobility of colloids depends on solution chemistry as well as the

properties of colloids and porous medium. The factors affecting the stability and mobility

Fig. 3. (a) Temporal variation of total aqueous phase effluent contaminant concentration, Cct
+, and (b) spatial

variation of total aqueous phase contaminant concentration, Cct
+ (at T= 20). Bacterial deposition is taken into

account in the simulation.
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of colloids include pH, ionic strength, temperature, and redox potential (Puls and Powell,

1992). High pH, low ionic strength, and low temperature may stabilize colloids, resulting

in enhancement of their transport through porous media (McCarthy and Degueldre, 1993).

According to Ryan and Gschwend (1990), who observed the colloidal mobilization in

groundwater, colloidal concentrations were low in oxic groundwater while anoxic ground-

water contained high concentrations of colloids. In river/groundwater system, biological

activities related to degradation of organic matter induce considerable variation of water

qualities including pH, ionic strength, redox potential, and dissolved metal concentration

(von Gunten et al., 1991). The mobility of colloids and their role as contaminant carriers in

riverbank filtration were investigated in the River Glatt (Switzerland) and adjacent

heterogeneous aquifer (Waber et al., 1987; von Gunten et al., 1988; Waber et al., 1990;

Lienert et al., 1994). They found that even if a considerable amount of contaminants (trace

metals and radionuclides) was associated with colloids in the river, colloid-related

transport of contaminants at a riverbank filtration site was limited. They attributed this

phenomenon to coagulation and subsequent mechanical filtration of colloids due to pH

change as the river water passed through the aquifer.

In addition, colloidal mobility is closely related to size of colloids and pore-water

velocity. According to investigations of Yao et al. (1971) and O’Melia (1980), colloids

with a size range from 0.1 to 1.0 Am might be most mobile in a sandy porous medium. For

colloidal particles with diameters smaller than 0.1 Am, the removal efficiency increases

due to diffusion while for particles larger than 1.0 Am, due to interception and/or

sedimentation. Kretzschmar et al. (1997) and Compére et al. (2001) demonstrated that

the increment of pore-water velocity decreases the retention of colloids in saturated porous

media. Compared to a typical groundwater velocity, flow velocity in the riverbank

Fig. 4. Temporal variation of total aqueous phase effluent contaminant concentration, Cct
+, in the presence or

absence of bacterial deposition on solid matrix.
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filtration site is fast (e.g. 3–6 m day� 1 in the River Glatt, Switzerland; 3–5 m day� 1 in

the Lot River, France) and varies depending on hydraulic conditions (Hoehn and von

Gunten, 1989; Bourg and Bertin, 1993).

4.2. Sensitivity analysis

Sensitivity analysis is performed to observe the effect of model parameters on the

model behavior. During the sensitivity analysis for a particular parameter, other parameter

values remain unchanged. Among the model parameters, results of the following

parameter are selectively presented: relative contaminant distribution coefficient between

the aqueous phase and solid matrix (K1
+); relative contaminant distribution coefficient

between the aqueous phase and DOM (K2
+); relative contaminant distribution coefficient

between the aqueous phase and bacteria (K3
+). In the analysis, the range of distribution

coefficients is dependent upon the characteristics of colloidal surfaces and solid matrix. In

case of Damköhler numbers related to bacterial growth, decay, and contaminant utiliza-

tion, our model shows no significant variation by one order of magnitude change in their

values (data not shown).

The effect of relative contaminant distribution coefficient between the aqueous phase

and solid matrix, K1
+, on the temporal variation of the total aqueous phase effluent

contaminant concentration is illustrated in Fig. 5. The result demonstrates that one order of

magnitude change in K1
+ markedly changes the breakthrough curve. As K1

+ increases, the

breakthrough curve flattens and shifts rightward, and the arrival time of relative peak

concentration increases. The lumped parameter K1
+ represents a total affinity of stationary

Fig. 5. Effect of contaminant distribution coefficient between the aqueous phase and solid matrix, K1
+, on the

temporal variation of total aqueous phase effluent contaminant concentration, Cct
+.
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solid matrix to contaminants. As presented in Eq. (34), it is comprised of K1 (distribution

coefficient of contaminants on solid matrix), equivalent to the affinity of solid matrix to

contaminants, and qs/h, equivalent to the concentration of stationary solid phase (i.e. mass

of solid matrix per unit volume of water). The K1 is composed of Koc, the organic carbon/

water partitioning coefficient, and foc, the organic carbon content of solid matrix (i.e.

K1 =Koc foc) (Worch et al., 2002). The Koc is contaminant-specific. Phenanthrene used as

the model compound has Koc = 2.3� 104 ml g� 1 while the Koc of benzo[a]pyrene is 100-

fold greater and that of naphthalene is 20-fold less (Fetter, 1999). The foc is site-specific

and varies with field sites (Schwarzenbach and Westall, 1981). Therefore, the affinity of

stationary solid matrix to hydrophobic organic contaminants (K1
+) depends on the chemical

characteristics of contaminants and properties of porous media.

The effect of relative contaminant distribution coefficient between the aqueous phase

and DOM, K2
+, on the temporal variation of the total aqueous phase effluent contaminant

concentration is shown in Fig. 6. The result shows that the model is sensitive to the change

of K2
+. As K2

+ increases, the breakthrough curve shifts leftward, and the arrival time of

relative peak concentration decreases. The lumped parameter K2
+ denotes a total affinity of

DOM to contaminants and is composed of K2 (distribution coefficient of contaminants on

DOM), equivalent to the affinity of DOM to contaminants, and Cd, equivalent to the

concentration of DOM. The K2 is also related to Koc, the contaminant-specific factor. At

riverbank filtration sites, the degree of DOM removal is influenced by hydrological

conditions, solution chemistry, site hydrogeology, and well placement. According to the

study of Ćosović et al. (1996), who observed the changes of organic matter in the river-

aquifer (small stream-alluvial aquifer) system (Croatia), after a rain event the concentration

Fig. 6. Effect of contaminant distribution coefficient between the aqueous phase and DOM, K2
+, on the temporal

variation of total aqueous phase effluent contaminant concentration, Cct
+.
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of DOM in the adjacent aquifer increased significantly due to an increase of surface water

infiltration. Thus, concentration of DOM involved in the enhancement of contaminant

transport (e.g. humic substance) may change in the aquifer during the riverbank filtration

operation. From the observation of pyrene sorption to humic substance, Chin et al. (1997)

reported that binding capacity of organic matter was positively related to the aromatic

content of organic matter. Therefore, total affinity of DOM to hydrophobic organic

contaminants (K2
+) depends on the chemical properties of both contaminants and DOM as

well as on the concentration of DOM that can play the role of a contaminant carrier.

Inorganic colloids such as clay minerals, iron oxides, and kaolinite may be present in

the river and groundwater, though not considered in this study, affecting the transport

behavior of contaminants in riverbank filtration. From a field study in two creosote-

contaminated aquifers (Denmark), Villholth (1999) found that the partitioning of PAHs to

inorganic colloids occurred at the site where the mass fraction of organic matter associated

with colloids is high and observed that only larger colloids (>100 nm) were involved with

the partitioning of PAHs. As observed by several researchers (Amirbahman and Olson,

1993; Kretzschmar et al., 1995; Deshiikan et al., 1998), organic matter coatings could alter

the surface properties of inorganic colloids, making them stable in groundwater, prevent-

ing their coagulation and filtration, and consequently traveling over significance distances

while carrying contaminants on them. Gschwend and Reynolds (1987) have observed the

formation and mobility of monodisperse ferrous phosphate colloids in the Cape Cod

aquifer (Massachusetts, USA), which was contaminated by infiltration of secondary

treated sewage, indicating that the colloids with organic matter coatings had a high

potential as contaminant carriers due to their mobility.

Fig. 7. Effect of contaminant distribution coefficient between the aqueous phase and the surfaces of mobile

bacteria, K3
+, on the temporal variation of total aqueous phase effluent contaminant concentration, Cct

+.
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The effect of relative contaminant distribution coefficient between the aqueous phase

and mobile bacteria, K3
+, on the temporal variation of the total aqueous phase effluent

contaminant concentration is presented in Fig. 7. It is assumed that K3
+ is equal to K4

+. The

result illustrates that the model is sensitive to the change of K3
+. With an increase of K3

+,

the breakthrough curve shifts leftward, and the arrival time of relative peak concentration

decreases. The lumped parameter K3
+-indicates a total affinity of bacteria to contaminants

and is composed of K3 (distribution coefficient of contaminants on bacteria), equivalent to

the affinity of bacteria to contaminants, and Cb0, equivalent to the concentration of

bacteria. Jenkins and Lion (1993) showed that the bacterial isolates used in the experiment

showed different affinity to phenanthrene, expressed in terms of contaminant distribution

coefficient on bacteria (Kd
cell). In aquatic environments, a community of bacteria would

include species with highly different shapes, sizes, and surface properties that would

experience differential interaction with both contaminants and surfaces of porous media. In

riverbank filtration, the degree of bacteria-associated contaminant transport depends on

types of bacteria and their concentrations.

In the model system (four-phase system), the affinities of stationary solid matrix, DOM,

and bacteria to contaminants are described by K1
+, K2

+, and K 3
+, respectively. As illustrated

in Table 2, the magnitude of contaminant transport enhancement in the four-phase system

is closely related to the ratio of K1
+/K2

+/K3
+. The increase of K1

+, which indicates the

increment of affinity of solid matrix (immobile phase) to contaminants relative to DOM

and bacteria (mobile phases), results in the reduction of contaminant mobility. On the

contrary, the increase of K2
+ or K3

+ causes the enhancement of contaminant mobility.

5. Summary and conclusions

In this study with a mathematical model developed using an equilibrium-based

approach, the transport of hydrophobic organic contaminants in the presence of DOM

and bacteria is investigated in the aquifer where riverbank filtration is practiced. The

simulation results show that the contaminant mobility in riverbank filtration might increase

significantly due to the reduction of retardation by colloid-mediated contaminant transport.

The sensitivity analysis illustrates that contaminant breakthrough curves are very sensitive

to the changes of various contaminant-related distribution coefficients. In the model

system, the degree of colloid-associated contaminant transport depends on the ratio of

three relative contaminant distribution coefficients (K1
+, K2

+, and K3
+), which quantifies the

Table 2

Summary of simulation result and illustration of effect of the ratio of K1
+/K2

+/K3
+ on the contaminant breakthrough

curves

K1
+ K2

+ K3
+ K1

+/K2
+/K3

+ Arrival time of peak

concentration

Relative peak

concentration

55.56 0.44 0.22 253:2:1 27.0 0.26

100 0.44 0.22 455:2:1 48.0 0.18

55.56 1 0.22 253:4.5:1 15.0 0.49

55.56 0.44 1 56:0.4:1 18.3 0.21

S.-B. Kim et al. / Journal of Contaminant Hydrology 66 (2003) 1–2320

268



distribution of contaminants in the four-phase system. In riverbank filtration, migration of

colloid-associated contaminants may vary depending on the biochemical and hydro-

geologic conditions at the operation site. Especially in storm events when loads of

contaminants and colloids are high and the infiltration rate increases, colloid-associated

contaminants are likely to break through the aquifer and appear at the production wells in

riverbank filtration. Therefore, phenomenon of colloid-related contaminant transport must

be accounted during the riverbank filtration operation. Though developed based on the

simplistic representation of riverbank filtration conditions, this theoretical model could

help to understand the transport behavior of the hydrophobic organic contaminants during

the riverbank filtration operation.
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Abstract—This study determined the model parameters describing biodegradation of benzene by conducting kinetic microcosm
batch tests in both pure solution and saturated aquifer material conditions for various initial benzene (100–700 mg/L) and microbial
concentrations (107–109 colony-forming units [CFU]/ml) using Pseudomonas aeruginosa as benzene-degrading bacteria. In both
tests, benzene and microbial concentrations were monitored over time in order to investigate which of two Monod kinetic equations,
the Monod-with-growth or the Monod-no-growth model, was more suitable for describing benzene biodegradation and to estimate
the associated model parameters. Parameter estimation was performed by fitting the numerical solution of each model obtained by
the fourth-order Runge–Kutta integration to the measured data of benzene and/or microbial concentrations. For the Monod-with-
growth model, the best fit of the numerical solution was significantly different than the measured benzene concentrations, especially
at early times, because of the gradual increase of microbial population in the growth curve. In contrast, the solution based on the
Monod-no-growth model produced reasonable agreement with the measured benzene data. The estimated parameters of maximum
substrate utilization rate (kmax) and half-saturation constant (Kc) were in the range of 61 to 105 mg/L/d and about 270 mg/L,
respectively, which differ significantly from values previously reported in the literature. We attribute the differences observed in
our study to our experimental conditions of initial substrate and bacterial concentrations and oxygen and nutrient supply. Our results
imply that an appropriate model type and reasonable values of kinetic parameters should be chosen to model the biodegradation
of hydrocarbons in the subsurface environment.

Keywords—Benzene Pseudomonas aeruginosa Biodegradation Monod kinetics

INTRODUCTION

Contamination of subsurface environments by benzene, tol-
uene, ethylbenzene, and xylene compounds (BTEX) is a wide-
spread environmental problem. These aromatic compounds are
highly toxic and mobile in soil and thus pose a potentially
significant threat to drinking water supplies. Describing the
fate and transport of these compounds is also an essential part
of the development of remedial technologies in subsurface
environments. It is recognized that BTEX compounds are de-
graded mainly in the subsurface by microbial rather than chem-
ical processes. Bioremediation is more attractive than other
remedial methods since it utilizes microorganisms to remove
BTEX compounds and thus can be applied in situ effectively
at relatively low expense [1,2].

Various types of studies have been conducted to observe
microbial degradation of BTEX compounds through labora-
tory microcosm tests in the presence of different electron ac-
ceptors [3], in in situ and laboratory microcosm experiments
[4], in soil-water slurry microcosms [5], in the field at a gas-
oline-contaminated site [6], and in a sandy loam soil [7] and
to identify the intermediate compounds during the biodegra-
dation of BTX compounds by Pseudomonas putida F1 under
aerobic conditions [8].

To predict and evaluate the bioremediation rates of organic
contaminants, researchers have developed mathematical mod-
els that combine transport and sorption with various reaction
terms, including substrate utilization, bacterial growth and de-
cay, and the utilization of electron acceptors. In many cases,

* To whom correspondence may be addressed
(djkim@korea.ac.kr).

the kinetics of microbial growth and utilization of substrate
and electron acceptors used in the models are described by the
Monod function [9–13].

The purpose of this study was to determine the appropriate
kinetic model for describing biodegradation of benzene ob-
served in laboratory experiments and to estimate the corre-
sponding kinetic parameters. Benzene was selected as the sole
carbon source, and Pseudomonas aeruginosa was used as ben-
zene-degrading bacteria. Biodegradation rates of benzene were
examined using kinetic batch experiments in both pure solution
and saturated sandy aquifer materials. From observed bacterial
growth and substrate utilization curves, a proper Monod-type
kinetic model and parameters were determined.

MATERIALS AND METHODS

Cultures
Sandy soils were collected from an oil-contaminated site

around a petrochemical industry. Bacteria utilizing benzene as
the sole carbon and energy source were isolated from these
soils using a mineral salts medium. Benzene-degrading bac-
teria were grown in a 100-ml amber serum bottle containing
the following constituents [14]: 10 mg of contaminated soils
and 40 ml of nutrient solution with Na2HPO4, 6.0 g/L; KH2PO4,
3.0 g/L; NaCl, 0.5 g/L; NH4Cl, 1.0 g/L; MgSO4, 0.5 g/L; CaCl2,
0.015 g/L; pH 7 � 0.3; 2 mg of benzene (50 mg/L in solution).
The bottle was placed into the shaking incubator and held at
a temperature of 25�C and rotated continuously at 150 rpm
during the growing process. After measuring the benzene deg-
radation, the supernatant was collected from the bottle and
injected into another serum bottle containing only 40 ml of
nutrient solution to obtain the benzene-degrading bacteria.
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Fig. 1. Schematic diagram of kinetic batch test for benzene biodeg-
radation in sandy aquifer materials.

Through serial dilution on agar plates, pure cultures were iso-
lated and then identified by the Sherlock system (MIDI, New-
ark, DE, USA). Of all the isolated strains that were gram
negative with a high potential for aromatic hydrocarbon deg-
radation, P. aeruginosa that displayed a high growth rate was
selected for our study.

Batch biodegradation test in solution
In the kinetic microcosm test, glassware was used to min-

imize the sorption of benzene to the surfaces. All glassware
and materials were sterilized in the autoclave (twice at 125�C
for 20 min) to prevent any influence by other microorganisms.
In a control experiment where 1.0 � 107 CFU/ml of P. aeru-
ginosa was present initially at 315-ml serum glass bottles con-
taining nutrient solution without benzene, the peak bacterial
concentration of around 6.0 � 107 CFU/ml appeared after 2
d, and then the bacterial concentration decreased thereafter. In
preliminary tests to check the response of P. aeruginosa to
benzene concentration, it was indicated that P. aeruginosa was
able to grow while utilizing benzene at the concentration level
of up to 1,000 mg/L. In a sterile control experiment, benzene
concentration was relatively unchanged for 24 d within the
range of analytical error, ensuring that the effect of volatile
loss of benzene on the biodegradation experiments was insig-
nificant. In case 1 of the main experiments, four solution sam-
ples were prepared in 315-ml serum glass bottles with various
initial concentrations (200, 300, 500, and 700 mg/L) of ben-
zene and 106 to 107 CFU/ml of bacteria in 310 ml of nutrient
solution, thus leaving a 5-ml headspace to minimize the vol-
atilization of aqueous benzene. The glass bottles were shaken
at a temperature of 25�C and 150 rpm in the shaking incubator
until the reaction was completed. The suspension was sampled
routinely using a glass syringe to determine the benzene, dis-
solved oxygen (DO), and bacterial concentration. In case 2,
the batch test with initial benzene concentrations of 100, 200,
and 400 mg/L and bacterial concentration of 109 CFU/ml was
performed using the same procedure described previously.

Batch biodegradation test in sandy aquifer materials
Materials used for this kinetic batch test were essentially

the same as the kinetic batch test in solution except for the
presence of sandy aquifer materials. The sandy materials used
in this experiment were collected from an unconfined aquifer
in the alluvial plain of the Han River in Seoul. The organic
carbon content and cation exchange capacity of the sandy ma-
terials were 0.05% and 3.0 cmol/kg, respectively. The sandy
materials were passed through a 2.0-mm sieve (U.S. Standard
10) and autoclaved at 125�C for 20 min (Model HV-110, Hir-
ayama, Saitama, Japan) to eliminate any effects of indigenous
microorganisms on sorption and degradation of benzene. In
an equilibrium batch sorption test performed prior to this ki-
netic batch test, the equilibrium distribution coefficient (Kd)
was determined to be 2.86 ml/g. Three samples were prepared
in 1.5-L glass serum bottles with initial concentrations (140,
180, and 200 mg/L) of benzene, 108 CFU/ml of bacteria, nu-
trient solution, and 1,770 g of sterilized soils. In the glass
serum bottle, the soil depth was 16 cm packed to the porosity
of 0.35, in which 535 ml of solution present as either free
solution (100 ml) or pore water (435 ml). As depicted in Figure
1, four needles (three in soil and one in free solution) were
planted in the bottle for sampling at the 4-cm interval. A glass
tip was set on top of each needle to prevent benzene volatil-
ization. The glass bottles were placed in a water bath without

shaking at 25�C. The suspension was collected routinely with
the glass syringe to analyze for benzene, DO, and bacteria
concentrations.

Analytical methods
The samples collected using the 1-ml glass syringe were

transferred to a 0.5-ml microtube, centrifuged at 3,000 rpm
for 1 min, and filtered with a polytetrafluoroethylene (PTFE)
microfilter (Millipore�, Bedford, MA, USA). Benzene was
quantified using high-performance liquid chromatography
(Young Lin, Seoul, Korea) equipped with a fluorescence de-
tector (M720), M925 pump, Rheodyne injector, and C18 col-
umn (150 � 4.6 mm; Phenomenex, Torrance, CA, USA). The
elution gradient was 50% acetonitrile/50% water with a flow
rate of 1.0 ml/min. Benzene concentration was determined
using an excitation wavelength of 254 nm. The amount of
benzene was determined by injecting 2.0 �l of samples with
external benzene standard. Bacterial cell numbers were quan-
tified by the plate count method [15]. The cell counts were
determined in triplicate through serial dilution on Luria-Ber-
tani (LB) agar plates (tryptone, 10 g/L; yeast extract, 5 g/L;
NaCl, 10 g/L; ampiciline, 0.06 g/L). In addition, DO was mon-
itored by a DO meter (Model-835A, Orion Research, Beverly,
MA, USA).

Estimation of kinetic parameters
When a substrate biodegradation rate is related to a bacterial

growth rate, the Monod-type kinetics can be described with
the following coupled Monod-with-growth equations as

dC � C Cc max b c� � (1)� �dt Y K � Cc c

dC Cb c� � C � bC (2)max b b� �dt K � Cc c

where Cc is the substrate concentration (Mc /L3); Cb is the con-
centration of bacteria (Mb /L3); �max is the maximum specific
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Fig. 3. Kinetics of benzene biodegradation by Pseudomonas aeru-
ginosa (initial bacterial concentration � 109 CFU/ml) in solution with
different initial benzene concentrations of 100, 200, and 400 mg/L
(case 2). (●) benzene; (�) bacteria; CFU � colony-forming unit.

Fig. 2. Kinetics of benzene biodegradation by Pseudomonas aeru-
ginosa (initial bacterial concentration � 106–107 CFU/ml) in solution
with different initial benzene concentrations of 200, 300, 500, and
700 mg/L (case 1). (●) benzene; (�) bacteria; CFU � colony-forming
unit.

growth rate of bacteria (1/T); Kc is the half-saturation constant,
indicating the substrate concentration at which the specific
growth rate is half the maximum (Mc/L3); Y is the microbial
yield coefficient, representing the ratio of bacteria produced
to substrate consumed (Mb/Mc); and b is the decay rate constant
(1/T). When the initial concentration of bacteria is high and
the substrate degradation rate is not affected by bacterial
growth, Equation 1 reduces to the single Monod-no-growth
expression [16]:

dC Cc c� �k (3)max� �dt K � Cc c

where kmax � �maxCb0/Y is the maximum substrate utilization
rate (Mc/L3/T), and Cb0 is the initial concentration of bacteria.
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Table 1. Monod-no-growth and microbial kinetic parameters determined from the batch test in solution and sandy aquifer materials; CFU �
colony-forming unit

Solution, case 1a Solution, case 2b Sandy materials

Benzenec

kmax
d

Kc
f

Yg

bh

200
61

271
0.40
0.23

300
70

274
0.39
0.24

500
86

279
0.14
0.23

700
105
287

0.10
0.27

100
62

251
—
0.25

200
67

266
—
0.32

400
73

278
—
0.29

140
25e

261
—
—

180
26e

263
—
—

200
27e

264
—
—

a Initial bacterial concentration � 106–107 CFU/ml.
b Initial bacterial concentration � 109 CFU/ml.
c Initial benzene concentration (mg/L).
d Maximum substrate utilization rate (mg/L/d).
e Value of K (�kmax/M)·M � substrate distribution factor.*

max
f Half-saturation constant (mg/L).
g Yield coefficient.
h Decay rate constant (1/d).

Fig. 4. Fit of Monod-with-growth model to the experimental data in
solution (a) initial bacterial concentration � 107 CFU/ml; initial ben-
zene concentration � 700 mg/L; (b) initial bacterial concentration �
109 CFU/ml; initial benzene concentration � 400 mg/L; CFU � col-
ony-forming unit.

In sandy aquifer materials, the substrate can partition onto
the solid matrix. Assuming that no sorbed substrate is utilized
by bacteria, the bioavailable mass of substrate in sandy aquifer
materials is reduced because of sorption [17]. Under these
conditions, Equation 3 is modified to

dC C 	 dSc c d� �k � (4)max� �dt K � C 
 dtc c

where 	d is the dry bulk density of soil and 
 is the water
content. Assuming that sorption is fast, completely reversible,
and follows a linear isotherm, then S � KdCc and Equation 4
can be rewritten as

dC k Cc max c� � (5)� �dt M K � Cc c

where M � 1 � 	dKd/
 is the substrate distribution factor. Note
that Equation 5 is mathematically identical to the Monod-no-
growth expression, Equation 3. Thus, the substrate utilization
rate in sandy aquifer materials can be expressed as

dC Cc c� �k* (6)max� �dt K � Cc c

where � kmax/M.*kmax

In this study, the microbial (Y and b) and Monod (�max,
kmax, , and Kc) kinetic parameters were determined for the*kmax

benzene biodegradation data assuming that the observed bac-
terial growth can be attributed solely to the utilization of ben-
zene (and hence its degradation) as a carbon source. The yield
coefficient, Y, was determined for each initial benzene con-
centration experiment using the following expression:

�CbY � (7)
�Cc

where �Cb is the mass of bacteria produced from the beginning
to the time of the peak of the growth curve and �Cc is the
mass of substrate consumed during the same time period. Bac-
terial cell concentration in CFU was converted to mg/L using
a conversion factor of 1.86 � 10�10 mg/CFU that was obtained
from the analysis where the dried biomass of the known vol-
ume of cell suspension is correlated to the cell numbers present
at the same volume determined from the plate count. The decay
rate constant, b, was obtained from the following expression:

ln C � �bt � ln Cb b0

From the plot of ln Cb versus t, b was set equal to the slope
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Fig. 5. Fit of Monod-no-growth model to the experimental data in
solution (a) initial bacterial concentration � 107 CFU/ml; initial ben-
zene concentration � 500 mg/L; (b) initial bacterial concentration �
109 CFU/ml; initial benzene concentration � 200 mg/L; CFU � col-
ony-forming unit.

Fig. 6. Kinetics of benzene biodegradation by Pseudomonas aeru-
ginosa (initial bacterial concentration � 108 CFU/ml) in sandy aquifer
materials with different initial benzene concentrations of 140, 180,
and 200 mg/L. (●) benzene; (�) bacteria; CFU � colony-forming
unit.

in the death phase for each initial benzene concentration. To
estimate �max and Kc, the coupled Equations 1 and 2 were
solved iteratively using the fourth-order Runge–Kutta, and the
numerical solution was fitted to the experimental data by sum-
of-squares optimization method [18]. In the Monod-no-growth
expression, Equation 3 was solved numerically using the same
method, and kmax and Kc were optimized by fitting the model
to the benzene degradation data. The same procedure was fol-
lowed in the experiment with the sandy aquifer materials to
obtain the value of and Kc from Equation 6.*kmax

RESULTS AND DISCUSSION

Biodegradation kinetics in solution
Kinetics of benzene degradation by P. aeruginosa in so-

lution with initial benzene concentrations, Cc0, of 200, 300,
500, and 700 mg/L are illustrated in Figure 2 (case 1). Benzene
was used as the carbon source for bacterial growth, and bac-
terial cell numbers increased as benzene concentration de-

creased. Note that the maximum of the bacterial growth curve
shifted toward later times as the initial benzene concentration
increased, while the benzene concentration decreased mono-
tonically with time. Moreover, regardless of the initial benzene
concentration, the bacterial growth reached a maximum when
the benzene concentration declined to about 100 mg/L. This
indicated that the bacteria used in this study would multiply
when benzene was above this level and decline when it was
not. For example, when Cc0 � 200 mg/L, the bacterial cell
number increased from 1.0 � 107 to 2.5 � 108 CFU/ml during
the first 3 d and then began to decline even though benzene
was still available (Cc � 85 mg/L at t � 3 d). When the benzene
degradation rate was estimated by selecting the maximum
slope in the benzene depletion curve [19], it was 252 mg/L/d
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Fig. 7. Fit of Monod-no-growth model to the experimental data in
sandy aquifer materials (initial benzene concentration � 140 mg/L).

at Cc0 � 200 mg/L and increased with increasing initial ben-
zene concentration up to 728 mg/L/d at Cc0 � 700 mg/L. Shim
and Yang [19] reported that the highest benzene degradation
rate they observed was 21.1 and 1,147.2 mg/L/d for free (P.
putida) and immobilized (Pseudomonas fluorescens) bacteria,
respectively. In contrast, Chang et al. [20] observed a much
lower average benzene degradation rate of 103.2 mg/L/d for
P. fluorescens in solution.

The results from the kinetic batch study in solution where
initial bacterial cell concentration was 109 CFU/ml (case 2)
with Cc0 � 100, 200, and 400 mg/L are shown in Figure 3.
Although the benzene degradation decrease was similar to that
observed in case 1, the bacterial concentration did not increase
at early times as it had in the case 1 trials at considerably
lower initial microbial population. Rather, it decreased mod-
estly at first and then declined more rapidly as the benzene
concentration was depleted. The benzene degradation rate was
312 mg/L/d at Cc0 � 100 mg/L and increased somewhat at
higher initial benzene concentration. The initial bacterial cell
concentration in the case 2 experiments was two to three orders
of magnitude larger than the concentration in the case 1 ex-
periments. Because of the large initial cell count, it is likely
that the bacterial growth rate in case 2 was overwhelmed by
the bacterial decay rate, causing a decline in population over
time even though bacteria utilized benzene as the sole carbon
source throughout the experiments. During both experiments,
the initial DO concentrations of about 8.5 mg/L declined to
around 1.0 mg/L after 24 d, indicating that the bacterial growth
rate was not limited by oxygen.

Microbial parameters in solution
An average yield coefficient, Y, for P. aeruginosa grown

on benzene was determined to be 0.25 with a range from 0.10
to 0.40 in case 1 (Table 1). As the initial benzene concentration
increased, the yield coefficient tended to decrease. The data
indicate that the amount of bacteria produced per unit amount
of benzene consumed was reduced at higher initial benzene
concentrations. Shim and Yang [19] reported that the cell yield
increased with initial benzene concentration up to a certain
level and then declined with further increases for both original
and adapted bacteria. They measured yield coefficients for

several benzene-degrading bacteria: Y � 0.65 for Pseudo-
monas fragi [21], Y � 1.04 for P. fragi [22], and Y � 0.41
for Alcaligenes xylosoxidans Y234 [23]. Thus, it appeared that
P. aeruginosa had a relatively small yield coefficient com-
pared to other benzene-degrading bacteria.

Bacterial death is usually caused by depletion of the carbon
source, nutrients, or dissolved oxygen or by the accumulation
of toxic compounds. As presented in Table 1, the decay rate
constants, b, that we determined ranged from 0.23 to 0.27 1/
d in case 1 and between 0.25 and 0.32 1/d in case 2. These
values are significantly higher than reported values of 0.02 1/
d [9], 0.06 1/d [12], and 0.1 1/d [24].

Application of Monod-type kinetics to experimental data

To determine the applicability of the Monod-with-growth
kinetics to the experimental results, the numerical solutions of
the coupled Equations 1 and 2 were fitted to both benzene
degradation and bacterial curves by using the independently
determined values for Y and b and varying the two parameters
�max and Kc. However, regardless of how the parameters were
varied, the model could not simultaneously fit the bacteria and
benzene curves. The difficulty in fitting was illustrated in Fig-
ure 4 showing representative experiments from case 1 (low
initial bacteria counts) and case 2 (high initial bacteria counts).
In this figure, the model has been optimized to describe the
bacterial dynamics, and the remaining degrees of freedom were
used to bring the benzene concentration into best agreement.
For example, Figure 4a shows the data from the experiment
with the highest initial benzene concentration (700 mg/L) and
lowest initial bacteria (107 CFU/ml) concentration. The bac-
teria levels increased by several orders of magnitude during
this study (see also Fig. 2), which produced a very modest
predicted initial decline in benzene concentration that speeded
up only when bacterial numbers multiply to high levels at about
10 d with the Monod-with-growth kinetics model. However,
the actual benzene concentration declined rapidly at early times
and slowed down later. Figure 4b shows the other extreme in
our experimental conditions, with intermediate initial benzene
concentration (400 mg/L) and high initial bacteria concentra-
tion (109 CFU/ml). Here the Monod-with-growth kinetics mod-
el was not able to predict both the early and the later stages
of observed benzene concentration. This is due to the rapid
decline of bacteria concentration by orders of magnitude rel-
ative to its initial value. We also tried simultaneously fitting
more of the parameters in Equations 1 and 2 to the data,
without ever obtaining good agreement with observation. We
therefore concluded that the Monod-with-growth kinetics was
not applicable to our experimental results.

In contrast, we were able to obtain good agreement with
observed benzene degradation by fitting the Monod-no-growth
kinetic model, Equation 3, as shown in Figure 5. Moreover,
this model was able to describe results from both the low (106–
107 CFU/ml, case 1) and the high (109 CFU/ml, case 2) initial
bacteria concentration studies. Our results indicating that bac-
terial growth did not affect benzene degradation agreed with
the statement made by Simkins and Alexander [25], who sug-
gested that the Monod-no-growth kinetics could be applied
when the initial concentration of bacteria is high (�106–107

CFU/ml). Reardon et al. [26] have demonstrated that biodeg-
radation kinetics of benzene by P. putida F1 was well de-
scribed by the Monod-with-growth model. However, it should
be noted that their results came from the experimental con-
ditions of initial benzene and biomass concentrations of about

277



1044 Environ. Toxicol. Chem. 22, 2003 S-B Kim et al.

Table 2. Comparison of Monod kinetic parameters for benzene biodegradation with literature values

Bacterial species Benzenea Experimental conditions �max
b kmax

c Kc
d Reference

Pseudomanas aeruginosa
P. aeruginosa
P. putida and P. fluorescens
P. putida
Consortium

200–700
140–200

Up to 1,127
5–70
5–70

Batch in solution
Batch in sandy materials
Batch in fibrous-bed bioreactor
Batch in solution
Batch in solution

—
—
—

10.6
16.32

61–105
25–27
2,160

—
—

251–287
261–264
600

3.36
12.22

This work
This work
[19]
[21]
[21]

P. fragi
Consortium
Consortium
Consortium

5–20
4.7–29.6
4.7–29.6

1–250

Batch in solution
Batch in solution
Column test with coarse sand
Batch in aquifer slurry

8.05
1.18
—
8.3

—
—

2,471
—

3.17
0.31
5.46

12.2

[22]
[28]
[28]
[29]

a Initial benzene concentration (mg/L).
b Maximum specific growth rate of bacteria (L/d).
c Maximum substrate utilization rate (mg/L/d).
d Half-saturation constant (mg/L).

43.0 and 0.14 mg/L, respectively, which were a quite lower
than ours.

Biodegradation kinetics in sandy aquifer materials
Biodegradation kinetics of benzene in sandy aquifer ma-

terials are presented in Figure 6. In saturated porous media,
benzene is either dissolved in the aqueous phase or sorbed
onto the solid matrix. It is commonly assumed that contami-
nants in the sorbed phase are not available to bacteria [17],
and therefore that degradation occurs only in the dissolved
phase. The depth-averaged benzene utilization and bacterial
growth curves were shown in Figure 6. Since the experiments
were performed at the static condition that resulted in the
substrate and electron acceptor distribution problems, benzene
utilization was lower at the bottom of microcosm, which had
inadequate oxygen compared to the positions in the upper
portion of this microcosm (data not shown). Pseudomonas
aeruginosa utilized the dissolved-phase benzene as the carbon
source in sandy aquifer materials, but degradation proceeded
at a considerably slower rate than in the solution studies, prob-
ably because sorption substantially reduced the available ben-
zene in solution. Biodegradation rates of benzene in sandy
aquifer materials tended to increase at higher initial benzene
concentrations and ranged from 53 to 89 mg/L/d. These rates
were much lower than those obtained in solution. The Monod-
no-growth kinetics model, Equation 6, was able to describe
the observed behavior in these materials satisfactorily (Fig.
7).

Monod-no-growth kinetic parameters
Monod-no-growth kinetic parameters determined using

Equation 3 or 6 are summarized in Table 1. The obtained kmax

values in the case 1 (low initial bacteria) solution experiment
ranged from 61 to 105 mg/L/d, while the values in case 2 (high
initial bacteria) were between 62 and 73 mg/L/d. In case of
the sandy material experiment, was approximately 26 mg/*kmax

L/d, reflecting the reduction of bioavailable benzene mass by
sorption. The half-saturation constant, Kc, can be considered
as the bacterial affinity for benzene. A small value of Kc would
suggest that bacteria are able to grow rapidly at lower con-
centration of benzene [27]. The Kc values were relatively uni-
form over a wide range of initial conditions with values of
271 to 287 mg/L for case 1 studies and 251 to 278 mg/L for
case 2 in the solution experiments. In addition, in the sandy
material experiment, Kc was around 263 mg/L.

Monod kinetic parameters reported in the literature are pre-
sented in Table 2. Since the experimental conditions of those

studies were different in terms of initial benzene concentration
ranges, types of bacteria (single species vs consortium), and
conditions of oxygen and nutrient supply, the obtained Monod
kinetic parameters vary widely. Shim and Yang [19] obtained
Monod-no-growth kinetic parameters of kmax � 2,160 mg/L/d
and Kc � 600 mg/L for benzene in the experiment using im-
mobilized bacteria in a bioreactor with high initial benzene
concentration of up to 1,127 mg/L. In the column experiment,
Kelly et al. [28] measured Monod-no-growth parameters (kmax

� 2,471 mg/L/d and Kc � 5.5 mg/L) for benzene biodegra-
dation by consortium bacteria in sandy aquifer materials with
an initial benzene concentration ranging from 4.7 to 29.6 mg/
L. The much higher values of kmax obtained from the two
studies of Shim and Yang [19] and Kelly et al. [28] compared
to our study are attributed to use of either higher initial con-
centration or consortium bacteria. The Kc value obtained from
our study falls between the two literature values, implying that
it is likely to be dependent on the initial concentrations used.

CONCLUSIONS

This study has demonstrated the importance of selecting
the correct model for representing the environmental fate of
compounds that biodegrade. A threshold appears to exist for
the initial microbial concentration above which bacterial
growth dynamics do not influence the degradation process,
allowing the use of the simpler model that does not require
knowledge of bacterial concentrations. However, the param-
eters of this simpler model vary substantially in different en-
vironments, and values should be carefully selected if the mod-
el is to be useful.
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Irreversible sorption of benzene in sandy aquifer
materials
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Abstract:

Hydrocarbon compounds in aquifers are generally known to show a retardation effect due to sorption onto the surfaces
of solid particles. In this study, we investigated the effect of sorption on the transport of benzene in sandy aquifer
materials by conducting batch and column tests for both sandy aquifer materials and sandy materials to which had
been added 0Ð5% powdered activated carbon. The batch test was conducted by equilibrating dry materials with
benzene solutions of various initial concentrations, and by analysing the concentrations of benzene in the initial and
equilibrated solutions using high-performance liquid chromatography (HPLC). The column test was performed to
monitor the concentrations of effluent versus time, known as a breakthrough curve (BTC). We injected KCl and
benzene solutions as tracers into the inlet boundary as two different types of square pulse and step, and monitored
the effluent concentrations at the exit boundary under a steady-state condition using an electrical conductivity meter
and HPLC. Simulation of benzene transport was performed using the convective–dispersive equation model with the
distribution coefficients obtained from the batch test and the transport parameters of the conservative solute KCl from
the column test. The observed BTCs of KCl and benzene for pulse injection showed that the arrival times of the
peaks of both tracers coincided well, but the relative peak concentration of benzene was much lower than that of
KCl. Comparison of the simulated and observed BTCs showed a great discrepancy for all cases of injection mode
and material texture, indicating the absence of retardation effect. These results reveal that the predominant process
affecting the benzene transport in the sandy aquifer materials is an irreversible sorption rather than retardation. This
tentative conclusion was verified by simulation of benzene transport using an irreversible sorption parameter that led
to a good agreement between the simulated and observed BTCs. Copyright © 2002 John Wiley & Sons, Ltd.

KEY WORDS benzene; irreversible sorption; transport model; retardation; sandy materials

INTRODUCTION

Recently, there has been increasing awareness of the threat to fresh groundwater resources posed by organic
substances such as hydrocarbons leaking from underground tanks of service stations or the petroleum industry.
Hydrocarbons are known to be toxic chemicals to humans and are regarded as immiscible fluids. There
are several hundred different hydrocarbon compounds in various proportions in any gasoline or diesel oil.
For appropriate remediation of groundwater contaminated by hydrocarbons, it is essential to investigate the
transport of hydrocarbon compounds in soils or aquifers.

Processes governing the transport of hydrocarbon compounds in soils or aquifer materials have been inves-
tigated by various researchers. Mehran et al. (1987) studied the distribution coefficient of trichloroethylene
(TCE) for soils with different organic matter contents through field and theoretical methods. Mathematical and
numerical models to describe the fate of hydrocarbon constituents of petroleum products were developed by
Corapcioglu and Baehr (1987) and Baehr and Corapcioglu (1987). A comparison of the sorption coefficients
of naphthalene for aquifer materials with low organic carbon between batch and column tests was made by
MacIntyre et al. (1991). The two tests indicated fast sorption kinetics and linearity of the sorption isotherm.
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Priddle and Jackson (1991) investigated retardation factors of various volatile organic compounds (VOCs) for
aquifer materials using a laboratory column test, and they found that benzene was retarded 14Ð3 times relative
to a conservative tracer. Retardation of perchloroethylene (PCE) in groundwater was studied by Rogers (1992)
based on historical well concentration data. He suggested that retardation factors obtained from laboratory
batch sorption experiments yielded high ranges compared with the field data and could not simulate properly
the transport of PCE. Benker et al. (1998) investigated various methods to estimate the retardation factor of
TCE in sandy aquifer materials with low organic carbon content. They found that, with a reference to a field
test, a column test gave a more reliable result than other methods, such as the batch test and a correlation
between carbon content of the materials and the distribution coefficient.

The foregoing statements show that there are discrepancies between the methods studied on the derivation
and/or the effect of retardation on the transport of hydrocarbon compounds. In this study, we attempt to
investigate the mobility and sorption of benzene in two different textural compositions of sandy aquifer
materials in terms of powdered activated carbon (PAC) content by conducting batch and column tests. We
also investigated the type of sorption for benzene and included it in a convective–dispersive equation (CDE)
model to account for the effect of sorption on the transport of benzene, and compared the results with the
breakthrough curves (BTCs) observed from a column test.

TRANSPORT EQUATION OF REACTIVE CHEMICALS

For a porous medium exhibiting an instantaneous equilibrium with contaminants having adsorptive capacity,
the CDE model for one-dimensional transport of reactive solutes in the absence of microbial and radioactive
decay and transformation is written as:

∂Ctot

∂t
D D�

∂2C

∂x2 � q
∂C

∂x
�1�

where Ctot is the total solute concentrations in the solid and liquid phases, C is the solute concentration in the
liquid phase, D is the hydrodynamic dispersion coefficient, q is the specific or Darcy flux for a given water
content, and � is water content. Ctot can be divided into two different components, namely, liquid and solid
phases, as follows:

∂Ctot

∂t
D �

∂C

∂t
C 	d

∂S

∂t
�2�

where S is the sorbed solute concentration, and 	d is the dry bulk density of soil. Introducing the chain rule,
the change of sorbed concentration versus time ∂S/∂t can be given as

∂S

∂t
D ∂S

∂C

∂C

∂t
�3�

where ∂S/∂C is the slope of the adsorption isotherm for a specific solution concentration at equilibrium. In
the case of the linear adsorption model (Travis and Etnier, 1981), the slope becomes a constant known as a
distribution or partition coefficient, Kd. Based on the linearity of adsorption isotherms ∂S/∂C can be replaced
by Kd, and combining Equations (1)–(3) gives

R
∂C

∂t
D D

∂2C

∂x2 � �
∂C

∂x
�4�

R D 1 C Kd
	d

�
�5�

where v is the pore-water velocity, and R is the retardation factor. Use of R requires a careful inspection of the
assumptions behind derivation of Kd. More specifically, one is that partitioning of the contaminant between
solution and solid is linear, and the other that adsorption is fast and completely reversible.

Copyright © 2002 John Wiley & Sons, Ltd. Hydrol. Process. 17, 1239–1251 (2003)
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For incomplete reversibility, or irreversible sorption, we have to reformulate Equation (3) by introducing
an irreversible first-order kinetic sorption model (Fetter, 1993):

∂S

∂t
D kC �6�

∂C

∂t
D D

∂2C

∂x2 � �
∂C

∂x
� 	d

�

∂S

∂t
�7�

where k [L3M�1T�1] is a first-order irreversible sorption rate constant. Substituting Equation (6) into
Equation (7) gives the following reactive solute transport equation for contaminants showing irreversible
sorption:

∂C

∂t
D D

∂2C

∂x2 � �
∂C

∂x
� C �8�

where  [T�1] is a decay constant representing the irreversible sorption of solute from solution to solid and
is given by

 D k
	d

�
�9�

Retardation caused by sorption of benzene onto the sandy material surfaces was investigated by simulation
of benzene concentrations using the analytical solution of Equation (4) and Equation (8). The combined form
of these equations can be obtained by multiplying the left-hand side of Equation (8) by R as follows:

R
∂C

∂t
D D

∂2C

∂x2 � �
∂C

∂x
� C �10�

This equation describes transport of reactive chemicals showing both reversible and irreversible sorption. In
the case of  D 0 and R > 1 it reduces to Equation (4), indicating that retardation occurs due to adsorption
and complete desorption. When  > 0 and R D 1 it reduces to Equation (8), indicating that the sorption
process is irreversible and no retardation occurs. The analytical solution of Equation (10) was obtained for
a flux concentration with a square pulse application of reactive solute by van Genuchten and Alves (1982).
The solution was incorporated into CXTFIT (version 2Ð1) code (Toride et al., 1995) and used in this study
for simulation of benzene transport for both reversible and irreversible sorption cases.

EXPERIMENTAL METHODS

Batch test

Sandy aquifer materials were collected from an unconfined alluvium plain aquifer near the Han river in
South Korea. Particle size analysis of these aquifer materials is shown in Figure 1, and cation exchange
capacity (CEC) and organic carbon of the sandy materials were 3Ð0 cmol kg�1 and 0Ð05% respectively. Since
the organic carbon content in the aquifer materials was small, we decided to add 0Ð5% by weight PAC
to the aquifer materials in order to investigate the effect of activated carbon content on the sorption and
transport of benzene. The average grain size of the PAC was 27 μm, pH ranged from 6 to 8, and electrical
conductivity (EC) was very low (100 μS cm�1). To determine the distribution coefficient of the two materials
(with and without 0Ð5% PAC) for benzene, a batch test was conducted. Ten grams of the fine fraction less
than 2 mm, for both the sandy aquifer material and aquifer material with 0Ð5% added PAC, was allowed to
equilibrate with 40 ml of benzene solution. The benzene solution was prepared by mixing pure benzene with
distilled water, for 14 different initial concentrations ranging from 50 to 1500 ppm, by shaking at 110 rpm
for 24 h. The solubility of benzene in water at 25 °C is 1780 ppm, and thus the upper limit used in the batch
test was 1500 ppm. After equilibrium was achieved, the benzene concentration of the supernatant solutions

Copyright © 2002 John Wiley & Sons, Ltd. Hydrol. Process. 17, 1239–1251 (2003)
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Figure 1. Particle size analysis of sandy aquifer materials

was determined using high-performance liquid chromatography (HPLC) after centrifuging at 3000 rpm for
10 min. The amount of adsorbed benzene per unit weight of sandy material (μg g�1) was plotted versus the
equilibrium concentration (mg l�1) and fitted to the linear isotherm model. For the material mixture with
0Ð5% PAC, two different distribution coefficients for the linear model were obtained, depending on the range
of the equilibrium concentration used. Thus, different retardation factors were obtained from Equation (5).
Other constants, such as dry bulk density and water content, were obtained from the column test.

Column test

We also conducted column tests for the sandy aquifer material uniformly packed into four separate Plexiglass
cylinders 7Ð4 cm diameter and 7 cm height, to investigate transport of benzene under different injection modes
and material compositions (Figure 2). A perforated disk and a nylon mesh, similar to that used by Kim et al.
(1998), were placed at the bottom of each cylinder in order to allow free drainage and prevent the loss of
sandy or PAC materials. Plexiglass has previously been used for studies of organic compounds. Abumaizer
et al. (1998) used a Plexiglass tube for the study of the biofiltration of BTEX compounds. Burgos et al.
(1999) used a Plexiglass glove box for the study of the bioavailability of naphthalene. Nevertheless, the
possible sorption of benzene onto the Plexiglass and nylon mesh used for the column test was investigated
by conducting a separate experiment where concentrations of benzene solution were measured with time for
glass and Plexiglass containers with and without nylon mesh under a closed system. The results are shown in
Figure 3. The concentrations of benzene solution in the glass container were lower than those in the Plexiglass
container, the greatest difference being 9Ð8% (Figure 3a), and the effect of benzene sorption onto nylon mesh
resulted in a maximum difference of 4Ð1% only (Figure 3b). This indicates that use of Plexiglass and nylon
mesh for the column test would not greatly affect the experimental results on the transport and sorption of
benzene in this study.

A steady-state condition was imposed on each sample by maintaining a constant head using a syringe pump
and checked by measurement of specific flux q at the bottom boundary. After the steady-state condition was
achieved, a BTC experiment was conducted for each column by applying the conservative (KCl) and reactive
(benzene) solutes sequentially. Each experiment consisted of injecting a square pulse and step pulse of KCl
as a tracer with input concentration of 10 g l�1 and volume of 50 ml into the inlet boundary. As soon as
the tracer infiltrated, a steady-state flow of water was resumed. The BTC experiment for benzene followed
immediately after the effluent concentration of the KCl experiment had returned to the initial concentration.
Fifty milliliters of 100 ppm benzene solution was injected for the sandy materials and 80 ml of 1000 ppm

Copyright © 2002 John Wiley & Sons, Ltd. Hydrol. Process. 17, 1239–1251 (2003)
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Figure 2. Schematic diagram of column experimental set-up

benzene solution for the PAC mixture sandy materials with a square pulse and step respectively. In order to
prevent the volatilization of aqueous benzene, the top of the cylinder was covered by a septum through which
benzene solution was transferred using a Teflon tube. In addition, a 50 ml glass syringe was installed through
the septum to supply the same amount of solution as the injected volume to avoid the development of vacuum
inside the cylinder during the pulse injection. The response of flux concentration at the exit boundary due to
the addition of KCl and benzene was monitored using an EC meter and HPLC. Calibration of EC (mS cm�1)
and concentration (g l�1) of the effluent was obtained from the measurement of EC for a series of known
concentrations of KCl solutions. Bulk density and water content of the column materials were determined by
gravimetric measurement at the end of each column test and were an average of 1Ð70 g m�3 and 0Ð34 with a
minor variation respectively.

Time moment analysis

One of the possible methods to evaluate the retardation effect is to compare velocities of reactive and
conservative chemicals through either a laboratory column leaching test or a field tracer test with a pulse
injection (Freeze and Cherry, 1979; MacIntyre et al., 1991; Priddle and Jackson, 1991):

R D �c

�r
D 1 C Kd

	d

�
�11�

where �c and �r are the velocities of the conservative and reactive chemicals respectively. Equation (11) is
useful because Kd can be obtained from the ratio of velocities of conservative and reactive chemicals for the
known bulk density and porosity of aquifer materials, as was done by MacIntyre et al. (1991). The distribution
coefficient obtained in this way can be compared with that determined from a batch test. Since the usefulness
of the distribution coefficient is ultimately to determine the retardation factor that can be used to simulate the
transport of reactive chemicals, we decided not to use such an approach in this study. Rather, we computed

Copyright © 2002 John Wiley & Sons, Ltd. Hydrol. Process. 17, 1239–1251 (2003)
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Figure 3. Comparison of benzene concentrations with time: (a) glass and Plexiglas containers for initial concentrations of 500 ppm; (b) with
and without nylon mesh in a glass container for an initial concentrations of 700 ppm

the velocities of both conservative and reactive chemicals through the column tests and then determined the
retardation factor using Equation (11). Finally, we compared the retardation factor with that obtained from
the distribution coefficient determined from the batch test.

Determination of the average velocity from the BTC requires accurate estimation of the centre of mass of
the plume on the time axis, especially when the BTC shows extensive tailing or skewness. The general form
of time moments for the flux concentration probability density function (PDF ) is given by

TN D
∫ 1

0
tNf�z, t�dt �12�

where TN is the nth-order time moment, f�z, t� is the PDF of flux concentration, and t is time. When N D 1.
the nth-order time moment reduces to the first time moment T1, which corresponds to the mean travel time.
For a given BTC of flux concentration, the mean travel time can be used to estimate the velocity of a certain

Copyright © 2002 John Wiley & Sons, Ltd. Hydrol. Process. 17, 1239–1251 (2003)
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chemical plume for a given depth l of measurement. The flux PDF for the depth l can be given by

f�l, t� D C�l, t�∫ 1

0
C�l, ��d�

�13�

where C�l, t� is the flux concentration at depth l at time t, and � is a dummy variable for time t. In this study,
the first-order time moment was computed using a spline function in SAS.

RESULTS AND DISCUSSION

Batch test

The adsorption isotherms of benzene for the sandy materials and materials 0Ð5% PAC added are shown
in Figure 4. The materials with added PAC show a nonlinear isotherm, but the sandy materials demonstrate
a linear isotherm with a distribution coefficient Kd D 2Ð86. The Kd of the materials with added PAC was
linearized in two segments for low and high concentration ranges, as the column tests were conducted in
two different injection modes in which the step injection led to the high concentration range and the square
pulse injection showed a rather low concentration range in the BTC. The Kd of benzene for the materials
with added PAC was about five times higher in the lower range than the higher range, which was similar
to the Kd of the sandy materials (Table I). This indicates that the adsorption of benzene increases with the
PAC content in the aquifer materials. The sorption isotherm of benzene for PAC was also studied by Dobbs
and Cohen (1980). They found that the distribution coefficient was about 4600 l kg�1 when fitted with the
Freundlich isotherm. Considering the 0Ð5% PAC used in this study and applying Kd D Kocfoc, the Kd results
in 23 l kg�1. This value is comparable with our results for the materials 0Ð5% PAC added, which showed Kd

between 3Ð3 and 14Ð7 l kg�1.

Column test

The BTCs of pulse and step injections obtained from the column tests for the two materials are shown in
Figure 5. For the sandy materials (Figure 5a), the peak concentration of benzene in the case of pulse injection
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Figure 4. Adsorption isotherms with distribution coefficients of benzene in two different sandy aquifer materials: (i) sandy materials fitted
with a linear model; (ii) materials with 0Ð5% PAC added fitted with two different linear models
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Figure 5. BTCs of KCl and benzene tracers injected with the square pulse and step methods: (a) sandy materials; (b) materials with 0Ð5%
PAC added

decreased to a half of that of KCl, whereas the arrival times of the peaks were nearly identical for the
two tracers. This indicates that no retardation occurred during the transport of benzene, but that irreversible
sorption occurred. This result is contradictory to the findings of Priddle and Jackson (1991), who reported
that benzene was retarded 14Ð3 times relative to the conservative solute iodide in a laboratory column test.
The BTCs for step injection showed a similar result between the two tracers up to one pore volume, but
benzene was retarded slightly relative to KCl. However, the lower concentration of benzene than KCl after
one pore volume can be explained only by irreversible sorption since, if retardation occurs, the benzene
concentration should have returned to the input concentration during the step injection. The existence of
irreversible sorption can be supported by the BTC of the pulse injection, which shows a prominent decrease
in the peak concentration of benzene in relation to that of KCl. The mass recovery of benzene concentrations

Copyright © 2002 John Wiley & Sons, Ltd. Hydrol. Process. 17, 1239–1251 (2003)
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in comparison with KCl is shown in Table I. Benzene recovery was 40% in the sandy materials and only
20% in the materials with PAC added, implying that a significant irreversible sorption has occurred. The
irreversibility of benzene in the sandy materials studied conforms well to the study of Kan et al. (1997), who
reported that irreversible adsorption of naphthalene and tetrachlorobiphenyl on sediments could be found.
Retardation factors obtained from the two different methods are also shown in Table I. For sandy materials,
the retardation factor calculated from the velocities of benzene and KCl plume is 0Ð85. This is attributed to
the difference in the specific flux q during the injection. Reflecting this flux difference on the R gives nearly
R D 1, indicating the absence of a retardation effect. For the materials with 0Ð5% PAC added we obtained
R D 1Ð41, indicating the presence of a slight retardation effect. However, the retardation factors determined
from the batch test give much higher values, ranging from 15Ð3 to 74Ð3.

Similar results were also obtained from the materials with PAC added (Figure 5b) in which the peak
concentration of benzene decreased up to one-quarter of the KCl peak concentration due to the higher sorption
capacity of PAC, and the travel times of both BTC peaks nearly coincided. The BTC of step injection also
showed a seeming retardation effect due to the significant shift of the BTC to later times. This is attributed
to the irreversible sorption of benzene from the solution to the solid phase. In fact, it is noted that both the
irreversible sorption and the retardation caused by sorption–desorption give similar results in the BTC shape
obtained from the step injection mode, since both of them show a shift of the BTC to the right side of the
time axis. However, the BTC for pulse injection would give different shapes: one with identical peaks for
an irreversible sorption process and one with a delayed peak compared with a conservative solute for the
retardation process. The only way to examine the process is thus to check the BTC of the pulse injection. For
the two sandy materials used in this study, the peaks of both KCl and benzene were identical. These results
indicate that the predominant process affecting the transport of benzene in the sandy aquifer materials is an
irreversible sorption rather than retardation.

Comparison of simulated and measured BTCs

The estimated transport parameters for KCl and benzene tracers are summarized in Table II. However,
for benzene, the estimation of the transport parameters failed due to the low mass recovery caused by the
irreversible sorption. Note that transport parameters of the CDE model give small variations between pulse
and step injections for a given material texture due to changes in the pore geometry during packing materials
into the cylinder.

The simulated BTCs using the CDE model with the retardation factor and transport parameters of KCl are
compared with the observed BTCs for the pulse and step injections and the two materials (Figure 6). For
the materials with 0Ð5% PAC added we used the retardation factor obtained from the distribution coefficient
calculated for the low concentration range to simulate the BTC of the pulse injection, whereas we used the
retardation factor for the high concentration range for the BTC of the step injection. Regardless of the different
cases of injection mode and material composition, the simulated BTCs showed a great difference with the
observed behaviour. The simulated BTCs for the materials with PAC added did not even appear up to ten
pore volumes. This is attributed to the high retardation factor obtained with the batch test. The unrealistically
high value of the retardation factor of batch tests was also investigated by Rogers (1992), who reported that

Table II. Transport parameters of CDE model and retardation factors for benzene

Materials KCl Retardation factors

Pulse Step Low High

v (cm min�1) D (cm2 min�1) v (cm min�1) D (cm2 min�1)

Sandy materials 1Ð61 1Ð13 1Ð38 1Ð44 15.3
PAC added 1Ð25 2Ð14 1Ð44 0Ð74 74Ð4 16Ð9

Copyright © 2002 John Wiley & Sons, Ltd. Hydrol. Process. 17, 1239–1251 (2003)
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Figure 6. Comparison of the observed and simulated BTCs with retardation factors and transport parameters of KCl for the pulse and step
injections: (a) sandy materials, (b) materials with 0Ð5% PAC added

simulation of PCE using a CDE model yielded reasonable matches with historical data for retardation factors
between 1 and 3, but retardation factors based on the laboratory batch sorption experiments were in the range
6 to 22. MacIntyre et al. (1991) also studied the retardation effect of naphthalene for sandy aquifer materials
containing less than 0Ð1% organic carbon by conducting batch and column tests. Since the sandy aquifer
materials used in this study contains 0Ð05% organic carbon, we can compare both results. They reported that
sorption coefficients for naphthalene were similar between the two tests. This indicates that the retardation
factor obtained from the batch test can reasonably be used for simulation of the naphthalene BTC obtained from
the column test. One explanation for the different results between the two studies could be that the sorption
coefficient of benzene (Kd D 2Ð86 ml g�1) is much higher than that of naphthalene (Kd D 0Ð11 ml g�1) due
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to the low solubility of naphthalene (31 mg l�1 at 25 °C, compared with 1780 mg l�1 at 25 °C for benzene).
Failure of the CDE simulation using the retardation factor in this study is attributed to the assumption that a
complete reversibility exists in the interaction of benzene between solution and solid phases. As was shown
from the comparison of BTCs between KCl and benzene for the pulse injection, the absolute decrease in
the peak concentration of benzene is due to an irreversible sorption. Thus, for organic contaminants showing
irreversible sorption or an incomplete sorption–desorption process, batch experiments do not provide a useful
indicator of either Kd or retardation factors. The simulation of BTCs using a decay constant  representing
the irreversible sorption of benzene from solution to particle surfaces could properly describe the transport
of benzene in the aquifer materials studied for both pulse and step injections, as was shown in Figure 6.
This indicates that the new version of the CDE model given in the form of Equation (10) should be used for
simulation of organic chemicals, such as benzene, that show a highly irreversible sorption during transport
in a subsurface environment. In addition, retardation factors based on the batch tests should be examined
carefully before applying them to the CDE model, as the transport of organic chemicals can lead to seriously
erroneous results.

CONCLUSIONS

In order to examine the existence of retardation effects of reactive chemicals in aquifer materials, we performed
laboratory batch and column tests using KCl and benzene as conservative and reactive tracers for two different
aquifer materials, namely sandy aquifer materials and with materials 0Ð5% PAC added. For the column test, the
two tracers were injected as both pulse and step types. The sorption isotherms of benzene were described by
a linear model for the sandy materials but a nonlinear one for the materials with PAC added. The distribution
coefficient Kd of the materials with PAC added was about five times higher in the low concentration range
than that of the sandy materials, but was nearly the same in the high concentration range. This indicates that
any addition of carbon to the sandy aquifer materials will give rise to high sorption of benzene, and thus
PAC can be used as a powerful sorptive material for active remediation of soils and aquifers contaminated
with aromatic hydrocarbons. The results of BTCs obtained from the column test revealed that, for the pulse
injection, benzene was not retarded in relation to KCl, as the travel times of the peak concentrations of the
two tracers were identical. In addition, the peak of benzene was half that of KCl for the sandy materials
and a quarter that of KCl for the materials with 0Ð5% PAC added. This indicates that, during the transport
of benzene in aquifer materials, irreversible sorption occurs. Simulation of the benzene BTC using a CDE
model with the transport parameters of the KCl BTC and a retardation factor obtained from the batch test
showed a large discrepancy with the measured benzene BTC. However, use of a decay constant representing
the irreversible sorption coefficient gave a reasonable comparison with the measured BTC. This indicates that
the governing process affecting the transport of benzene in sandy aquifer materials is an irreversible sorption
rather than a retardation effect. In order to describe adequately the transport of reactive chemicals in aquifer
materials, accurate estimation of the irreversible sorption coefficient is a prerequisite. Therefore, in future
studies, the focus should be on the quantification of the irreversible sorption coefficient for a given reactive
chemical and aquifer materials.
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Contaminant transport in dual-porosity media

with dissolved organic matter and bacteria

present as mobile colloids
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Abstract

In riverbank filtration, contaminant transport is affected by colloidal particles such as dissolved

organic matter (DOM) and bacterial particles. In addition, the subsurface heterogeneity influences

the behavior of contaminant transport in riverbank filtration. A mathematical model is developed to

describe the contaminant transport in dual-porosity media in the presence of DOM and bacteria as

mobile colloids. In the model development, a porous medium is divided into the mobile and

immobile regions to consider the presence of ineffective micropores in physically heterogeneous

riverbanks. We assume that the contaminant transport in the mobile region is controlled by the

advection and dispersion while the contaminant transport in the immobile region occurs due to the

molecular diffusion. The contaminant transfer between the mobile and immobile regions takes place

by diffusive mass transfer. The mobile region is conceptualized as a four-phase system: two mobile

colloidal phases, an aqueous phase, and a solid matrix. The complete set of governing equations is

solved numerically with a fully implicit finite difference method. The model results show that in

riverbank filtration, the contaminant can migrate further than expected due to the presence of DOM

and bacteria. In addition, the contaminant mobility increases further in the presence of the immobile

region in aquifers. A sensitivity analysis shows that in dual-porosity media, earlier breakthrough of

the contaminant takes place as the volumetric fraction of the mobile region decreases. It is also

demonstrated that as the contaminant mass transfer rate coefficient between the mobile and immobile

regions increases, the contaminant concentration gradient between the two regions reverses at earlier

pore volumes. The contaminant mass transfer coefficient between the mobile and immobile regions

mainly controls the tailing effect of the contaminant breakthrough. The contaminant breakthrough

curves are sensitive to changes in contaminant adsorption and desorption rate coefficients on DOM

and bacteria. In situations where the contaminant is released in the presence of DOM and bacteria in
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dual-porosity media, the early breakthrough and tailing occur due to the colloidal facilitation and

presence of immobile regions.

D 2002 Elsevier Science B.V. All rights reserved.

Keywords: Riverbank filtration; Dual-porosity media; Mobile– immobile region; Colloid-facilitated transport;

Colloids

1. Introduction

The mobilization and transport of colloids in soils and groundwater has been well

reported by several researchers (McDowell-Boyer et al., 1986; McCarthy and Zachara,

1989; Ouyang et al., 1996; Sun et al., 2001). The presence of colloidal particles can affect

the transport of contaminant in subsurface environments. Highly toxic contaminants such

as hydrophobic organic compounds, heavy metals, and radionuclides are strongly sorbed

onto colloidal particles with large specific surface areas. The sorption of contaminant on

the mobile colloids can greatly increase the mobility of a contaminant when the colloids

are highly mobile in the aquifer (Penrose et al., 1990; Magee et al., 1991; Corapcioglu and

Jiang, 1993; Saiers and Hornberger, 1996).

Riverbank filtration is widely used in alluvial aquifers, hydraulically connected to a

river, for the production of drinking water. In riverbank filtration, colloidal particles such

as dissolved organic matter (DOM) and bacteria can affect the transport of an organic

contaminant. Organic and inorganic contaminants have strong affinity to DOM. The

mobility of contaminant is enhanced in the presence of DOM (Lafrance et al., 1994;

Jordan et al., 1997; McCarthy et al., 1998). The aquifer where the riverbank filtration is

practiced is generally saturated with organic matter due to continuous input of DOM from

the river water (McCarthy et al., 1996). Therefore, DOM as mobile carriers can facilitate

the contaminant transport in riverbank filtration. Bacteria can be also involved in the

enhancement of the contaminant transport in the aquifers (Lindqvist and Enfield, 1992;

Jenkins and Lion, 1993; Corapcioglu and Kim, 1995). In riverbank filtration, bacteria can

utilize the organic contaminant and DOM as food source. In the presence of bacteria and

DOM, the subsurface system can be conceptualized as a four-phase medium: an aqueous

phase, a solid matrix, and two mobile colloidal phases.

The nonideality of the contaminant transport due to the presence of physical (pore-

scale) heterogeneity in porous media has been addressed by several researchers (Coats and

Smith, 1964; Rao et al., 1980; van Genuchten and Wagenet, 1989; Saxena et al., 1994;

Selim and Ma, 1995). Brusseau et al. (1989) have discussed that nonideal transport of

contaminant in heterogeneous soils is mainly due to the physical and chemical non-

equilibrium. The physical nonequilibrium is related to the presence of immobile regions in

porous media while the chemical nonequilibrium occurs due to rate-limited sorption

processes. Jarvis et al. (1991) have demonstrated that the movement of a conservative

tracer such as chloride in unsaturated soils could be described well by the dual-porosity

approach. Gerke and van Genuchten (1993) have used the dual-porosity approach to

describe the preferential movement of solutes in structured porous media. Corapcioglu

and Wang (1999) have applied the dual-porosity model to simulate the colloid-facilitated
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Fig. 1. Schematic diagram of riverbank filtration.
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contaminant in heterogeneous soils. In the presence of pore-scale heterogeneity, the solute

transport in porous media is characterized by early breakthrough and late tailing.

In this study, the dual-porosity approach is used to describe the contaminant transport in

the presence of bacteria and DOM in riverbank filtration (Fig. 1). In this approach, the

porous media is divided into mobile and immobile regions. The mobile region is a

dynamic water flow region where the pore-water can flow through the effective macro-

pores. In this region, the advection and mechanical dispersion control the contaminant

transport. In contrast, the immobile region is a stagnant water region where pore-water

flow is negligible due to the ineffective micropores. The immobile region plays a

significant role as a reservoir of contaminant and impacts on the behavior of contaminant

in porous media. The molecular diffusion is a dominant phenomenon for the contaminant

transport in the immobile region. In addition, the difference of the contaminant concen-

tration between the mobile and immobile regions can cause the mass transfer of

contaminant by diffusive exchange. In saturated porous media, both mobile and immobile

regions are saturated, and so no mass transfer of water occurs between two regions. Thus,

no water at the immobile region affects the water flow at the mobile region.

2. Mathematical model development

2.1. DOM and bacteria transport in dual-porosity media

As mentioned earlier, the aquifer is generally saturated with organic matter owing to

continuous input of DOM from river water in riverbank filtration. Therefore, we assume

that DOM concentration is constant in the aqueous phase of the mobile and immobile

regions, and so no mass transfer of DOM occurs between two regions.

The existence of physical heterogeneity in porous media can influence the bacterial

transport. Smith et al. (1985) have reported that E. coli moved rapidly through macropores

in well-structured soils with small retention on the soil matrix. Fontes et al. (1991) have

demonstrated that the presence of preferential flow path in porous media could greatly

increase the extent of bacterial transport in soils. Harvey et al. (1993) have noted that

bacteria could move faster than a nonreactive tracer due to the physical heterogeneity of

the aquifer. We assume in the model development that bacteria are present only in the

mobile region. In the model developed, the flow condition between the river and the

pumping well(s) is idealized as a one-dimensional horizontal flow (see Fig. 1). This

idealization can be justified due to the use of a set of pumping wells placed along the river

in a riverbank filtration operation (Kuehn and Mueller, 2000). Then, the one-dimensional

mass balance equation for bacteria suspended in the aqueous phase of the mobile region

can be described as:

@ð/hmaCma
b Þ

@t
¼ � @

@x
�Db

@ð/hmaCma
b Þ

@x
þ /vma

w hmaCma
b

� �
� /Qr;ma

bs � /Qir;ma
bs

þ /Qma
gm � /Qma

dm þ /Qma
go ð1Þ
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where the superscript ma stands for the mobile region, / is the volume fraction of the

mobile region in the total volume of porous media ( =VT
ma/VT), h

ma is the water content in

the mobile region ( =Vw
ma/VT

ma), Cb
ma is the concentration of bacteria suspended in the

aqueous phase of the mobile region, vw
ma is the pore-water velocity in the mobile region,

DB is the hydrodynamic dispersion coefficients of bacteria (L2 T� 1), Qbs
r,ma and Qbs

ir,ma

represent the reversible and irreversible deposition of bacteria on the solid matrix in the

mobile region (ML � 3 T� 1), respectively, Qgm
ma denotes the growth rate of the bacteria

suspended in the aqueous phase of the mobile region with the contaminant as a food

source, Qdm
ma indicates the decay rate of the bacteria suspended in the aqueous phase of the

mobile region, and Qgo
ma denotes the growth rate of the bacteria suspended in the aqueous

phase of the mobile region with DOM as the other food source.

The deposition of bacteria on the solid matrix is affected by the physical and chemical

properties of porous media and the surface characteristics of bacteria. When the net forces

of attractive London-van der Waals forces and repulsive electrostatic forces become

attractive, the attachment of bacteria to the solid surfaces can occur at the secondary

minimum. Bacteria can reversibly attach to the surfaces by the long-range forces and be

readily detached from the surfaces by shear forces. In the potential energy curve for the

bacterial attachment on the solid matrix, the primary minimum is located close to the solid

surfaces and responsible for the strong attachment of bacteria. The secondary minimum is

situated at a larger distance from the solid surfaces. Bacteria attach weakly on the solid

matrix at the secondary minimum (Rijnaarts et al., 1995). The mass balance equation for

the bacteria reversibly deposited on the solid matrix in the mobile region can be written as:

@ð/qbrr;ma
b Þ

@t
¼ /Qr;ma

bs þ /Qr;ma
gi � /Qr;ma

di ð2Þ

where qb is the density of bacteria, rb
r,ma is the volumetric fraction of the bacteria deposited

reversibly on the solid matrix (volume of bacteria deposited per unit volume of porous

media, L3 L� 3), and Qgi
r,ma and Qdi

r,ma denote the growth and decay rates of the reversibly

attached bacteria, respectively. The reversible mass transfer of bacteria between the

aqueous phase and the solid matrix can be given as:

Q
r;ma
bs ¼ kma

c hmaCma
b � kma

r qbr
r;ma
b ð3Þ

where kc
ma and kr

ma are the deposition and release rate coefficients of bacteria on the solid

matrix (T� 1), respectively.

When hydrophobic interactions and polymer bridging affect bacteria attached to the

secondary minimum, they can transfer to the primary minimum. The bacteria held at the

primary minimum due to these non-DLVO forces can irreversibly attach to the matrix

surfaces. The mass balance equation for bacteria deposited irreversibly on the solid matrix

of the mobile region can be described as:

@ð/qbrir;ma
b Þ

@t
¼ /Qir;ma

bs þ /Qir;ma
gi � /Qir;ma

di ð4Þ

where rbi
r,ma is the volumetric fraction of the bacteria deposited irreversibly on the solid

matrix of the mobile region (volume of bacteria deposited per unit total volume of porous
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media, L3 L � 3), and Qgi
ir,ma and Qdi

ir,ma denote the growth and decay rates of the

irreversibly attached bacteria, respectively. The irreversible attachment of bacteria can

be described as a time-dependent process in which bacteria are permanently removed from

the aqueous phase. The irreversible mass transfer of bacteria from the aqueous phase to the

solid matrix can be presented as:

Q
ir;ma
bs ¼ kma

ci h
maCma

b ð5Þ

where kci
ma is the irreversible deposition rate coefficient of bacteria on the solid matrix

(T� 1).

2.2. Contaminant transport in dual-porosity media

The mass balance equations of the contaminant dissolved in the aqueous phase of the

mobile and immobile regions can be expressed as:

@ð/hmaCma
c Þ

@t
þ @ð/qsrma

cs Þ
@t

¼ � @

@x
�Dc

@ð/hmaCma
c Þ

@x
þ /vma

w hmaCma
c

� �
� /Qma

cd � /Qma
cbm � /Qr;ma

cbi � /Qir;ma
cbi

� /Qma
a � /Qma

s � /Cc ð6aÞ

@½ð1� /ÞhmiCmi
c 	

@t
þ @½ð1� /Þqsrmi

cs 	
@t

¼ � @

@x
�DB

@

@x
½ð1� /ÞhmiCmi

c 	
� 

� ð1� /ÞQmi
cd þ ð1� /ÞCc ð6bÞ

where the superscript mi stands for the immobile region, Cc
ma and Cc

mi are the concentrations

of the dissolved contaminant in the mobile and immobile regions, respectively, qs is the dry
bulk density of the solid matrix, rcs

ma and rcs
mi are the mass fractions of the contaminant

sorbed onto the solid matrix in the mobile and immobile regions, respectively (mass of

contaminants sorbed per unit solid mass of porous media, MM� 1), Dc is the hydrodynamic

dispersion coefficient of contaminant (L2 T� 1), DB is the Brownian molecular diffusion

coefficient of contaminant (L2 T� 1), Qcd
ma and Qcd

mi denote the contaminant mass transfers

between the aqueous phase and DOM in the mobile and immobile regions (ML � 3 T � 1),

respectively, Qcbm
ma indicates the contaminant mass transfer between the aqueous phase and

the mobile bacteria in the mobile region, Qcbi
r,ma represents the contaminant mass transfer

between the aqueous phase and the reversibly attached bacteria in the mobile region, Qcbi
ir,ma

denotes the contaminant mass transfer between the aqueous phase and the irreversibly

attached bacteria in the mobile region, and, Qa
ma and Qs

ma are the utilization rates of the

dissolved contaminant and the contaminants sorbed onto the solid matrix of the mobile

region, respectively. As noted earlier, bacteria are present only in the mobile region.

Therefore, the contaminant present in the immobile region is not available for microbial
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degradation. Cc is the contaminant mass transfer between the mobile and immobile regions

and represented as:

Cc ¼ aðCma
c � Cmi

c Þ ð7Þ
where a is the first-order mass transfer rate coefficient of the contaminant (T� 1).

If the sorption relationship between the aqueous phase and the solid matrix is assumed

to be an equilibrium-controlled process and represented by a linear isotherm, the mass

fractions of contaminant sorbed onto the solid matrix in the mobile and immobile regions

can be given as:

rma
cs ¼ Kma

1 Cma
c ð8aÞ

rmi
cs ¼ Kmi

1 Cmi
c ð8bÞ

where K1
ma and K1

mi are the equilibrium distribution coefficients of contaminant between

the aqueous phase and the solid matrix in the mobile and immobile regions (L3 M � 1),

respectively.

The mass balance equation for the contaminant sorbed to DOM in the mobile and

immobile regions can be described as:

@ð/hmaCma
d rma

cd Þ
@t

¼ � @

@x
�Dd

@

@x
ð/hmaCma

d rma
cd Þ þ /vma

w hmaCma
d rma

cd

� �

þ /Qma
cd � /Qma

d ð9aÞ

@½ð1� /ÞhmiCmi
d rmi

cd 	
@t

¼ ð1� /ÞQmi
cd ð9bÞ

where Cd
ma and Cd

mi are the concentrations of DOM in the mobile and immobile regions,

respectively, rcd
ma and rcd

mi are the mass fractions of contaminant sorbed to DOM in the

mobile and immobile regions (mass of contaminant sorbed to DOM per unit mass of

DOM, MM � 1), Dd is the hydrodynamic dispersion coefficient of DOM (L2 T � 1), Qd
ma

is the utilization rate of contaminant sorbed to DOM in the mobile region. As noted

previously, in riverbank filtration, the aquifer is generally saturated with DOM. Therefore,

for practical purposes of riverbank filtration, we can assume that DOM concentration is

constant in the mobile and immobile regions. In addition, no diffusion of DOM and

DOM-attached contaminant occurs in the immobile region due to constant DOM

concentration. The mass transfer of contaminant between the aqueous phase and DOM

can be expressed as:

Qma
cd ¼ kma

p hmaCma
c � kma

q hmaCma
d rma

cd ð10aÞ

Qmi
cd ¼ kmi

p hmiCmi
c � kmi

q hmiCmi
d rmi

cd ð10bÞ

S.-B. Kim, M.Y. Corapcioglu / Journal of Contaminant Hydrology 59 (2002) 267–289 273

311



where kp
ma and kq

ma are the adsorption and desorption rate coefficients of the contaminant

on DOM in the mobile region (T � 1), respectively, and kp
mi and kq

mi are adsorption and

desorption rate coefficients of the contaminant on DOM in the immobile region (T � 1),

respectively.

The mass balance equation for the contaminant sorbed to the mobile bacteria in the

mobile region can be presented as:

@ð/hmaCma
b rma

cbmÞ
@t

¼ � @

@x
�Db

@

@x
ð/hmaCma

b rma
cbmÞ þ /vma

w hmaCma
b rma

cbm

� �

þ /Qma
cbm � /Qma

bm ð11Þ

where rcbm
ma is the mass fraction of the contaminant sorbed to the mobile bacteria (mass of

contaminants sorbed to mobile bacteria per unit mass of mobile bacteria, MM� 1), and

Qbm
ma is the utilization rate of the contaminant sorbed to the mobile bacteria. The mass

balance equation for the contaminant sorbed to the reversibly attached bacteria in the

mobile region can be given as:

@ð/qbrr;ma
b rr;ma

cbi Þ
@t

¼ /Qr;ma
cbi � /Qr;ma

bi ð12Þ

where rcbi
r,ma is the mass fraction of the contaminant sorbed to the reversibly attached

bacteria (mass of contaminant sorbed to reversibly attached bacteria per unit mass of

reversibly attached bacteria, MM� 1), and Qbi
r,ma is the utilization rate of the contaminant

sorbed to the reversibly attached bacteria. The mass balance equation for the contaminant

sorbed to the irreversibly attached bacteria in the mobile region can be written as:

@ð/qbrir;ma
b rir;ma

cbi Þ
@t

¼ /Qir;ma
cbi � /Qir;ma

bi ð13Þ

where rcbi
ir,ma is the mass fraction of the contaminant sorbed to the irreversibly attached

bacteria (mass of contaminant sorbed to irreversibly attached bacteria per unit mass of

irreversibly attached bacteria, MM� 1), and Qbi
ir,ma is the utilization rate of the contaminant

sorbed to the irreversibly attached bacteria.

The mass transfer of contaminant between the aqueous phase and the mobile bacteria

and between the aqueous phase and the immobile bacteria can be presented with the

following kinetic expressions:

Qma
cbm ¼ kma

3 hmaCma
c � kma

4 hmaCma
b rma

cbm � kma
c hmaCma

b rma
cbm þ kma

r qbr
r;ma
b rr;ma

cbi ð14Þ

Q
r;ma
cbi ¼ kma

3 hmaCma
c � kma

4 qbr
r;ma
b rr;ma

cbi þ kma
c hmaCma

b rma
cbm � kma

r qbr
r;ma
b rr;ma

cbi ð15Þ

Q
ir;ma
cbi ¼ kma

3 hmaCma
c � kma

4 qbr
ir;ma
b rir;ma

cbi þ kma
ci h

maCma
b rma

cbm ð16Þ

where k3
ma and k4

ma are the adsorption and desorption rate coefficients of the contaminant

on bacteria (T � 1), respectively. Note that the detachment rate coefficient of the
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contaminant on the mobile bacteria is assumed to be equal to that of the contaminant on

the immobile bacteria.

2.3. Bacterial growth and decay and contaminant utilization

The specific growth rate of bacteria can be described by the Monod equation.

Assuming that the contaminant concentration in the aqueous phase is low (KsHCc
ma),

the growth rates of the mobile and immobile bacteria with contaminant as a food source

can be described as:

Qma
gm ¼ l Cma

c þ qsr
ma
cs

hma þ Cma
d rma

cd

� �
ðhmaCma

b Þ ð17Þ

Q
r;ma
gi ¼ l Cma

c þ qsr
ma
cs

hma

� �
ðqbrr;ma

b Þ ð18Þ

Q
ir;ma
gi ¼ l Cma

c þ qsr
ma
cs

hma

� �
ðqbrir;ma

b Þ ð19Þ

where l = lmax/Ks, lmax is the maximum growth rate of the mobile bacteria (T� 1), and Ks

is the half-constant which is the substrate concentration where the specific growth rate has

a half of its maximum value (ML � 3). The growth rate of bacteria with DOM as a food

source can be expressed with the following first-order kinetic expression (Borden and

Bedient, 1986):

Qma
go ¼ koYh

maCma
d ð20Þ

where ko is the first-order decay rate coefficient for DOM (T� 1), and Y is the yield factor,

which is the mass of bacteria formed per unit mass of food source utilized (MM � 1).

The decay rates of the mobile and immobile bacteria can be given by the following

first-order kinetic expressions:

Qma
dm ¼ kdmh

maCma
b ð21Þ

Q
r;ma
di ¼ krdiqbr

r;ma
b ð22Þ

Q
ir;ma
di ¼ k irdiqbr

ir;ma
b ð23Þ

where kdm, kdi
r and kdi

ir are the decay rate coefficients for the mobile, reversibly attached and

irreversibly attached bacteria (T� 1), respectively.
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The utilization rates for the dissolved contaminant and the contaminant sorbed onto the

solid matrix can be written as:

Qma
a ¼ lCma

c

Y
ðhmaCma

b þ qbr
r;ma
b þ qbr

ir;ma
b Þ ð24Þ

Qma
s ¼ lqma

s rma
cs

Yhma ðhmaCma
b þ qbr

r;ma
b þ qbr

ir;ma
b Þ ð25Þ

Qma
d ¼ lCma

d rma
cd

Y
ðhmaCma

b Þ ð26Þ

Note that the utilization rates of the contaminant sorbed onto bacteria are assumed to be

negligible (i.e. Qbm
ma =Qbi

r,ma =Qbm
ir,ma = 0) because they are higher-order expressions (Kim

and Corapcioglu, 1996).

3. Governing equations

The substitution of Eqs. (3), (5), (17), (20) and (21) into Eq. (1) yields the transport

equation for the mobile bacteria as:

@ð/hmaCma
b Þ

@t
¼ � @

@x
�Db

@ð/hmaCma
b Þ

@x
þ /vma

w hmaCma
b

� �
� /kma

c hmaCma
b

þ /kma
r qbr

r;ma
b � /kma

ci h
maCma

b

þ /l Cma
c þ qsK

ma
1 Cma

c

hma þ Cma
d rma

cd

� �
ðhmaCma

b Þ

� /kdmh
maCma

b þ /koYh
maCma

d ð27Þ

With the substitution of Eqs. (3), (18) and (22) into Eq. (2), the mass balance equation for

the reversibly attached bacteria can be written as:

@ð/qbrr;ma
b Þ

@t
¼ /kma

c hmaCma
b � /kma

r qbr
r;ma
b þ /lCma

c 1þ qsK
ma
1

hma

� �
ðqbrr;ma

b Þ

� /krdiqbr
r;ma
b ð28Þ

With the substitution of Eqs. (5), (19) and (23) into Eq. (4), the mass balance equation for

the irreversibly attached bacteria can be presented as:

@ð/qbrir;ma
b Þ

@t
¼ /kma

ci h
maCma

b þ /lCma
c 1þ qsK

ma
1

hma

� �
qbr

ir;ma
b � /k irdiqbr

ir;ma
b ð29Þ
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After the substitution of (Eqs. (7), (8a), (10a), (7), (8a), (10a), (14), (15), (16), (24) and

(25)) into Eq. (6a), the transport equation for the contaminant dissolved in the aqueous

phase of the mobile region can be finalized as:

@ð/Rma
c hmaCma

c Þ
@t

¼ � @

@x
�Dc

@ð/hmaCma
c Þ

@x
þ /vma

w hmaCma
c

� �
� /kma

p hmaCma
c þ /kma

q hmaCma
d rma

cd � 3/kma
3 hmaCma

c

þ /kma
4 hmaCma

b rma
cbm þ /kma

4 qbr
r;ma
b rr;ma

cbi þ /kma
4 qbr

ir;ma
b rir;ma

cbi

� /kma
ci h

maCma
b rma

cbm � /l
Y

1þ qsK
ma
1

hma

� �
� ðhmaCma

c þ qbr
r;ma
b þ qbr

ir;ma
b ÞCma

c � /aðCma
c � Cma

c Þ
ð30Þ

where Rc
ma is the contaminant retardation factor at the mobile region ( = 1 + qsK1

ma/hma).

With the substitution of (Eqs. (7), (8b) and (10b) into Eq. (6b), the transport equation for

the contaminant dissolved in the aqueous phase of the immobile region can be written as:

@½ð1� /ÞRmi
c hmiCmi

c 	
@t

¼ � @

@x
�DB

@½ð1� /ÞhmiCmi
c 	

@x

� 
� ð1� /Þkmi

p hmiCmi
c

þ ð1� /Þkmi
q hmiCmi

d rmi
cd þ ð1� /ÞaðCma

c � Cmi
c Þ ð31Þ

where Rc
mi is the contaminant retardation factor at the immobile region ( = 1 + qsK1

mi/hmi).

The substitution of Eqs. (10a) and (26) into Eq. (9a) yields the transport equation for the

contaminant sorbed to DOM in the mobile region as:

@ð/hmaCma
d rma

cd Þ
@t

¼ � @

@x
�Dd

@

@x
ð/hmaCma

d rma
cd Þ þ /vma

w hmaCma
d rma

cd

� �

þ /kma
p hmaCma

c � /kma
q hmaCma

d rma
cd � /lhmaCma

b

Y
ðCma

d rma
cd Þ ð32Þ

After the substitution of Eq. (10b) into Eq. (9b), the mass balance equation for the

contaminant sorbed to DOM in the immobile region can be presented as:

@½ð1� /ÞhmiCmi
d rmi

cd 	
@t

¼ ð1� /Þkmi
p hmiCmi

c � ð1� /Þkmi
q hmiCmi

d rmi
cd ð33Þ

The substitution of Eq. (14) into Eq. (11) produces the transport equation for the

contaminant sorbed to the mobile bacteria as:

@ð/hmaCma
b rma

cbmÞ
@t

¼ � @

@x
�Db

@ð/hmaCma
b rma

cbmÞ
@x

þ /vma
w hmaCma

b rma
cbm

� �

þ /kma
3 hmaCma

c � /kma
4 hmaCma

b rma
cbm � /kma

c hmaCma
b rma

cbm

þ /kma
r
q
b
rma
b
rma
cbi

ð34Þ
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With the substitution of Eq. (15) into Eq. (12), the mass balance equation for the

contaminant sorbed to the reversibly attached bacteria can be finalized as:

@ð/qbrr;ma
b rr;ma

cbi Þ
@t

¼ /kma
3 hmaCma

c � /kma
4 qbr

r;ma
b rr;ma

cbi þ /kma
c hmaCma

b rma
cbm

� /kma
r qbr

r;ma
b rr;ma

cbi ð35Þ

Finally, with the substitution of Eq. (16) into Eq. (13), the mass balance equation for the

contaminant sorbed to the irreversibly attached bacteria can be given as:

@ð/qbrir;ma
b rir;ma

cbi Þ
@t

¼ /kma
3 hmaCma

c � /kma
4 qbr

ir;ma
b rir;ma

cbi þ /kma
ci h

maCma
b rma

cbm ð36Þ

4. Solutions of governing equations

Eqs. (27)–(36) constitute a complete set of governing equations with 10 unknowns:

Cb
ma, rb

r,ma, rbi
r,ma, Cc

ma, Cc
mi, rcd

ma, rcd
mi, rcbm

ma, rcbi
r,ma, and rcbi

ir,ma. In this study, a fully implicit

finite difference method is used to solve the governing equations numerically with the

following initial and boundary conditions:

Cma
b ðx;0Þ ¼ Cma

c ðx;0Þ ¼ Cmi
c ðx;0Þ ¼ rr;ma

b ðx;0Þ ¼ rir;ma
b ðx;0Þ ¼ Cma

d rma
cd ðx;0Þ

¼ Cmi
d rmi

cd ðx;0Þ ¼ Cma
b rma

cbmðx;0Þ ¼ rr;ma
b rr;ma

cbi ðx;0Þ ¼ rir;ma
b rir;ma

cbi ðx;0Þ ¼ 0

ð37Þ

�Db

@Cma
b

@x
ð0; tÞ þ vma

w Cma
b ð0; tÞ ¼

vma
w Cb0 at 0 < tVt0

0 at t > t0

8<
: ð38Þ

�Dc

@Cma
c

@x
ð0; tÞ þ vma

w Cma
c ð0; tÞ ¼

vma
w Cc0 at 0 < tVt0

0 at t > t0

8<
: ð39Þ

@Cma
b

@x
ðL; tÞ ¼ @Cma

c

@x
ðL; tÞ ¼ @Cmi

c

@x
ðL; tÞ ¼ @Cma

d rma
cd

@x
ðL; tÞ ¼ @Cmi

d rmi
cd

@x
ðL; tÞ

¼ @Cma
b rma

cbm

@x
ðL; tÞ ¼ 0 ð40Þ

where Cb0 is the influent concentration of bacteria at x = 0, Cc0 is the influent concentration

for contaminants at x = 0, L is the distance between the river and the pumping station, and

t0 is the duration of bacteria and contaminant flux injection.

Eqs. (27)–(36) are solved sequentially at each time step. First, the bacterial transport

Eq. (27) is solved for Cb
ma at time step (n + 1), where n is the previous time step at which
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all variables are known. Then, the mass balance equations for the reversibly and

irreversibly attached bacteria (28) and (29) are solved for rb
r,ma and rbi

r,ma, respectively,

at the time step (n + 1). In case of the contaminant transport, the model equations are also

solved sequentially. Eqs. (30) and (31) are solved for Cc
ma and Cc

mi, respectively. Then,

Eqs. (32) and (33) are solved for rcd
ma and rcd

mi, respectively. Finally, Eqs. (34)–(36) are

solved for rcbm
ma , rcbi

r,ma, and rcbi
ir,ma, respectively.

5. Model results and sensitivity analysis

The partial verification of the proposed model is performed for the contaminant

transport in the absence of colloids in dual-porosity media. The measured data from

the column experiments of the 2,4,5-trichlorophenoxyacetic acid transport by van

Genuchten et al. (1977) are used to verify the model. They performed the column

experiments using the unsaturated columns with the length of 30 cm to investigate the

transport behavior of herbicides. The parameter values available by van Genuchten et

al. (1977) at their experiments 1–4 are qw = 5.91�10� 5 cm, Dc = 9.72� 10� 5 cm2

s� 1, h = 0.473, / = 0.940, and qb = 1.36� 106 mg l� 1. The influent concentration of

the contaminant is 10 mg 1� 1, and the duration of the contaminant injection is 7.672

Fig. 2. Comparison of the numerical solution (line) with the experimental data (diamond) of van Genuchten et al.

(1977): h = 0.473, /= 0.94, ac = 1.5� 10� 6 s � 1, qb = 1.36� 106 mg l � 1, qw = 5.91�10 � 5 cm s � 1,

Dc = 9.72� 10� 5 cm2 s� 1, K1
ma = 1.96� 10 � 7 l mg� 1, and K1

mi = 4.38� 10� 6 l mg� 1.
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days. The simulation result shows a good match-up with the experimental data (Fig. 2)

when K1
ma, K1

mi, and ac are 1.96� 10� 7, 4.38� 10� 6 l mg� 1, and 1.50� 10� 6 s� 1,

respectively.

The model equations are used to simulate the contaminant transport in dual-porosity

media in the presence of DOM and bacteria in riverbank filtration. The water content,

pore-water velocity, and volume fraction of the mobile region are assumed to be

constant. In addition, the hydrodynamic dispersion coefficients of bacteria and DOM

are assumed to be equal to that of the contaminant. The parameters and the range of

parameters used in the simulation (see Table 1) mainly come from Borden and Bedient

(1986); Corapcioglu and Jiang (1993); Hendry et al. (1999), and Corapcioglu and Wang

(1999).

Table 1

Model parameters used in the simulation

Parameter Comments

Cb0 = 5 mg l� 1 influent bacterial concentration

Cc0 = 0.1 mg l� 1 influent contaminant concentration

Cd = 10 mg l� 1 DOM concentration in the aqueous phase

hma = 0.4 water content in mobile region

hmi = 0.4 water content in immobile region

/= 0.8 volume fraction of mobile region (Corapcioglu and Wang, 1999)

qs = 1.6� 106 mg l� 1 dry bulk density of solid matrix

qb = 1.0� 106 mg l� 1 density of bacteria (Corapcioglu and Kim, 1995)

qw
ma = 1.2� 10� 3 cm s� 1 specific discharge in mobile region

Dc = 7.5� 10� 3 cm2 s� 1 hydrodynamic dispersion coefficient

DB = 4.0� 10� 6 cm2 s� 1 Brownian molecular diffusion coefficient

a = 1.0� 10� 6 s� 1 first-order mass transfer rate coefficient

(Corapcioglu and Wang, 1999)

K1
ma = 1.2� 10� 5 l mg� 1 contaminant distribution coefficient in mobile region

(Corapcioglu and Wang, 1999)

K1
mi = 1.2� 10� 4 l mg� 1 contaminant distribution coefficient in immobile region

(Corapcioglu and Wang, 1999)

kc
ma = 2.0� 10� 5 s� 1 bacterial deposition rate coefficient (Hendry et al., 1999)

kr
ma = 2.0� 10� 6 s� 1 bacterial release rate coefficient (Hendry et al., 1999)

kci
ma = 1.0� 10� 5 s� 1 bacterial irreversible deposition rate coefficient (Hendry et al., 1999)

k3
ma = 3.0� 10� 5 s� 1 contaminant adsorption rate coefficient onto bacteria

(Kim and Corapcioglu, 1996)

k4
ma = 1.5� 10� 5 s� 1 contaminant desorption rate coefficient from bacteria

(Kim and Corapcioglu, 1996)

kp
ma, kp

mi = 3.0� 10� 4 s� 1 contaminant adsorption rate coefficient on DOM

(Corapcioglu and Jiang, 1993)

kq
ma, kq

mi = 1.5� 10� 4 s� 1 contaminant desorption rate coefficient from DOM

(Corapcioglu and Jiang, 1993)

ko = 3.1�10� 11 s� 1 first-order decay rate coefficient for DOM

(Borden and Bedient, 1986)

l= 2.1�10 � 11 cm3 mg� 1 s� 1 coefficient related with bacterial growth rate

(Corapcioglu and Kim, 1995)

Y= 0.098 yield factor (Corapcioglu and Kim, 1995)

kdm, kdi
r , kdi

ir = 1.7� 10� 8 s� 1 decay rate coefficient of bacteria (Corapcioglu and Kim, 1995)
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Fig. 3 illustrates the temporal variation of the total aqueous phase contaminant

concentration in the mobile and immobile regions in the presence of DOM and bacteria.

Concentration values are normalized by the influent concentration. In the simulation,

bacteria are present at all times while the contaminant is pulse-loaded for 5 pore volumes

(pv). In the dual-porosity model, the total concentration of contaminant in the aqueous

phase of the mobile region, Cct
ma, is the sum of the contaminant dissolved in the aqueous

phase, the contaminant sorbed to DOM, and the contaminant sorbed to the mobile bacteria

(i.e. Cct
ma =Cc

ma +Cd
marcd

ma +Cb
marcbm

ma ). And the total concentration of contaminant in the

aqueous phase of the immobile region, Cct
mi, is the sum of the contaminant dissolved in the

aqueous phase and the contaminant sorbed to DOM (i.e. Cct
mi =Cc

mi +Cd
mircd

mi). Fig. 3

shows that the contaminant mobility increases in the presence of DOM and bacteria in the

mobile region. When no colloids are present, the peak position in the mobile region is at

40.0 pv. In the presence of DOM, the peak position in the mobile region is at 16.0 pv. The

mobility of the contaminant increases greatly when DOM is present in the aqueous phase.

If bacteria and DOM are present together, the peak position shifts from 16.0 to 14.7 pv. In

riverbank filtration, the contaminant mobility increases due to the presence of DOM and

bacteria. As shown in Fig. 3, the tailing appears at later pore volumes due to the presence

of an immobile region. The contaminant concentration in the immobile region increases

slowly by the mass transfer from the mobile region. After the concentration gradient

between the mobile and immobile regions reverses, the immobile region serves as a

contaminant reservoir and releases the contaminant into the mobile region. Therefore, at

later pore volumes, the contaminant concentration in the mobile region is affected by the

Fig. 3. Temporal variation of total aqueous phase contaminant concentration in the mobile region, Cct
ma, and

immobile region, Cct
mi (at x =L).
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rate of mass transfer from the immobile region. In the presence of DOM and bacteria, the

tailing effect occurs at earlier pore volumes than in the absence of colloids. In the mobile

region, the contaminant can move faster in the presence of colloids than in the absence of

colloids. Thus, the concentration gradient between two regions reverses at earlier pore

volumes in the presence of colloids.

Fig. 4 presents the temporal variation of the total aqueous phase effluent contaminant

concentration in the mobile region in single- and dual-porosity media. Fig. 4 shows that

the contaminant can breakthrough earlier in dual-porosity media than in single-porosity

media. In the presence of DOM and bacteria, the normalized peak concentration is 0.20

at pv = 17.3 in single-porosity media while it is 0.23 at 14.7 pv in dual-porosity media.

The pore space available for the contaminant transport in dual-porosity media is smaller

than in single-porosity media. It indicates that the pore velocity in dual-porosity media is

larger than in single-porosity media in case of constant flow rate. Therefore, the

contaminant can migrate to further distances in dual-porosity media than in single-

porosity media. Fig. 4 also demonstrates that there is no tailing in single-porosity media.

The contaminant concentration decreases rapidly from the peak concentration at later

pore volumes in single-porosity media. However, the tailing effect is observed in dual-

porosity media. The contaminant breakthrough curves in dual-porosity media show the

early breakthrough and tailing. In the contaminant transport in dual-porosity media, the

early breakthrough of the contaminant is closely related with the volumetric fraction of

the mobile region. The pore space available for contaminant transport will be reduced

when the volumetric fraction of the mobile region becomes smaller. Therefore, the

Fig. 4. Temporal variation of the total aqueous phase effluent contaminant concentration in single- (/= 1.0) and

dual-porosity media (/= 0.8). / is the volume fraction of the mobile region.
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earlier breakthrough of the contaminant occurs as the volumetric fraction of the mobile

region decreases.

Fig. 5 shows the effect of the adsorption and desorption rate coefficients of contaminant

on DOM, kp
ma and kq

ma, on total aqueous phase effluent contaminant concentration in the

mobile region, Cct
ma. As kp

ma increases from 1.5� 10� 4 to 1.5� 10� 3 s� 1, the peak

concentration increases sharply from 0.17 to 0.57 while the peak position moves from

20.5 to 6.7 pv (Fig. 5a). As kp
ma increases, the contaminant sorbed onto DOM increases,

and so the contaminant mobility increases. When kq
ma increases from 3.0� 10� 5 to

3.0� 10� 4 s� 1, the normalized peak concentration decreases from 0.39 to 0.20, and the

peak position shifts from 5.9 to 21.0 pv (Fig. 5b). As kq
ma increases, the contaminant

mobility decreases since more contaminant mass is released from DOM. Fig. 5 demon-

strates that the contaminant breakthrough curve is very sensitive to changes in kp
ma and

kq
ma.

Fig. 6 presents the effect of the adsorption and desorption rate coefficients of

contaminant on bacteria, k3
ma and k4

ma, on total aqueous phase effluent contaminant

concentration in the mobile region, Cct
ma. If k3

ma increases from 1.5� 10� 5 to 1.5�
10� 4 s� 1, the normalized peak concentration increases from 0.23 to 0.24 and the peak

position shifts from 15.5 to 9.3 pv (Fig. 6a). As k3
ma increases, more contaminant mass can

sorb onto bacteria, and so the contaminant mobility increases. As k4
ma increases from

3.0� 10� 6 to 3.0� 10� 5 s� 1, the normalized peak concentration increases from 0.19 to

0.24, and the peak position moves from 13.6 to 14.7 pv (Fig. 6b). As expected, the

contaminant mobility decreases as k4
ma increases.

Fig. 7 illustrates the effect of bacterial deposition and release rate coefficients, kc
ma, kr

ma,

and kci
ma, on the total aqueous phase effluent contaminant concentration in the mobile

region. As kc
ma increases, the concentration of the mobile bacteria decreases, and so the

contaminant facilitation by the mobile bacteria decreases (Fig. 7a). To the contrary, the

mobile bacterial concentration increases as kr
ma increases. Because more bacterial particles

are available as the mobile carriers, the contaminant mobility increases (Fig. 7b). As kci
ma

increases, more bacteria become immobile, and so the bacterial facilitation effect is

reduced (Fig. 7c).

Fig. 8 demonstrates the effect of contaminant mass transfer rate coefficient, a, on total

aqueous phase contaminant concentration in the mobile and immobile regions. According

to Gerke and van Genuchten (1993), the mass transfer rate coefficient for the contaminant

can be defined as a=(a/b2)DB. a is the dimensionless geometry factor which is related to

the properties of the soil matrix. b denotes the characteristic diffusion path length (L). It

represents the distance between the interface of the mobile–immobile region and the

center of the immobile region. DB indicates the molecular diffusion coefficient (L2 T� 1).

The extent that the presence of the immobile region affects contaminant transport in the

mobile region is closely related to the mass transfer rate coefficient. If the contaminant

mass transfer rate coefficient is too small, the effect of the immobile region on the

transport of the contaminant in the mobile region becomes negligible. As a increases, the

contaminant mass transfer between the mobile and immobile regions increases, and the

immobile region more actively involves with the contaminant transport in the mobile

region. When a increases from 5.0� 10� 7 to 5.0� 10� 6, the total aqueous phase

contaminant concentration in the immobile region (at 90 pv) increases from 1.3� 10� 4
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to 1.2� 10� 3. Fig. 8 demonstrates that at larger mass transfer rates, the contaminant

concentration in the immobile region increases faster, and so the reversal of the

contaminant gradient between the mobile and immobile regions takes place at earlier

Fig. 5. The effect of the (a) adsorption rate coefficient of contaminant on DOM, kp
ma, (b) desorption rate

coefficient of contaminant from DOM, kq
ma, on total aqueous phase effluent contaminant concentration in the

mobile region, Cct
ma.
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pore volumes. As a increases from 5.0� 10� 7 to 5.0� 10� 6, the total aqueous phase

effluent contaminant concentration in the mobile region (at 90 pv) increases from

7.2� 10� 7 to 6.7� 10� 5. It indicates that the tailing occurs at higher contaminant

Fig. 6. The effect of the (a) adsorption rate coefficient of contaminant on bacteria, k3
ma, (b) desorption rate

coefficient of contaminant from bacteria, k4
ma, on total aqueous phase effluent contaminant concentration in the

mobile region, Cct
ma.
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Fig. 7. The effect of the (a) reversible deposition rate coefficient of bacteria, kc
ma, (b) release rate coefficient of

bacteria, kr
ma, and (c) irreversible deposition rate coefficient of bacteria, kci

ma, on total aqueous phase effluent

contaminant concentration in the mobile region, Cct
ma.
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concentrations when the contaminant mass transfer rate coefficient becomes larger. In

contaminant transport in dual-porosity media, the contaminant mass transfer coefficient

between the mobile and immobile regions mainly controls the tailing effect of contam-

inant breakthrough.

6. Conclusions

In this study, a mathematical model is developed to describe the contaminant transport

in the presence of DOM and bacterial particles in physically heterogeneous aquifers

during riverbank filtration. To consider the role of immobile regions (ineffective

micropores) in physically heterogeneous aquifers, the dual-porosity (mobile–immobile

region) approach is applied. The mobile region is conceptualized as a four-phase

medium: two mobile colloidal phases, an aqueous phase, and a solid matrix. The model

results demonstrate that in riverbank filtration, the presence of colloidal particles and

ineffective micropores in aquifers causes the early breakthrough and tailing in the

contaminant transport. The presence of bacteria and DOM in aquifers enhances the

contaminant mobility in riverbank filtration. When the volumetric fraction of the mobile

region in aquifers diminishes, earlier contaminant breakthrough occurs in riverbank

filtration. The tailing in contaminant breakthrough curves is mainly controlled by the

contaminant mass transfer coefficient between the mobile and immobile regions. The

model presented in this study can help predict the contaminant transport in riverbank

filtration.

Fig. 8. The effect of contaminant mass transfer rate coefficient, a, on total aqueous phase contaminant

concentration in the mobile region, Cct
ma, and immobile region, Cct

mi at x= L.
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Abstract

In riverbank filtration, the removal of organic contaminants is an important task for the production of good quality drinking

water. The transport of an organic contaminant in riverbank filtration can be retarded by sorption on to the solid matrix and

facilitated by the presence of mobile colloids. In the presence of dissolved organic matter (DOM) and bacteria, the subsurface

environment can be modeled as a four-phase porous medium: two mobile colloidal phases, an aqueous phase, and a solid

matrix. In this study, a kinetic model is developed to simulate the contaminant transport in riverbank filtration in the presence of

DOM and bacteria. The bacterial deposition and the contaminant sorption on bacteria and DOM are expressed with kinetic

expressions. The model equations are solved numerically with a fully implicit finite difference method. Simulation results show

that the contaminant mobility increases greatly in riverbank filtration due to the presence of DOM. The mobility can be

enhanced further when the bacteria and DOM are present together in the aquifer. In this system, the total aqueous phase

contaminant concentration, Cþ
ct ; includes the contaminant dissolved in the aqueous phase, Cþ

c ; the contaminant sorbed to DOM,

sþ
cd; and the contaminant sorbed to mobile bacteria, Cþ

b s
þ
cbm; (i.e. C

þ
ct ¼ Cþ

c þ sþ
cd þ Cþ

b s
þ
cbm). Sensitivity analysis illustrates

that the distribution of the total aqueous phase contaminants among the dissolved phase, DOM and bacteria is changed

significantly with various Damköhler numbers related to the contaminant sorption on mobile colloids.q 2002 Elsevier Science

B.V. All rights reserved.

Keywords: Riverbank filtration; Contaminant transport; Colloids; Dissolved organic matter; Bacteria

1. Introduction

Riverbank filtration is a natural process used as a

first step in drinking water treatment (Fig. 1). During

the process, the river water passes through riverbed

and aquifer sediments that serve as natural filters, and

various contaminants such as trace organic pollutants,

bacteria, viruses, and inorganic compounds are

removed (Sontheimer, 1980). Even though the

variation in water quality (i.e. contaminant concen-

tration, pH and temperature) can be significant in river

water due to seasonal changes, runoff and shock load,

it can be smoothed as the river water passes through

the riverbank (Kuehn and Mueller, 2000). Water

quality during riverbank filtration has been investi-

gated by several researchers (Jacobs et al., 1988;

Bourg and Bertin, 1993; Matsunaga et al., 1993; von

Gunten and Zobrist, 1993). The seasonal and spatial

changes of water quality in riverbank filtration have

been studied by von Gunten et al. (1991) and Bourg

0022-1694/02/$ - see front matter q 2002 Elsevier Science B.V. All rights reserved.
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and Bertin (1994). It is believed that temperature is

one of the key factors affecting the change of water

quality in riverbank filtration because it controls

microbial activity.

In riverbank filtration, organic compounds are the

major pollutants to impact on the quality of bank-

filtered water. The removal of organic contaminants is

an important task for the production of good quality

bank-filtered water. Several researchers have investi-

gated the behavior of various organic contaminants in

riverbank filtration (Kuhn et al., 1987; Schaffner et al.,

1987). Schwarzenbach et al. (1983) have studied the

sorption behavior of the volatile organic compounds

such as chloroform, 1,1,1-trichloroethane, trichlor-

oethylene and tetrachloroethylene, and presented the

ranges of retardation factors of these compounds.

Kuhn et al. (1985) have investigated the microbial

transformation of trace organic compounds. They

have reported that dimethylbenzenes were biodegrad-

able under aerobic, denitrifying and anaerobic con-

ditions, whereas dichlorobenzenes were transformed

microbially only under aerobic conditions. In river-

bank filtration the behavior of organic contaminants is

affected by sorption and microbial degradation.

In the subsurface, colloidal/bacterial particles are

generated and/or mobilized by various mechanisms.

The presence of colloids can affect the transport

behavior of organic contaminants in soils and

groundwater due to sorption on the surface of

colloids/bacteria (McCarthy and Zachara, 1989;

Ryan and Elimelech, 1996; Choi and Corapcioglu,

1997). In riverbank filtration, the mobile colloidal

particles can increase the mobility of contaminants

and change the degree of sorption and microbial

degradation.

Dissolved organic matter (DOM) is widely

Fig. 1. Schematic diagram of riverbank filtration.
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present in aquatic subsurface environments. Several

researchers have reported that organic compounds

have strong affinity to DOM. Hassett and Ander-

sion (1979) have reported that hydrophobic organic

compounds such as PCBs were bound to DOM in

water. Carter and Suffet (1982) have examined the

sorption of DDT to DOM. Chiou et al. (1986) have

shown that the sorption of hydrophobic organic

compounds onto DOM increased their aqueous

solubility. Magee et al. (1991) have reported that

hydrophobic compounds moved faster in the

presence of DOM. In riverbank filtration, DOM

can facilitate the contaminant transport as the

mobile carrier. In addition, it can be utilized as a

food source for bacteria.

In riverbank filtration, contaminant transport can

be affected by the presence of bacteria. Lindqvist and

Enfield (1992) have reported that the transport of

DDT and hexachlorobenzene could be facilitated in

groundwater owing to their attachment on bacteria.

Jenkins and Lion (1993) have demonstrated that

highly mobile bacteria could increase the mobility of

organic contaminants such as PAHs. In addition,

bacteria can reduce the contaminant concentration by

microbial transformation.

In this study, a kinetic model is developed to

simulate contaminant transport in riverbank filtration

in the presence of DOM and bacteria. In the presence

of colloids, the saturated porous media can be

conceptualized as a three-phase medium such as a

colloidal phase, an aqueous phase, and a solid matrix

(Corapcioglu and Jiang, 1993). When bacteria and

DOM are present simultaneously with the dissolved

contaminant, it can be modeled with two mobile

colloidal phases, an aqueous phase (water), and a solid

matrix. Governing equations are developed based on

mass balance equations. A dimensional analysis is

performed with dimensionless parameters and vari-

ables to generalize the model results. The model

equations are solved numerically with a fully implicit

finite difference method.

2. Mathematical model development

2.1. DOM and bacterial transport

According to McCarthy et al. (1996), when the

established equilibrium conditions between organic

matter in the aqueous phase and on the solid phase are

not disrupted or all the binding sites for organic matter

in the aquifer are saturated owing to continuous input,

DOM transport can be described as a non-reactive

solute transport. In riverbank filtration, the aquifer is

generally saturated with organic matter due to

continuous input of DOM from the river water.

The movement of bacteria in soils and groundwater

is mainly controlled by the advective-dispersive

transport and attachment onto solid matrix. The

deposition of bacteria onto solid matrix is controlled

by physical properties of porous media, chemical

conditions of groundwater, and characteristics of

bacteria. Bacteria should be more mobile than the

contaminant to enhance the transport of organic

contaminant in riverbank filtration. The mass balance

equation for the aqueous-phase bacteria can be

described as

›ðuCbÞ
›t

¼ 2
›

›x
2Db

›ðuCbÞ
›x

þ vwuCb

� �

2 Qbs þ Qgm 2 Qdm þ Qgo ð1Þ

where u is the water content ð¼ n2 sbÞ; n is the

porosity, sb is the volumetric fraction of bacteria

attached onto the solid matrix (volume of bacteria

deposited per unit total volume of porous media), Cb

is the concentration of the aqueous-phase bacteria, Db

is the hydrodynamic dispersion coefficient for bacteria

[L2T21], vw is the pore-water velocity [LT21], Qbs

represents the mass transfer of bacteria between the

aqueous phase and the solid matrix (mass of bacteria

per unit volume of porous media per unit time), Qgm

denotes the growth rate of the aqueous-phase bacteria

with contaminant as a food source, Qdm indicates the

decay rate of the aqueous-phase bacteria, and Qgo

denotes the growth rate of the aqueous-phase bacteria

with DOM as a food source.

The mass balance equation for the bacteria

deposited on the solid matrix can be presented as

›ðrbsbÞ
›t

¼ Qbs þ Qgi 2 Qdi ð2Þ

where rb is the density of bacteria, sb is the

volumetric fraction of bacteria deposited onto the

solid matrix (volume of bacteria deposited per unit
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volume of porous media), and Qgi and Qdi denote the

growth and decay rates of the captured bacteria,

respectively. The mass transfer of bacteria between

the aqueous phase and the solid matrix can be

presented as

Qbs ¼ kcuCb 2 krrbsb ð3Þ
where kc and kr are the deposition and release rate

coefficients of bacteria on the solid matrix [T21],

respectively.

2.2. Contaminant transport

The mass balance equation of the contaminant

dissolved in the aqueous phase can be expressed as

›ðuCcÞ
›t

þ ›ðrsscsÞ
›t

¼ 2
›

›x
2Dc

›ðuCcÞ
›x

þ vwuCc

� �

2Qcd 2 Qcbm 2 Qcbi 2 Qa 2 Qs ð4Þ

where Cc is the concentration of the contaminant

dissolved in the aqueous phase, rs is the dry bulk

density of the solid matrix, scs is the mass fraction of

the contaminant sorbed onto the solid matrix (mass of

contaminant sorbed per unit solid mass of porous

media). Dc is the hydrodynamic dispersion coefficient

of the contaminant dissolved in the aqueous phase

[L2T21], Qcd denotes the contaminant mass transfer

between the aqueous phase and DOM (mass of

contaminant per unit volume of porous media per

unit time), Qcbm indicates the contaminant mass

transfer between the aqueous phase and the mobile

bacteria, Qcbi represents the contaminant mass

transfer between the aqueous phase and the immobile

bacteria, and Qa and Qs are the utilization rates of the

dissolved contaminant and the contaminant sorbed

onto the solid matrix, respectively.

If the sorption relationship between the aqueous

phase and the solid matrix is assumed to be an

equilibrium-controlled process and represented by a

linear isotherm, the mass fraction of the contaminant

sorbed onto the solid matrix can be presented as

scs ¼ K1Cc ð5Þ
where K1 is the equilibrium distribution coefficient of

contaminant between the aqueous phase and the solid

matrix [L3M21].

The mass balance equation for the contaminant

sorbed to DOM can be described as

›ðuCdscdÞ
›t

¼ 2
›

›x
2Dd

›

›x
ðuCdscdÞ þ vwuCdscd

� �

þ Qcd 2 Qd ð6Þ

where Cd is the concentration of DOM in the aqueous

phase, scd is the mass fraction of the contaminant

sorbed to DOM (mass of contaminant sorbed to DOM

per unit mass of DOM), Dd is the hydrodynamic

dispersion coefficient of DOM [L2T21], and Qd is the

utilization rate of the contaminant sorbed to DOM. As

mentioned earlier, the aquifer is generally saturated

with DOM in riverbank filtration. Therefore, we can

assume that DOM concentration is constant in

groundwater for practical purposes of riverbank

filtration. The mass transfer of contaminant between

the aqueous phase and DOM can be described as

Qcd ¼ kpuCc 2 kquCdscd ð7Þ
where kp and kq are the adsorption and desorption rate

coefficients for the contaminant on DOM [T21],

respectively.

The mass balance equation for the contaminant

sorbed to the mobile bacteria can be presented as

›ðuCbscbmÞ
›t

¼ 2
›

›x
2Db

›

›x
ðuCbscbmÞ þ vwuCbscbm

� �

þ Qcbm 2 Qbm ð8Þ
where scbm is the mass fraction of the contaminant

sorbed to the mobile bacteria (mass of contaminant

sorbed to mobile bacteria per unit mass of mobile

bacteria), and Qbm is the utilization rate of the

contaminant sorbed onto the mobile bacteria. The

mass balance equation for the contaminant sorbed to

the immobile bacteria can be given as

›ðrbsbscbiÞ
›t

¼ Qcbi 2 Qbi ð9Þ

where scbi is the mass fraction of the contaminant

sorbed to the immobile bacteria (mass of contaminant

sorbed to immobile bacteria per unit mass of
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immobile bacteria), and Qbi is the utilization rate of

the contaminant sorbed to the immobile bacteria.

The mass transfers of contaminant between the

aqueous phase and the mobile bacteria and between

the aqueous phase and the immobile bacteria can be

presented with the following kinetic expressions

Qcbm ¼ k3uCc 2 k4uCbscbm 2 kcuCbscbm þ krrbsbscbi

ð10Þ
Qcbi ¼ k3uCc 2 k4rbsbscbi þ kcuCbscbm 2 krrbsbscbi

ð11Þ
where k3 and k4 are adsorption and desorption rate

coefficients of the contaminant on bacteria [T21],

respectively. Note that the detachment rate coefficient

of the contaminant on the mobile bacteria is assumed

to be equal to that of the contaminant on the immobile

bacteria.

2.3. Bacterial growth and decay and contaminant

utilization

If bacteria can utilize contaminant as a growth

substrate, the growth rate of the mobile bacteria can

be given as

Qgm ¼ mguCb ð12Þ
where mg is the specific growth rate of the mobile

bacteria [T21]. The specific growth rate of bacteria

can be described with the Monod equation. Assuming

that the contaminant concentration in the aqueous

phase is low ðKs q CcÞ; the growth rate of the mobile

bacteria with contaminant as a food source can be

expressed as (Kim and Corapcioglu, 1996)

Qgm ¼ m Cc þ rsscs

u

� �
uCb ð13Þ

where m ¼ mmax=Ks; mmax is the maximum growth

rate [T21], and Ks is the half-constant [ML23]. When

bacteria can utilize the contaminant sorbed to the solid

matrix, DOM, and bacteria, Eq. (13) can be presented

as:

Qgm ¼ m Cc þ rsscs

u
þ Cdscd þ Cbscbm

� �
uCb: ð14Þ

Assuming that the specific growth rate of the

immobile bacteria is the same as that of the mobile

bacteria, the growth rate of the immobile bacteria is:

Qgi ¼ m Cc þ rsscs

u
þ rbsbscbi

u

� �
rbsb: ð15Þ

For the growth rate of bacteria with DOM as a food

source, the following kinetic expression is used

(Borden and Bedient, 1986)

Qgo ¼ koYuCd ð16Þ

where ko is the first-order decay rate coefficient for

DOM [T21], and Y is the yield factor (mass of bacteria

formed per unit mass of food source utilized).

The decay rates of the mobile and the immobile

bacteria are expressed with the following kinetic

expressions

Qdm ¼ kdmuCb ð17Þ

Qdi ¼ kdirbsb ð18Þ
where kdm and kdi are the decay rate coefficients for

the mobile and the immobile bacteria [T21], respect-

ively. The utilization rates of the contaminant

dissolved in the aqueous phase or sorbed on the

solid matrix, DOM, mobile bacteria, and immobile

bacteria can be expressed as:

Qa ¼ mCc

Y
ðuCb þ rbsbÞ ð19Þ

Qs ¼ mrsscs

Yu
ðuCb þ rbsbÞ ð20Þ

Qd ¼ mCdscd

Y
ðuCbÞ ð21Þ

Qbm ¼ mCbscbm

Y
ðuCbÞ ð22Þ

Qbi ¼ mrbsbscbi

Y
ðrbsbÞ: ð23Þ

2.4. One-dimensional model equations

The substitution of Eqs. (3), (14), (16)–(18) into

Eq. (1) yields the one-dimensional transport equation
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for the mobile bacteria as:

›ðuCbÞ
›t

¼ 2
›

›x
2Db

›ðuCbÞ
›x

þ vwuCb

� �
2 kcuCb

þ krrbsb

þm Cc þ rsK1Cc

u
þ Cdscd þ Cbscbm

� �

£ uCb 2 kdmuCb þ koYuCd: ð24Þ

With the substitution of Eqs. (3), (15), and (18) into

Eq. (2), the mass balance equation for the immobile

bacteria can be written as:

›ðrbsbÞ
›t

¼ kcuCb 2 krrbsb

þm Cc þ rsK1Cc

u
þ rbsbscbi

u

� �
rbsb 2 kdirbsb:

ð25Þ
After the substitution of Eqs. (5), (7), (10), (11), (19),

and (20) into Eq. (4) and rearrangement, the one-

dimensional transport equation for the contaminant

dissolved in the aqueous phase can be finalized as

›ðRcuCcÞ
›t

¼ 2
›

›x
2Dc

›ðuCcÞ
›x

þ vwuCc

� �
2 kpuCc

þ kquCdscd 2 2k3uCc þ k4uCbscbm

þ k4rbsbscbi 2
mRc

Y
Cb þ rbsb

u

� �
uCc

ð26Þ
where Rc is the contaminant retardation factor, and

represented as Rc ¼ 1þ ðrsK1=uÞ: The substitution of
Eqs. (7) and (21) into Eq. (6) yields the one-

dimensional transport equation for the contaminant

sorbed to DOM as:

›ðuCdscdÞ
›t

¼ 2
›

›x
2Dd

›

›x
ðuCdscdÞ þ vwuCdscd

� �

þ kpuCc 2 kquCdscd 2
mCb

Y
ðuCdscdÞ:

ð27Þ
The substitution of Eqs. (10) and (22) into Eq. (8)

generates the one-dimensional transport equation for

the contaminant sorbed to the mobile bacteria as:

›ðuCbscbmÞ
›t

¼ 2
›

›x
2Db

›

›x
ðuCbscbmÞ þ vwuCbscbm

� �
þ k3uCc

2 k4uCbscbm 2 kcuCbscbm þ krrbsbscbi

2
mCb

Y
ðuCbscbmÞ: ð28Þ

Then, with the substitution of Eqs. (11) and (23) into

Eq. (9), the mass balance equation for the contaminant

sorbed to the immobile bacteria can be finalized as:

›ðrbsbscbiÞ
›t

¼ k3uCc 2 k4rbsbscbi þ kcuCbscbm

2 krrbsbscbi 2
mrbsb

Y
ðrbsbscbiÞ:

ð29Þ

3. Non-dimensional model equations and solutions

To generalize the results of the model, we grouped

individual parameters of the phenomenon in dimen-

sionless numbers. These numbers reveal the func-

tional dependence of each set of dimensionless groups

in response to orders of magnitude changes in one

dimensionless group to the other. Therefore, a

dimensional analysis is performed using the following

dimensionless variables

X ¼ x

L
; T ¼ vwt

L
; uþ ¼ u

n
; Cþ

b ¼ Cb

Cb0

;

Cþ
c ¼ Cc

Cc0

; Kþ
1 ¼ rsK1

n
; sþ

b ¼ rbsb

nCb0

;

sþ
cd ¼

Cd0scd

Cc0

; sþ
cbm ¼ Cb0scbm

Cc0

;

sþ
cbi ¼

Cb0scbi

Cc0

ð30Þ

where Cb0 is the influent concentration of bacteria at

x ¼ 0; Cc0 is the influent concentration of contami-

nant at x ¼ 0; and L is the distance between the river

and the pumping station (Fig. 1). In the dimensional
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analysis, the following dimensional parameters,

including the Peclet number (ratio of the rate of

advective contaminant transport to the rate of

diffusive contaminant transport) and the various

Damköhler numbers (ratio of reaction rate to flow

velocity), are also used

Pe ¼ vwL

D
; Da1 ¼ Lkc

vw
; Da2 ¼ Lkr

vw
;

Da3 ¼ LmCc0

vw
; Da4 ¼ Lkdm

vw
; Da5 ¼ Lk0

vw
;

Da6 ¼ Lkdi
vw

; Da7 ¼
Lkp

vw
; Da8 ¼

Lkq

vw
;

Da9 ¼ Lk3
vw

; Da10 ¼ Lk4
vw

; Da11 ¼ LmCb0

vwY
:

ð31Þ
From the dimensional analysis, Eqs. (24)–(29) can be

rewritten in terms of dimensionless parameters and

variables as

›Cþ
b

›T
¼ 1

Pe

›2Cþ
b

›X2
2

›Cþ
b

›X
2 Da1C

þ
b þ Da2s

þ
b

þ Da3 Cþ
c þ Kþ

1 C
þ
c

uþ
þ sþ

cd þ Cþ
b s

þ
cbm

 !
Cþ
b

2 Da4C
þ
b þ Da5C

þ
b ð32Þ

›sþ
b

›T
¼ Da1C

þ
b 2 Da2s

þ
b

þ Da3 Cþ
c þ Kþ

1 C
þ
c

uþ
þ sþ

b s
þ
cbm

uþ

 !
sþ
b

2 Da6s
þ
b ð33Þ

›ðRþ
c C

þ
c Þ

›T
¼ 1

Pe

›2Cþ
c

›X2
2

›Cþ
c

›X
2 Da7C

þ
c

þDa8s
þ
cd 2 2Da9C

þ
c þ Da10C

þ
b s

þ
cbmþDa10s

þ
b s

þ
cbi

2Da11R
þ
c Cþ

b þ sþ
b

uþ

 !
Cþ
c ð34Þ

›sþ
cd

›T
¼ 1

Pe

›2sþ
cd

›X2
2

›sþ
cd

›X
þ Da7C

þ
c 2 Da8s

þ
cd

2 Da11C
þ
b s

þ
cd ð35Þ

›ðCþ
b s

þ
cbmÞ

›T
¼ 1

Pe

›2ðCþ
b s

þ
cbmÞ

›X2
2

›ðCþ
b s

þ
cbmÞ

›X

þ Da9C
þ
c 2 Da10C

þ
b s

þ
cbm

2 Da1C
þ
b s

þ
cbm þ Da2s

þ
b s

þ
cbi

2 Da11C
þ
b C

þ
b s

þ
cbm ð36Þ

›ðsþ
b s

þ
cbiÞ

›T
¼ Da9C

þ
c 2 Da10s

þ
b s

þ
cbi þ Da1C

þ
b s

þ
cbm

2 Da2s
þ
b s

þ
cbi 2 Da11s

þ
b s

þ
b s

þ
cbi ð37Þ

where Rþ
c ¼ 1þ Kþ

1 =u
þ: Note that the hydrodynamic

dispersion coefficients of DOM and bacteria are

assumed to be the same as that of contaminant.

Eqs. (32)– (37) constitute a complete set of

governing equations with six unknowns Cþ
b ; sþ

b ;
Cþ
c ; sþ

cd; Cþ
b s

þ
cbm; and sþ

b s
þ
cbi: In this study, a

numerical solution to the governing equations is

obtained using a fully implicit finite difference

method which employs a two-point backward differ-

ence approximation for the time derivatives and a

central difference approximation for the spatial

derivatives. This method leads to a system of linear

algebraic equations with a tridiagonal coefficient

matrix, which can be directly solved by the Thomas

algorithm. The initial and boundary conditions used in

the simulation are:

Cþ
b ðX; 0Þ ¼ sþ

b ðX; 0Þ ¼ Cþ
c ðX; 0Þ ¼ sþ

cdðX; 0Þ
¼ Cþ

b s
þ
cbmðX; 0Þ ¼ sþ

b s
þ
cbiðX; 0Þ ¼ 0 ð38Þ

2
1

Pe

›Cþ
b

›X
ð0; TÞ þ Cþ

b ð0; TÞ ¼
1 at 0 , T # T0

0 at T . T0

(

ð39Þ

2
1

Pe

›Cþ
c

›X
ð0; TÞ þ Cþ

c ð0; TÞ ¼
1 at 0 , T # T0

0 at T . T0

(

ð40Þ
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›Cþ
b

›X
ð1; TÞ ¼ ›Cþ

c

›X
ð1; TÞ ¼ ›sþ

cd

›X
ð1; TÞ

¼ ›Cþ
b s

þ
cbm

›X
ð1; TÞ ¼ 0 ð41Þ

where T0 is the dimensionless duration of contaminant

and bacteria flux injection.

Eqs. (32)–(37) are solved sequentially at each time

step. First, the bacterial transport equation (32) is

solved for Cþ
b at the time step (n þ 1), where n is the

previous time step at which all variables are known.

Then the mass balance equation for deposited

bacteria, Eq. (33), is solved for sþ
b at the time step

(n þ 1). In case of contaminant transport, the model

equations are also solved sequentially. Eq. (34) is

solved for Cþ
c : Eq. (35) is solved for s

þ
cd: Finally, Eqs.

(36) and (37) are solved for Cþ
b s

þ
cbm and sþ

b s
þ
cbi;

respectively.

4. Model results and sensitivity analysis

The proposed model equations are employed to

simulate the contaminant transport in riverbank

filtration in the presence of DOM and bacteria. In

the simulations, the flow condition between the river

and the pumping well is idealized as a one-dimen-

sional horizontal flow (Fig. 1). This idealization can

be justified due to the use of a set of pumping wells

placed along the river in a riverbank filtration

operation. A sensitivity analysis is also performed to

assess the effect of various Damköhler numbers on

model behavior. The model parameters used in the

analysis are listed in Table 1. The parameter values

used in the simulation come from the literature

(Borden and Bedient, 1986; Corapcioglu and Jiang,

1993; Kim and Corapcioglu, 1996).

Simulation results of the contaminant transport in

riverbank filtration in the presence of DOM and

bacteria are presented in Fig. 2. In the simulation, the

contaminant is pulse-loaded for 5T while bacteria are

present at all times. With no colloidal presence, the

peak position is at T ¼ 49:0: In the presence of DOM,

the peak position appears at T ¼ 18:7: The contami-

nant mobility can increase markedly due to the

facilitation by DOM. In the presence of bacteria and

DOM, the peak position further shifts to T ¼ 16:3
because bacteria also behave as mobile carriers of

contaminant. It demonstrates that earlier breakthrough

of contaminant appears in the presence of DOM and

bacteria than in the absence of colloids. In riverbank

filtration, the contaminant mobility can increase

greatly due to the facilitation by DOM and bacteria.

It should be noted that even though only DOM and

bacteria are considered as mobile colloids in this

study, inorganic colloids such as clay and (hydro)-

oxides of Fe can also move through aquifers with

contaminants, and thus their potential role as mobile

carriers of contaminants in riverbank filtration cannot

be neglected.

Fig. 3 shows the distribution of the total aqueous

Table 1

Model parameters used in the simulations

Parameter Value

Pe Peclet number 50

Kþ
1

Contaminant distribution coefficient between the aqueous phase and solid matrix 48

Da1 Damköhler number for bacteria deposition 0.7

Da2 Damköhler number for bacteria release 0.07

Da3 Damköhler number for bacteria growth 1.5 £ 1027

Da4 Damköhler number for mobile bacteria decay 5.7 £ 1024

Da5 Damköhler number for DOM utilization 1.0 £ 1026

Da6 Damköhler number for immobile bacteria decay 5.7 £ 1024

Da7 Damköhler number for contaminant adsorption on DOM 10

Da8 Damköhler number for contaminant desorption from DOM 5

Da9 Damköhler number for contaminant adsorption on bacteria 1

Da10 Damköhler number for contaminant desorption from bacteria 0.5

Da11 Damköhler number for contaminant utilization 3.6 £ 1024
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phase contaminants among the dissolved phase,

DOM, and bacteria. In the contaminant transport in

the presence of DOM and bacteria, the total aqueous

phase contaminant concentration, Cþ
ct ; is the sum of

the contaminant dissolved in the aqueous phase, the

contaminant sorbed to DOM, and the contaminant

sorbed to the mobile bacteria (i.e.

Cþ
ct ¼ Cþ

c þ sþ
cd þ Cþ

b s
þ
cbm). Fig. 3 shows that

among the total aqueous phase contaminants, a large

amount of contaminant is sorbed onto DOM and the

mobile bacteria.

Fig. 4 demonstrates the effect of Damköhler

number for the bacterial deposition, Da1; on the

temporal variations of the total aqueous phase effluent

Fig. 2. Numerical simulation of colloidal-facilitated contaminant transport in the presence of DOM and bacteria: (a) temporal variation ðX ¼ LÞ;
(b) spatial variation ðT ¼ 15Þ of total aqueous phase contaminant concentration, Cþ

ct :
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contaminant concentration, Cþ
ct ; the dissolved con-

taminant concentration, Cþ
c ; and the mobile colloidal-

phase contaminant concentrations, sþ
cd and Cþ

b s
þ
cbm:

As Da1 increases, the bacterial facilitation effect on

the contaminant transport minimizes due to the

reduction of the mobile bacterial concentration.

When Da1 increases two orders of magnitude from

0.07 to 7, the peak position of the total aqueous phase

effluent concentration moves from T ¼ 16:0 to 18.7

(Fig. 4a). The change of Da1 influences the distri-

bution of total aqueous phase contaminants among

dissolved phase, DOM, and mobile bacteria. As Da1

Fig. 3. Distribution of total aqueous phase contaminant among the dissolved phase, DOM, and bacteria: (a) temporal variation ðX ¼ LÞ; (b)
spatial variation ðT ¼ 15Þ:
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Fig. 4. Effect of Damköhler number for bacterial deposition, Da1;

on the temporal variations of: (a) total aqueous phase effluent

contaminant concentration, Cþ
ct ; (b) dissolved contaminant concen-

tration, Cþ
c ; (c) mobile colloidal-phase (DOM and bacteria)

contaminant concentrations, sþ
cd and Cþ

b s
þ
cbm:

Fig. 5. Effect of Damköhler number for bacterial release, Da2; on

the temporal variations of: (a) total aqueous phase effluent

contaminant concentration, Cþ
ct ; (b) dissolved contaminant concen-

tration, Cþ
c ; (c) mobile colloidal-phase (DOM and bacteria)

contaminant concentrations, sþ
cd and Cþ

b s
þ
cbm:
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Fig. 6. Effect of Damköhler number for contaminant adsorption on

DOM, Da7; on the temporal variations of: (a) total aqueous phase

effluent contaminant concentration, Cþ
ct ; (b) dissolved contaminant

concentration, Cþ
c ; (c) mobile colloidal-phase (DOM and bacteria)

contaminant concentrations, sþ
cd and Cþ

b s
þ
cbm:

Fig. 7. Effect of Damköhler number for contaminant desorption

from DOM, Da8; on the temporal variations of: (a) total aqueous

phase effluent contaminant concentration, Cþ
ct ; (b) dissolved

contaminant concentration, Cþ
c ; (c) mobile colloidal-phase (DOM

and bacteria) contaminant concentrations, sþ
cd and Cþ

b s
þ
cbm:
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Fig. 8. Effect of Damköhler number for contaminant adsorption on

bacteria, Da9; on the temporal variations of: (a) total aqueous phase

effluent contaminant concentration, Cþ
ct ; (b) dissolved contaminant

concentration, Cþ
c ; (c) mobile colloidal-phase (DOM and bacteria)

contaminant concentrations, sþ
cd and Cþ

b s
þ
cbm:

Fig. 9. Effect of Damköhler number for contaminant desorption

from bacteria, Da10; on the temporal variations of: (a) total aqueous

phase effluent contaminant concentration, Cþ
ct ; (b) dissolved

contaminant concentration, Cþ
c ; (c) mobile colloidal-phase (DOM

and bacteria) contaminant concentrations, sþ
cd and Cþ

b s
þ
cbm:
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increases, the dissolved contaminant concentration,

Cþ
c ; and the concentration of contaminant sorbed on

DOM, sþ
cd; increase (Fig. 4b and c). The concentration

of contaminant sorbed on the mobile bacteria,

Cþ
b s

þ
cbm; is sensitive to the change in Da1: As Da1

increases, Cþ
b s

þ
cbm decreases (Fig. 4c). Fig. 4c

indicates that even though the mobile bacterial

concentration decreases sharply, the contaminant

facilitation by the mobile colloids is reduced slightly

since DOM compensates the role of the mobile

bacteria.

The effect of Damköhler number for bacterial

release, Da2; on the model behavior is presented in

Fig. 5. As Da2 increases, the mobile bacterial

concentration increases, and so the contaminant

breakthrough appears at earlier time (Fig. 5a). As

Da2 increases, Cþ
c and sþ

cd decrease while Cþ
b s

þ
cbm

increases (Fig. 5b and c). When Da2 increases, more

aqueous phase contaminants will be carried by the

mobile bacteria.

Fig. 6 shows the effect of Damköhler number

for the contaminant adsorption on DOM, Da7; on

the model behavior. As Da7 increases, the con-

taminant sorbed onto DOM increases, and so the

contaminant mobility increases. When Da7
increases from 10 to 100, the peak position

moves from T ¼ 16:3 to 7.0 (Fig. 6a). At Da7 ¼
100; the contaminant breakthroughs at very earlier

time, and nearly 90% of Cþ
ct is the contaminant

sorbed on DOM (Fig. 6c). It indicates that the

model is very sensitive to the change of Da7:
Fig. 7 presents the effect of Damköhler number for

the contaminant desorption from DOM, Da8; on the

model behavior. When Da8 increases from 1 to 10, the

peak position shifts from T ¼ 7:0 to 25.7, and the

contaminant mobility decreases (Fig. 7a). As Da8
increases, the contaminant sorbed on DOM decreases

while the dissolved contaminant and the contaminant

sorbed on the mobile bacteria increase (Fig. 7b and c).

The effect of Damköhler number for the contami-

nant adsorption on bacteria, Da9; on the model

behavior is shown in Fig. 8. The contaminant mobility

increases with the increase of Da9: When Da9
increases from 1 to 10, the peak position shifts from

T ¼ 18:7 to 7.0 (Fig. 8a). As shown in Fig. 8c, more

contaminants adsorb to the mobile bacteria as Da9
increases. It is shown that the mobile bacteria play a

more active role as the contaminant carriers than

DOM does with Da9 ¼ 10:
Fig. 9 shows the effect of Damköhler number for

the contaminant desorption from bacteria, Da10; on
the model behavior. It indicates that the contaminant

mobility decreases asDa10 increases (Fig. 9a) because

the concentration of the contaminant sorbed on the

mobile bacteria decreases (Fig. 9c).

5. Summary and conclusions

A kinetic model is developed to simulate contami-

nant transport in riverbank filtration in the presence of

DOM and bacteria. The subsurface environment is

modeled as a four-phase porous medium: two mobile

colloidal phases, an aqueous phase, and a solid matrix.

In this system, both DOM and bacteria play the role of

mobile carriers of the contaminant. However, they

behave differently while carrying contaminant

through the aquifer. The contaminant sorbed on

DOM can move through an aquifer without retar-

dation while the transport of contaminant sorbed on

the mobile bacteria can be retarded due to bacterial

deposition on the solid matrix. Model results demon-

strate that in riverbank filtration the presence of DOM

in the aquifer can enhance the mobility of contami-

nant significantly. In addition, we observe that

contaminant mobility increases furthermore when

bacteria and DOM are simultaneously present.

Sensitivity analysis indicates that the distribution of

the total aqueous phase contaminants among the

dissolved phase, DOM and mobile bacteria is altered

due to the changes in various Damköhler numbers. In

particular, the model was very sensitive to changes in

Damköhler numbers for contaminant adsorption and

desorption on DOM, implying that the contaminant

mobility and distribution among the phases were

significantly affected by the presence of DOM in

riverbank filtration.

The model developed in this study can help to

understand the behavior of contaminants in riverbank

filtration where various colloidal particles move

simultaneously with them. This model can also

serve as the primary step in developing a better tool

to predict contaminant transport in combination with

flow models in riverbank filtration. Finally, this

theoretical model can be improved further as a
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predictive tool through field investigations and then

practically applied to contaminant transport in

riverbank filtration.
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Abstract

A powder form of aluminum (hydr)oxides is not suitable in wastewater treatment/filtration systems because of low hydraulic conductivity and 

large sludge production. In this study, aluminum (hydr)oxide-coated sand (AOCS) was used to remove phosphate from aqueous solution. The 

properties of AOCS were analyzed using a scanning electron microscopy (SEM) combined with an energy dispersive X-ray spectrometer (EDS) 

and an X-ray diffractometer (XRD). Kinetic batch, equilibrium batch, and closed-loop column experiments were performed to examine the 

adsorption of phosphate to AOCS. The XRD pattern indicated that the powder form of aluminum (hydr)oxides coated on AOCS was similar to a 

low crystalline boehmite. Kinetic batch experiments demonstrated that P adsorption to AOCS reached equilibrium after 24 h of reaction time. The 

kinetic sorption data were described well by the pseudo second-order kinetic sorption model, which determined the amount of P adsorbed at equili-

brium (qe = 0.118 mg/g) and the pseudo second-order velocity constant (k = 0.0036 g/mg/h) at initial P concentration of 25 mg/L. The equilibrium 

batch data were fitted well to the Freundlich isotherm model, which quantified the distribution coefficient (KF = 0.083 L/g), and the Freundlich 

constant (1/n = 0.339). The closed-loop column experiments showed that the phosphate removal percent decreased from 89.1 to 41.9% with incre-

asing initial pH from 4.82 to 9.53. The adsorption capacity determined from the closed-loop experiment was 0.239 mg/g at initial pH 7.0, which is 

about two times greater than that (qe = 0.118 mg/g) from the kinetic batch experiment at the same condition.

Keywords: Aluminum-coated sand, Phosphate removal, Sorption, Batch experiment, Closed-loop column experiment

1. Introduction

1

Pollution of water bodies by phosphorus, an essential macro-

nutrient, is a wide-spread environmental problem, causing eutro-

phication in lakes and seas and posing a great threat to aquatic 

environments. In environmental systems, the interaction bet-

ween phosphate and aluminum (hydr)oxides has attracted con-

siderable attention in two respects. The first concerns the reac-

tion of phosphate with aluminum (hydr)oxide minerals in soils, 

which controls its availability to plants and leaching into water 

bodies.
1-3)

 The second is related to the removal of phosphate with 

aluminum (hydr)oxides. Through the application of positively- 

charged aluminum (hydr)oxides as adsorbents, phosphate remo-

val can be enhanced in tertiary wastewater treatment systems.
4-6)

The adsorption of phosphate ions (monovalent: H2PO4
-
, div-

alent: HPO4
2-

) to aluminum (hydr)oxide surfaces can be descri-

bed by ligand exchange mechanism.
7,8)

 In the adsorption process, 

Corresponding author
E-mail: songbkim@snu.ac.kr
Tel: +82-2-880-4587,  Fax: +82-2-873-2087

phosphate ions can replace hydroxyl ions (OH
-
) on the surfaces 

of aluminum (hydr)oxides, forming inner-sphere complexes 

including monodentate, bidentate, and binuclear complexes.
4,9,10)

 

Also, this mechanism can be referred to as Lewis acid-base 

interaction in which phosphate ions (Lewis base) are adsorbed 

to the surface sites (Lewis acid) of aluminum (hydr)oxides.
10,11)

 

Additionally, electrostatic (Coulombic) interaction can occur 

between positively-charged surfaces of aluminum (hydr)oxides 

and negatively-charged phosphate ions, forming outer-sphere 

complex.
2,4,10,12)

The removal of phosphate with aluminum (hydr)oxides has 

been investigated by several researchers. These studies have 

examined the sorption capacity of aluminum hydroxide [Al(OH)3] 

for phosphate,
13)

 effect of pH on adsorption of phosphate to 

bauxite, which has a major mineral of boehmite [�-AlO(OH)],
4)

 

enhancement of phosphate adsorption capacity through acid 

and heat treatments,
14)

 adsorption isotherms, rate, and selecti-

vity of phosphate to aluminum oxide hydroxide,
5)

 influence of 

humic substances on phosphate adsorption on aluminum hydro-

xide,
15)

 competitive adsorption between phosphate and natural 
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organic matter on aluminum hydroxide,
16)

 role of the surface 

acid-base properties of aluminum (hydr)oxides [pseudo-�- 

AlO(OH) and �-Al2O3] in phosphate adsorption.
17)

Because of low hydraulic conductivity and large sludge pro-

duction, however, a powder form of aluminum (hydr)oxides is 

not suitable in wastewater treatment/filtration systems. There-

fore, various granular forms of aluminum (hydr)oxide-coated 

media have been developed by several researchers including 

aluminum-loaded zeolite,
18)

 aluminum-coated silica sand and 

olivine,
19)

 granular aluminum oxide hydroxide,
6)

 activated alu-

minum oxide,
20)

 and aluminum oxide-coated quartz sand.
12)

 The 

aluminum (hydr)oxide-coated media can be applied to adsorp-

tive filtration systems for phosphate removal. Among these media, 

aluminum (hydr)oxide-coated sand (AOCS) is quite attractive 

for phosphate removal in the water filtration because sand is 

cheaper and more easily available than other filter media.
21,22)

The objective of this study was to investigate the removal of 

phosphate from aqueous solution using aluminum (hydr)oxide- 

coated sand (AOCS). The properties of AOCS were analyzed 

using a scanning electron microscopy (SEM) combined with an 

energy dispersive X-ray spectrometer (EDS) and an X-ray dif-

fractometer (XRD). Kinetic batch, equilibrium batch, and closed- 

loop column experiments were performed to examine the 

adsorption of phosphate to AOCS.

2. Materials and Methods

2.1. Aluminum (Hydr)oxide-coated Sand

Quartz sand (Jumunjin Silica, Korea) was used to prepare 

AOCS. Mechanical sieving was conducted with US Standard 

Sieves (Fisher Scientific) Nos. 35 and 10. Sand fractions with a 

grain size of 0.5 2.0 mm and a mean diameter of 1.0 mm were 

used in the experiments. Before use, sand was washed twice 

using deionized water to remove impurities on the surface, and 

wet sand was autoclaved at 121°C and 17.6 psi for 20 min, 

cooled to room temperature, and oven-dried at 105°C for 1 2 

days. For the preparation of AOCS, AlCl3 6H2O (4.9 g) was 

dissolved in deionized water (100 mL), and the solution pH was 

adjusted with 6 N NaOH to pH 7.0. The quartz sand (200 g) 

was added to the AlCl3 6H2O solution and then mixed in a 

rotary evaporator (90°C, 80 rpm, 20 min) to remove water in 

the suspension by heating (Hahnvapor, Hahnshin Scientific Co., 

Korea). The coated sand was dried at 150°C for 6 h, washed 

with deionized water, and then dried again using the same 

conditions. The powder form of aluminum (hydr)oxides made 

in our laboratory was characterized by a powder X-ray diffr-

actometry (XRD, D5005, Bruker, Germany) with a Cu K� 

radiation. The scanning electron microscopy (SEM) and energy 

dispersive X-ray spectrometer (EDS) analysis were performed 

using a scanning electron microscope (JSM 5410LV, JEOL, 

Japan) to examine the presence of Al and P on the coated sand. 

2.2. Kinetic and Equilibrium Batch Experiments

Phosphate adsorption to AOCS was determined by using 

kinetic and equilibrium batch experiments. Kinetic batch tests 

were performed at the initial phosphate concentrations of 25 

and 100 mg/L with initial pH of 7.0 and NaNO3 of 0.02M. Five 

grams of AOCS were added to 30 mL phosphate (KH2PO4) 

solution in 50 mL polypropylene conical tubes. The concentra-

tion of NaNO3 was fixed at 0.02M as background electrolyte. 

The solution pH was adjusted to pH 7 with 0.1M NaOH and/or 

0.1M HCl. The tubes were shaken at 30±0.5°C and 140 rpm 

using shaking incubator (SHAK116, Daihan Scientific, Korea). 

The sample was taken at 1, 3, 6, 9, 12, 24, and 48 h after reac-

tion and filtered through 0.45�m membrane filter. Phosphate 

was analyzed by the ascorbic acid method.
23)

 Phosphate concen-

tration was measured at a wavelength of 880 nm using a UV vis 

spectrophotometer (Helios, Thermo, USA). Equilibrium batch 

tests were conducted with initial phosphate concentrations ran-

ging from 10 to 200 mg/L. The same procedure used for the 

kinetic test was followed in the experiments with the sampling 

time of 24 h after reaction. All the experiments were performed 

in triplicate.

2.3. Closed-Loop Column Experiments

Closed-loop column experiments (Figure 1) were performed 

using a Plexiglas column (diameter: 2.5 cm; height: 10 cm) 

packed with AOCS (mass of medium: 75.58±1.24 g). A column 

was packed for each experiment by the tap-fill method to attain 

a bulk density of 1.565±0.008 g/cm
3
 and a porosity of 0.410± 

0.003. A phosphate solution (25 mg/L, 1000 mL) was prepared 

with 0.02M NaNO3 as background electrolyte. The solution pH 

was adjusted to a desired value with 0.1M NaOH and/or 0.1M 

HCl. The column was connected to a FMI pump (QG400, Fasco, 

USA) operating at a rate of 5.0 mL/min. The experiment was 

performed by circulating the phosphate solution for 24 h. After 

completing the experiment, samples were collected and analy-

zed for phosphate concentration and pH. Phosphate concentr-

ation was determined as mentioned above. The pH was mea-

sured with a pH probe (9107BN, Orion, USA).

Fig. 1. Schematic diagram of closed-loop column experiment.
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Fig. 3. Aluminum (hydr)oxide-coated sand: (a) photo image, (b) SEM image (bar = 50 �m), (c) SEM image before phosphate adsorption (bar = 1 �m), 

(d) EDS before phosphate adsorption, (e) SEM image after phosphate adsorption (bar = 1 �m), (f) EDS after phosphate adsorption.

2.4. Data Analysis

The adsorption kinetic data were analyzed by the following 

the Lagergren first-order and pseudo second-order models:
24,25)

( )[ ]tKqq
Let

−−= exp1

kt
qqq

ete

+=

−

11

where qt is the amount of phosphate adsorbed at time t (mg/g), qe 

is the amount of phosphate adsorbed at equilibrium (mg/g), KL 

is the Lagergren rate constant (1/h), and k is the pseudo second- 

order velocity constant (g/mg/h). The adsorption isotherm data 

were analyzed by the following Langmuir and Freundlich iso-

therm models:

CK

CKQ
S

L

Lm

+

=

1

n

F
CKS

/1
=

where S is the mass of solute adsorbed per unit mass of adsor-

bent (mg/g), C is the concentration of solute in the aqueous 

solution at equilibrium (mg/L), KL is the Langmuir adsorption 

constant related to the binding energy (L/mg), Qm is the maxi-

mum mass of solute adsorbed per unit mass of adsorbent (adsorp-

tion capacity) (mg/g), KF is the distribution coefficient (L/g), 

and 1/n is the Freundlich constant. Values of KL, Qm, KF, and 

1/n can be determined from the linear forms of the Langmuir 

and Freundlich models.

3. Results and Discussion

3.1. Characteristics of Aluminum (Hydr)oxide-coated Sand

The XRD pattern for the powder form of aluminum (hydr) 

oxide is shown in Figure 2, which is similar to that of a low 

crystalline boehmite.
5,11)

 The surface characteristics and chemical 

composition of AOCS was presented in Figure 3. The photo 

and SEM images showed the color, size, and shape of AOCS 

granules (Figure 3(a) and 3(b)). The SEM images of AOCS sur-

faces before and after phosphate adsorption were given in Figure 

3(c) and 3(e), respectively, indicating that aluminum (hydr)oxide 

particles partly covered the surfaces of quartz sand. In addition, 

the EDS pattern after phosphate adsorption (Figure 3(f)) was 

similar to that before adsorption (Figure 3(d)), except for the 

phosphate peak. The major constituents of AOCS were Si and 

Al.

Fig. 2. X-ray diffraction pattern for powder form of aluminum (hydr) 

oxide.

3.2. Phosphate Adsorption to Aluminum (Hydr)oxide-coated 

Sand
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Table 1. Model parameters for the Lagergren first-order model and pseudo second-order model obtained from the kinetic experiments

Initial P 

concentration

(mg/L)

Lagergren first-order model pseudo second-order model

qe

(mg/g)

KL

(1/h)
R

2 qe

(mg/g)

k

(g/mg/h)
R

2

25 0.112 0.153 0.735 0.118 0.0036 0.989

100 0.205 0.177 0.929 0.208 0.0033 0.996

Table 2. Experimental conditions and results for phosphate removal with aluminum (hydr)oxide-coated sand in closed-loop column experiments

Ex
Initial P

(mg L
-1

)

Initial 

pH

Final P

( mg L
-1

)

Final 

pH
pH

*
Removal (%)

Mass removal

(mg/g)
#

1 25.0 4.82 3.1 5.91 1.09 87.7 0.296 

2 25.0 4.98 2.7 6.32 1.34 89.1 0.293 

3 25.0 5.75 3.5 6.80 1.05 85.9 0.281 

4 25.0 6.50 50 6.70 0.20 80.0 0.266 

5 25.0 6.98 7.3 7.22 0.24 70.9 0.232 

6 25.0 7.03 6.0 7.10 0.07 76.0 0.246 

7 25.0 7.22 8. 5 7.09 -0.13 66.1 0.225 

8 25.0 8.00 12.4 7.65 -0.35 50.6 0.167 

9 25.0 8.32 10.6 7.98 -0.34 57.5 0.195 

10 25.0 9.02 9.9 7.75 -1.27 60.3 0.197 

11 25.0 9.17 14.5 7.92 -1.25 41.9 0.137 

12 25.0 9.53 12.7 7.80 -1.73 49.0 0.164
*

pH = Final pH Initial pH
#
 Mass of phosphate removed per unit mass of coated sand

The adsorption kinetics of phosphate in AOCS is shown in 

Figure 4. The adsorption reached equilibrium after 24 h of reac-

tion time. Model parameters for Lagergren first-order and pse-

udo second-order models obtained from the kinetic experiments 

are presented in Table 1. In the first-order model, the value of 

qe at 25 mg/L of phosphate was 0.112 mg/g. At 100 mg/L, it 

was 0.205 mg/g, which is about two times greater than that at 

25 mg/L. The value of KL at 25 mg/L was 0.153 1/h while it 

was 0.177 1/h at 100 mg/L, indicating that the reaction rate at 

100 mg/L was faster than that at 25 mg/L. The values of qe from 

the pseudo second-order model were similar to those from the 

first-order model. At 25 mg/L, the value of qe was 0.118 mg/g 

while it was 0.208 mg/g at 100 mg/L. The values of k at 25 mg/L 

and 100 mg/L were 0.0036 g/mg/h and 0.0033 g/mg/h, indica-

ting that the velocity constants of the second-order model were 

similar at both phosphate concentrations. The correlation coeffi-

cients (R
2
) in Table 1 indicated that the pseudo second-order 

model was more proper at describing the kinetic data than the 

first-order model. The pseudo second-order model describes 

heterogeneous systems where the phosphate sorption is ascribed 

to the chemical sorption mechanism.

The equilibrium adsorption isotherms of phosphate on AOCS 

are presented in Figure 5. In the Freundlich model, the distribu-

tion coefficient (KF) was 0.083 L/g while the Freundlich con-

stant (1/n) was 0.339. In the Langmuir model, the adsorption 

constant (KL) was 0.3053 L/mg while the adsorption capacity 

(Qm) was 0.292 mg/g. The correlation coefficient (R
2
) of the 

Freundlich model was (= 0.97) greater than that of the Langmuir 

model (= 0.67), indicating that the Freundlich isotherm was 

appropriate at describing the experimental result. The Freundlich

Fig. 4. Kinetic batch data with model fittings of the Lagergren first- 

order and pseudo second-order kinetic models.

isotherm model is used to describe the multilayer adsorption at 

adsorption sites.

The phosphate removal in closed-loop column experiments is 

summarized in Table 2. The adsorption capacity of AOCS deter-

mined from the closed-loop experiments ranged from 0.296 to 

0.137 mg/g, depending on the solution pH. At initial pH 7.0, the 

adsorption capacity was 0.239 mg/g (0.232 mg/g at pH 6.98, 

0.246 mg/g at pH 7.03), which is about two times greater than 

that (qe = 0.118 mg/g) obtained from the kinetic batch experi-

ment (pH 7.0, temperature 30°C, 0.02 M NaNO3) at the initial 

phosphate concentration of 25 mg/L. This discrepancy can be 

attributed to the differences in experimental type, medium-to- 

solution ratio, and among others. Note that the medium-to-solution 

ratio in kinetic batch experiments was 1:6 (medium of 5 g: solu-

tion of 30 mL) while it was 3.8:1 (bulk density of 1.565 g/cm
3
: 

porosity of 0.410) in closed-loop column experiments.
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Fig. 5. Equilibrium batch data with model fittings of the Freundlich 

and Langmuir isotherms.

3.3. Phosphate Removal and Solution pH

The phosphate removal percent in AOCS decreased with inc-

reasing solution pH (Figure 6). This decreasing tendency can be 

attributed to the charge modification of adsorption sites and the 

competition between phosphate ions and hydroxyl ions. As solu-

tion pH increases, the surface sites on aluminum (hydr)oxides 

become less positively-charged and further change to the nega-

tively-charged above pHpzc (point of zero charge, 9.7).
26)

 Furth-

ermore, the concentration of hydroxyl ions increases with incr-

easing pH, and thus the competition between phosphate ions 

and hydroxyl ions to the adsorption sites of aluminum (hydr) 

oxides is enhanced.
18)

 Our result is consistent with the result of 

Tanada et al.
5)

 who have shown that the amount of phosphate 

adsorbed to aluminum oxide hydroxide decreased with increasing 

initial pH from 4.0 to 8.5. Another batch experiment
2)

 has shown 

that the adsorption density of orthophosphate (6 mM) to �-Al2O3 

decreased with increasing pH from 4.0 to 10.0. Other experiment
3)

 

has also demonstrated that phosphate content in solution after 

reaction with boehmite and �-Al2O3 decreased with increasing 

pH from 3.0 to 11.0. The similar results were also found from 

other experiments.
4,18)

The pH differences (final pHs - initial pHs) determined from 

the closed-loop column experiments are presented in Figure 7. 

In the experiments 1-6 (Table 2), the pH differences between 

the initial and the final were positive and tended to decrease with 

increasing pH. Meanwhile, the pH differences between the ini-

tial and the final were negative and tended to decrease with dec-

reasing pH in the experiments 7-2 (Table 2). It is well known

Fig. 6. Percent removal of phosphate from closed-loop column experi-

ment under different solution pH conditions.

that ligand exchange is the main mechanism in the adsorption 

of phosphate to aluminum hydr(oxide) surfaces. Hydroxyl ions 

are released into the solution during the experiment, resulting in 

the increase of solution pH. In our experiments with a sufficient 

reaction time, phosphate ions can play a buffering role in the 

solution through protonation/deprotonation between H2PO4
-
 and 

HPO4
2-

, tending to neutralize the solution pH. Between pH 4.0 

and 7.0, the solution pHs increased due to the buffering role of 

phosphate ions in addition to the release of hydroxyl ions, while 

they decreased between pH 7.0 and 10.0 due to the role of pho-

sphate ions against the release of hydroxyl ions. Our result is 

not consistent with the report of Tanada et al.
5)

 who have shown 

that the final solution pHs were larger than the initial in all batch 

experiments for the phosphate adsorption to aluminum oxide 

hydroxide. Another experiment
4)

 also demonstrated that all the 

solution pHs increased after the phosphate adsorption reaction 

in bauxite. This discrepancy may be ascribed to the different 

experimental conditions between their studies and ours including 

reaction time and solution volume, among others. In our experi-

ments, reaction time was 24 h with solution volume of 1000 mL 

while it was 2 h with 100 mL in their batch experiments.
4)

 Note 

that no information was provided from Tanada et al.
5)

 regarding 

their reaction time and solution volume. 

Fig. 7. pH difference (final pH-initial pH) determined from closed-loop 

column experiment (numbers in x-axis = initial pH).

4. Conclusions

The adsorption of phosphate to AOCS was investigated in 

this study using kinetic batch, equilibrium batch, and closed-loop 

column experiments. The XRD pattern indicated that the powder 

form of aluminum (hydr)oxide coated on AOCS was similar to 

a low crystalline boehmite. Kinetic batch experiments showed 

that P adsorption to AOCS reached equilibrium after 24 h of 

reaction time. The kinetic sorption data were described well by 

the pseudo second-order kinetic sorption model while the equi-

librium batch data were fitted well to the Freundlich isotherm 

model. The closed-loop column experiments showed that the 

phosphate removal percent decreased with increasing solution 

pH. This tendency can be attributed to the charge modification 

of adsorption sites and the competition between phosphate ions 

and hydroxyl ions. The adsorption capacity determined from 

the closed-loop experiment was about two times greater than 

that from the kinetic batch experiment at the same condition. 

This discrepancy can be ascribed to the differences in experi-

mental type and medium-to-solution ratio.
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ABSTRACT : This study investigated the influence of ionic strength on the adhesion and release of bacteria (Escherichia coli, Bacillus 
subtilis, and Staphylococcus aureus) in quartz and iron-coated sands using column experiments. Results show that the mass recovery 
remained constant (E. coli = 13.7±0.5%, B. subtilis = 9.8±1.3%, S. aureus = 13.0±2.1%) in iron-coated sand while it decreased from 
80.7 to 45.3% (S. aureus) in quartz sand with increasing ionic concentrations from 1 to 100 mM. As the ionic concentrations of 
leaching solution was lowered from 100 to 0.1 mM, average 39.1% of bacterial detachment was quantified from quartz sand, but no 
bacterial release was observed in iron-coated sand. The phenomenon observed in iron-coated sand can be attributed to the inner-sphere 
complexes between bacteria and coated sand, which have minimal effect from ionic strength. This study improves our knowledge 
regarding the bacterial interaction with surface-modified porous media.

Key Words : Bacterial Adhesion, Bacterial Release, Iron-coated Sand, Quartz Sand, Ionic Strength, Column Experiment
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Ams 10) (goethite) pH
, pH 6.0 9.0

Bacillus subtilis , Pseu-
domonas mendocina pH 4.0 7.5 

pH 7.5 9.0 . 
Jiang 11) Pseudomonas putida

pH 3.0 8.0 
, (pHpzc = 8.3)

pH 8.0 9.0
. Park 12)

(iron-coated sand, ICS) Sta-
phyloococcus aureus , 

0 0.5 mM
, 0.5 2.0mM

.

. , 
. 

, (quartz sand) 
 

. 
, Escherichia coli 

( , ), B. subtilis( , ), S. aureus(
, ) . 

(breakthrough curve) , 
(mass recovery) (adhesion rate 

coefficient) .

C��DE�
�FG

C��������

E. coli ATCC 11105, B. subtilis ATCC 6633, 
S. aureus ATCC 10537 (Korea Cul-
ture Center for Microorganisms) , 

. LB (tryptone 10 
g, yeast extract 5 g, NaCl 5 g, distilled water 1 L) 200 
mL 3 mL , 

84 30 . 
4 (VS-24SMTi, 

Vision Scientific) 10,000 rpm 20
. 

3
. 

0.5 OD600 (OD: 
optical density), 

. 
17.6 psi, 

121 (JISICO, J-NAS2) 15
. 

(Transmission Electron Microscope, JEM 1010, JEOL, 
Japan) (Image-Pro Plus)

(E. coli = 2.2 μm × 0.6 μm, B. subtilis = 1.67 
μm × 0.77 μm, S. aureus = 0.83 μm). 

(ELS-8000, Otsuka Electro-
nics, Japan) . 

(electrophoretic mobility) (pH = 
6.8, = 25 , 0 mM), Smoluchowski

(zeta potential) (E. coli = -51 
mV, B. subtilis = -31.9 mV, S. aureus = -46.4 mV).

C�C��HI!�JD

. 
( ) , 

0.5 2.0 mm(No. 35 10 
mesh, US standard sieve) , 1.0 
mm . 

600 nm (OD600) 0.01 (UV-visible 
spectrophotometer, Thermo, Helios)

. autoclave 15 2
(121 , 17.6 psi), 

. . 
100 mL FeCl3 6H2O 5.5 g 6 N 

NaOH pH FeCl3 . FeCl3 
200 g

(Hahnshin, HS-2005S) 90 , 80 rpm 
20 1 . 

(JISICO) (150 , 6 ) 

.

C�K��LMNO

(Table 1). polycarbo-
nate (PC) , 2.5 cm, 10 cm . 

10 cm ,  
77.6 ± 1.2 g, 1.581 ± 0.024 g/cm3,  

0.403 ± 0.009 . 
(NaHCO3 0.1 mM NaCl 1, 10, 100 

mM) , 100 mM 
, 10 mM 0.1 mM 

( 300 720
) . 
0.3 mL/min HPLC (QC400, 

FASCO, USA) 10
(1 = 19.6 cm3)

, OD600 0  
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(NaCl ) 0.3 mL/min 35
. , (EBCT)  

66 . 
NaCl , 

(Retriever 500, TELEDYNE, USA)
. 

UV-visible spectrophotometer , pH pH probe 
(9107BN, Orion, USA) , (electrical conductivity)

EC probe(815PDL, Istek, Korea) . 

.
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Fig. 
1 . 

1 mM 100 mM
(relative peak concentration) . E. 

coli (Fig. 1(a))
, 0.107±0.014( : 0.092 0.125)

. E. coli

Table 1. Experimental conditions and results for bacterial adhesion in quartz and iron-coated sands
Ex. Bacteria Media Solution (mM) EC (μS/cm) Mr (%) v (cm/min) D (cm2/min) (1/min) R2

1a E. coli ICS 1 137 14.3 0.156 0.054 0.0316 0.96
1b E. coli ICS 1 133 13.8 0.148 0.081 0.0309 0.99
2a E. coli ICS 10 1073 12.8 0.156 0.054 0.0333 0.99
2b E. coli ICS 10 1115 13.7 0.157 0.057 0.0326 1.00
3a E. coli ICS 100 10012 13.9 0.157 0.033 0.0317 0.99
3b E. coli ICS 100 9740 13.7 0.148 0.089 0.0312 0.99
4a B. subtilis ICS 1 149 8.5 0.160 0.032 0.0407 0.96
4b B. subtilis ICS 1 136 11.3 0.149 0.049 0.0331 0.99
5a B. subtilis ICS 10 1171 8.4 0.154 0.063 0.0402 0.99
5b B. subtilis ICS 10 1160 11.0 0.157 0.015 0.0354 1.00
6a B. subtilis ICS 100 10354 10.7 0.159 0.049 0.0368 0.99
6b B. subtilis ICS 100 9680 9.6 0.152 0.112 0.0386 0.95
7a S. aureus ICS 1 142 13.2 0.150 0.122 0.0334 0.98
7b S. aureus ICS 1 140 12.9 0.146 0.082 0.0294 0.98
8a S. aureus ICS 10 1154 14.1 0.153 0.136 0.0316 0.99
8b S. aureus ICS 10 1151 10.2 0.155 0.077 0.0369 0.96
9a S. aureus ICS 100 10152 14.8 0.150 0.073 0.0297 0.98
9b S. aureus ICS 100 10202 10.5 0.156 0.029 0.0356 1.00
10a S. aureus quartz 1 145 78.9 0.154 0.064 0.0040 0.99
10b S. aureus quartz 1 144 82.5 0.146 0.057 0.0031 0.99
11a S. aureus quartz 10 956 54.8 0.148 0.046 0.0088 0.99
11b S. aureus quartz 10 1008 66.9 0.145 0.060 0.0057 0.99
12a S. aureus quartz 100 10605 41.8 0.153 0.054 0.0131 1.00
12b S. aureus quartz 100 10685 48.8 0.147 0.087 0.0104 1.00

EC= electrical conductivity, Mr = mass recovery, ICS = iron-coated sand

361



�� �!" #$% &'( �%) #!*

J. of KSEE / Vol. 31, No. 4, April, 2009

290

(v, D) 0.154±0.004 cm/min 0.061±0.020 cm2/min
, (λ) 0.032±0.001 1/min . B. sub-

tilis
, 0.081±0.009( : 0.071 0.092) (Fig. 1(b)). 

B. subtilis v, D, λ 0.155±0.004 cm/min, 
0.053±0.033 cm2/min, 0.038±0.003 1/min . 

S. aureus , 0.096±0.011 
( : 0.085 0.114) (Fig. 1(c)), v, D, λ

0.152±0.004 cm/min, 0.087±0.020 cm2/min, 0.033± 
0.003 1/min . , S. aureus

1 mM 100 mM
0.551 0.295

(Fig. 1(d)). v D 0.149± 
0.004 cm/min 0.061±0.014 cm2/min . 

1 mM 100 mM 0.0031 L/min
0.0131 1/min 4 .

K�C���	 ���������YZ[\]

,  
(Fig. 2). 

, 
. E. coli 1, 10, 

100 mM 14.1% (1a, 14.3; 
1b, 13.8), 13.3% (2a, 12.8; 2b, 13.7), 13.8% (3a, 13.9; 3b, 
13.7) ( = 13.7±0.5%). B. subtilis

1, 10, 100 mM 9.9% (4a, 
8.5; 4b, 11.3), 9.7% (5a, 8.4; 5b, 11.0), 10.2%(6a, 10.7; 6b, 
9.6) ( = 9.9±1.3%). S. aureus

Fig. 2. Bacterial mass recoveries in quartz and iron-coated 
sand (ICS) under different ionic strength conditions: 
(a) E. coli in iron-coated sand (ICS), (b) B. subtilis 
in ICS, (c) S. aureus in ICS, (d) S. aureus in quartz 
sand.

1, 10, 100 mM 13.1% 
(7a, 13.2; 7b, 12.9), 12.2% (8a, 14.1; 8b, 10.2), 12.7% (9a, 
14.8; 9b, 10.5) ( = 13.0±2.1%). 

, 
(Fig. 2). , 

. 
S. aureus 1 mM 80.7% 

(10a, 78.9; 10b, 82.5) . 10 mM
60.8% (11a, 54.8; 11b, 66.9) , 1 mM 

20% . , 100 mM
45.3% (12a, 41.8; 12b, 48.8) , 10 mM 

15% . , 

Fig. 1. Bacterial breakthrough curves from column experiments under different ionic strength conditions: (a) E. coli in iron- 
coated sand (ICS), (b) B. subtilis in ICS, (c) S. aureus in ICS, (d) S. aureus in quartz sand.
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.
,  

100 mM ( 10,100 μS/cm) 10 mM (
1,100 μS/cm), 0.1 mM ( 30 μS/cm)

(Fig. 3). , 

(E. coli, B. subtilis, S. aureus )
(Table 2). , 

. , 100 
mM 10 mM, 0.1 mM

(S. aureus) (Fig. 3). ,  

(Table 2). , 

. 100 mM

Table 2. Experimental conditions and results for bacterial re-
lease from quartz and iron-coated sands

Ex Bacteria Media Solution 
(mM)

Mr (%) Total Mr (%)
a b a b

3 E. coli ICS
100 13.9 13.7

13.9 13.710 0 0
0.1 0 0

6 B. subtilis ICS
100 10.7 9.6

10.7 9.610 0 0
0.1 0 0

9 S. aureus ICS
100 14.8 10.5

14.8 10.510 0 0
0.1 0 0

12 S. aureus Quartz
100 41.8 48.8

79.9 88.710 7.5 10.4
0.1 30.6 29.5

Mr = mass recovery, ICS = iron-coated sand

10 mM , 
9.0% (12a, 7.5; 12b, 10.4)

, 0.1 mM 30.1% (12a, 30.6; 
12b, 29.5) . 

, 84.3% 
(12a, 79.7; 12b, 88.7) (Table 2).

K�K������^�������� ��

. 
(shielding effect)

 
Yee 15)

. inner-sphere com-
plexes( , , )

, inner-sphere complexes
.16) 

(COOH) ,17) 
(functional group)

(ligand exchange mechanism)
(OH) .16)

, 
 

. Gannon 18)

, 
Pseudomonas 

. DLVO 19)

. pH
. 

(electrostatic double layer) , 
. , 

. 

(reversible) 

Fig. 3. Bacterial release of S. aureus from quartz and iron-coated sands in response to ionic strength change.
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Abstract

Column experiments were performed in this study to investigate humic acid adhesion to iron oxide-coated sand (ICS) under different experi-
mental conditions including influent humic acid concentration, flow rate, solution pH, and ionic strength/composition. Breakthrough curves of 
humic acid were obtained by monitoring effluents, and then column capacity for humic acid adsorption (Ccap), total adsorption percent (R), and 
mass of humic acid adsorbed per unit mass of filter media (qa) were quantified from these curves. Results showed that humic acid adhesion was 
about seven times higher in ICS than in quartz sand at given experimental conditions. This indicates that humic acid removal can be enhanced 
through the surface charge modification of quartz sand with iron oxide coating. The adhesion of humic acid in ICS was influenced by influent 
humic acid concentration. Ccap and qa increased while R decreased with increasing influent humic acid concentration in ICS column. However, the 
influence of flow rate was not eminent in our experimental conditions. The humic acid adhesion was enhanced with increasing salt concentration of
solution. Ccap, qa and R increased in ICS column with increasing salt concentration. On the adhesion of humic acid, the impact of CaCl2 was greater 
than that of NaCl. Also, the humic acid adhesion to ICS decreased with increasing solution pH. Ccap, qa and R decreased with increasing solution 
pH. This study demonstrates that humic acid concentration, salt concentration/composition, and solution pH should be controlled carefully in order 
to improve the ICS column performance for humic acid removal from water.

Keywords: Humic acid adhesion, Quartz sand, Iron oxide-coated sand, Column experiment

1. Introduction
1

Natural organic matter is a complex mixture of compounds 
including humic substances, hydrophilic acids, amino acids, 
lipids, and proteins. Humic substances (humic acid, fulvic acid, 
humin) are major constituents of natural organic matter.1) They 
are found in varying concentrations in aquatic environments 
and present as dissolved molecules or colloidal/particulate forms.2)

In environmental systems, humic substances play several signi-
ficant roles related to water quality issues: i) producing disinfec-
tion by-products (DBPs) such as trihalomethanes (human carci-
nogens) by reacting with chlorine in water treatment, ii) enhan-
cing the transport of hydrophobic organic contaminants or heavy 
metals by binding with them, iii) causing bacterial growth in 
water distribution systems by serving as food source, iv) induc-
ing unpleasant taste and color in drinking water.3-6) It is, there-
fore, necessary to remove humic substances from water using 
effective treatment processes.

Corresponding author
E-mail: songbkim@snu.ac.kr
Tel: +82-2-880-4587,  Fax: +82-2-873-2087

In conventional water treatment processes, chemical coagula-
tion/flocculation has been widely applied to remove humic sub-
stances using metal salt coagulants (e.g. alum, ferric chloride). 
This process, however, generates a large volume of sludge and 
requires a high operational cost.7) As an alternative to coagulation/ 
flocculation process, adsorptive filtration using granular media 
coated with metal oxyhydroxide has attracted considerable 
attention for humic substances removal. Humic substances are 
negatively-charged at circumneutral pH conditions due to the 
prevalence of carboxyl and phenol groups on their surface.8)

Therefore, surface interactions between humic substances and 
sand are not favorable because both are like-charged such that 
sand filtration process is not effective in the removal of humic 
substances.6) However, surface charge modification of sand via 
metal oxyhydroxide coating generates positively-charged gra-
nular media, leading to favorable surface interactions between 
them. Even though several researchers have reported the inter-
actions between humic substances and metal oxides in batch 
conditions,9-12) only few studies have been performed in column 
experiments to examine the adsorption of humic substances to 
coated-sand filter media,13,14) and their studies have focused on 
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Fig. 1. Images of (a) iron-coated sand (photo image) and (b) humic acid (transmission electron microscope image) used in the experiment.

the effect of humic acid on the adsorption of metal ions to iron 
oxide-coated sand. Further experiments are required to improve 
knowledge regarding the adhesion of humic substances to coated- 
sand media.

Therefore, column experiments were performed in this study 
to investigate the adhesion of humic acid to iron oxide-coated 
sand under different experimental conditions including influent 
humic acid concentration, flow rate, solution pH, and ionic stre-
ngth/composition. Breakthrough curves of humic acid were 
obtained by monitoring effluents, and then parameters related 
to column performance were quantified from these curves.

2. Material and Methods

2.1. Iron Oxide-coated Sand

Quartz sand (Jumunjin Silica, Korea) was used in the experi-
ments. Mechanical sieving was conducted with US Standard 
Sieves (Fisher Scientific) Nos. 35 and 10. Sand fractions with a 
grain size of 0.5-2.0 mm were used to prepare the iron oxide- 
coated sand. Before use, sand was washed twice using deionized 
water to remove impurities on the surface, and wet sand was 
autoclaved for 20 min at 17.6 psi, cooled to room temperature, 
and oven-dried at 105°C for 1-2 days.

For the preparation of iron oxide-coated sand (ICS), FeCl3

6H2O (5.5 g) was dissolved in deionized water (100 mL), and 
the solution pH was adjusted with 6N NaOH. The quartz sand 
(200 g) was added to the FeCl3 6H2O solution and then 
mixed in a rotary evaporator (90°C, 80 rpm, 20 min) to remove 
water in the suspension by heating (Hahnvapor, Hahnshin Sci-
entific Co., Korea). The coated sand was dried at 150° for 6 hr, 
washed with deionized water, and then dried again at the same 
conditions (Fig. 1(a)). Scanning electron microscopy (SEM) 
analysis along with Energy Dispersive X-ray Spectrometer 
(EDS) analysis were performed to examine the presence of Fe 
on the coated sand using a scanning electron microscope (JSM 
5410LV, JEOL, Japan). The SEM images and EDS patterns 
have been reported elsewhere.15)

2.2. Column Experiments

Column experiments were performed at different conditions 
(Table 1 and 2) using a Plexiglas column (inner diameter 2.5 
cm, bed depth 10 cm, bulk volume 49.1 cm3) packed with quartz 
sand or ICS (mass of filter media 77.2 g, bed porosity 0.407, 
fixed-bed volume 20.0 cm3). Stock solutions of humic acid 
were prepared by dissolving appropriate amounts of humic acid 
(Sodium salt, Tech., Aldrich Chemical, USA) in deionized water 
(Fig. 1(b)). Prior to the experiments, the packed column was 
flushed upward using a HPLC pump (Series II pump, Scientific 
Systems Inc., USA) with 15-20 bed volumes (BV) of leaching 
solution until the column effluents were clear ( 0.0 OD254)
and a steady state flow condition was established. Then, humic 
acid solution was introduced downward to the packed column. 
The pH of injected humic acid solution was adjusted using 1M 
HCl and/or 1M NaOH. Portions of the effluent were collected 
using the auto collector (Retriever 500, Teledyne, USA) at a 
regular interval, and the concentrations of humic acid were 
determined at 254 nm using a UV-spectrophotometer (Helios, 
Thermo, USA). 

2.3. Data Analysis

The empty bed contact time (EBCT, min) can be determined 
as following:

Q
Vr�EBCT (1)

where Vr is the fixed-bed volume (cm3), and Q is the volumetric 
flow rate (mL/min). The total mass of humic acid injected into 
column (Mtotal, mg) during the experiment can be calculated as 
following: 

1000
0 total

total
QtC

M � (2)

where C0 is the influent concentration of humic acid (mg/L), 
and ttotal is the total flow time (min). The column capacity for 
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Table 1. Experimental conditions and results for humic acid adhesion to quartz sand and iron oxide-coated sand (ICS) (solution pH: 7.1-7.3)
Ex Filter

media
Solution C0

(mg/L)
Q

(mL/min)
EBCT
(min)

Mtotal

(mg)
Ccap

(mg)
R

(%)
qa

(mg/g)
a1 Quartz DW* 25 1.0 20 22.13 0.64 2.9 0.008
a2 Quartz NaNO3 0.25 mM 25 1.0 20 22.13 0.91 4.1 0.012
a3 Quartz NaNO3 0.5 mM 25 1.0 20 22.13 1.10 5.0 0.014
a4 ICS DW 10 1.0 20 8.85 2.98 33.6 0.039
a5 ICS DW 25 4.0 5 22.13 3.27 14.8 0.042
a6 ICS DW 25 2.0 10 22.13 3.33 15.1 0.043
a7 ICS DW 25 1.0 20 22.13 4.45 20.1 0.058
a8 ICS DW 50 1.0 20 44.25 5.47 12.4 0.071
a9 ICS NaNO3 0.25 mM 25 1.0 20 22.13 6.25 28.2 0.081
a10 ICS NaNO3 0.5 mM 25 1.0 20 22.13 6.86 31.0 0.089
a11 ICS NaCl 0.125 mM 25 1.0 20 22.13 4.88 22.1 0.063
a12 ICS NaCl 0.25 mM 25 1.0 20 22.13 5.49 24.8 0.071
a13 ICS NaCl 0.5 mM 25 1.0 20 22.13 6.51 29.4 0.084
a14 ICS CaCl2 0.125 mM 25 1.0 20 22.13 13.22 59.8 0.171
a15 ICS CaCl2 0.25 mM 25 1.0 20 22.13 14.62 66.1 0.189
a16 ICS CaCl2 0.5 mM 25 1.0 20 22.13 16.26 73.5 0.211
* deionized water

Table 2. Experimental conditions and results for humic acid attachment to quartz and iron-coated sands (ICS) at different solution pHs (ionic stre-
ngth = 100 mM NaNO3)
Ex Media pH C0

(mg/L)
Q

(mL/min)
EBCT
(min)

Mtotal

(mg)
Ccap

(mg)
R

(%)
qa

(mg/g)
b1 Quartz 6.1 25 2.0 10 114.63 4.74 4.1 0.061
b2 Quartz 6.6 25 2.0 10 114.63 2.48 2.2 0.032
b3 Quartz 7.3 25 2.0 10 114.63 2.34 2.0 0.030
b4 ICS 5.9 25 2.0 10 114.63 31.51 27.5 0.408
b5 ICS 6.7 25 2.0 10 114.63 24.99 21.8 0.324
b6 ICS 7.1 25 2.0 10 114.63 19.98 17.4 0.259

humic acid adsorption at a given flow rate and influent 
concentration of humic acid (Ccap, mg) can be quantified as 
following: 

� ��
�

�
�� totaltt

tcap dtCCQC
0 01000

(3)

where C is the effluent concentration of humic acid (mg/L). The 
total adsorption percent of humic acid during the experiment (R,
%) can be calculated as following:

100���	



���


�

total

cap

M
C

R (4)

The mass of humic acid adsorbed per unit (dry) mass of filter 
media in the column (qa, mg/g) can be determined as following: 

f

cap
a M

C
q � (5)

where Mf is the mass of filter media in the column (g).

3. Results and Discussion

3.1. Humic Acid Adhesion to Iron Oxide-coated Sand

The breakthrough curves (BTCs) for humic acid adhesion to 
quartz sand (a1) and ICS (a7) are presented in Fig. 2. The break-
through data is presented in terms of relative concentration (C/
C0) versus BV. At the given conditions (C0 = 25 mg/L, Q = 1.0 
mL/min) in quartz sand, the BTC increased sharply, reaching to 
C/C0 = 1.0 at 3.8 BV. At the same experimental conditions, the 
BTC in ICS was delayed relative to the BTC in quartz sand. Also, 
it increased rapidly up to 10 BV (C/C0 = 0.79) and did slowly 
thereafter, reaching to C/C0 = 0.90 around 45 BV. In quartz 
sand (C0 = 25 mg/L, Q = 1.0 mL/min), Ccap was 0.64 mg while 
it was 4.45 mg in ICS, which is about seven times higher than 
that of quartz sand. The values of R in quartz sand and ICS were 
2.9 and 20.1%, respectively. In addition, qa was 0.008 mg/g in 
quartz sand while it was 0.058 mg/g in ICS.

The enhancement of humic acid adhesion through the surface 
charge modification of quartz sand with iron oxide coating may 
be explained by the point of zero charge (pHpzc) of porous media. 
The pHpzc is the pH where net surface charge is equal to zero. 
The surface charges of porous media depend on the solution
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Fig. 2. Breakthrough curves for humic acid adhesion to quartz sand 
and iron oxide-coated sand (C0 = 25 mg/L and Q = 1.0 mL/min).

pH. The porous media carry positive charges below the pHpzc

but negative charges above it. The pHpzc of quartz sand is 2.0,16)

and so quartz sand is negatively charged at circumneutral pH. 
Humic acid is also negatively-charged at circumneutral pH due 
to the prevalence of carboxyl and phenol groups on their 
surface.8) Thus, the electrostatic interaction between quartz sand 
and humic acid is repulsive in our experimental condition. 
Meanwhile, the pHpzc of iron oxide-coated sand is around 8.0.17)

Therefore, the electrostatic interaction between iron oxide-coated 
sand and humic acid is attractive in our condition, resulting in 
the enhancement of humic acid adhesion.

3.2. Effects of Humic Acid Concentration and Flow Rate

The BTCs for humic acid adhesion to ICS at different 
influent concentrations of humic acid (a4, a7, a8) are presented 
in Fig. 3(a). At the given condition (Q = 1.0 mL/min), the BTC 
was slightly delayed and lowered as the influent concentration 
decreased. Ccap increased as C0 increased. At C0 = 10 mg/L, Ccap

was 2.98 mg and increased to 4.45 mg at C0 = 25 mg/L and 
further to 5.47 mg at C0 = 50 mg/L. This can be attributed to the 
total mass of humic acid injected into column (Mtotal) during the 
experiment (45 BV). Mtotal was 8.85 mg at C0 = 10 mg/L and 
increased to 22.13 mg at C0 = 25 mg/L and further to 44.25 mg 
at C0 = 50 mg/L. qa also increased with increasing C0 . The values 
of qa were 0.039, 0.058, and 0.071 mg/g for C0 = 10, 25, and 50 
mg/L, respectively. Meanwhile, R decreased with increasing C0.
The values of R were 33.6, 20.1, and 12.4% for C0 = 10, 25, and 
50 mg/L, respectively. It indicates that the influent humic acid 
concentration is an important factor, determining the ICS 
column performance for humic acid adhesion.

The BTCs for humic acid adhesion to ICS at different flow 
rates (or EBCTs) (a5, a6, a7) are presented in Fig. 3(b). All 
BTCs increased rapidly up to 10 BV, followed by slow incre-
ment. The BTC was slightly lowered as the flow rate decreased 
from 4.0 to 1.0 mL/min (or EBCT increased from 5 to 20 min). 
Ccap increased with increasing EBCT. The values of Ccap were 
in the range from 3.27 to 4.45 mg. As the EBCT increased, R 
also increased from 14.8 to 20.1%. In addition, qa increased 
from 0.042 to 0.058 mg/g. It indicates that the impact of flow 
rate (or EBCT) on the adhesion of humic acid in ICS was not 
eminent in our experimental conditions even though slight

Fig. 3. Breakthrough curves for humic acid adhesion to iron oxide- 
coated sand (a) at different influent concentrations of humic acid (Q =
1.0 mL/min) and (b) at different flow rates (or empty bed contact 
times, EBCTs) (C0 = 25 mg/L).

enhancement in humic acid adhesion was observed with increa-
sing EBCT in the experiments. 

3.3. Effect of Salt Concentration

The BTCs for humic acid adhesion to quartz sand and ICS at 
different NaNO3 concentration are presented in Fig. 4. With 
increasing concentration of NaNO3, the BTC was slightly dela-
yed and lowered. In quartz sand (a1, a2, a3), Ccap and R increased 
from 0.64 to 1.10 mg and from 2.9 to 5.0%, respectively, with 
increasing NaNO3 concentration from 0 to 0.5 mM. qa increased 
from 0.008 to 0.014 mg/g. In ICS (a7, a9, a10), Ccap and R incr-
eased from 4.45 to 6.86 mg and from 20.1 to 31.0%, respecti-
vely, with increasing NaNO3 concentration from 0 to 0.5 mM. 
qa increased from 0.058 to 0.089 mg/g.

The BTCs for humic acid adhesion to ICS at different concen-
trations of NaCl and CaCl2 are presented in Fig. 5. In the solu-
tion of NaCl (a7, a11, a12, a13), the BTC was slightly delayed 
and lowered as the salt concentration increased from 0 to 0.5 
mM (Fig. 5(a)). In the case of CaCl2 solution (a7, a14, a15, 
a16), the magnitude of impact of salt concentration on humic 
acid adhesion was greater than that of NaCl. With increasing 
concentration of CaCl2 from 0 to 0.5 mM (Fig. 5(b)), the BTC 
was markedly delayed and lowered. In the solution of NaCl, 
Ccap increased with increasing salt concentration from 0 to 0.5 
mM. The values of Ccap were in the range between 4.45 and 
6.51 mg. With increasing salt concentration, R also increased 
from 20.1 to 29.4%. In addition, qa also increased from 0.058
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Fig. 4. Breakthrough curves for humic acid in (a) quartz and (b) iron- 
coated sands at different concentrations of NaNO3 (C0 = 25 mg/L and 
Q = 1.0 mL/min).

to 0.084 mg/g. In the solution of CaCl2, Ccap increased from 
4.45 to 16.26 mg, R from 20.1 to 73.5%, and qa from 0.058 to 
0.211 mg/g. 

The enhancement of humic acid adhesion with increasing salt 
concentration may be explained by the screening effect of salt 
ions and compact conformation of humic acid.18) With increas-
ing salt concentration, the electrostatic repulsion between the 
negatively-charged humic acid particles may be screened more 
effectively, resulting in the enhancement of humic acid adhe-
sion to iron oxide-coated sand.19) In addition, the conformation 
of humic acid may become more compact (size reduction) with 
increasing salt concentration, leading to enhanced adsorption of 
humic acid to the media.12,20) That is, a larger fraction of humic 
acid may adsorb to the surfaces of coated sand due to compact-
ion of humic acid particles at higher ionic strength that at lower 
ionic strength where the particles are more swelled.20) Our result 
is consistent with the report21) which has shown with a batch 
experiment that the adsorbed humic acid onto goethite increased 
with increasing concentration of NaNO3 from 0.002 to 0.1M. 
Other studies19,20) have also reported the enhanced adsorption of 
humic acid onto goethite or iron oxide particles with increasing 
salt concentration. Our result also indicates that the impact of 
CaCl2 was greater than those of NaCl on the adhesion of humic 
acid. This phenomenon may be attributed to formation of brid-
ges by a divalent ion Ca2+ between humic acid and iron oxide 
surface and/or complexation of functional groups of humic acid 
with Ca2+.18,22) Also, it may be attributed to the increased ionic 
strength through the addition of CaCl2 relative to NaCl. At the 
same molar salt concentration the ionic strength of CaCl2 is three

Fig. 5. Breakthrough curves for humic acid adhesion to iron oxide- 
coated sand (C0 = 25 mg/L and Q = 1.0 mL/min) at different concen-
trations of (a) NaCl and (b) CaCl2.

times larger than that of NaCl, which results in the enhancement 
of humic acid adhesion. 

3.4. Effect of Solution pH

The BTCs for humic acid adhesion to quartz sand and ICS at 
different solution pHs are presented in Fig. 6. With increasing 
pH, the BTC was delayed and lowered in ICS. But, the impact 
of pH on the BTC was minimal in quartz sand in given experi-
mental conditions. In quartz sand (b1, b2, b3), Ccap slightly dec-
reased from 4.74 to 2.34 mg, R from 4.1 to 2.0%, and qa from 
0.061 to 0.030 mg/g, respectively, with increasing pH from 6.1 
to 7.3. In ICS (b4, b5, b6), Ccap, R, and qa decreased from 31.51 
to 19.98 mg, from 27.5 to 17.4%, and from 0.408 to 0.259 mg/g, 
respectively.

Our result is consistent with the result of other researcher14)

who have reported that the adsorption of humic acid onto ICS 
decreased from 0.31 to 0.07 mg/g with increasing pH from 2.5 
to 7.5. This result can be attributed to the change of ICS surface 
charge. As the pH approaches to pHpzc, the strength of positive 
charge of ICS diminishes, resulting in the reduction of electro-
static attraction between humic acid and ICS.14)

4. Conclusions

Column experiments were performed to investigate humic 
acid adhesion to ICS. Results showed that humic acid adhesion 
was about seven times higher in ICS than in quartz sand at given 
experimental conditions. This indicates that humic acid removal
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Fig. 6. Breakthrough curves for humic acid in (a) quartz and (b) iron- 
coated sands at different solution pHs (C0 = 25 mg/L and Q = 2.0 
mL/min). 

can be enhanced through the surface charge modification of 
quartz sand with iron oxide coating. The adhesion of humic 
acid in ICS was influenced by influent humic acid concentration. 
However, the influence of flow rate (or EBCT) was not eminent 
in our experimental conditions. The humic acid adhesion was 
enhanced with increasing salt concentration of solution. On the 
adsorption of humic acid, the impact of CaCl2 was greater than 
that of NaCl. Also, the humic acid adhesion to ICS decreased 
with increasing solution pH. This study demonstrates that humic 
acid concentration, salt concentration/composition and solution 
pH should be controlled carefully in order to improve the ICS 
column performance for humic acid removal from water.
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ABSTRACT : The aim of this study was to investigate the influence of ionic strength and iron impregnation on the attachment of En-
terococcus faecalis to granular activated carbon (GAC). Column experiments were performed to examine bacterial adhesion to coconut- 
based GAC (c-GAC), iron-impregnated c-GAC (fc-GAC), acid-washed c-GAC (a-GAC) and iron-impregnated a-GAC (fa-GAC) under two
different solution (NaCl 1, 10 mM) conditions. Results showed that bacterial mass recovery in c-GAC decreased from 77.3 to 61.6% while
in a-GAC it decreased from 71.6 to 32.3% with increasing ionic strength from 1 to 10 mM. This indicates that bacterial attachment to
GAC can be enhanced with increasing ionic strength. Results also showed that the mass recoveries in fc-GAC were 62.6% (1 mM) and
53.3% (10 mM) while they were 50.8% (1 mM) and 16.9%(10 mM) in fa-GAC, which were lower than those in c-GAC and a-GAC. This
demonstrates that bacterial adhesion to GAC can be enhanced through iron impregnation. This study provides information regarding the 
effects of ionic strength and iron impregnation on bacterial attachment to GAC. Furthermore, this study will advance our knowledge of
bacterial removal in surface-modified granular media.

Key Words : Bacterial Attachment, Granular Activated Carbon, Enterococcus faecalis, Ionic Strength, Iron Impregnation

�� � Enterococcus faecalis . 
(c-GAC), (fc-GAC), (a-GAC), 
(fa-GAC) (NaCl 1, 10 mM) . 

, c-GAC 1 10 mM 77.3 61.6% , a-GAC
71.6 32.3% . 

. , fc-GAC 62.6% (1 mM) 53.3% (10 mM) , fa-GAC 50.8% (1 mM) 16.9%
(10 mM) , c-GAC a-GAC . 

. 
, .

����� , , Enterococcus faecalis, , 
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Fig. 1. A TEM image of Enterococcus faecalis ATCC 10100 
(Bar = 0.5 μm).
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(ELS-8000, Otsuka Electronics, Japan)
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Fig. 2. Bacterial breakthrough curves from column experiments at two different ionic strengths along with model fits: (a) c- 
GAC (1a,1b: 1 mM; 2a,2b: 10 mM), (b) fc-GAC (3a,3b: 1 mM; 4a,4b: 10 mM), (c) a-GAC (5a,5b: 1 mM; 6a,6b: 10 
mM), (d) fa-GAC (7a,7b: 1 mM; 8a,8b: 10 mM).
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. 
(peak concentration) . c-GAC

1 mM 10 mM
0.68 0.55 (Fig. 2(a)). fc-GAC

1 mM 10 mM
0.60 0.51 (Fig. 2(b)). 

(v, D) 0.396 ± 
0.002 cm/min 0.135 ± 0.029 cm2/min . 

v vw = q/n( , q n
(Darcian flux) )

(vw = 0.399 ± 0.001 cm/ 
min) .

(a-GAC)
(fa-GAC) E. faecalis

Fig. 3 . a-GAC
1 mM 10 mM  

0.62 0.30 (Fig. 3(a)). fa-GAC
1 mM 10 mM

0.43 0.15 (Fig. 3(b)). 
v D 0.504 ± 0.001 cm/min 0.456 ± 0.209 cm2/ 

min . v vw = 
q/n (vw = 0.501 ± 0.012 cm/min)

.

K�C��������	�

c-GAC

Fig. 3. Bacterial mass recoveries at two different ionic strengths: 
(a) c-GAC and fc-GAC, (b) a-GAC and fa-GAC. The 
number in the parenthesis is ionic strength (mM).

Table 1. Experimental conditions and results for column ex-
periments of Enterococcus faecalis in various granular 
activated carbons

Ex. Granular 
media

Ionic
strength
(mM)

Mr
(%)

v
(cm/min)

D
(cm2/min)

λ
(1/min) R2

1a c-GAC 1 78.3 0.400 0.122 0.0160 0.99

1b c-GAC 1 76.3 0.393 0.121 0.0156 0.99

2a c-GAC 10 62.6 0.394 0.151 0.0240 0.99

2b c-GAC 10 60.6 0.397 0.148 0.0262 0.99

3a fc-GAC 1 60.2 0.394 0.191 0.0255 0.99

3b fc-GAC 1 65.0 0.398 0.107 0.0226 0.98

4a fc-GAC 10 52.7 0.397 0.138 0.0274 0.99

4b fc-GAC 10 53.8 0.398 0.100 0.0299 0.99

5a a-GAC 1 75.1 0.504 0.377 0.0206 0.99
5b a-GAC 1 68.0 0.502 0.309 0.0264 0.99
6a a-GAC 10 31.2 0.505 0.502 0.0673 0.98
6b a-GAC 10 33.4 0.505 0.362 0.0632 0.99
7a fa-GAC 1 54.2 0.504 0.384 0.0383 0.99
7b fa-GAC 1 47.3 0.504 0.200 0.0450 0.99
8a fa-GAC 10 18.9 0.503 0.696 0.0986 0.97
8b fa-GAC 10 14.8 0.506 0.830 0.1231 0.99

(Fig. 4). , 
. 1 mM 

77.3%(1a, 78.3; 1b, 76.3) . 10 
mM 61.6%(2a, 62.6; 2b, 60.6) , 1 
mM 16.0% . , c-GAC

(λ)  
. 1 mM λ 0.0158 1/min 

(1a, 0.0160; 1b, 0.0156) . 10 mM λ 0.0251 
1/min(2a, 0.0240; 2b, 0.0262) (Table 1). a-GAC

(Fig. 5). 
1 mM 10 mM 71.6%(5a, 
75.1; 5b, 68.0) 32.3%(6a, 31.2; 6b, 33.4) . a-GAC

λ . 1 mM
10 mM λ 0.0235 1/min(5a, 0.0206; 

5b, 0.0264) 0.0653 1/min(6a, 0.0673; 6b, 0.0632)
(Table 1).

(isoelectric point) pH 4 
,12) (pH 7.3 7.6)

. E. 
faecalis . , 

(elec-
trostatic repulsion)

. , , 
, DLVO 

. , (salt)
, 

(elec-
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trostatic double layer) , 
. 
. Paramonova 12)

(gram-negative) 
R. terrigena 33257

( 1 mM )
.
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fc-GAC c-GAC
(Fig. 4). , 

. fc-GAC 1 
mM 62.6%(3a, 60.2; 3b, 65.0)

, 10 mM 53.3%(4a, 52.7; 4b, 53.8) . 
c-GAC 10.0%(1 mM 

) 8.0%(10 mM ) . , fc- 
GAC 1 mM (λ)  

0.0241 1/min(3a, 0.0255; 3b, 0.0226) . 10 
mM λ 0.0287 1/min(4a, 0.0274; 4b, 0.0299)

(Table 1). , c-GAC fc-GAC
λ . fa-GAC a-GAC

(Fig. 5). fa-GAC 1 mM  
10 mM 50.8%(7a, 54.2; 7b, 47.3)  
16.9%(8a, 18.9; 8b, 14.8) . a- 
GAC 39.0%(1 mM ) 15.0% 
(10 mM ) . fa-GAC λ
a-GAC . fa-GAC

λ 1 mM 0.0417 1/min(7a, 0.0383; 7b, 
0.0450) , 10 mM 0.1109 1/min(8a, 0.0986; 8b, 
0.1231) (Table 1).
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pH 8 9 .14,15) ,  

(pH 7.3 7.6)
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Abstract

Transport of Escherichia coli ATCC 11105 through porous media was investigated in this study using two sets of column experiments to quantify 
the attachment-related parameters (sticking efficiency, attachment rate coefficient and filter factor). The first set of experiments was performed in 
quartz sand under different ionic strength conditions (1, 20, 100, 200 mM) while the second experiments were carried out in quartz sand mixed with 
metal oxyhydroxide-coated sand (0, 5, 10, 25%). The breakthrough curves of bacteria were obtained by monitoring effluent, and then bacterial mass 
recovery and attachment-related parameters were quantified from these curves. The first experiments showed that the mass recoveries were in the 
range of 13.3 to 64.7%, decreasing with increasing ionic strength. In the second experiments, the mass recoveries were in the range of 15.0 to 43.4%, 
decreasing with increasing coated sand content. The analysis indicated that the sticking efficiency, attachment rate coefficient and filter factor 
increased with increasing ionic strength and coated sand content. The value of filter factor in the first experiments ranged from 1.45 e-2 to 6.72 e-2 
1/cm while in the second experiments it ranged from 2.78 e-2 to 6.32 e-2 1/cm. Our filter factor values are one order of magnitude lower than those 
from other studies. This discrepancy can be attributed to the size of sand used in the experiment. The analysis demonstrated that the travel distance 
of bacteria estimated using the filter factor can be varied greatly depending on the solution chemistry and charge heterogeneity of porous media.

Keywords: Bacterial transport, Sticking efficiency, Attachment rate coefficient, Filter factor, Travel distance

1. Introduction
1

Microbial contamination of groundwater resources is a wide- 
spread environmental problem, deteriorating drinking water qua-
lity and posing a great threat to human health.1,2) Thus, an under-
standing of bacterial transport in porous media is important in 
the protection of groundwater. Escherichia coli is widely used 
as an indicator organism for bacterial contamination of water 
resources. Several researchers have investigated attachment and 
transport of E. coli in porous media. These studies have looked 
at the transport of E. coli through saturated soil in field experi-
ments,3) transport of E. coli K-12 through columns packed with 
silt loam and silty clay loam,4) movement of E. coli NAR thro-
ugh unsaturated soil columns with macropores,5) removal of E. 
coli ATCC 13607 in columns containing metal hydroxides 
coated sands,6) adhesion of E. coli HCB437 and HCB137 to 
surface-modified quartz surfaces,7) transport of E. coli ATCC 
25922 through columns packed with quartz sand8) and with 
various contents of goethite-coated sand,9) and transport of E. 
coli JM109 in soil aquifer treatment system.10) However, more 
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quantitative approach is required in order to improve our know-
ledge regarding the bacteria transport in porous media and to 
protect the groundwater from microbial contamination. 

In this study, bacterial transport through porous media was 
investigated using column experiments to quantify the attach-
ment-related parameters. The first set of the experiments was 
performed in quartz sand under different ionic strength condi-
tions while the second experiments were carried out under dif-
ferent mixtures of quartz and metal oxyhydroxide-coated sands. 
Bacterial breakthrough curves were obtained by monitoring 
effluent, and then bacterial mass recovery and attachment-related 
parameters were quantified from these curves.

2. Theory

In porous media, the bacterial movement is mainly controlled 
by advective-dispersive transport and adhesion to solid mat-
rices.11) The bacterial attachment to a solid matrix is influenced 
by solution chemistry (e.g., ionic strength and pH), properties 
of porous media (e.g., surface charge and grain size), and cha-
racteristics of bacteria (e.g., cell geometry and surface proper-
ty).12,13) The one-dimensional bacteria transport in saturated 
porous media can be described as:
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where C is the bacterial concentration in the aqueous phase, 
D is the hydrodynamic dispersion coefficient, v is the pore- 
water velocity, and ka is the attachment rate coefficient (T-1). 
Note that bacterial growth and decay are assumed to be negli-
gible. According to colloid filtration theory, the attachment rate 
coefficient (ka) can be described by the following equation:14)
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where n is the porosity, dc is the particle diameter of porous 
media,  is the collision efficiency,  is the sticking efficiency, 
and U is the flow approach velocity (= Darcy velocity).

The collision efficiency ( ) can be calculated using the follow-
ing equation:15) 

053.011.124.0125.0675.1052.0715.0081.03/1 22.055.04.2 vdWGRARSvdWPeRS NNNNNANNNA ��� ����
(3)

where AS is the porosity - dependent parameter, NR is the aspect 
ratio, NPe is the Peclet number, NvdW is the van der Waals num-
ber, NA is the attraction number, and NG is the gravity number. 
The parameters used in the calculation of  are summarized in 
Table 1. The sticking efficiency ( ) can be determined with the 
following equation:15)

Table 1. Parameters used for collision efficiency ( ) of Escherichia 
coli in sand
Parameter Unit Value
Column length cm 30
Particle diameter of sand mm 1.0
Particle diameter of bacteria m 1.21
Particle density of bacteria* g/cm3 1.105
Fluid absolute temperature K 298
Fluid density g/cm3 0.997
Fluid viscosity g/cm/s 8.91 × 10-3

Hamaker constant J 6.5 × 10-21

Boltzman constant J/K 1.38 × 10-23

Bulk diffusion coefficient cm2/sec 4.05 × 10-9

*Particle density of bacteria was from Martínez-Salas23)
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where L is the column length, and Mr is the bacterial mass 
recovery in the effluent, which can be quantified by the follow-
ing relationship:
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where C0 is the initial concentration of bacteria, and t0 is the 
duration of bacteria injection (injection time). 

The attachment rate coefficient (ka) has the following relation-
ship with the filter factor ( f, L-1):14) 

v
k

f a� (6)

Thus, f can be expressed in terms of mass recovery (Mr) by 
incorporating Equations (2) and (4) into Equation (6) as:16)

� � � �Mr
L
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L

f 10log3025.2ln1 ���� (7)

From the Equation (7), the relationship between log removal 
and travel distance (Td) of bacteria can be described as:

removal)(log*3025.2
f

Td � (8)

where the log removal denotes - log10 (Mr). For instance, 99% 
of bacterial removal is equal to 2 log removal.

3. Materials and Methods

3.1. Bacteria and Culture Preparation 

E. coli ATCC 11105 obtained from the Korea Culture Center 
for Microorganisms was used in this experiment. All glassware 
and materials used in this study were sterilized by autoclaving 
at 121°C and 17.6 psi for 20 min to prevent any interference by 
other microorganisms. Initially, the freeze-dried bacteria were 
revived in 250-mL Erlenmeyer flasks containing 100 mL of LB 
medium (tryptone 10 g, yeast extract 5 g, NaCl 5 g in one liter 
of deionized water at pH 7.0) over a period of 84 h. Then one 
milliliter of culture was transferred to a volume of 500 mL LB 
broth, and the bacteria were incubated over a period of 84 h at 
30°C. The suspension was centrifuged at 4°C and 10,000 rpm 
for 15 min. The supernatant was removed and replaced with 
deionized water to prevent growth of the bacteria. Then the 
diluted bacteria were centrifuged again under the same condi-
tions. The centrifuged bacteria were washed three times with 
deionized water and resuspended in deionized water to an opti-
cal density of 0.5 at 600 nm (OD600). Transmission electron 
microscopy (JEM 1010, JEOL, Japan) was used to take images 
of E. coli cells. The images were imported into an image-proces-
sing program (Image-Pro Plus) and analyzed. The average length 
and diameter of E. coli were 2.2 m and 0.6 m, respectively, 
which corresponded to an equivalent spherical diameter of 1.21 

m. The net surface electrostatic characteristics of cells were 
analyzed with an Electrophoretic Light Scattering Spectropho-
tometer (ELS-8000, Otsuka Electronics, Japan). Electrophoretic 
mobility was determined for the bacterial surface (pH = 6.8, 
temp. = 25°C, ionic strength 0 mM) and converted to zeta 
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Table 2. Experimental conditions for column experiments of Escherichia coli
Ex Media (%) Bulk density

(g/cm3)
porosity Flow rate

(mL/min)
pH Is

(mM)
EC
( S/cm)quartz coated

1a 100 0 1.586 0.402 0.50 7.3 1 91
1b 100 0 1.581 0.403 0.50 7.3 20 2,259
1c 100 0 1.582 0.403 0.50 7.2 100 9,856
1d 100 0 1.581 0.403 0.50 7.3 200 19,073
2a 100 0 1.582 0.403 0.35 7.5 5.3 539
2b 95 5 1.580 0.404 0.35 7.6 5.3 539
2c 90 10 1.581 0.403 0.35 7.6 5.3 538
2d 75 25 1.577 0.405 0.35 7.7 5.3 548

potentials using the Smoluchowski equation. The zeta potential 
of E. coli was determined to be - 51 ± 6 mV.

3.2. Porous Media

Quartz sand (effective size: 1.0 mm, uniformity coefficient: 
1.53) supplied by Jumunjin Silica was used in the experiments. 
Before use, sand was washed twice using deionized water to 
remove impurities on the surface, and wet sand was autoclaved 
for 20 min at 17.6 psi, cooled to room temperature, and oven- 
dried at 105°C for 1-2 days. For the preparation of Al-coated 
sand, AlCl3 6H2O (4.9 g) was dissolved in deionized water 
(100 mL), and the solution pH was adjusted to pH 7.0 with 6N 
NaOH. The quartz sand (200 g) was added to the AlCl3 6H2O
solution and then mixed in a rotary evaporator (HAHNVAPOR, 
Hahnshin Scientific Co., Korea) to remove water in the suspen-
sion by heating (90°C, 80 rpm, 20 min). The same procedure 
used for Al-coated sand was applied using FeCl3 6H2O (5.5 g) 
for Fe-coated sand. The coated sand was dried in a drying oven 
(J-NDS2, JISICO, Korea) at 150°C for 6 hr, washed with deio-
nized water and then dried again at the same conditions. 

3.3. Column Experiments

Two sets of column experiments were performed using a Ple-
xiglas column (length = 30 cm; inner diameter = 2.5 cm) under 
the leaching solution prepared with NaCl and phosphate (KH2PO4,
K2HPO4). The experimental conditions were summarized in 
Table 2. The first set of experiments (1a-1d) was conducted in 
quartz sand at different ionic strength (IS) conditions (1, 20, 100, 
200 mM). A column was packed for each experiment by the 
tap-fill method to attain a bulk density of 1.583 ± 0.002 g/cm3

and a porosity of 0.403 ± 0.001. The column was connected to 
a pump (QG400, FASCO, USA) operating at a rate of 0.5 mL/ 
min. Prior to the experiments, the packed column was flushed 
upward with 8-10 pore volumes of the leaching solution until 
the column effluents were clear and a steady state flow condition 
was established. The column experiment was performed by in-
jecting bacteria solution of 0.5 OD600 downward for 60 min. 
After completing injection of the tracer, leaching solution was 
introduced again. Effluent samples were collected using an auto 
collector (Retriever 500, TELEDYNE, USA) at a regular inter-
val and analyzed for bacterial concentration along with pH and 

EC. Bacterial concentration was determined by measuring the 
optical density of the effluent using a UV-visible spectrophoto-
meter (Helios, Thermo, USA) at 600 nm (OD600), pH with a pH 
probe (9107BN, Orion, USA), and EC with an EC probe (815PDL, 
Istek, Korea). The second set of experiments (2a-2d) was per-
formed (flow rate = 0.35 mL/min) in quartz sand mixed with 
metal oxyhydroxide-coated sand (0, 5, 10, 25%) under the ionic 
strength of 5.3 mM. The second experiments used the same pro-
cedure as the first. The bulk density and porosity of columns 
were 1.580±0.002 g/cm3 and 0.403±0.001, respectively.

4. Results and Discussion

4.1. Bacterial Mass Recovery

The bacterial breakthrough curves (BTCs) obtained from the 
first experiments (1a-1d) are presented in Fig. 1. The bacterial 
mass recoveries in the first experiments were in the range of 13.3 
to 64.7%, decreasing with increasing ionic strength (IS). In 
quartz sand, the mass recovery was 64.7% at IS = 1 mM (1a), 
decreasing to 50.5% with increasing IS to 20 mM (1b). When 
IS increased further to 100 and 200 mM, the mass recoveries 
decreased to 20.2 and 13.3% (1c, 1d), respectively. Our result is 
comparable with the studies of other researchers who have exa-
mined the decreasing bacterial mass recovery with increasing 
IS in quartz sand.17,18) This phenomenon can be explained by 
the DLVO theory. Because the surface charges of both quartz 
sand and bacteria are negative at circumneutral pH,19) increas-

Fig. 1. Breakthrough curves of Escherichia coli in quartz sand at various 
ionic strength conditions.
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Table 3. Experimental results for column experiments of Escherichia coli

Ex U
(cm/min)

Mr
(%)

ka
(1/min)

f
(1/cm)

1a 0.102 64.7 0.0108 0.149 3.68 e-3 1.45 e-2
1b 0.102 50.5 0.0108 0.235 5.76 e-3 2.28 e-2
1c 0.102 20.2 0.0108 0.550 1.35 e-2 5.33 e-2
1d 0.102 13.3 0.0108 0.694 1.70 e-2 6.72 e-2
2a 0.071 43.4 0.0146 0.213 4.92 e-3 2.78 e-2
2b 0.071 30.1 0.0146 0.306 7.06 e-3 4.01 e-2
2c 0.071 24.4 0.0146 0.360 8.30 e-3 4.70 e-2
2d 0.071 15.0 0.0146 0.484 1.11 e-2 6.32 e-2

Fig. 2. Breakthrough curves of Escherichia coli in quartz sand mixed 
with metal oxyhydroxide-coated sand.

ing IS of leaching solution leads to a decrease in the thickness 
of the electrical double layers and in the average distance bet-
ween both surfaces, resulting in the enhancement of bacterial 
adhesion to the surfaces of quartz sand.

The BTCs from the second experiments (2a-2d) are presented 
in Fig. 2. In the second experiments, the mass recoveries ranged 
from 15.0 to 43.4%, decreasing with increasing coated sand 
content in mixed media. The mass recovery in quartz sand (2a) 
was 43.4%, which was lower than that of 1a (64.7%). This can 
be attributed to the fact that the column experiment in 2a was 
conducted at lower flow rate and higher IS than 1a (Table 1). 
As the coated sand content increased from 5 to 25% (2b-2d), 
the mass recoveries decreased from 30.1 to 15.0%. Our results 
are consistent with the work of other researchers9) who have 
shown that the mass recovery of E. coli decreased with increas-
ing goethite-coated sand content in column experiment. It is 
well known that the metal (Fe, Al) oxyhydroxides carry positive 
surface charges at circumneutral pH conditions. Therefore, nega-
tively-charged bacteria can favorably adhere to the positively- 
charged surfaces of porous media.

4.2. Attachment-Related Parameters

In the first experiments (1a-1d), the sticking efficiencies ( )
were in the range of 0.149 to 0.694, increasing with increasing 
IS in quartz sand. The value of  in the second experiments 
(2a-2d) increased from 0.213 to 0.484 with increasing coated 
sand content from 0 to 25% in mixed media. In colloid filtration 

theory, the removal of colloid by attachment to a collector (e.g. 
sand) can be described by collector efficiency (C = ), which 
denotes the probability that a colloidal particle approaching a 
collector both collides with and sticks to the collector.19) The 
collision efficiency ( ) is the probability that a colloidal particle 
approaching a collector collides with the collector while the stic-
king efficiency ( ) is the probability that the particle colliding 
with the collector sticks to that collector. Our result indicates 
that the collision efficiency of E. coli in quartz sand increases 
with increasing IS and coated sand content, resulting in the en-
hancement of bacteria removal.

The attachment rate coefficient (ka) in the first experiments 
(1a-1d) ranged from 3.68 e-3 to 1.70 e-2 1/min, increasing with 
increasing IS in quartz sand. In the second experiments (2a-2d), 
the value of ka ranged from 4.92 e-3 to 1.11 e-2 1/min, increas-
ing with increasing coated sand content in mixed media. The 
attachment rate coefficient is the temporal coefficient, which 
can be converted to the spatial coefficient (filter factor) using 
Equation (6). As presented in Equation (7), the filter factor (f )
is log-linearly related to the mass recovery. The value of f in the 
first experiments (1a-1d) increased with increasing IS in quartz 
sand. It ranged from 1.45 e-2 to 6.72 e-2 1/cm. The value of f in 
the second experiments (2a-2d) increased with increasing coated 
sand content. It ranged from 2.78 e-2 to 6.32 e-2 1/cm. Our f
values are one order of magnitude lower than those from other 
studies. The f values of E. coli calculated from Foppen and 
Schijven9) were ranged from 4.46 e-1 to 6.97 e-1 1/cm, increa-
sing with increasing coated sand content from 0 to 20% in mixed 
media (sand size = 0.235 mm). The f value of E. coli determined 
from Bolster et al.21) was 2.21 e-1 1/cm (sand size = 0.25-0.35 
mm). This discrepancy can be attributed to the size of sand used 
in the experiment. The grain size used in their studies was about 
four times larger than ours (1.0 mm). 

4.3. Log Removal and Travel Distance

The travel distance (Td) of bacteria can be estimated with the 
filter factor (f ) determined from the experiment using Equation 
(8) (Fig. 3). In the estimation of Td, the concentration of E. coli
is assumed to be 106 cfu/100 mL (cfu: colony forming unit) 
based on the report of Pang et al.22) As shown in Fig. 3, the values 
of f used in the estimation were 1.45 e-2 (1a), 6.72 e-2 (1d), 
2.78 e-2 (2a), and 6.32 e-2 (2d). At f = 1.45 e-2 (1a: quartz sand,
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Fig. 3. Travel distance and log removal of Escherichia coli based on the 
laboratory-determined filter factor.

IS = 1 mM), Td of 476 cm is required to achieve 3-log removal 
(99.9% removal) and Td of 1112 cm for 7-log removal (comp-
lete removal of 106 cfu/100 mL). At 6.72 e-2 (1d: quartz sand, 
IS = 200 mM), Td is 103 cm for 3-log removal and 240 cm for 
7-log removal. This indicates that the travel distance of bacteria 
can be changed considerably due to solution chemistry (e.g. 
ionic strength). At f = 2.78 e-2 (2a: quartz sand 100%, IS = 5.3 
mM), Td is 248 cm for 3-log removal and 580 cm for 7-log re-
moval. At 6.72 e-2 (2d: quartz sand 75%, coated sand 25%, IS 
= 5.3 mM), Td is 109 cm for 3-log removal and 255 cm for 
7-log removal. This demonstrates that the travel distance of 
bacteria can be reduced markedly due to the presence of posi-
tively-charged metal oxyhydroxide-coated sand. As mentioned 
previously, the values of f determined at smaller sand size by 
other researchers were one order of magnitude larger than ours. 
Thus, it is expected that the travel distance of bacteria can be 
influenced greatly by particle size of porous media. 

5. Conclusions

The attachment-related parameters for E. coli were quantified 
from column experiments in porous media. The first experiments 
show that the mass recovery in quartz sand decreased while the 
sticking efficiency increased with increasing ionic strength. In 
addition, the attachment rate coefficient and filter factor incre-
ased with increasing ionic strength. The second experiments 
indicate that the mass recovery decreased while the sticking 
efficiency, attachment rate coefficient and filter factor increased 
with increasing metal oxyhydroxide-coated sands. The analysis 
demonstrates that the travel distance of bacteria can be varied 
greatly depending on the solution chemistry and charge hetero-
geneity of porous media. Further research should focus on exam-
ining the influence of physical heterogeneity of porous media 
on the attachment-related parameters and travel distance of 
bacteria. 
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ABSTRACT : The aim of this study was to investigate the influence of phosphate on the adhesion of Escherichia coli to porous 
media. Column experiments were performed to examine the effect of phosphate on bacterial adhesion to quartz sand and iron-coated 
sand. Results showed that bacterial mass recovery in quartz sand decreased from 74.5 to 35.4% as phosphate concentration increased 
from 0 to 16 mg/L. This indicated that bacterial adhesion to quartz sand was enhanced with increasing phosphate concentration. This 
phenomenon is due to the increase of ionic strength. In contrast, the mass recovery in the coated sand increased from 2.9 to 26.0% as
phosphate concentration increased. This indicated that bacterial adhesion to the coated sand was reduced with increasing phosphate con-
centration, due to the preoccupation of favorable adsorption sites and competitive adsorption by phosphate.

Key Words : Phosphate, Iron-coated Sand, Quartz Sand, Escherichia coli, Bacterial Adhesion
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(mass recovery)
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E. coli ATCC 11105(Korea Cul-
ture Center for Microorganisms, Seoul) , 

. LB (tryptone 10 g, yeast extract 5 
g, NaCl 5 g, distilled water 1 L) 200 mL

3 mL , (DAIHAN Sci-
entific, DH. LIB. 200 M) 84 30

. 4
(Vision Scientific, VS-24SMTi) 10,000 rpm 20

 . 
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. 0.5 OD600
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17.6 psi, 121  
autoclave(JISICO, J-NAS2) 15
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(Image-Pro Plus) , E. coli
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(equivalent diameter) 1.21 μm . 

E. coli (ELS-8000, 
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(electrophoretic mobility)
(pH = 6.8, = 25 , 0 mM), Smoluchowski

(zeta potential) , 
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>�>��EF%�G

(
) , 1.0 mm, 1.53 . 

600 
nm (OD600) 0.01 (UV-visible spectrophoto-
meter, Thermo, Helios) . 
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. 100 mL 
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FeCl3 . FeCl3  

200 g (HAHNSHIN, 
HS-2005S) 90 , 80 rpm 20

1 . Drying 
oven(JISICO) (150 , 6 )  

.

>�H��IJKL

. polycarbonate(PC) 
, 2.5 cm, 30 cm . 30 cm

, 231.6 
± 2.3 g, 1.573 ± 0.016 g/cm3, 0.407 ± 0.006

. 
(0, 4, 16 mg/L)

. (KH2PO4 in H2O, MERCK, Ger-
many) . 0.5 
mL/min HPLC (QC400, FASCO, USA)

(7 8 pore volumes)
, OD600 0  

( ) 0.5 mL/min 
60 . , 

(EBCT) 120 . 
, 

(Retriever 500, 
TELEDYNE, USA) . 

UV-visible spectrophotometer
, pH pH probe(9107BN, Orion, USA) . 

.
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x
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[LT-1], � [T-1] . 

CXTFIT 17) . , 
(Mr)

.

00

t

0
r tC

Cdt
M �� (2)

C0 , t0 .

H��QR���ST

H����$BCD�URVW

E. coli
Fig. 1 2 .  

(peak concen-
tration) . 

0.648 0.315
(Fig. 1(a)). 

0.031 0.255

Fig. 1. Breakthrough curves of E. coli obtained from column 
experiments and model fits in (a) quartz sand at various 
concentrations of phosphate(1a, 1b: 0 mg/L; 2a, 2b: 4 
mg/L; 3a, 3b: 16 mg/L) and (b) iron-coated sand at 
various concentrations of phosphate(4a, 4b: 0 mg/L; 
5a, 5b: 4 mg/L; 6a, 6b: 16 mg/L).

(Fig. 1(b)). 
(v, D) 0.263 ± 0.012 cm/min 0.095 ± 

0.040 cm2/min . 
v vw = q/n ( , q n
(Darcian flux) )

(vw = 0.246 ± 0.003 cm/min) .

H�>���� !����	
���X

(Fig. 2(a)). , 
. 0 mg/L 

( ) 74.5% 
(1a, 76.7; 1b, 72.3) . 4 mg/L( 0.042 mM)

67.8%(2a, 68.6; 2b, 66.9) , 
7.0% . 16 

mg/L( 0.168 mM) , 
35.4%(3a, 36.8; 3b, 34.1) ,  

50% . , 
(�)

(Fig. 2(a)). 0 mg/L � 0.0033 
l/min(1a, 0.0030; 1b, 0.0036) . 4 mg/L �
0.0042 l/min(2a, 0.0040; 2b, 0.0044), 16 mg/L �
0.0094 l/min(3a, 0.0091; 3b, 0.0097) (Table 1).

Fig. 2. Relationship between phosphate concentration, attach-
ment rate coefficient, and bacterial mass recovery in (a) 
quartz sand and (b) iron-coated sand.
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Table 1. Experimental conditions and results for column ex-
periments of E. coli in quartz sand and iron-coated 
sand in the presence of phosphate

Exp. Porous
media

Phosphate 
concentration

(mg/L)

Mr
(%)

v
(cm/min)

D
(cm2/min)

�
(1/min) R2

1a Quartz 0 76.7 0.263 0.087 0.0030 0.99
1b Quartz 0 72.3 0.264 0.103 0.0036 0.91
2a Quartz 4 68.6 0.247 0.128 0.0040 0.97
2b Quartz 4 66.9 0.252 0.184 0.0044 0.98 
3a Quartz 16 36.8 0.259 0.102 0.0091 0.99
3b Quartz 16 34.1 0.263 0.062 0.0097 0.99
4a Iron-coated 0 2.7 0.282 0.050 0.0339 0.91
4b Iron-coated 0 3.0 0.286 0.059 0.0343 0.92 
5a Iron-coated 4 8.6 0.259 0.064 0.0219 0.96
5b Iron-coated 4 11.1 0.258 0.080 0.0196 0.95
6a Iron-coated 16 22.8 0.255 0.098 0.0130 0.99 
6b Iron-coated 16 29.2 0.273 0.130 0.0119 0.98

. 
(pHpzc) pH 2.0 ,18) (pH 7.0 7.3)

. , 
(electrostatic repulsion)

. 
, , 

, DLVO 
. , (salt)

, 
(electrostatic double layer)

, . Redman 19)

1 mM 100 mM
-61.4 mV -21.4 mV , 

-38.5 mV -11.6 mV

. 

: (muscovite),18) ,11,20) 
(borosilicate).21) , Choi 20)

Pseudomonas aeru-
ginosa .

H�H������ !����	
���X

(Fig. 2(b)), 

. 0 mg/L( )
2.9%(4a, 2.7; 4b, 3.0) . 4 mg/L
9.9%(5a, 8.6; 5b, 11.1) , 

7.0% . 16 mg/L
, 26.0%(6a, 22.8; 6b, 29.2) , 

20% . , 
(�)  

(Fig. 2(b)). 0 mg/L �
0.0341 l/min(4a, 0.0339; 4b, 0.0343) . 4 mg/L �

0.0208 l/min(5a, 0.0219; 5b, 0.0196), 16 mg/L
� 0.0125 l/min(6a, 0.0130; 6b, 0.0119) (Table 1).

 
(favorable adsorption site) 

(competitive adsorption) .  

. 

. Appenzeller 22)

+7 mV -8 mV
. , 

.
, (shielding effect)

( )

( )
.7) E. 

coli , 

(nitrate) . 
62 mg/L( 1.0 mM) 3,200 mg/L(

200.0 mM) , E. coli 2.0% 
(2.9%) , 

16 mg/L( 0.168 mM) (26.0%) 
.  

E. coli . 

0.002 M 0.163 M  
, (�x174, MS-2) Zhuang

Jin23) . 
E. coli

. E. coli
inner-sphere complex(

, , 
) , 

outer-sphere complex(
) .23)

M��Q��

E. coli
.  

, 
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(column) .1 6) , 
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.  
, 

, 

, , Escherichia coli .7)  
E. coli

,8) , 
E. coli ,9 10) 

lipopolysaccharides, , 
, (straining)  

E. coli ,11 14) 
E. coli

(2007 5 7 , 2007 7 11 )

Chang-Gu Lee Seong-Jik Park Nag-Choul Choi Song-Bae Kim

Environmental Biocolloid Engineering Laboratory, Seoul National University

ABSTRACT : In this study, adhesion and transport of bacteria in positively-charged media was investigated with batch and column experi-
ments. Bacterial species used in this study was Escherichia coli ATCC 11105(length: 2.2 μm, diameter: 0.6 μm) and media used were 
quartz sand(particle size distribution: 0.5-2.0 mm, mean diameter: 1.0 mm) and iron-coated sand. Batch results indicate that bacterial adhesion
increased as the content of iron-coated media increased. At iron-coated media 0%(quartz sand 100%), around 46% of bacteria was adhered
to media while at iron-coated media 100%(quartz sand 0%) about 97% was attached. Column results also show that bacterial adhesion
was enhanced with an increase of iron-coated media content. As the iron-coated media content increased from 0 to 100%, bacterial adhesion
increased from 8 to 94%. The experimental results demonstrate that positively-charged media could influence transport of bacteria in 
porous media.

Key Words : Iron-coated Media, Escherichia coli, Bacteria Transport, Sticking Efficiency
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0%) 97% . , 
. 0 100% 8 94% . 
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,13 19) (macropore)
E. coli 18 19) .

pH 2-3  

.  
.20 23) 

, E. coli
.24 26) ,  

E. coli
. 

(batch) , 
(mass re-

covery) .

E. coli ATCC 11105
(Korea Culture Center for Microorganism)
, . LB

(tryptone 10 g, yeast extract 5 g, NaCl 5 g, distilled water 
1 L) 200 mL 3 mL 

, (DAIHAN Scientific, DH. LIB. 200M) 84
30 . 4

(Vision Scientific, VS-24SMTi) 10,000 
rpm 20 . 

3
. 0.5 

OD600 , 
. 

17.6 psi, 121
Autoclave(JISICO, J-NAS2) 15
. E. coli (Transmission elec-

tron microscope) , 
(Image-Pro Plus) (Fig. 1). 

Fig. 1. Bacterial cell size determination.

E. coli 2.2 μm, 
0,6 μm ,  

E. coli (Equivalent diameter) 2) 1.21 μm .

(Quartz sand) (Iron-coated 
sand) . 

( ) , 0.5- 
2.0 mm(No. 35-10 mesh, US standard sieve)

, 1.0 mm .  
600 nm (OD600) 0.01 

(UV-visible spectrophotometer, Thermo, Helios)
. Autoclave(JISICO, J-NAS2)

121 , 17.6 psi 15 2  
. 

. 100 mL 
FeCl3 6H2O 5.5 g 1 N NaOH pH  

FeCl3 . FeCl3 
100 g (HAHNSHIN, HS-2005S)

70 , 80 rpm 20 1
. 105 Drying 

oven(JISICO) 24  
24 .

E. coli
. (

: ), 100 : 0, 50 : 50, 0 : 100
. 210 g 0.5 OD600 1.0 OD600  

70 mL 3 : 1 300 mL Shaking 
Incubator(DAIHAN Scientific, SHAKI16) 30 , 140 rpm 

24 UV-visible 
spectrophotometer(OD600) , 

. 
(EXP1, EXP2) .

E. coli
. 

( : )  
100 : 0, 50 : 50, 0 : 100 , 

(EXP1&2, EXP3&4, EXP5&6) 
. polycarbonate(PC) 

, 5 cm, 30 cm . 30 cm
, 918.7 ± 9.1 

g, 1.560 ± 0.015 g/cm3, 0.411 ± 0.006
. 2 mL/min
(FASCO, QG400)

(8 10 pore volume)  
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OD600 0 (KCl)
. 

, KCl(1.0 g/L) 60
, Auto collector(TELEDYNE, 

Retriever 500) , 
Chloride-meter(THERMO, Orion 4 star)

. , E. coli(0.5 OD600) 60
, 

UV-visible spectrophotometer(OD600)
.

- (Convective-dispersive equation)  
( , ) .

x
Cv

x
CD

t
C

w2

2

�
�

�
�
�

�
�
�

(1)

t , x , C [ML-3], D
[L2T-1], vw [LT-1] . 

vw D CXTFIT 
code27) . , 

(Mr)
.

00

t

0
r tC

Cdt
M ��

(2)

C0 , t0 .

0%, 50%, 100%  
E. coli Fig. 2

. 
. 0.5 OD600

(Fig. 2(a)), 0%( 100%)
55.4, 53.9% 24

46% 
. 50%( 50% +

50%) 2.5, 2.1% 97% 
. 

0% 50% 
,  

. 
100%( 0%) 2.5, 

2.6% , 50%
. 50% 

50%( 50% +
50%) ( 0.5 OD600)

.
1.0 OD600 (Fig. 2(b)), 
0% 67.8, 54.6%

0.5 OD600

. 50% 19.9, 
18.4% , 0% 40%

. , 0.5 OD600

17% 
, ( 50% + 

50%) ( 1.0 
OD600)

. 100%( 0%)
2.1, 1.9% , 50%

17% . 
0.5 OD600

.
pH (pHzpc: 

point of zero charge) pH 2-3 , 
pHzpc pH 2 .18) 

, pH (7-8)

Fig. 2. Mass recoveries of E. coli in batch experiments at 
the initial bacterial concentration of (a) 0.5 OD600 
and (b) 1.0 OD600.
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. 100%
40-50% , 

DLVO ( van der 
Waals ) non-DLVO (Hydrophobic interac-
tion, Polymer bridging) .22) , 

pHzpc pH 8.5 .28) 
, (pH 7-8)

, 
, 

 
.

KCl
(vw) (D) 0.256 ± 0.004 cm/min, 

0.095 ± 0.004 cm2/min . , Cl 96.6
± 0.4% . Darcy

( , , 
) (0.248 cm/min) .

0%( 100%) E. coli
(0.5 OD600) Fig. 3

. 93.9% 90.8%
8%

. (
0%, 46% )

, 
. , 

, 

.
50%( 50% + 50%) 

E. coli (0.5 OD600) 
Fig. 4 . 29.9%

31.7% 70% . 

Fig. 3. Breakthrough curves of E. coli in porous media(quartz 
sand 100%).

( 50%, 98%
) 28% 

, .  
0% 

, 
.

100%( 0%) E. coli
(0.5 OD600) Fig. 5

. 5.0% 6.7%
94% . 

50% 24%
. 

. ,  
( 100%, 98%  

) . 

. Lukasik 25) (100%)
, E. coli 99% 

. , Foppen Schijven26)

100%
E. coli 93% , 

E. coli
.

Fig. 4. Breakthrough curves of E. coli in porous media(quartz 
sand 50% + iron-coated sand 50%).

Fig. 5. Breakthrough curves of E. coli in porous media(iron- 
coated sand 100%).
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INTRODUCTION

Wastewater discharged into the aquatic envi-
ronment can contaminate surface and ground
water, degrading the quality of drinking water
supplies. The conventional wastewater treat-
ment plants can be applied to treat wastewater
in densely populated urban areas while decen-
tralized wastewater treatment system can be
used to treat relatively small volume of waste-

water generated from rural dwellings. Decentral-
ized wastewater treatment systems are individ-
ual on-site or clustered wastewater systems used
to treat wastewater from individual dwellings or
small communities. Among the systems, the sep-
tic system is most commonly used to treat sewage
and wastewater. In the septic system, a raw
sewage is treated biologically in the septic tank
under the anaerobic condition and subsequently
discharged to leaching field or tile bed for further
aerobic treatment (Butler and Payne, 1995). De-
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centralized wastewater treatment systems are
recognized as potentially viable, low-cost, and
long-term methods for wastewater treatment
under appropriate design and operation. Recent-
ly, optimization of the onsite systems attracts
considerable attention after recognition of their
impacts on water quality. 

In wastewater treatment, biological treatment
processes are considered to be more efficient and
less expensive than physical and/or chemical pro-
cesses (Cohen, 2001). In biofiltration, wastewater
can be treated while flowing through filter medi-
um where microorganisms are immobilized. The
treatment of wastewater with biofiltration has
been studied by many researchers under various
conditions (Yap et al., 1992; Diab et al., 1993; Hu
et al., 1993; Lowengart et al., 1993; Le Bihan and
Lessard, 1998; Kwun et al., 2000; Villaverde et
al., 2000), including treatment of septic tank ef-
fluent using a horizontal subsurface biofilter
(Netter et al., 1993), development of biofilter sys-
tem with wheat straw for irrigation water treat-
ment (Avnimelech et al., 1993), application of
submerged aerated biofilter to treat hazardous
landfill leachate in a bench scale (Smith, 1995),
development of a peat-based biofilter for on-site
wastewater treatment (Talbot et al., 1996), dy-
namic simulation of submerged biofilters using a
mathematical model (Jacob et al., 1997), treat-
ment of flushed swine wastes with upflow aerat-
ed biofilters (Westerman et al., 2000), biofilter
treatment of an eel culture pond water for reuse
(Yang et al., 2001), and biological treatment of
domestic wastewater with floating filter media
(Xie et al., 2004). 

In this study, a natural and ecological waste-
water treatment system (NEWS) was developed
using up- and down-flow type constructed wet-
land for decentralized wastewater treatment in
Korea.

MATERIALS AND METHODS

1. Treatment system

The NEWS was developed by combining the
high-hydrophilic biofilter and the constructed
wetland into the wastewater treatment system
(Fig. 1). The biofilter was made of polyethylene
and had a dimension of 1.49 m in diameter and
2.00 m in height. The biofilter was packed by
porous materials with the packing height of 1.20

m. The porous material used in the biofilter was
melamin resin foam with a dimension of 4.0 cm
4.0 cm 4.0 cm. The constructed wetland had a
total capacity of 15.75 m3 (dimension of 10.5 m in
length, 1.5 m in width, and 1.0 m in depth) and a
hydraulic retention time (HRT) of 12 hr. The por-
ous materials used as the wetland media was a
volcanic tuff and yellow Russian iris (Iris pseu-
doacoru L.) was planted. The diameters of the
porous materials ranged from 5 to 10 mm with
the porosity of about 0.595, which is higher than
those of sands and gravels (0.3-0.4). Iris pseudo-
acorus was planted at the total area of 12.75 m2

with 25 individuals per unit area. 

2. Operation of treatment system

The NEWS was operated at the Rural Research
Institute located in Ansan, Korea with an opera-
tion capacity of 30 m3 day 1. High strength waste-
water obtained from the animal wastewater tre-
atment plant near the study area was diluted
and applied into the biofilter as influent with
intermittent injection mode (supply: 1-3 min;
pause: 10-25 min). The hydraulic loading rate in
the biofilter ranged from 4.31-8.62 m3 m 2 day 1.
In the biofilter tank, an aerobic condition was
maintained by circulating air for 24 hr using a
ventilation fan (25 w hr 1). The wastewater treat-
ed in the biofilter was discharged as influent into
the constructed wetland. In the wetland, the
dynamic flow was designed to move up and down
repeatedly to obtain the maximum removal effi-
ciency per unit area (Fig. 1). 

The operation of the treatment system was
performed for 11 months between September,
2004 and July, 2005. The effluents at the biofilter
and constructed wetland were monitored seven-
teen times during the operation. The water sam-
ples were analyzed with the Standard Methods
(APHA, 1998). 

3. Regression analysis

The regression analysis was performed for the
observed data using SPSS (Version 12). In the
regression analysis, the method of least squares
was applied to minimize difference between the
observed and predicted values. In the analysis,
the coefficient of determination (R2) was calculat-
ed and then F distribution was analyzed to asses
the adequacy of the regression line. 
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RESULTS AND DISCUSSION

1. System performance

The removal efficiencies of SS, BOD5, COD,
TN, and TP in the treatment system were pre-
sented in Table 1. The total removal efficiency of
SS in the NEWS was 97.5%. In case of BOD5 and
COD, the removal efficiencies were 95.7 and 58.5
%, respectively. In addition, the removal efficien-
cies of TN and TP were 91.8 and 90.1%, respec-
tively. The removal efficiencies of the treatment
system were high with respect to the water qual-
ity parameters except COD. The low COD remo-

val might be attributed to the high refractory
organic compounds in the livestock waste, and
higher removal rate is expected in municipal
wastewater treatment. The effluent from the bio-
filter did not yet meet the guidelines for waste-
water treatment plant effluent in Korea in terms
of BOD5 and TN. In overall, however, the final
effluent of the NEWS system met the guidelines
stably due to a good of the constructed wetland. 

In the biofilter, the mean influent and effluent
concentrations of SS were 86.7 and 9.5 mg L 1,
respectively, with the averaged percent removal
efficiency of 88.5%. The removal efficiency of
BOD5 was 82.9% with the influent and effluent
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Fig. 1. Schematic diagram of the NEWS.

Table 1. Removal efficiencies of SS, BOD5, COD, TN, and TP in the NEWS.

Parameter Influent Biofilter effluent (mg L 1) Wetland effluent (mg L 1) Total Guideline for
Conc. SD Conc. SD Removal (%) Conc. SD Removal (%) removal (%) effluent*

SS 86.7 56.1 9.5 5.2 88.5 2.2 5.9 78.3 97.5 10/20
BOD5 121.2 49.6 20.8 16.3 82.9 5.2 17.7 75.8 95.7 10/20
COD 28.9 12.2 30.9 16.6 6.6 12.0 14.8 59.3 58.5 40/40
TN 42.1 12.1 26.2 12.0 37.8 7.5 3.5 71.4 91.8 20/60
NH4-N 31.5 9.22 17.7 14.3 43.8 1.0 1.7 94.4 94.8
NO2-N 0.5 0.5 1.8 2.5 295.0 0.5 1.4 70.0 214.2
NO3-N 2.9 5.0 17.1 14.3 490.4 6.2 5.3 63.6 81.3
PO4-P 1.3 0.5 1.3 0.5 6.0 0.3 0.2 82.6 80.7
TP 3.1 1.7 1.7 0.8 45.1 0.4 0.3 73.8 90.1 2/8

*: Guidelines for wastewater treatment plant effluent at special regions (4 major rivers)/other regions in Korea
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concentrations of 121.2 and 20.8 mg L 1, respec-
tively. In case of COD, the mean effluent concen-
tration in the biofilter (30.9 mg L 1) was even
higher than that of the influent (28.9 mg L 1),
indicating the negative removal efficiency ( 6.6
%). The influent and effluent concentrations of
TN were 42.1 and 26.2 mg L 1, respectively, with
the removal efficiency of 37.8%. In case of TP,
the removal efficiency was 1.7% with the influent
and effluent concentrations of 42.1 and 26.2 mg
L 1, respectively. It indicated that the biofilter
had high removal efficiencies in SS and BOD5

but low efficiencies in TN and TP. In addition,
the biofilter was not effective in the removal of
COD.

In the constructed wetland, the influent con-
centrations were equivalent to the effluent con-
centrations of the biofilter. The mean effluent
concentration of SS in the wetland was 2.2 mg L 1

with the removal efficiency of 78.3%. The remo-
val efficiency of BOD5 was 75.8% with the efflu-
ent concentrations of 5.2 mg L 1. In case of COD,
the effluent concentration was 12.0 mg L 1 with
the removal efficiency of 59.3%. It should be
noted that the wetland could remove COD con-

siderably whereas the biofilter had negative
removal efficiency. The effluent concentrations of
TN and TP were 7.5 and 0.4 mg L 1 with the
removal efficiencies of 71.4 and 73.8%, respec-
tively. It indicated that the constructed wetland
had relatively high removal efficiencies for the
water quality parameters. 

2. Removal of nutrients 

In the treatment system, the total removal effi-
ciency of TN was high. However, the removal
efficiencies of the nitrogen components including
NH4-N, NO2-N, and NO3-N varied in the system
(Table 1). In the biofilter, the mean influent and
effluent concentrations of NH4-N were 31.5 and
17.7 mg L 1, respectively, with the averaged per-
cent removal efficiency of 43.8%. In case of NO2-
N, the mean effluent concentration in the biofil-
ter (1.8 mg L 1) was higher than that of the influ-
ent (0.5 mg L 1) with the negative removal effi-
ciency ( 295.0%). In the biofilter, NO3-N also
had the negative removal efficiency ( 490.4%)
with the influent and effluent concentrations of
2.9 and 17.1 mg L 1, respectively. It indicated
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Fig. 2. Concentrations of nutrients in the treatment system.
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that the concentration of NH4-N decreased in the
biofilter due to volatilization along with nitrifi-
cation to NO2-N and NO3-N.

In the wetland, the influent concentrations of
the nitrogen components were equivalent to the
effluent concentrations of the biofilter. The efflu-
ent concentration of NH4-N was 1.0 mg L 1 with
the removal efficiency of 94.4%. The removal effi-
ciency of NO2-N was 70.0% with the effluent con-
centrations of 0.5 mg L 1. In case of NO3-N, the
effluent concentration was 6.2 mg L 1 with the
removal efficiency of 63.6%. In overall, the remo-
val efficiency of NH4-N was high in the treat-
ment system with 94.8%, but the efficiencies of

NO2-N and NO3-N were negative ( 214.2 and
81.3%, respectively).
The variation of the nitrogen components in

the treatment system was depicted in Fig. 2. The
composition ratio of Org-N decreased slightly
from 15.0% to 14.6% in the biofilter and down to
8.8% in the constructed wetland. In case of NH4-
N, the ratio decreased sharply from 79.8% to
18.9% in the biofilter and down to 11.5% in the
wetland. The ratio of NO2-N increased about 10
times from 1.0 to 10.2% in the biofilter but de-
creased down to 2.6% in the wetland. The ratio of
NO3-N increased sharply from 4.2 to 56.3% in
the biofilter and continuously up to 77.1% in the
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Fig. 3. Regression analysis between pollutant loading and removal rate.
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wetland.
The variation of the phosphorus components in

the treatment system was also shown in Fig. 2.
The composition ratio of Org-P decreased sharply
from 49.6% to 15.3% in the biofilter but increas-
ed to 29.0% in the constructed wetland. In case
of PO4-P, the ratio increased from 50.4% to 84.7
% in the biofilter but decreased to 71.0% in the
wetland. It indicated that Org-P (particulate type
P) was filtered out in the biofilter whereas PO4-P
(dissolved type P) was removed in the wetland.
As presented in Table 1, the overall removal effi-
ciency of PO4-P in the treatment system was 80.7
% with 6.0% in the biofilter and 82.6% in the
wetland.

3. Regression between pollutant loading rate
and removal rate 

The regression analysis between pollutant
loading rate and removal rate was given in Fig.
3. The influent and effluent concentrations were
converted into pollutant loading rate and remo-
val rate, respectively and presented along with
the water quality standard in the figure. The 100
% removal line indicated the ideal condition that
all the pollutants loaded in the treatment system
were removed. For SS, BOD5, TN, and TP, the
coefficient of determination (R2) was over 0.9 and
F-value over 150, indicating that the regression
models could be used to predict the effluent con-
centration. The regression analysis indicated
that BOD5 had R2 of 0.998 and F of 6990 and

could be removed stably in 25-200 mg L 1 of influ-
ent concentration. SS had R2 and F of 0.999 and
13529, respectively, and could be removed stably
in 25-200 mg L 1. TN had R2 of 0.913 with F of
169, and the system could have stable removal of
TN in 20-80 mg L 1 of influent concentration. TP
had R2 of 0.968 with F of 1488 and the system
could have stable removal of TP in 2.1-10 mg L 1.

4. Performance in winter period

In the winter period between December 2003
and February 2004, the constructed wetland was
covered with transparent polycarbonate glass to
increase temperature inside the wetland without
any heating system and so to solve the low per-
formance of the wetland due to cold weather. The
variation of the temperature in the winter period
was presented in Fig. 4. The inner temperature
of the wetland was higher than the outer tem-
perature with the maximum difference of 20 C.
As presented in Table 2, the wetland had the sta-
ble performance during the winter period. 

In the winter period, the mean influent con-
centration of SS into the NEWS system was 35.9
mg L 1 and the effluent concentration from the
wetland was 2.8 mg L 1 with the averaged remo-
val efficiency of 95.2%. In other seasons, the in-
fluent and effluent concentrations of SS were
42.3 and 1.9 mg L 1, respectively, with the remo-
val efficiency of 96.8%. In case of BOD5, the in-
fluent and effluent concentrations were 130.7
and 6.5 mg L 1 with the removal efficiency of

494 Kim, Song-Bae, Chun-Gyeong Yoon, Tae-Young Kwon and Jung-Yoon Han

30

20

10

0

10

20

T
em

pe
ra

tu
re

 (
C

)

12/27/2003 1/13/2004 1/28/2004 2/13/2004

Time(day)

Inner temperature
Outer temperature

Fig. 4. Inner and outer temperatures of the constructed wetland.

401



95.0% in the winter while they were 118.1 and
5.3 mg L 1, respectively, with the removal effi-
ciency of 94.2% in other seasons. For COD, the
removal efficiency was 81.3% in the winter with
the influent and effluent concentrations of 68.9
and 1.9 mg L 1, respectively, while it was 89.1%
in other seasons with the influent and effluent
concentrations of 119.1 and 12.0 mg L 1, respec-
tively.

In case of nutrients, the influent concentration
of TN into the system was 41.7 mg L 1 and the
effluent concentration from the wetland was 9.8
mg L 1 with the removal efficiency of 72.9%. In
other seasons, the influent and effluent concen-
trations of TN were 40.6 and 6.5 mg L 1, respec-
tively, with the removal efficiency of 84.0%. For
TP, the removal efficiency was 81.4% in the win-
ter with the influent and effluent concentrations
of 3.9 and 0.6 mg L 1, respectively, while it was
84.8% in other seasons with the influent and eff-
luent concentrations of 2.7 and 0.4 mg L 1, res-
pectively.

CONCLUSIONS

In this study, the feasibility of the NEWS com-
posed of the biofilter and constructed wetland
was examined for rural wastewater treatment in
Korea. The results show that the removal effi-
ciencies of the system were high with respect to
the water quality parameters except COD. Even
if the effluent from the biofilter did not meet the
guidelines for wastewater treatment plant efflu-
ent in Korea in terms of BOD5 and TN, the final
effluent of the NEWS system meets the guide-
lines due to good performance of the constructed
wetland. The regression analysis between pollu-
tant loading rate and removal rate indicated that
the system could have stable removal for SS,

BOD5, TN, and TP in the given influent ranges.
The analysis in the winter period indicated that
the wetland covered with transparent polycar-
bonate glass had the stable performance during
the winter period due to increase of temperature
inside the wetland without any heating system.
With the stable performance, effective pollutant
removal, low maintenance, and cost-effective-
ness, the NEWS could be considered as an alter-
native treatment system for decentralized regions
and rural communities. 
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Bacterial Interaction with Iron-coated Surfaces in the Presence of Phosphate
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Removal of Humic Acid from Water Using Iron-Coated Sand: 
A Column Experiment

H. –C. Kim, S. –J. Park, C. –G. Lee, Y. –U. Han, S. –B. Kim
Environmental Biocolloid Engineering Laboratory, Seoul National University, Seoul 151-921, Korea
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Introduction
Humic substances (humic acid, fulvic acid) are major constituents of natural organic 
matter (Teermann and Jekel, 1999). In environmental systems, humic substances 
play several significant roles related to water quality issues: i) producing disinfection 
by-products (DBPs) such as trihalomethanes (human carcinogens) by reacting with 
chlorine in water treatment, ii) enhancing the transport of hydrophobic organic 
contaminants or heavy metals by binding with them, iii) causing bacterial growth in 
water distribution systems by serving as food source, iv) inducing unpleasant taste 
and color in drinking water (Bai and Zhang, 2001). It is, therefore, necessary to 
remove humic substances from water using effective treatment processes. In 
conventional water treatment processes, chemical coagulation/flocculation has been 
widely applied to remove humic substances using metal salt coagulants (e.g. alum, 
ferric chloride). This process, however, generates a large volume of sludge and 
requires a high operational cost (Murray and Parsons, 2006). As an alternative to 
coagulation/flocculation process, adsorptive filtration using granular media coated 
with metal oxyhydroxide has attracted considerable attention. In this study, a column 
experiment was performed to investigate the removal of humic acid (HA) from water 
using iron-coated sand (ICS) at different experimental conditions. 

Materials and methods
Quartz sand (Jumunjin Silica, Korea) was used in the experiments. Mechanical 
sieving was conducted with US Standard Sieves (Fisher Scientific) Nos. 35 and 10. 
Sand fractions with a grain size of 0.5-2.0 mm and a mean diameter of 1.0 mm were 
used. For the preparation of ICS, FeCl3�6H2O (5.5g) was dissolved in deionized water
(DW, 100ml), and the solution pH was adjusted with 1N NaOH. The quartz sand 
(130g) was added to the FeCl3�6H2O solution and then mixed in a rotary evaporator 
(HAHNVAPOR, Hahnshin Scientific Co., Korea) at 90  and 80 rpm for 20 min. The 

coated sand was dried at 150  for 6 h, washed with DW, and then dried again at the 
same conditions. Column experiments were performed using a Plexiglas column (ID 
2.5 cm, bed depth 10 cm, bed volume 20 cm3, mass of filter media 77.2 g, bed 
porosity 0.407) packed with ICS (Table 1). Stock solutions of HA were prepared by 
dissolving appropriate amounts of HA (sodium salt, Tech., Aldrich Chemical, USA) in 
deionized water. Prior to the experiments, the packed column was flushed upward 
with 15~20 bed volumes (BV) of DW until the column effluents were clear (� 0.0 
OD254) and a steady state flow condition was established. The stock solution was 
injected downward to the packed column with a HPLC pump (Series  pump). 
Portions of the effluent were collected using the auto collector at a regular interval up 
to 45 BV, and the concentrations of HA were determined at 254 nm using a UV-
spectrophotometer (Helios, Thermo, USA). The following parameters were 
determined from the breakthrough curves: empty bed contact time (EBCT), total 
mass of humic acid send to column (Wtotal), maximum column capacity for a given 
feed concentration and flow rate (qtotal),  total removal percent (Y = (qtotal/Wtotal) x 100), 
mass of humic acid adsorbed per unit dry mass of filter media (qeq).

Abstract
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Results and conclusions
Experimental results for HA removal in ICS were summarized in Table 1. In quartz 
sand (ex 1), the removal was very low (qtotal = 0.64 mg, Y = 2.88%, qeq = 0.008 mg/g) 
but increased in ICS (ex 3: qtotal = 4.45 mg, Y = 20.12%, qeq = 0.058 mg/g). In ICS, 
qtotal and qeq increased but Y decreased as the injection concentration of HA
increased (ex 2, 3, 4). In ICS, qtotal, qeq, and Y increased slightly as the EBCT 
increased (ex 4, 5, 6). As the concentration of NaCl increased in ICS (Figure 1.1 (a): 
ex 3, 7, 8, 9), qtotal, qeq, and Y increased. Also, qtotal, qeq, and Y increased when the 
concentration of NaNO3 increased in ICS (ex 3, 10, 11, 12). When the concentration 
of CaCl2 increased in ICS (Figure 1.1 (b): ex 3, 13, 14, 15), qtotal, qeq, and Y increased. 
It indicated that the impact of CaCl2 on the removal of HA in ICS was greater than 
those of NaCl and NaNO3. This study presented the information regarding the 
removal of humic acid using ICS. Furthermore, this enhanced the knowledge of 
humic acid removal in positively-charged granular media.

Table 1.1 Experimental conditions and results for humic acid removal in iron-coated sand. 

Ex
Injection

conc.
(mg/L)

Volumetric
flow rate
(ml/min)

Solution Filter
media

EBCT
(min)

Wtotal
(mg)

qtotal
(mg)

Y
(%)

qeq
(mg/g)

1 25 1 DW Quartz 20 22.13 0.64 2.88 0.008
2 10 1 DW ICS 20 8.85 2.98 33.62 0.039
3 25 1 DW ICS 20 22.13 4.45 20.12 0.058
4 50 1 DW ICS 20 44.25 5.47 12.37 0.071
5 50 2 DW ICS 10 44.25 4.57 10.32 0.059
6 50 4 DW ICS 5 44.25 4.29 9.69 0.056
7 25 1 NaCl 0.125mM ICS 20 22.13 4.88 22.07 0.063
8 25 1 NaCl 0.250mM ICS 20 22.13 5.49 24.80 0.071
9 25 1 NaCl 0.500mM ICS 20 22.13 6.51 29.43 0.084
10 25 1 NaNO3 0.125mM ICS 20 22.13 5.17 23.35 0.067
11 25 1 NaNO3 0.250mM ICS 20 22.13 6.25 28.23 0.081
12 25 1 NaNO3 0.500mM ICS 20 22.13 6.86 30.99 0.089
13 25 1 CaCl2 0.125mM ICS 20 22.13 13.22 59.76 0.171
14 25 1 CaCl2 0.250mM ICS 20 22.13 14.62 66.09 0.189
15 25 1 CaCl2 0.500mM ICS 20 22.13 16.26 73.47 0.211

Figure 1.1 Examples of breakthrough curves at different concentrations of (a) NaCl and (b) CaCl2.
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Column experiments were performed to investigate removal of humic acid in iron-coated 14

sand (ICS) under different influent humic acid concentration, flow rate, and salt 15

concentration. Breakthrough curves were obtained by monitoring effluents, and then 16

column capacity for humic acid adsorption (Ccap), total adsorption percent (R), and mass of 17

humic acid adsorbed per unit mass of filter media (qa) were quantified. Results showed that 18

humic acid adhesion was about seven times higher in ICS than in quartz sand at given 19

conditions. This indicates that humic acid removal could be enhanced through the charge 20

modification of sand with iron oxide coating. Results also revealed in ICS that Ccap and qa21

increased while R decreased with increasing influent humic acid concentration. In addition, 22

Ccap, qa, and R increased with increasing salt concentration of solution. At the same salt 23

concentration, the impact of CaCl2 was greater than those of NaCl and NaNO3 on the 24

removal of humic acid. But, Ccap, qa, and R increased slightly with decreasing flow rate (or 25

increasing empty bed contact time, EBCT). This indicates that the ICS column performance 26

was greatly influenced by influent humic acid concentration and salt concentration but not 27

by flow rate (or EBCT) in our conditions. 28

29
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INTRODUCTION1

Humic substances (humic acid, fulvic acid, humin) are major constituents of natural organic 2

matter (Teermann and Jekel, 1999). In environmental systems, humic substances play several 3

significant roles related to water quality issues: i) producing disinfection by-products (DBPs) 4

such as trihalomethanes (human carcinogens) by reacting with chlorine in water treatment, ii) 5

enhancing the transport of hydrophobic organic contaminants or heavy metals by binding with 6

them, iii) causing bacterial growth in water distribution systems by serving as food source, iv) 7

inducing unpleasant taste and color in drinking water (Balnois et al., 1999; Bai and Zhang, 8

2001). It is, therefore, necessary to remove humic substances from water using effective 9

treatment processes.10

11

Humic substances are negatively-charged at circumneutral pH conditions due to the 12

prevalence of carboxyl and phenol groups on their surface (Fein et al., 1999; Parent and 13

Velegol, 2004). Therefore, surface interactions between humic substances and sand are not 14

favorable because both are like-charged such that sand filtration process is not effective in the 15

removal of humic substances (Bai and Zhang, 2001). However, surface charge modification 16

of sand via metal oxyhydroxide coating generates positively-charged granular media, leading 17

to favorable surface interactions between them. Even if many researchers have reported the 18

interactions between humic substances and metal oxides (Filius et al., 2000; Fu and Quan, 19

2006; Weng et al., 2007), only few studies have been performed to investigate the adsorption 20

of humic substances to coated-sand filter media, including adsorption of humic acid to iron21

oxide-coated sand (Lai et al., 2002).   22

23

In this study, column experiments were performed to investigate the adsorption of humic acid 24

to iron-coated sand under different experimental conditions including influent humic acid 25

concentration, flow rate, and salt concentration of solution. Breakthrough curves of humic 26

acid were obtained by monitoring effluents, and then parameters related to column 27

performance were quantified from these curves.28

29

30

MATERIALS AND METHODS31

32

Iron-coated sand33

Quartz sand (Jumunjin Silica, Gangreung, Korea) was used in the experiments. Mechanical 34

sieving was conducted with US Standard Sieves (Fisher Scientific) Nos. 35 and 10. Sand 35

fractions with a grain size of 0.5-2.0 mm and a mean diameter of 1.0 mm were used to 36

prepare the iron oxide-coated sand. Before use, sand was washed twice using deionized water 37
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to remove impurities on the surface, and wet sand was autoclaved for 20 min at 17.6 psi, 1

cooled to room temperature, and oven-dried at 105°C for 1-2 days.2

3

For the preparation of iron-coated sand (ICS), FeCl36H2O (5.5g) was dissolved in deionized 4

water (100ml), and the solution pH was adjusted with 6N NaOH. The quartz sand (200g) was 5

added to the FeCl36H2O solution and then mixed in a rotary evaporator (90 , 80 rpm, 20 6

min) to remove water in the suspension by heating (Hahnvapor, Hahnshin Scientific Co., 7

KOREA). The coated sand was dried at 150  for 6 h, washed with deionized water, and then 8

dried again at the same conditions.9

10

Table 1. Experimental conditions and results for humic acid adhesion to quartz sand and iron-coated sand (ICS)11

Ex Filter
media Solution C0

(mg l-1)
Q

(mL min-1)
EBCT
(min)

Mtotal
(mg)

Ccap
(mg)

R
(%)

qa
(mg g-1)

1 Quartz DW* 25 1.0 20 22.13 0.64 2.9 0.008
2 ICS DW 10 1.0 20 8.85 2.98 33.6 0.039
3 ICS DW 25 1.0 20 22.13 4.45 20.1 0.058
4 ICS DW 50 4.0 5 44.25 4.29 9.7 0.056
5 ICS DW 50 2.0 10 44.25 4.57 10.3 0.059
6 ICS DW 50 1.0 20 44.25 5.47 12.4 0.071
7 ICS NaCl 0.125 mM 25 1.0 20 22.13 4.88 22.1 0.063
8 ICS NaCl 0.25 mM 25 1.0 20 22.13 5.49 24.8 0.071
9 ICS NaCl 0.5 mM 25 1.0 20 22.13 6.51 29.4 0.084
10 ICS NaNO3 0.125 mM 25 1.0 20 22.13 5.17 23.4 0.067
11 ICS NaNO3 0.25 mM 25 1.0 20 22.13 6.25 28.2 0.081
12 ICS NaNO3 0.5 mM 25 1.0 20 22.13 6.86 31.0 0.089
13 ICS CaCl2 0.125 mM 25 1.0 20 22.13 13.22 59.8 0.171
14 ICS CaCl2 0.25 mM 25 1.0 20 22.13 14.62 66.1 0.189
15 ICS CaCl2 0.5 mM 25 1.0 20 22.13 16.26 73.5 0.211

*deionized water12

13

Column experiments14

Column experiments were performed at different conditions (Table 1) using a Plexiglas 15

column (inner diameter 2.5 cm, bed depth 10 cm, bulk volume 49.1 cm3) packed with quartz 16

sand or ICS (mass of filter media 77.2 g, bed porosity 0.407, fixed-bed volume 20.0 cm3). 17

Stock solutions of humic acid were prepared by dissolving appropriate amounts of humic acid18

(sodium salt, Tech., Aldrich Chemical, USA) in deionized water. Prior to the experiments, the 19

packed column was flushed upward using a HPLC pump (Series  pump, Scientific Systems 20
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Inc., USA) with 15-20 bed volumes (BV) of leaching solution until the column effluents were 1

clear (� 0.0 OD254) and a steady state flow condition was established. Then, humic acid 2

solution was introduced downward to the packed column. The pH of injected humic acid 3

solution was in the range of 6.9-7.1. Portions of the effluent were collected using the auto 4

collector (Retriever 500, Teledyne, USA) at a regular interval up to 45 BV, and the 5

concentrations of humic acid were determined at 254 nm using a UV-spectrophotometer 6

(Helios, Thermo, USA).7

8

Data analysis9

The empty bed contact time (EBCT, min) can be determined as following:10

Q
V

EBCT r� (1)

where rV  is the fixed-bed volume (cm3), and Q is the volumetric flow rate (mL min-1). The 11

total mass of humic acid injected into column (Mtotal, mg) during the experiment can be 12

calculated as following: 13

1000
QtC

M total0
total � (2)

where 0C  is the influent concentration of humic acid (mg l-1), and totalt is the total flow time 14

(min). The column capacity for humic acid adsorption at a given flow rate and influent 15

concentration of humic acid (Ccap, mg) can be quantified as following: 16

� ��
�

�
�� totaltt

0t 0cap dtCC
1000

QC (3)

where C is the effluent concentration of humic acid (mg l-1). The total adsorption percent of 17

humic acid during the experiment (R, %) can be calculated as following: 18

100
M
C

R
total

cap ���
�

�
��
�

�
� (4)

The mass of humic acid adsorbed per unit (dry) mass of filter media in the column (qa, mg g-1) 19

can be determined as following: 20

f

cap
a M

C
q � (5)

where fM is the mass of filter media in the column (g).21

22
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1

RESULTS AND DISCUSSION2

3

Humic acid adhesion in quartz sand and iron-coated sand4

The breakthrough curves (BTCs) for humic acid adhesion in quartz sand (Ex.1) and ICS5

(Ex.3) are presented in Figure 1. The breakthrough data is presented in terms of relative 6

concentration ( 0CC ) versus BV. At the given conditions ( 0C  = 25 mg l-1, Q  = 1.0 mL min-1) 7

in quartz sand, the BTC increased sharply, reaching to 0CC = 1.0 at 3.8 BV. At the same 8

experimental conditions, the BTC in ICS was slightly delayed relative to the BTC in quartz 9

sand. Also, it increased rapidly up to 10 BV ( 0CC = 0.79) and did slowly thereafter, reaching 10

to 0CC = 0.90 around 45 BV.11

12
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Quartz sand

Iron-coated sand

13
Figure 1.  Breakthrough curves for humic acid adhesion to quartz sand and iron-coated sand under conditions of 0C  = 25 mg l-1 and Q  = 14

1.0 mL min-115

16

In quartz sand at 0C  = 25 mg l-1 and Q  = 1.0 mL min-1, the column capacity (Ccap) for humic 17

acid adsorption was 0.64 mg while it was 4.45 mg in ICS, which is about seven times higher 18

than that of quartz sand. The total adsorption percents (R) of humic acid in quartz sand and 19

ICS were 2.9 and 20.1%, respectively. In addition, the mass of humic acid adsorbed per unit 20

mass of quartz sand (qa) was 0.008 mg g-1 while it was 0.058 mg g-1 for ICS.21

22

The enhancement of humic acid adhesion through the surface charge modification of quartz 23

sand with iron oxide coating may be explained by the point of zero charge (pHpzc) of porous 24

media. The pHpzc is the pH where net surface charge is equal to zero. The surface charges of 25

porous media depend on the solution pH. The porous media carry positive charges below the 26

pHpzc but negative charges above it. The pHpzc of quartz sand is 2.0 (Scholl et al., 1990), and 27

so quartz sand is negatively charged at circumneutral pH. Humic acid is also negatively-28

charged at circumneutral pH due to the prevalence of carboxyl and phenol groups on their 29
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surface (Parent and Velegol, 2004). Thus, the electrostatic interaction between quartz sand and 1

humic acid is repulsive in our experimental condition. Meanwhile, the pHpzc of iron oxide-2

coated sand is around 8.0 (Ams et al., 2004; Abudalo et al., 2005). Therefore, the electrostatic 3

interaction between iron oxide-coated sand and humic acid is attractive in our condition, 4

resulting in the enhancement of humic acid adhesion.5

6

Effect of influent humic acid concentration7

The BTCs for humic acid adhesion in ICS at different influent concentrations of humic acid 8

(Ex.2, 3, 6) are presented in Figure 2. At the given condition ( Q  = 1.0 mL min-1), the BTC 9

was slightly delayed and lowered as the influent concentration decreased. When the influent 10

concentration ( 0C ) was 50 mg l-1, the BTC increased rapidly up to 10 BV ( 0CC = 0.87) and 11

did slowly thereafter, reaching to 0CC = 0.99 around 45 BV. At 0C = 25 mg l-1, the BTC also 12

showed the same trend as the BTC of 50 mg l-1, but the relative concentration was lowered13

( 0CC  = 0.79 at 10 BV, 0CC = 0.90 around 45 BV). At 0C = 10 mg l-1, the BTC also 14

displayed the same behavior, and the relative concentration was further lowered to 0CC  = 15

0.64 at 10 BV and 0CC = 0.82 around 45 BV. 16

17

The column capacity (Ccap) for humic acid adhesion in ICS increased as 0C  increased. At 18

0C = 10 mg l-1, Ccap was 2.98 mg and increased to 4.45 mg at 0C = 25 mg l-1 and further to 19

5.47 mg at 0C = 50 mg l-1. This can be attributed to the total mass of humic acid injected into 20

column (Mtotal) during the experiment (45 BV). Mtotal was 8.85 mg at 0C = 10 mg l-1 and 21

increased to 22.13 mg at 0C = 25 mg l-1 and further to 44.25 mg at 0C = 50 mg l-1. The mass 22

of humic acid adsorbed per unit mass of ICS (qa) also increased with increasing 0C . qa were 23

0.039, 0.058, and 0.071 mg g-1 for 0C = 10, 25, and 50 mg l-1, respectively. Meanwhile, the 24

total adsorption percent (R) decreased with increasing 0C . R were 33.6, 20.1, and 12.4% for 25

0C = 10, 25, and 50 mg l-1, respectively. It indicates that the influent humic acid concentration 26

is an important factor, determining the ICS column performance for humic acid adhesion.27

28
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Figure 2.  Breakthrough curves for humic acid adhesion to iron-coated sand at different influent concentrations of humic acid ( Q  = 1.0 mL 2

min-1)3

4

Effect of flow rate5

The BTCs for humic acid adhesion in ICS at different flow rates (or EBCTs) are presented in 6

Figure 3. All BTCs increased rapidly up to 10 BV, followed by slow increment. At 0C  = 507

mg l-1 (Ex.4, 5, 6), the BTC was also slightly lowered as the EBCT increased from 5 to 20 8

min (Figure 3). At 0C  = 50 mg l-1, Ccap increased in the range from 4.29 to 5.47 mg g-1, R in9

the range from 9.7 to 12.4%, and qa in the range from 0.056 to 0.071 mg g-1. It indicates that 10

the impact of flow rate (or EBCT) on the adhesion of humic acid in ICS was not eminent in 11

our experimental conditions even though slight enhancement in humic acid adhesion was 12

observed with increasing EBCT in the experiments. 13

14
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Figure 3.  Breakthrough curves for humic acid adhesion to iron-coated sand at different flow rates (or empty bed contact times, EBCTs)16

17

Effect of salt concentration18
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The BTCs for humic acid adhesion in ICS at different molar salt concentrations of solution 1

are presented in Figure 4. At the given conditions ( 0C  = 25 mg l-1, Q  = 1.0 mL min-1), the 2

BTC was delayed and lowered as the salt concentration increased. In the solution of NaCl 3

(Ex.3, 7, 8, 9), the BTC was slightly delayed and lowered as the salt concentration increased 4

from 0 to 0.5 mM (Figure 4a). The same trend was observed in the solution of NaNO3 (Ex.3, 5

10, 11, 12) with increasing salt concentration in the same range (Figure 4b). In the case of 6

CaCl2 solution (Ex.3, 13, 14, 15), the magnitude of impact of salt concentration on humic acid 7

adhesion was greater than those of NaCl and NaNO3. With increasing concentration of CaCl28

from 0 to 0.5 mM (Figure 4c), the BTC was markedly delayed and lowered. Relative to the 9

BTC at 0 mM, the BTC at 0.125 mM increased slowly, reaching to 0CC = 0.57 around 45 10

BV. When the concentration further increased to 0.25 and 0.5 mM, the BTCs increased more 11

slowly and reached to 0CC = 0.52 and 0.43, respectively, around 45 BV.12

13
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1

2

3

Figure 4.  Breakthrough curves for humic acid adhesion to iron-coated sand ( 0C  = 25 mg l-1 and Q  = 1.0 mL min-1) at different salt 4

concentrations: (a) NaCl; (b) NaNO3; (c) CaCl25

6

In the solution of NaCl, the column capacity (Ccap) for humic acid adhesion increased with 7

increasing salt concentration from 0 to 0.5 mM. Ccap were in the range between 4.45 and 6.51 8

mg g-1. With increasing salt concentration, the total adsorption percent (R) also increased in9

the range from 20.1 to 29.4%. In addition, the mass of humic acid adsorbed per unit mass of 10

ICS (qa) also increased in the range from 0.058 to 0.084 mg g-1. In the solution of NaNO3, 11

Ccap increased in the range from 4.45 to 6.86 mg g-1, R in the range from 20.1 to 31.0%, qa in12

the range from 0.058 to 0.089 mg g-1. In the solution of CaCl2, Ccap increased in the range 13

from 4.45 to 16.26 mg g-1, R in the range from 20.1 to 73.5%, and qa in the range from 0.058 14

to 0.211 mg g-1. 15

16

The enhancement of humic acid adhesion with increasing salt concentration may be explained 17

by the screening effect of salt ions and compact conformation of humic acid (Kilduff and 18

Karanfil, 2002). With increasing salt concentration, the electrostatic repulsion between the 19

negatively-charged humic acid particles may be screened more effectively, resulting in the 20

enhancement of humic acid adhesion to iron oxide-coated sand (Reiller et al., 2002; Saito et 21

al., 2004). In addition, the conformation of humic acid may become more compact (size 22

reduction) with increasing salt concentration, leading to enhanced adsorption of humic acid to 23

the media (Reiller et al., 2002; Weng et al., 2007). Our result is consistent with the report 24

(Weng et al., 2006) which has shown with a batch experiment that the adsorbed humic acid25

onto goethite increased with increasing concentration of NaNO3 from 0.002 to 0.1M. Other 26

studies (Reiller et al., 2002; Saito et al., 2004) have also reported the enhanced adsorption of 27

humic acid onto goethite or iron oxide particles with increasing salt concentration. Our result28

also indicates that the impact of CaCl2 was greater than those of NaCl and NaNO3 on the 29

adhesion of humic acid (Figure 5). This phenomenon may be attributed to formation of 30

bridges by a divalent ion Ca2+ between humic acid and iron oxide surface and/or31

complexation of functional groups of humic acid with Ca2+ (Vermeer et al., 1998; Kilduff and 32

Karanfil, 2002). Also, it may be attributed to the increased ionic strength through the addition 33

of CaCl2 relative to NaCl and NaNO3. At the same molar salt concentration the ionic strength 34

of CaCl2 is three times larger than those of NaCl and NaNO3, which results in the 35

enhancement of humic acid adhesion.  36
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Figure 5.  Total adsorption percent for humic acid (R) in iron-coated sand at different salt concentrations2

CONCLUSIONS3

Column experiments were performed to investigate humic acid adhesion to quartz sand and 4

ICS. The adsorption of humic acid was greater in ICS than in quartz sand, indicating that 5

humic acid adhesion can be enhanced through the charge modification of quartz sand with 6

iron oxide coating. The adhesion of humic acid in ICS was influenced by influent humic acid 7

concentration. Also, the humic acid adhesion was enhanced with increasing salt concentration8

of solution. On the adsorption of humic acid, the impact of CaCl2 was greater than those of 9

NaCl and NaNO3. However, the influence of flow rate (or EBCT) on the adhesion of humic 10

acid is not eminent in our experimental conditions. 11
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:;<=:>��?@A:BCDBE;

FG@H;CDH

IJ<@ @H:=K <ALM@H<NCHM= HJM GCDHM;<C> H;CA@OP;H HJ;P:NJ Q:C;HR CA= <;PA�DPCHM=

@CA=7 SPD:@<AN PA HJM MSSMDH PS J:T<D CD<= DPADMAH;CH<PA PA HJM H;CA@OP;H PS U@DJM;DJ<C

DP><B VCDHM;<C> TC@@ ;MDPLM;<M@ <A Q:C;HR @CA= =MD;MC@M= C@ J:T<D CD<= @P>:H<PA <AD;MC@M=

S;PT �WB�X HP Y�BZX PLM; HJM ;CANM PS @OMD<S<D J:T<D CD<= DPADMAH;CH<PA [�7 Z7 �WOOT\

HM@HM=B IJ<@ OJMAPTMAPA DCA GM CHH;<G:HM= HP HJM ;MHMAH<PA PS J:T<D CD<= PA GCDHM;<C>

@:;SCDM@7 ]J<DJ ;M@:>H@ <A HJM MAJCADMTMAH PS AMNCH<LM DJC;NM PS GCDHM;<CB ^A <;PA�DPCHM=

@CA= GCDHM;<C> TC@@ ;MDPLM;<M@ C>@P <AD;MC@M= S;PT �B�X HP �_B`X C@ J:T<D CD<=

DPADMAH;CH<PA <AD;MC@M=B IJ<@ ;M@:>H DCA GM MaO>C<AM= GK C=@P;OH<PA PS J:T<D CD<= PA

GPHJ <;PA�DPCHM= @CA= CA= GCDHM;<C> @:;SCDM@B b:T<D CD<= SP;T@ AMNCH<LM>K DJC;NM= >CKM;

PA <;PA�DPCHM= @CA= @:;SCDM@7 ]J<DJ DCA >MC= HP C J<A=;CADM PA GCDHM;<C C=JM@<PA HP

<;PA�DPCHM= @CA=B

EMK ]P;= c J:T<D CD<=7 GCDHM;<C> H;CA@OP;H7 GCDHM;<C> C=JM@<PA7 <;PA�DPCHM= @CA=B

^dIefghiI^fd

j:DDM@@S:> G<P;MTM=<CH<PA ;MQ:<;M HJM @H:=K PS GCDHM;<C> H;CA@OP;H CA= C=JM@<PA

O;PDM@@ <A HJM CQ:<SM;B b:T<D CD<= <@ C @P;H PS J:T<D @:G@HCADM@ CA= @P>:G>M <A ]CHM; CH

Ob CGPLM � [bCKM@ MH C>B7 �kkY\B b:T<D CD<=@ DPA@<@H PS C;PTCH<D ;<AN@ ]<HJ =<SSM;MAH

S:ADH<PAC> N;P:O@ @:DJ C@ DC;GPaK>@7 OJMAP><D CA= C>DPJP><D JK=;PaK>@7 CA= DC;GPaK><D

M@HM;@ CA= MHJM;@B VMDC:@M HJM O;MLC>MADM PS DC;GPaK> N;P:O@ DCA =MO;PHPACHM CH

D<;D:TAM:H;C> Ob DPA=<H<PA@7 HJMK C;M TClP; DPAH;<G:HP;@ HP DPASM; AMNCH<LM DJC;NM

[jOC;E@7 �kk`\B IJM MSSMDH PS HJM O;M@MADM PS @M=<TMAH P;NCA<D TCHHM; PA HJM GCDHM;<C

CA= L<;:@M@ H;CA@OP;H JC@ @H:=<M= GK TCAK ;M@MC;DJM;@ [jDJP>> CA= bC;LMK7 �kk�m bC>> MH

C>B7 ���`\B bP]MLM;7 HJM @H:=<M@ CGP:H HJM MSSMDH PS P;NCA<D TCHHM; PA HJM H;CA@OP;H PS

GCDHM;<C <A OP@<H<LM>K DJC;NM= TM=<C C;M T<A<TC>B

IJM TClP; NPC> PS HJ<@ @H:=K <@ HP Q:CAH<HCH<LM>K =MHM;T<AM HJM MSSMDH PS J:T<D

CD<= PA HJM H;CA@OP;H CA= C=JM@<PA PS GCDHM;<C HP Q:C;HR @CA= CA= <;PA�DPCHM= @CA=B
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$)62 7 = ./ 4/, 2.+,- 49 0,.4/.B,0 ?)+,- )+ 3& 49 �5�I 4C,- ) 3,-.40 49 JK ;5 �;,/ 4/,

:.22.2.+,- 49 *12+1-, ?)> +-)/>9,--,0 +4 ) C421:, 49 7��:2 "( 8-4+;F )/0 +;, 8)*+,-.)

?,-, ./*18)+,0 4C,- ) 3,-.40 49 JK ; )+ L�D65 �;, >1>3,/>.4/ ?)> *,/+-.91=,0 )+ KD6

)/0 ��F��� -3: 94- �7 :./5 �;, >13,-/)+)/+ ?)> -,:4C,0 )/0 -,32)*,0 ?.+; 0,.4/.B,0

?)+,- +4 3-,C,/+ =-4?+; 49 +;, 8)*+,-.)5 �;,/ +;, 0.21+,0 8)*+,-.) ?,-, *,/+-.91=,0

)=)./ 1/0,- +;, >):, *4/0.+.4/>5 �;, *,/+-.91=,0 8)*+,-.) ?,-, ?)>;,0 +;-,, +.:,> ?.+;

0,.4/.B,0 ?)+,- )/0 -,>1>3,/0,0 ./ 0,.4/.B,0 ?)+,- +4 )/ 43+.*)2 0,/>.+A 49 �57 )+ E��

/: H'%E��I5 �-)/>:.>>.4/ ,2,*+-4/ :.*-4>*43A HM�� ����F M�'"F M)3)/I ?)> 1>,0 +4

+)G, .:)=,> 49 �5 *42. *,22>5 �;, .:)=,> ?,-, .:34-+,0 ./+4 )/ .:)=,�3-4*,>>./=

3-4=-): H!:)=,�N-4 N21>I )/0 )/)2AB,05 �;, )C,-)=, 2,/=+; )/0 0.):,+,- 49 �5 *42.
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0.):,+,- 49 �5�� �:5 �;, /,+ >1-9)*, ,2,*+-4>+)+.* *;)-)*+,-.>+.*> 49 *,22> ?,-, )/)2AB,0

?.+; )/ �2,*+-43;4-,+.* ".=;+ #*)++,-./= #3,*+-43;4+4:,+,- H�"#�J���F '+>1G)

�2,*+-4/.*>F M)3)/I5 �2,*+-43;4-,+.* :48.2.+A ?)> 0,+,-:./,0 94- +;, 8)*+,-.)2 >1-9)*, H3&
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S1)-+B >)/0 >1332.,0 8A +;, :)/19)*+1-,- 49 M1:1/T./ #.2.*) ?)> 1>,0 ./ +;,

,@3,-.:,/+>5 �,*;)/.*)2 >.,C./= ?)> *4/01*+,0 ?.+; U# #+)/0)-0 #.,C,> HV.>;,-

#*.,/+.9.*I $4>5 L7 )/0 ��5 #)/0 9-)*+.4/> ?.+; ) =-)./ >.B, 49 �57��5� :: )/0 ) :,)/

0.):,+,- 49 �5� :: ?,-, 1>,0 +4 3-,3)-, +;, �2� )/0 V,�*4)+,0 >)/05 (,94-, 1>,F >)/0

?)> ?)>;,0 +?.*, 1>./= 0,.4/.B,0 ?)+,- +4 -,:4C, .:31-.+.,> 4/ +;, >1-9)*,F )/0 ?,+

>)/0 ?)> )1+4*2)C,0 94- �� :./ )+ ��5E 3>.F *442,0 +4 -44: +,:3,-)+1-,F )/0 4C,/�0-.,0

)+ ��7D6 94- ��� 0)A>5 V4- +;, 3-,3)-)+.4/ 49 �2�*4)+,0 >)/0F �262LWE&�' H757=I ?)>

0.>>42C,0 ./ 0,.4/.B,0 ?)+,- H���:2IF )/0 +;, >421+.4/ 3& ?)> )0T1>+,0 ?.+; �$ $)'&5

�;, O1)-+B >)/0 H�L�=I ?)> :.@,0 ?.+; +;, V,62LWE&�' >421+.4/ )/0 +;,/ 0-.,0 ./ )

-4+)-A ,C)34-)+4- H&�&$R�N' F &);/>;./ #*.,/+.9.* 645F <' ��I )+ X�D6 )/0 J� -3:

94- �� :./5 �;, *4)+,0 >)/0 ?)> 0-.,0 )+ �7�D6 94- E ;F ?)>;,0 ?.+; 0,.4/.B,0 ?)+,-F

)/0 +;,/ 0-.,0 )=)./ )+ +;, >):, *4/0.+.4/>5
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D-&!$E #&%, ��&��(� &%, "% "!)%�()&$ , #&%, ��&��(� &! C! # %$ , "% F"@-! � &%,

F"@-! �  &(�0 6� =6;# �&, � ''�, *"% , #"%@' C &?# �"$� ,"** ! %$ ! '&$"A C &?
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Influence of bioclogging on porous medium properties: 

numerical experiment 
Young –Ju Ham and Song–Bae Kim† 

Environmental Biocolloid Engineering Laboratory, Program in Rural System Engineering,  
Seoul National University, Seoul 151-921, Korea  

 

 
ABSTRACT 

A mathematical model is developed in this study based on the macroscopic approach to 
describe the bioclogging process in saturated porous media. In model development, 
bacteria attachment and growth along with formation of extracellular polymeric 
substances (EPS) from substrate is incorporated into the model. The model is used to 
simulate column experimental data for permeability change from literature. Numerical 
experiment is performed to investigate the effect of biomass growth and attachment on 
the permeability and porosity. In addition, sensitivity analysis is carried out to examine 
the influence of key model parameters on the model behavior. The predictive model is 
successful at fitting the experimental data. Simulation result illustrates that relative 
permeability and porosity of porous media can be altered due to biomass growth and 
attachment on solid matrix. It also indicates that EPS may play a significant role in 
bioclogging in porous media. Sensitivity analysis shows that permeability and porosity 
profiles are sensitive to parameters such as maximum utilization rate of substrate and 
yield coefficient.  
 
Keywords: Bioclogging, biomass, bacteria, extracellular polymeric substances, 
mathematical model 
 

INTRODUCTION 
Biomass growth and attachment can change the porous medium properties such as 

porosity and permeability [1-6]. For instance, Cunningham et al. [7] have demonstrated 
that porosity and permeability decreased as the biomass accumulation of Pseudomonas 
aeruginosa increased. Vandevivere and Baveye [8] have observed in column 
experiments that the slime-producing bacterial strain considerably reduced the hydraulic 

2006 ,
, 2006. 11. 2 11. 3
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conductivity of quartz sand. Dennis and Turner [9] have shown that Beijerinckia indica, 

exopolysaccharide-producing bacteria, decreased the hydraulic conductivity of silty 

sand by forming biomass.  

Mathematical models are used as simulation tools to improve the understanding of 

bioclogging process in porous media. Several researchers have presented bioclogging 

models based on the biofilm [10], microcolony [11, 12], or macroscopic [13, 14] 

approach. However, the role of extracellular polymeric substances (EPS), which are 

produced by most bacteria, has not been considered in the bioclogging models.  

In this study, a mathematical model is developed based on the macroscopic 

approach to describe the bioclogging process in saturated porous media. In model 

development, bacteria attachment and growth along with formation of EPS from 

substrate is incorporated into the model. The model is used to simulate column 

experimental data for permeability change from literature. Numerical experiment is 

performed to investigate the effect of biomass growth and attachment on the 

permeability and porosity. In addition, sensitivity analysis is carried out to examine the 

influence of key model parameters on the model behavior. 

.  

MATHEMATICAL MODEL 

Governing Equations 

The transport equation of bacteria suspended in the aqueous phase in saturated 

porous media can be presented as: 
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where B is the concentration of bacteria in the aqueous phase (MbVw
-1

), n is the porosity, 

D is the hydrodynamic dispersion coefficient of bacteria (L
2
T

-1
), 

w
v  is the pore water 

velocity (LT
-1

), ka is the reversible attachment rate coefficient of bacteria (T
-1

), kd is the 

detachment rate coefficient of bacteria (T
-1

), r

b
σ  is the volumetric fraction of bacteria 

reversibly attached on solid matrix (VbVT
-1

), b
ρ  is the bacteria density (MbVb

-1
), kir is the 

irreversible attachment rate coefficient of bacteria (T
-1

), 
max

k  is the maximum utilization 

rate of substrate (MsMb
-1

T
-1

), Y is the yield coefficient (MbMs
-1

), S is the substrate 

concentration in the aqueous phase (MsVw
-1

), Ks is the half-saturation constant of 

substrate (MsVw
-1

), k1 is the bacteria decay rate coefficient (T
-1

), and ke is the EPS 

formation coefficient (MeMb
-1

). It should be noted that no EPS is formed from substrate 
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when ke is equal to zero.  

The mass balance equation of bacteria reversibly attached on solid matrix may be 

given as:  
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In addition, the mass balance equation of bacteria irreversibly attached on solid matrix 

can be described as:  
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where ir

b
σ  is the volumetric fraction of bacteria irreversibly attached on solid matrix 

(VbVT
-1

).  

The transport equation of soluble EPS in the aqueous phase can be written as: 
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where 
s

E  is the concentration of soluble EPS in the aqueous phase (MeVw
-1

), 
2

k  is the 

hydrolysis rate coefficient for cell-associated EPS in suspended bacteria (T
-1

), E  is the 

concentration of cell-associated EPS in suspended bacteria (MeVw
-1

), 
3

k  is the 

hydrolysis rate coefficient for cell-associated EPS in attached bacteria (T
-1

), 
e

ρ  is the 

density of the EPS (MeVe
-1

), and 
a

E  is the volumetric fraction of cell-associated EPS in 

attached bacteria (VeVT
-1

).  

The mass balance equation of cell-associated EPS in suspended bacteria may be 

given as: 
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In addition, the mass balance equation of cell-associated EPS in attached bacteria can be 

described as: 

( ) ( )
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Finally, the transport equation of substrate dissolved in the aqueous phase can be written 

as:  
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⎛

∂

∂

∂

∂
=

∂

∂
 (vii) 

The permeability change may be calculated with the following equation [13], 

which expresses permeability reduction purely as a non-linear function of porosity 

reduction caused by attached biomass: 
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⎛
−=  (viii) 

where 
s

K  is the saturated hydraulic conductivity, 
o

K  is the saturated hydraulic 

conductivity of clean porous media, 
0

n  is the initial porosity, and 
f

n  is the fraction of 

biomass attached on solid matrix (= 
a

ir

b

r

b
Eσσ ++ ). In addition, the porosity change can 

be calculated with the following equation: 

f0
nnn −=  (ix) 

Numerical Solutions 

Numerical solutions to the governing equations are obtained using a fully implicit 

finite difference method. In addition, fourth-order Runge-Kunta method is employed to 

solve the nonlinear Monod term. The following initial and boundary conditions are used 

in the experiments: 
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( ) ( ) ( ) 0tL,
x

E
tL,

x

S
tL,

x

B
=

∂

∂
=

∂

∂
=

∂

∂
s  (xii) 

where 
0

B  is the influent bacterial concentration, L is the column length, and t0 is the 

duration of injection.  

 

RESULTS AND DISCUSSION 

Simulation of Experimental Data 

The model equations are used to simulate the experimental data from Taylor and 

Jaffé (1990) who performed the column experiments to observe the changes of porous 

medium properties due to biomass. Among the experimental data, permeability 

reduction data at 14 days for column 1 are used in the simulation. The parameters used 

in the simulation are presented in Table 1. It is assumed in the simulation that EPS are 

not formed (
e

k  = 0). The simulation result shows a good fit with the experimental data 

(Figure 1). The coefficient of determinant (r
2
) is 0.91. 
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Numerical Experiments 

Numerical experiments are performed to examine the bioclogging of saturated 

porous media due to biomass growth and attachment. The parameters used in the 

simulation are presented in the Table 2. The spatial variations of volumetric fraction of 

biomass attached on solid matrix at different times are presented in Figure 2a. Figure 2b 

demonstrates the spatial variations of volumetric fraction of biomass (bacteria and EPS) 

attached on solid matrix at 40 days. The spatial variations of relative permeability and 

porosity at different times are presented in Figure 3. The effect of bacterial 

concentration on the spatial variations of relative permeability and porosity at t = 20 

days is illustrated in Figure 4.  

Sensitivity Analysis 

The influences of microbial parameters (
max

k , Y, 
s

K ) on the spatial variations of 

relative permeability and porosity of porous media at 20 days after injection are 

illustrated in Figure 5. The influences of bacterial attachment and detachment rate 

coefficients (
a

k , 
d

k , 
ir

k ) on the spatial variations of relative permeability and porosity 

of porous media at 20 days are demonstrated in Figure 6. The influences of EPS-related 

parameters (
e

k , hydk ) on the spatial variations of relative permeability and porosity at 

20 days are presented in Figure 7.  

 

CONCLUSIONS 

A mathematical model is presented to simulate the bioclogging in saturated porous 

media. The predictive model is successful at fitting the column data for permeability 

change from literature. Simulation result illustrates that relative permeability and 

porosity of porous media can be altered due to biomass growth and attachment on solid 

matrix. It also indicates that EPS may play a significant role in bioclogging in porous 

media. Sensitivity analysis shows that permeability and porosity profiles are sensitive to 

parameters such as maximum utilization rate of substrate and yield coefficient.  
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Table 1. Parameters used in the simulation of experimental data from Taylor and Jaffé (1990).  

 

Parameter  Value 

L  column length (cm) 52 

0
n  initial porosity 0.347 

vw pore-water velocity (cm day 
-1

) 2720 

D hydrodynamic dispersion coefficient (cm
2
 day 

-1
) 252.7 

a
k  reversible attachment rate coefficient of bacteria (day 

-1
) 350 

d
k  detachment rate coefficient of bacteria (day 

-1
) 0.01 

ir
k  irreversible attachment rate coefficient of bacteria (day 

-1
) 0.01 

b
ρ  bacteria density (mg L

-1
) 1.085 x 10

6
 

max
k  maximum utilization rate of substrate (day 

-1
) 1.9 

Y  yield coefficient 0.264 

s
K  half-saturation constant of substrate (mg L

-1
) 0.8 

1
k  bacteria decay rate coefficient (day 

-1
) 0.01 
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Table 2. Parameters used in the simulation. 

Parameter  Value 

0
B  influent concentration of bacteria (CFU mL

-1
) 7

102.2×  

0
C  influent concentration of substrate (mg L

-1
) 200 

L  column length (cm) 50 

vw pore-water velocity (cm day 
-1

) 114.3 

D hydrodynamic dispersion coefficient (cm
2
 day 

-1
) 30.9 

0
n  initial porosity 0.35 

a
k  attachment rate coefficient of bacteria (day 

-1
) 300 

ir
k  irreversible attachment rate coefficient of bacteria (day 

-1
) 200 

d
k  detachment rate coefficient of bacteria (day 

-1
) 0.1 

b
ρ  bacteria density (mg L

-1
) 6

101.085×  

e
ρ  EPS density (mg L

-1
) 5

101.2×  

max
k  maximum utilization rate of substrate (day 

-1
) 0.7 

Y  yield coefficient 0.5 

s
K  half-saturation constant of substrate (mg L

-1
) 5 

1
k  bacteria decay rate coefficient (day 

-1
) 0.1 

2
k  

hydrolysis rate coefficient of EPS from suspended bacteria 

(day 
-1

) 
0.01 

3
k  

hydrolysis rate coefficient of EPS from attached bacteria 

(day 
-1

) 
0.01 

e
k  EPS formation coefficient 0.3 
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Figure 1. Comparison of simulation with the permeability reduction data (at 14 days) of 

column 1 from Taylor and Jaffé (1990). 
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Figure 2. Spatial variations of biomass attached on solid matrix (a) at different times (b) at 40 

days after injection. 
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Figure 3. Spatial variations of relative permeability and porosity at different times. 
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Figure 4. Effect of bacterial concentration on the spatial variations of relative permeability 

and porosity at t = 20 days. 
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Figure 5. Influences of microbial parameters on the spatial variations of relative permeability 

and porosity at 20 days. 
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Figure 6. Influences of bacterial attachment and detachment rate coefficients on the spatial 

variations of relative permeability and porosity at 20 days. 
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Figure 7. Influences of EPS-related parameters on the spatial variations of relative 

permeability and porosity of porous media at 20 days. 
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ABSTRACT

This study investigated the transport of bacteria through iron-coated 

sand, focusing on the effects of coated sand content, solution pH, and 

ionic strength on the transport of Escherichia coli ATCC 11105. The 

first set of column experiments was carried out in columns with varying 

iron-coated sand contents ranging from 0 to 100%. The second was 

performed in iron-coated sand columns with solution pH ranging from 

6 to 9. The third was conducted in columns packed with quartz sand or 

iron-coated sand in the various ionic strength conditions. Results 

indicate that the mass recovery decreased from 76.7 to 2.7% as the 

coated sand content increased from 0 to 100%, showing the nonlinear 

dependency of mass recovery on the content of coated sand. Results 

also reveal that the bacteria transport in the coated sand was influenced 

by solution pH. Around pH 6 and 7, bacterial mass recoveries were low 

at 2.4–6.7 % while they were high at 76.3–81.6 % around pH 8 and 9. 

Around pH 8, the positively-charged coated sand may convert to being 

negatively-charged, causing an electrostatically repulsive interaction 

between the coated sand and bacteria, thus effecting a sharp change in 

the mass recovery. Results demonstrate that in the presence of NaCl in 

654



iron-coated sand, the mass recovery remained constant around 2.7–

3.7% even though the ionic strength increased from 0 to 200 mM. 

Meanwhile, in the presence of phosphate and NaCl in iron-coated sand, 

the mass recovery decreased from 58.5 to 6.7% with increasing ionic 

strength from 1 to 200 mM, indicating that bacterial adhesion to iron-

coated sand was greatly influenced by ionic strength in the presence of 

phosphate. This study demonstrates the importance of the coated sand 

content, solution pH, and ionic strength in the adhesion of bacteria to 

iron-coated sand and furthermore contributes to the knowledge of 

bacterial removal in positively-charged porous media. 

Keywords : Bacteria transport; iron-coated sand; Escherichia coli; 

solution pH; coated sand content 

Student Number : 2006-21473 
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-The Report for Science and Research from 2001-
Laboratory Report

Environmental Biocolloid Engineering Lab.
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